
Investigación 
realizada por 
AZTI-Tecnalia 
para la Directiva 
Marco del Agua

AZTI-Tecnalia’s 
Marine Research 
for the Water 
Framework 
Directive

Julio 2010 JulyIn
ve

st
ig

ac
ió

n
 r

ea
li

za
d

a 
p

or
  A

Z
T

I-
T

ec
n

al
ia

 
p

ar
a 

la
 D

ir
ec

ti
va

 M
ar

co
 d

el
 A

gu
a

A
Z

T
I-

T
ec

n
a

li
a

’s
 M

a
ri

n
e 

R
es

ea
rc

h 
fo

r 
th

e 
W

a
te

r 
F

ra
m

ew
or

k 
D

ir
ec

ti
ve



Investigación realizada por 
AZTI-Tecnalia para la 

Directiva Marco del Agua

AZTI-Tecnalia’s Marine 
Research for the 

Water Framework Directive

Marzo 2009 March



AZTI-Tecnalia’s MARINE 
RESEARCH WITHIN THE 
BASQUE MONITORING 
NETWORK, FOR THE WATER 
FRAMEWORK DIRECTIVE

The Department of Environment and Land Action, of the Basque 
Government, through the Basque Water Agency (Uragentzia), has 
managed since 1994 the ‘Monitoring Network for the assessment 
of the ecological status, within Basque transitional and coastal 
waters’. The objectives of this network are multiple:

•  To establish a monitoring tool to control the status and 
evolution of water quality, allowing the knowledge of coastal 
and estuarine ecosystems.

•  To constitute a basic documentation for scientifi c research, 
within the Basque Country, making available this information 
through publications and web pages.

•  To verify the responses of biological elements to water 
treatment, identifying also pressures on water systems.

•  To understand natural levels of chemical and biological 
variables, establishing the characteristics of ‘good’ and ‘high’ 
ecological status, in relation to the European Water Framework 
Directive (WFD).

AZTI-Tecnalia has been the successful proponent of this 
monitoring network since the beginning. Moreover than a 
consultancy work, by sampling, analysing or reporting, AZTI-
Tecnalia wanted to provide an added value to the network, 
enhancing all of the objectives. All the scientifi c articles published 
from this network, both AZTI-Tecnalia alone or in collaboration 
with other research institutes world-wide, are collated in this 
volume. In the latter case, the data studied are not from the 
Basque Country (sometimes, neither is the research initiative); 
however, they have contributed to different developments in 
assessing marine quality.

Thanks to this research and the resulting scientifi c publications, 
the Basque Country is playing a leading role in the WFD 
implementation, developing methodological tools to assess the 
ecological status, integrating physico-chemical and biological 
elements.

Hence, since 2002, AZTI’s scientists have participated in national 
and international working groups (23), international conferences 
(20), invitations to lectures and courses (24), organisation of 
national and international conference sessions (11), and, as 

INVESTIGACIÓN REALIZADA 
POR AZTI-Tecnalia EN LA 
RED DE CALIDAD  PARA LA 
DIRECTIVA MARCO DEL  
AGUA

El Departamento de Medio Ambiente y Ordenación del Territorio, 
del Gobierno Vasco, a través de la Agencia Vasca del Agua 
(Uragentzia), gestiona desde 1994 la Red de seguimiento del estado 
ecológico de las aguas de transición y costeras de la CAPV. Los 
objetivos que persigue esta Red son múltiples: 

•  Establecer un instrumento de control del estado y la evolución 
de la calidad de las aguas que permita conocer las características 
de la calidad de los ecosistemas estuáricos y costeros.

•  Constituir una documentación básica y valiosa para el 
adecuado desarrollo de la investigación científi ca sobre la 
materia en el ámbito de la Comunidad Autónoma del País 
Vasco y que, por otra parte, sean divulgables los resultados de 
la misma mediante publicaciones y/o aportaciones a la página 
web del Departamento y la Agencia.

•  Verifi car la incidencia de las acciones de depuración y 
saneamiento y detectar posibles agresiones al medio hídrico.

•  Conocer los niveles naturales que presentan las diferentes 
variables químicas, microbiológicas y biológicas, para poder 
establecer las características de estaciones de muestreo con 
buen o muy buen estado ecológico y así poder adaptarse a los 
criterios establecidos por la Directiva Marco del Agua (DMA).

Desde el comienzo de la Red de Calidad, AZTI-Tecnalia ha 
sido el adjudicatario de sus trabajos. Lejos de realizar una mera 
labor de consultoría, muestreando, analizando las muestras, 
y elaborando los informes pertinentes, fi eles a nuestra labor de 
investigación hemos querido dar un valor añadido a la Red de 
Calidad, profundizando en todos y cada uno de sus objetivos. En 
este tomo hemos querido incidir especialmente en lo que se refi ere 
a las publicaciones científi cas generadas al amparo (o en paralelo) 
a dicha Red, tanto desde AZTI-Tecnalia como en colaboración 
con otros centros de investigación de todas partes del mundo. En 
este último caso, los datos no corresponden al País Vasco (a veces 
tampoco la iniciativa de la investigación), pero han contribuido al 
desarrollo de métodos o aplicaciones conjuntas en relación con la 
evaluación de la calidad del medio marino.

Gracias a dicha investigación y a las publicaciones en revistas 
científi cas de impacto internacional, actualmente se puede afi rmar 
que el País Vasco está en cabeza en la aplicación de la DMA, 
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such, obtaining the recognition of the scientifi c community. The 
methodologies proposed from the Basque Country are being used 
increasingly, in many European countries.

The papers included here are grouped according to topics, 
commencing with a presentation of the WFD, pressures and 
impacts, heavily modifi ed water bodies, each of the elements 
(chemical, physico-chemical, biological), and, fi nally, the 
integration of the elements for the assessment. 

1. Presentation of the WFD:

We have published two papers on the Water Framework Directive 
and the Marine Strategy Framework Directive, approved in 2008. 
Moreover, an AENOR book chapter is available, which is an essay 
on European research and a summary of the WFD implementation 
in the Basque Country. 

2. Pressures and impacts:

This paper develops a method to determine the existing pressures, 
assessing the risk of not achieving ‘good’ ecological status, by 
2015.

así como en el desarrollo de herramientas metodológicas para 
determinar el estado ecológico de los elementos físico-químicos y 
biológicos, o en la integración de métodos de evaluación.
 
De esta manera, la participación entre 2002 y 2009 de los 
científi cos de AZTI-Tecnalia en grupos de trabajo nacionales e 
internacionales (23), la participación en congresos internacionales 
(20), las invitaciones recibidas para dar conferencias o cursos en 
el ámbito de la DMA (24), o la organización de eventos nacionales 
e internacionales (11), asegura que lo que se está desarrollando 
aquí tiene un aval de la comunidad científi ca. De esta manera, las 
metodologías aquí desarrolladas se utilizan de manera creciente en 
muchos países europeos y de otros continentes.

Las publicaciones realizadas se han ordenado no en función del año 
de publicación, sino teniendo en cuenta los temas, partiendo desde 
la presentación general de la DMA, las presiones e impactos, las 
masas de agua muy modifi cadas, hasta cada uno de sus elementos 
(química, físico-química, biológicos), o la integración de todos 
los elementos para su evaluación. A continuación se detallan los 
temas y las publicaciones realizadas, con un breve comentario 
cuando es necesario.

1. Presentación de la Directiva:

En este ámbito se han publicado dos artículos que recogen tanto 
la Directiva Marco de Aguas como la nueva Directiva Marco 
de la Estrategia Marina, aprobada en 2008. Además, se incluye 
un capítulo de un libro de AENOR, que es un ensayo sobre la 
investigación en Europa y las oportunidades de las Directivas, así 
como un artículo resumen del desarrollo de la DMA en el País 
Vasco.

2. Presiones e impactos:

Desarrolla la metodología propuesta para determinar las presiones 
existentes en nuestras masas de agua, evaluando el riesgo de no 
alcanzar el Buen Estado Ecológico en 2015.



3. Heavily Modifi ed Water Bodies:

This paper develops the ecological basis to interpret the Good 
Ecological Potential, in the case of Heavily Modifi ed Water 
Bodies.

4. Investigative monitoring:

In addition to surveillance and operational monitoring, there exists 
also investigative monitoring; this paper deals with the application 
to a particular case.

5. Chemical status:

This Section collates several papers debating the need to integrate 
in the chemical status assessment, not only water data, but also 
those on sediments and biomonitors. Moreover, the papers focusing 
on the determination of background levels of priority substances 
used to set the boundary classes between high and good status, are 
also incorporated.

3. Masas de agua muy modifi cadas:

Desarrolla unas bases ecológicas para interpretar el Buen Potencial 
Ecológico en el caso de las Masas de Agua Muy Modifi cadas.

4. Monitoreo de investigación:

Además del monitoreo de vigilancia y el operativo, existe el 
monitoreo de investigación y en este artículo se propone cómo 
realizarlo en un caso concreto.

5. Estado químico:

En este epígrafe se reúnen artículos publicados para debatir la 
necesidad de integrar en el estado químico no sólo los datos de 
aguas, sino también los de sedimentos y biomonitores. Además, se 
incluyen los artículos referidos a la determinación de los niveles 
de fondo, como límites del Muy Buen y Buen Estado, en aguas y 
sedimentos.

6.- Borja, A. and M. Elliott, 2007. What does ‘Good Ecological Potential’ mean, within the European Water Framework 
Directive? Marine Pollution Bulletin, 54: 1559-1564.

7.- Borja, A., I. Tueros, M.J. Belzunce, I. Galparsoro, J.M. Garmendia, M. Revilla, O. Solaun, and V. Valencia, 2008. 
Investigative monitoring within the European Water Framework Directive: a coastal blast furnace slag disposal, as an 
example. Journal of Environmental Monitoring. 10: 453-462.

8.- Borja, A., V. Valencia, J. Franco, I. Muxika, J. Bald, M.J. Belzunce and O. Solaun, 2004. The water framework directive: 
water alone, or in association with sediment and biota, in determining quality standards?, Marine Pollution Bulletin, 49(1-
2): 8-11.
9.- Borja, A. and H. Heinrich, 2005. Implementing the European Water Framework Directive; the debate continues... 
Marine Pollution Bulletin, 50(4): 486-488.
10.- Rodríguez, J.G., I. Tueros, A. Borja, M.J. Belzunce, J. Franco, O. Solaun, V. Valencia, A. Zuazo, 2006. Maximum 
likelihood mixture estimation to determine metal background values in estuarine and coastal sediments within the European 
Water Framework Directive. The Science of the Total Environment, 370(2-3): 278-293. 
11.- Tueros, I., J.G. Rodríguez, A. Borja, O. Solaun, V. Valencia, E. Millán, 2008. Metal background levels in estuarine and 
coastal waters, for use in physico-chemical assessment within the European Water Framework Directive. Science of the 
Total Environment. 407: 40-52.
12.- Tueros, I., Á. Borja, J. Larreta, J.G. Rodríguez, V. Valencia, E. Millán, 2009. Integrating long-term water and 

         sediment pollution data, in assessing chemical status within the European Water Framework Directive. Marine Pollution
         Bulletin, 58(9): 1389-1400.



6. Physico-chemical elements in waters:

This Section includes the proposal in physico-chemical status 
assessment

7. Methods and indices development:

When developing methods and indices in assessing the ecological 
status, it is necessary to establish the criteria on metrics, validation 
and calibration to be used. This paper summarizes this knowledge.

8. Phytoplankton:

This contribution presents the methodology developed for coastal 
phytoplankton quality assessment

9. Macroinvertebrates:

The fi rst method developed for the WFD was the AMBI; this 
was adapted to M-AMBI. Due to the international success of this 
approach, several papers have been published in collaboration 
with other institutes. Sometimes, they have been published using 
data other than those from the Basque monitoring network, but 
they have contributed to the improvement our own methods. 

6. Físico-química de aguas:

Incluye la propuesta de determinación del estado físico-químico.

7. Desarrollo de métodos e índices:

Para el desarrollo de métodos e índices es necesario establecer 
una serie de criterios sobre las métricas a utilizar, la validación y 
calibración, etc. Este artículo sintetiza esta clase de conocimiento.

8. Fitoplancton:

Desarrolla el método de aplicación a fi toplancton en costa.

9. Macroinvertebrados:

Los métodos desarrollados para este elemento fueron los primeros 
(AMBI), y luego se han ido adaptando para la DMA, a través de 
M-AMBI. Además, debido al éxito internacional, se han publicado 
numerosos artículos en colaboración con otros centros. Aunque no se 
han realizado con datos de la Red se han incorporado aquí ya que han 
ayudado a mejorar nuestros propios métodos.  En este apartado se han 
puesto primero todos los artículos de AMBI y luego los de M-AMBI.

13.- Bald, J., A. Borja, I. Muxika, J. Franco and V. Valencia, 2005. Assessing reference conditions and physico-chemical 
status according to the European Water Framework Directive: a case-study from the Basque Country (Northern Spain), 
Marine Pollution Bulletin, 50: 1508-1522. 

14.- Borja, A. and D.M. Dauer, 2008. Assessing the environmental quality status in estuarine and coastal systems: comparing 
methodologies and indices. Ecological Indicators, 8(4): 331-337.

15.- Revilla, M., J. Franco, J. Bald, Á. Borja, A. Laza, S. Seoane, V. Valencia, 2009. Assessment of the phytoplankton 
ecological status in the Basque coast (northern Spain) according to the European Water Framework Directive. Journal of 
Sea Research, 61: 60-67.

16.- Borja, A.; J. Franco y V. Pérez, 2000. A marine biotic index to establish the ecological quality of soft bottom benthos 
within European estuarine and coastal environments. Marine Pollution Bulletin, 40(12): 1100-1114.
ISI Web of Knowledge (Thompson Scientifi c) (el organismo internacional que controla el impacto de las publicaciones 
científi cas), nombró este artículo en septiembre de 2007, en el apartado de ‘Plantas y Animales’ (de los 22 que hay), como 
uno de los temas especiales con crecimiento en investigación más importantes mundialmente (Fast Moving Fronts). En 
concreto, hasta el 30 de enero de 2009 ha recibido 170 citas mundiales. Los datos se pueden ver en Essential Science 
Indicators: www.esi-topics.com/fmf/2007/september07-AngelBorja.html.
The ISI Web of Knowledge (Special Topics) recognised, in September 2007, within Plant and Animal Science topic, this 
paper as one of the research topic growing faster (Fast Moving Fronts) among the 22 fi elds of research, studied by Essential 
Science Indicators. www.esi-topics.com/fmf/2007/september07-AngelBorja.html. It has received 170 scientifi c citations 
until 30th January 2009.



17.- Borja, A.; I. Muxika and J. Franco, 2003. The application of a Marine Biotic Index to different impact sources affecting 
soft-bottom benthic communities along European coasts. Marine Pollution Bulletin, 46: 835-845. 
18.- Borja, A., J. Franco and I. Muxika, 2004. The Biotic Indices and the Water Framework Directive: the required consensus 
in the new benthic monitoring tools. Marine Pollution Bulletin, 48(3-4): 405-408.
19.- Salas, F., Nieto, J.M., Borja, A. and Marques, J.C., 2004. Evaluation of the applicability of a marine biotic index to 
characterise the status of estuarine ecosystems: the case of Mondego estuary (Portugal). Ecological Indicators, 4: 215-
225. 
20.- Muxika, I.; Borja, Á.; Bonne, W., 2005. The suitability of the marine biotic index (AMBI) to new impact sources along 
European coasts. Ecological Indicators 5(1): 19-31.
21.- Borja, A. and I. Muxika, 2005. Guidelines for the use of AMBI (AZTI’s marine biotic index) in the assessment of the 
benthic ecological quality. Marine Pollution Bulletin, 50: 787-789.
22.- Muniz, P., N. Venturini, A.M.S. Pires-Vanin, L.R. Tommasi and A. Borja, 2005. Testing the applicability of a Marine 
Biotic Index (AMBI) for assessing the ecological quality of soft-bottom benthic communities in the South America Atlantic 
region. Marine Pollution Bulletin, 50: 624-637. 
23.- Muxika, I., L. Ibaibarriaga, J.I. Sáiz-Salinas, Á. Borja, 2007. Minimal sampling requirements for a precise assessment 
of soft-bottom macrobenthic communities, using AMBI. Journal of Experimental Biology and Ecology, 349: 323-333. 
24.- Muxika, I., Á. Borja and J. Bald, 2007. Using historical data, expert judgement and multivariate analysis in assessing 
reference conditions and benthic ecological status, according to the European Water Framework Directive, Marine Pollution 
Bulletin, 55: 16-29.
Thomson Reuters’ ScienceWatch® nombró este artículo en octubre de 2008 como Fast Breaking Paper (el más citado, con 
38 citas en 2007-2008, en el apartado de ‘Plantas y Animales’). Más información se puede ver en: http://sciencewatch.com/
sciencewatch/dr/fbp/2008/08octfbp/08octfbpMuxi/ 
Thomson Reuters’ ScienceWatch® has recognised in October 2008 this paper as a featured Fast Breaking Paper in the fi eld of 
Plant & Animal Science, which means that it is one of the most-cited papers in its discipline published during years 2007-2008 
(it received 38 citations during this period) http://sciencewatch.com/sciencewatch/dr/fbp/2008/08octfbp/08octfbpMuxi/
25.- Teixeira, H., F. Salas, Á. Borja, J. Neto, J.C. Marques, 2008. A benthic perspective in assessing the ecological status of 
estuaries: the case of the Mondego estuary (Portugal). Ecological Indicators, 8(4):  404-416.
26.- de Paz, L., J. Patrício, J.C. Marques, Á. Borja, A.J. Laborda, 2008. Ecological Status assessment in the lower Eo 
estuary (Spain). The challenge of habitat heterogeneity integration: a benthic perspective. Marine Pollution Bulletin, 56: 
1275-1283.
27.- Borja, A., J. Mader, I. Muxika, J.G. Rodríguez, J. Bald, 2008. Using M-AMBI in assessing benthic quality within the 
Water Framework Directive: some remarks and recommendations. Marine Pollution Bulletin, 56: 1377-1379.
28.- Borja, A., I. Muxika, J.G. Rodríguez, 2009. Paradigmatic responses of marine benthic communities to different 
anthropogenic pressures, using M-AMBI, within the European Water Framework Directive. Marine Ecology, 30: 214-22

10. Fishes:

This paper deals with the detection of anthropogenic pressures 
using our methodology in assessing fi sh quality.

10. Peces:

Este artículo recoge la respuesta de los métodos utilizados ante las 
presiones detectadas en los estuarios vascos.

29.- Uriarte, A., A. Borja, 2009.  Assessing fi sh quality status in transitional waters, within the European Water Framework 
Directive: setting boundary classes and responding to anthropogenic pressures. Estuarine, Coastal and Shelf Science, 
82:214-224.



11. Intercalibration and methods comparison:

Following the WFD, any method proposed by the Member States 
must be intercalibrated between them. This section presents papers 
on European intercalibration, but also comparisons with methods 
used in the USA.

12. Integration and status assessment within 
the WFD:

One of the WFD challenges is the integration of different elements 
(chemical, physico-chemical and biological), into a unique 
assessment. This Section lists the papers dealing with this topic, 
together with guidelines for the application.

Hence, on the basis of the above and since 2000, AZTI-Tecnalia 
has published 37 papers in scientifi c journals, together with 
book chapters, in relation to the WFD. Moreover, three scientists 
have presented PhD Theses, associated with the WFD: Juan 
Bald (University of Navarra, 2005), on physico-chemical 
methodologies; Iñigo Muxika (University of the Basque Country, 
2007), on benthic methodologies; and Itziar Tueros (University 
of the Basque Country, 2009), on chemical methods. Another 
scientist (Oihana Solaun) is preparing her PhD on biomonitors.

11. Intercalibración y comparación de métodos:

Tras desarrollar métodos es necesario que éstos se intercalibren. En 
este caso se incorporan dos artículos: uno sobre la intercalibración 
ofi cial europea y otro con una comparación de métodos entre 
Europa y USA.

12. Integración y evaluación del estado en la 
Directiva:

Uno de los retos a abordar por la DMA es la integración de los 
diferentes elementos en una sola evaluación. En este apartado se 
han publicado varios artículos con objeto de presentar metodologías 
al respecto, así como una guía para hacerlo.

Así pues, a día de hoy y desde 2000, desde AZTI-Tecnalia se han 
publicado 37 artículos con revisor en revistas internacionales. Además 
se han publicado numerosos capítulos de libros y artículos en revistas 
sin revisor, relacionados con la Directiva y sus metodologías. 
Además tres investigadores de AZTI-Tecnalia han presentado sus Tesis 
Doctorales, y obtenido el grado de doctor, con temas de la Directiva: 
Juan Bald (Universidad de Navarra, 2005), con los métodos de evaluar 
el estado físico-químico; Iñigo Muxika (Universidad del País Vasco, 
2007), con métodos para evaluar el estado del bentos; e Itziar Tueros 
(Universidad del País Vasco, 2009), con métodos de integración 
química. Otra persona (Oihana Solaun) está elaborando su Tesis 
Doctoral sobre biomonitores, posiblemente a presentar en 2010.

30.- Borja, A., A.B. Josefson, A. Miles, I. Muxika, F. Olsgard, G. Phillips, J.G. Rodríguez, and B. Rygg, 2007. An approach 
to the intercalibration of benthic ecological status assessment in the North Atlantic ecoregion, according to the European 
Water Framework Directive. Marine Pollution Bulletin, 55: 42-52.
31.- Borja, A.; Dauer, D.; Díaz, R.; Llansó, R. J.; Muxika, I.; Rodríguez, J. G.; and Schaffner, L., 2008. Assessing estuarine 
benthic quality conditions in Chesapeake Bay: a comparison of three indices. Ecological Indicators, 8(4): 395-403.
32.- Borja, A., A. Miles, A. Occhipinti-Ambrogi, T. Berg, 2009. Current status of macroinvertebrate methods used for 
assessing the quality of European marine waters: implementing the Water Framework Directive. Hydrobiologia. 633(1): 181-196

33.- Borja, A., A. Ranasinghe, S.B. Weisberg, 2009. Assessing ecological integrity in marine waters, using multiple indices 
and ecosystem components: challenges for the future. Marine Pollution Bulletin, 59: 1-4.
34.- Borja, A., J. Franco, V. Valencia, J. Bald, I. Muxika, M.J. Belzunce and O. Solaun, 2004. Implementation of the 
European Water Framework Directive from the Basque Country (northern Spain): a methodological approach, Marine 
Pollution Bulletin, 48(3-4): 209-218.
35.- Borja, A., S.B. Bricker, D.M. Dauer, N.T. Demetriades, J.G. Ferreira, A.T. Forbes, P. Hutchings, X. Jia, R. Kenchington, 
J.C. Marques, C. Zhu, 2008. Overview of integrative tools and methods in assessing ecological integrity in estuarine and 
coastal systems worldwide. Marine Pollution Bulletin. 56: 1519-1537.
36.- Borja, A., S.B. Bricker, D.M. Dauer, N.T. Demetriades, J.G. Ferreira, A.T. Forbes, P. Hutchings, X. Jia, R. Kenchington, 
J.C. Marques, C. Zhu, 2009. Ecological integrity assessment, ecosystem-based approach, and integrative methodologies: 
are these concepts equivalent? Marine Pollution Bulletin. 58: 457-458.
37.- Borja, A., J. Bald, J. Franco, J. Larreta, I. Muxika, M. Revilla, J.G. Rodríguez, O. Solaun, A. Uriarte, V. Valencia, 2009. 
Using multiple ecosystem components in assessing ecological status in Spanish (Basque Country) Atlantic marine waters. 
Marine Pollution Bulletin, 59: 54-64.
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Abstract

The European Water Framework Directive (WFD) establishes a framework for the protection of groundwater,

inland surface waters, estuarine waters, and coastal waters. The WFD constitutes a new view of the water resources

management in Europe because, for the first time, water management is: (i) based mainly upon biological and ecological

elements, with ecosystems being at the centre of the management decisions; (ii) applied to European water bodies, as a

whole; and (iii) based upon the whole river basin, including also the adjacent coastal area. Although the marine water

bodies affected by the WFD relate to only 19.8% of the whole of the European continental shelf, its application

constitutes a challenge and an opportunity in nearshore, coastal and continental shelf research.

This contribution highlights some of the main tasks and the research to be undertaken in the coming years, proposing

investigations into: typologies; physico-chemical processes; indicator species; reference conditions; integration of the

quality assessment; methodologies in determining ecological status, etc.

r 2005 Elsevier Ltd. All rights reserved.

Keywords: Water framework directive; Policy research; Ecosystem-based approach; Reference conditions; Nearshore; Coastal;

Continental shelf

1. Introduction

The European Water Framework Directive
(WFD; 2000/60/EC) establishes a framework for
the protection of groundwater, inland surface
waters, estuarine ( ¼ transitional) waters, and
coastal waters. This legislation has several well-
defined objectives: (i) to prevent further deteriora-

tion, to protect and to enhance the status of water
resources; (ii) to promote sustainable water use;
(iii) to enhance protection and improvement of the
aquatic environment, through specific measures
for the progressive reduction of discharges; (iv) to
ensure the progressive reduction of pollution of
groundwater and prevent its further pollution; and
(v) to contribute to mitigating the effects of floods
and droughts. Overall, its final objective is achiev-
ing at least ‘good water status’ for all waters, by
2015. The WFD requires Member States to assess
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the Ecological Quality Status (EcoQ) of water
bodies. The EcoQ will be based upon the status of
the biological, hydromorphological and physico-
chemical quality elements, with the biological
elements being especially important. In coastal
and transitional waters, the biological elements to
be considered are phytoplankton, macroalgae,
benthos and fishes (the latter only in transitional
waters).
In order to assist the WFD implementation, a

‘‘Common Implementation Strategy’’ (CIS) was
agreed in May 2001. The CIS incorporates four
key activities, which include: (i) the development
of guidance on technical issues; and (ii) the
application, testing and validation of the guidance
provided. Several working groups were created to
deal with these issues. The COAST working group
dealt specifically with transitional and coastal
waters, with their guidance document being
published in November 2002 (Vincent et al.,
2002; for other working groups and guidelines,
see http://forum.europa.eu.int/Public/irc/env/wfd/
home; Murray et al., 2002).
The word ‘integration’ can be considered as the

central concept of the WFD. It is a key concept in
the water protection and management, addressing
different aspects: (i) integration of environmental
objectives; (ii) integration of water resources, at
river basin scale (including, for the first time in
Europe, the coastal waters); (iii) integration of the
various water uses, functions and values; (iv)
integration of different skills, analyses and dis-
ciplines (including different experts, such as
biologists, chemists, geologists, engineers, physi-
cists, etc.) in water management; (v) integration of
the previous water legislation (dispersed through-
out several Directives) into a common and
coherent framework; (vi) integration of an ample
range of measures, including economical and
financial instruments; (vii) integration of stake-
holders and society, in decision-making; (viii)
integration of the different decision-making levels,
affecting the water status and water resources; and
lastly, but not least; (ix) the integration of water
management among the Member States.
The WFD constitutes a new view of the water

resources management in Europe because, for the
first time, water management is: (i) based mainly

upon biological and ecological elements (pre-
viously, it was based upon physico-chemical
elements), with there being the ecosystems at the
centre of the management decisions; (ii) applied to
all European water bodies; and (iii) based upon the
whole river basin, including the adjacent coastal
area.
The WFD requires surface waters within the

River Basin District to be divided into ‘water
bodies’, representing the classification and man-
agement unit of the Directive. The WFD defines a
‘water body’ as ‘a discrete and significant element
of surface water such as a lake, a river, a
transitional water or a stretch of coastal water’.
A range of factors determines the identification of
such water bodies (see below). Some of these
factors will be determined by the requirements of
the Directive; others by practical water manage-
ment considerations. In the case of coastal waters,
stretches of open coast are often continuous
(unless divided by transitional waters); here,
subdivisions may follow significant changes in
the substratum, topographies or their aspect (as
outlined by Vincent et al., 2002).
The suggested hierarchical approach to the

identification of surface water bodies includes: (i)
the definition of the River Basin District; (ii) the
division of surface waters into one of six surface
water categories (i.e. rivers, lakes, transitional
waters, coastal waters, artificial and heavily
modified water bodies); (iii) the sub-division of
surface water categories into types, then assigning
the surface waters to one type; and (iv) the sub-
division of a water body of one type into smaller
water bodies, according to pressures and resulting
impacts (for details, see Vincent et al., 2002; Borja
et al., 2004a; Heiskanen et al., 2004).
The purpose of the typology is to enable type-

specific reference conditions to be established.
Such conditions become then the basis for the
classification schemes, with consequences for all
subsequent operational aspects of the implementa-
tion of the WFD (including intercalibration of the
different methodologies, in assessing the quality of
each of the biological elements, monitoring,
assessment and reporting). It is necessary to
identify the location and boundaries of water
bodies within each surface water category; further,

ARTICLE IN PRESS

A. Borja / Continental Shelf Research 25 (2005) 1768–1783 1769



to carry out its characterisation according to type,
using a system of typology as defined in the WFD.
The coastal types can be defined using either
System A (which includes the ecoregion, salinity
and mean depth, as determination factors), or
System B (which includes latitude, longitude, tidal
range and salinity (obligatory factors); together
with current velocity, wave exposure, mean water
temperature, mixing characteristics, turbidity, re-
tention time (in the case of enclosed bays), mean
substratum composition, and water temperature
range (optional factors)).
If System A is adopted, the surface water bodies

are differentiated initially in terms of the relevant
ecoregions, in accordance with the geographical
areas identified in Fig. 1. The water bodies within
each ecoregion are differentiated in terms of
surface water body types, according to the
above-mentioned descriptors. If System B is
adopted, the Member States must achieve at least
the same degree of differentiation as would be
achieved using System A. Accordingly, the surface
water bodies within the river basin district will be
differentiated into types using: (i) values for the
obligatory descriptors; and (ii) such optional
descriptors, or combinations of them, as are
required to ensure that type-specific biological
reference conditions can be reliably derived.
On the basis of the ‘obligatory factors’, it is

possible to divide the maritime area into three
basic eco-regions: (i) the Atlantic/North Sea Eco-
region Complex, comprising the North Atlantic
Ocean, North Sea, Norwegian Sea and the Barents
Sea Eco-regions; (ii) the Baltic Sea Eco-region; and
(iii) the Mediterranean Sea Eco-region, which
includes also the Black Sea (see Vincent et al.,
2002; Casazza et al., 2003; Borja et al., 2004a;
Heiskanen et al., 2004, for additional details on
‘optional factors’, in determining typologies).
Recently, some methodological approaches in

implementing such a complex Directive have been
undertaken in Europe (Henocque and Andral,
2003; Borja et al., 2004a; Casazza et al., 2004).
However, taking into account the very consider-
able amount of work to be carried out (as shown
in this Introduction) some research should be
undertaken in order to accomplish with the WFD
objectives (mainly, to achieve the ‘Good Ecologi-

cal Status’), by 2015. This observation is especially
relevant in the case of coastal waters, because little
attention has been paid to this particular area in
relation to the WFD. Hence, the number of
scientific papers published since 1999 in peer-
review journals, referring specifically to marine
aspects (these include transitional waters) of the
WFD, represents only some 10% of the total
published contributions (Fig. 2). Moreover, an
important number of papers have been presented
in non-peer-review journals, conferences, reports
and the grey literature. The proportion could be
the same, but access to this literature is sometimes
very difficult.
Hence, the aim of this contribution is to

encourage, by identifying some of the aspects of
the WFD requiring scientific research, the inves-
tigation of the European coastal waters in relation
to the WFD. Some of the problems and con-
troversies, currently present amongst the scientific
community, will be discussed.

2. The extension of the coastal waters, under the

WFD

The WFD defines coastal water as ‘the surface
water on the landward side of a line, every point of
which is at a distance of one nautical mile on the
seaward side from the nearest point of the baseline
from which the breadth of territorial waters is
measured, extending where appropriate up to the
outer limit of transitional waters’. As stated by
Andersen et al. (2004), open marine waters are not
included. However, the WFD is likely to influence
management of all marine ecosystems, because all
land-based inputs of pollutants pass through the
coastal zone to the open waters.
Hence, the coastal area is the portion of the

ocean where physical, chemical and biological
processes are affected directly by land, mainly
through the rivers (see Milliman, 2001). Usually,
this area extends over the continental shelf (with a
water depth of 200m, or less). The European
coastal zone (including the Baltic Sea, the Medi-
terranean Sea, and the European Atlantic Sea)
extends over 2.05� 106 km2, representing 8.4% of
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the world coastal zone surface area (Gazeau et al.,
2004).
Taking into account the above-mentioned defi-

nition, the coastal waters included in the WFD
represent only a small proportion (19.8%, with a
surface of 405,703 km2) of this area (Table 1).
Most of the coastal waters belong to Norway
(24.6% of the total), which is not a EU Member

State, but collaborates in the implementation of
the WFD. This country is followed by United
Kingdom, Greece, Sweden, and Finland. Another
approach could include the whole of the con-
tinental shelf area within the WFD, including the
territorial waters, i.e. the first 12 miles (mentioned
only in relation to chemical status), etc. However,
the coastal area included is, by far, the most
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Fig. 1. Different eco-regions defined within the WFD. Key: 1—Atlantic Ocean; 2—Norwegian Sea; 3—Barents Sea; 4—North Sea;

5—Baltic Sea; and 6—Mediterranean Sea.
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important in relation to the study of land–ocean
interactions and processes. Such nearshore/coastal
areas represent only 6.3% of the continental shelf,
on a global basis, but 42% of the value of annual
ecosystem services (Constanza et al., 1997). Taking
into account the importance of this area, the
European Commission launched European
Land–Ocean Interaction Studies (ELOISE) as a
contribution to Land–Ocean Interaction in the
Coastal Zone (LOICZ), as a programme element
of the International Geosphere Biosphere Program
(IGBP)(Murray et al., 2001). This programme can
assist in providing information and expertise in
implementing the WFD (Vermaat et al., 2005).
Against this background, an interesting regional

contribution has been undertaken by Neal et al.
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Table 1

Coastal water areas, sensu the WFD, within each of the European countries, compared with the total European coastal area

Country Coastal length (km) Surface areas (km2) Source

Belgium 76.2 191 Estimated by the author

Bulgaria 456.8 1142 Estimated by the author

Cyprus 671.3 1678 Estimated by the author

Denmark 5316.2 15,949 Estimated by the author

Estonia 2956.0 7390 Estimated by the author

Finland 1300.0 34,000 Perus et al. (2004)

France 7329.8 20,670 Melina Lamouroux (Agence de l’Eau Adour-Garonne)

Germany 3623.7 9652 Hartmut Heinrich (BSH)

Greece 15,146.7 45,440 Estimated by the author

Ireland 6437.1 14,251 Peter Cunningham (EPA, Dublin)

Italy 9225.8 13,012 Cecilia Silvestri (APAT, Roma)

Latvia 565.5 1414 Estimated by the author

Lithuania 257.7 644 Estimated by the author

Malta 197.8 495 Estimated by the author

Netherlands 1913.8 5741 Estimated by the author

Norway 53,198.6 100,000 Frode Olsgard (NIVA)

Poland 1032.3 2581 Estimated by the author

Portugal 2830.1 8400 Fuensanta Salas (IMAR, Coimbra University)

Romania 695.5 1739 Estimated by the author

Slovenia 41.2 103 Estimated by the author

Spain 7268.1 21,821 Ana Lloret (CEDEX)

Sweden 26,383.8 35,830 Mats Blomqist (Hafok AB)

United Kingdom 19,716.6 63,561 Graham Phillips (NMR) & Peter Holmes (EA)

Total under the WFD 166,640.6 405,703

Total European coastal areas 2,050,000 Gazeau et al. (2004)

Notes: Coastal length data are based on the World Vector Shoreline, United States Defense Mapping Agency, 1989 (http://

earthtrends.wri.org/text/coastal-marine/variable-61.html). The surface areas estimated by the author were calculated on the basis of

multiplying straight coastal-lines by 2.5 and, by 3, those with large indentations and islands.
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(2003), in presenting an overview of the hydro-
chemical and physical functioning of UK river
basins, estuaries and coastal waters, through to the
open sea; this is related to British environmental
research, over the last 10 or more years. Such an
approach represents an attempt to determine
land–ocean interactions within the WFD, at a
regional scale. Similarly, Cave et al. (2003) have
presented an overview of the Humber catchment
at a local scale, which aimed to achieve integrated
catchment and coastal zone management by
analysing, within the framework of the WFD,
the response of the coastal area to changes in
fluxes of nutrients and contaminants from the
catchments. Both of these studies highlight the
close relationships between the river catchments
and coastal zones, following some of the concepts
of the WFD.
In summary, the WFD only provides compre-

hensive coverage of a small (and arbitrarily
defined) part of the European marine waters. This
unfortunate geographical compromise has led the
Commission and its member states to call for a
new framework for Europe’s seas: the European
Marine Strategy (EMS). The framework for the
EMS was first presented to the Council of
Ministers, by the Danish Presidence, in late 2002,
and there are now calls for a new Directive for
European Seas (http://europa.eu.int/eur-lex/en/
com/pdf/2002/com2002_0539en01.pdf). Hence,
some of the research undertaken in the implemen-
tation of the WFD should fit into it.
On the other hand, the future incorporation of

Romania and Bulgaria to the EU, will bring the
Black Sea into the boundaries of European
legislation. This incorporation, together to the
extension of the marine waters under the EMS will
have major implications in the marine research
and the implementation of the European Direc-
tives, including the WFD.

3. Some interpretations and problems in

implementing the WFD

The WFD is the most important piece of
European water legislation for many years and,
as such, will change the way in which water is

monitored and regulated (Crane, 2003); none-
theless, ambiguity in some of the concepts and
methodologies produces different interpretations.
Hence, the main objective of the above-mentioned
CIS is to provide support to the implementation of
the WFD, by developing: (i) a coherent and
common understanding; and (ii) guidance on the
key elements of the Directive. The main principles
in this common strategy include: the sharing of
information and experiences; and the development
of common methodologies and approaches. Ex-
perts from all European countries, together with
stakeholders from the water community, are
involved. This approach is related to the necessity
for a broad consensus amongst the different
Member States, in the meaning of the different
concepts included in the WFD; these include, for
example, the use of common methodologies in the
ecological status assessment and in the intercali-
bration process.
As an example of the meaning of the concepts,

some debate has been initiated in relation to the
controversy of including different matrices in the
assessment of the physico-chemical status and
quality guidelines. Hence, Crane (2003) claims the
use not only of waters (as outlined in the WFD),
but also sediments in determining such a status.
Borja et al. (2004c) agree with this critique,
proposing methodologies to include this element,
together with data obtained from water and
biomonitors, in such an assessment. However,
other scientists disagree with this point of view (see
this debate in Borja and Heinrich, 2005). Further,
a discussion to be undertaken is the possibility of
including zooplankton as a new biological ele-
ment. In this way, the role of the Continuous
Plankton Recorder information, in supporting the
WFD, has been suggested by Brander et al. (2003),
although most of data provided by this methodol-
ogy refer to the area outside WFD boundaries.
A second example of the controversy arises from

the interpretation of one of the key elements
within the WFD, which is the principle of ‘one
out-all out’, in determining the ecological status.
According to the WFD ‘the ecological status shall
be represented by the lower of the values for the
biological and physico-chemical monitoring
results for the relevant quality element’. An
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important question which arises relates to the level
of application of the aforementioned principle.
For instance, does it mean that if one of the
biological elements (phytoplankton, benthos,
macroalgae or fishes) or one of the variables in
the physico-chemical elements (e.g. cadmium
concentration in water) is out of the guideline
levels, the entire water body should be classified in
the same way? Some authors (see Borja et al.,
2004a) have disagreed with this rule, outlining the
need of discussion within the international work-
ing groups in implementing the WFD. Some
reasons for discussing this is because, due to
different sampling frequencies, there is high spatial
and temporal variability of some of the biological
elements. Likewise, because of the role of some of
the elements as good indicators, i.e. benthos and
fishes, any form of weighting in the data should be
investigated. This is in order to avoid a misclassi-
fication of a water body based upon only a limited
representative element or upon an under-repre-
sented variable.
On the other hand, as a third example of the

controversy, in several workshops and working
groups, some scientists consider the approach of
the WFD in assessing the ecological status a step
backwards, complaining about the excessive ‘over
simplification’ of this legislation, i.e. in determin-
ing typologies of the water bodies, in applying
methodologies for the assessment of the ecological
status, etc. Probably this problem arises from the
considerable gap (at least, in some European
countries) between the scientific community inter-
ests and those of the persons involved in the WFD
implementation. Both groups see each other as a
‘different World’, without any clear links. In my
opinion this is an error and, studying the
economical effort to be undertaken over the next
few years (see some examples, in Table 2) within
the WFD, it is clear that the availability of
scientific-based methodologies will prove econom-
ical. This can be done only by means of increasing
both marine research and scientist–implementer
collaboration, as proposed in this contribution. In
this way, some authors (see Leonard, 2002)
provide examples of how biological research can
provide cost-effective solutions to analytical pro-
blems and an opportunity to predict the way in

which some human activities may have an impact
on the marine environment.

4. The timetable of the WFD

In some working groups, one of the recurrent
questions is: are we at an appropriate time to
propose new subjects of research within the WFD?
Against this background, some of the planning
requirements of the WFD have very short dead-
lines (see Table 3; Murray et al., 2002). By the end
of 2004 (or mid-2005, due to some delays) most of
the main tasks, prior to the monitoring pro-
gramme, should be finalised, i.e. pressures and
impacts characterisation (which has been finalised
in April 2005), proposal of intercalibration sites,
etc. However, the WFD is a ‘dynamic Directive’
which allows further incorporation of new meth-
odologies, changes in the previous definitions and
classification of sites, etc., because any increase in
knowledge should feed-back into any further
assessments. The first ecological status assessment
should be undertaken by 2006, but this exercise

ARTICLE IN PRESS

Table 2

Some WFD implementation costs established for the whole

United Kingdom and for the Basque Country (Spain)

Location/concept Costs (millions)

United Kingdoma

Complying with the WFD £3200–11,200

Administration £5–6

Planning process £37–54

Monitoring and assessment £144

Reaching good status £3000–11,000

Point source reductions (industry) £400–1500

Point source reductions (water services) £1000–5000

Diffuse pollution reduction £1000–3500

Remediation costs £100–700

Alleviation of low flows £25–250

Basque country (Spain)b

Monitoring and assessment (2004–2005) h2.4

Wupper catchment (Germany)c

Implementing the WFD (per year) h5–11

aKallis and Butler (2001).
bBorja et al. (2004a).
cKolisch et al. (2002).
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should be carried out every 3 years. Hence, any
new development and methodology, including
integrated approaches, could be introduced at
any point throughout the process, until its
culmination, in 2015.

5. What has been achieved and what should be

researched?

The WFD requires advances in research efforts
to achieve these aims: improved participation
methods, together with an understanding of their
use, need to be developed; science and modelling
need to be undertaken in a more holistic,
integrated way; methods for evaluating economic
and social impacts of policies need to be developed
and implemented; and, scenario-based approaches
need to be developed, to permit the testing of
potential policies and management changes, to test

their potential impacts on environmental quality
(Letcher and Giupponi, 2005).
The opportunities to progress in this particular

field of the WFD implementation have been
outlined by several authors. Townend (2002)
highlights the future needs in three essential
blocks: monitoring, system models and education.
In the case of monitoring, the key requirements are
centred around the assessment of the present state
of the system (requiring the identification of sets of
indicators, to be used in such assessment) and rates
of change (including both short- and long-term
changes). The need for researching system models
arises from the inherent non-linearity of the
processes and the complexity of their interactions.
In this way, ‘fuzzy’ techniques play an increasing
role in determining systems functioning (Silvert,
1997).
On the other hand, Neal et al. (2003) identify

seven areas of research for British waters (which
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Table 3

Timetable of the river basin planning requirements, under the European WFD

Year River basin planning requirements

2003 Transpose Directive by each Member State

Identify river basin districts and the competent authorities

2004 Characterisation of pressures and impacts and risk assessment

Economic analysis of water use

Register of protected areas

Final intercalibration sites register

2005 Intercalibration exercises

2006 Monitoring programmes

Work programme for first River Basin Management Plans

2007 Interim overview of the significant water management issues

2008 Publish draft River Basin Management Plans for consultation

2009 Finalise and publish first River Basin Management Plans

2012 Measures fully operational

Work programme for second River Basin Management Plans

2013 Review characterisation and risk assessment

Review economic analysis of water use

Interim overview of the significant water management issues

2014 Publish second draft River Basin Plans for consultation

2015 Achieve environmental objectives (‘Good Ecological Status’) in first Basin Plans

Finalise and publish second River Basin Plans
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can be extended to an important part of Europe):
(i) system sensitivity to change, in relation to the
ecological status (including climate change, sea
level change, thresholds, etc.); (ii) sediment bud-
gets/dynamics (investigating contaminants fate,
erosion, deposition, re-mobilisation, etc.); (iii) tidal
river reaches; (iv) ecology and bioavailability
(processes affecting plankton growth, indicator
species, critical pathways for pollutants through
the food web, the assessment of impacts in terms of
ecotoxicology, etc.); (v) water quality (sources and
sinks of pollutants, role of microparticulate mate-
rials in the transfer of pollutants, etc.); (vi) water
quality issues, in relation to biological response and
human health; and (vii) environmental modelling.
Hence, in the coming years much research

funding will go to projects to support the
implementation of the WFD. This research will
need to be interdisciplinary, or at least multi-
disciplinary, as nearly all elements of the WFD
have technical, ecological, economic, legal and
administrative aspects (Mostert, 2003). In fact, all
of the above-mentioned potential investigations
could be grouped under the different elements,
terminologies and works to be undertaken under
the WFD, taking into account that all the research
will need to be very pragmatic (Mostert, 2003;
Borja et al., 2004a; Heiskanen et al., 2004).

5.1. Eco-regions

The WFD divides the European seas into six
different eco-regions (see Fig. 1): Atlantic Ocean,
Norwegian Sea, Barents Sea, North Sea, Baltic
Sea, and Mediterranean Sea (including Black Sea).
One of the problems with this classification is the
inclusion of archipelagos, such the Canaries or
Azores, into the Atlantic eco-region; this extends
from 251 to 751N (Mauritania to north Iceland).
Taking into account the high ecological differences
within this area, a Macaronesian eco-region
should be included. Probably the same problem
could be found in the case of the Mediterranean,
where the eastern and western basins and the
Black Sea are very different, in terms of ecosystem
functioning. In this particular issue, scientific
knowledge could provide a broad basis for the
next steps within the WFD.

5.2. Typologies

When scientists are confronted with the classi-
fication of typologies, normally their first reaction
is the definition of a very high number of them
(resulting from the combination of the different
geomorphological and hydrodynamic characteris-
tics included in the definition, such as salinity, tidal
range, depth, current velocity, wave exposure,
water mixing, residence time, substrata character-
istics, etc.). This approach produces an unmanage-
able situation in subsequent steps of the WFD,
which include the establishment of the reference
conditions and management plans for each of the
water bodies and typologies. Hence, Borja et al.
(2004a) recommend the definition of no more than
15–20 typologies, within the Atlantic eco-region
(at this moment there are 8, only for coastal
waters).
One of the most common criticisms to this

approach arises from the over-simplicity of this
model, from a scientific point of view; thus, claims
have been made for the use of some classifications
(such as EUNIS), in this determination. Although
this classification is being used, some integration is
needed, because of the patchiness of habitats
within the different typologies and water bodies.
This could be further determined in the light of the
Habitats and Birds Directive, not discussed in this
contribution but also having important monitor-
ing requirements.

5.3. Methodologies and reference conditions for the

physico-chemical elements

The reference conditions must represent the
physico-chemical (or biological) conditions of the
system, in the best physico-chemical (or ecological)
status possible and with the lowest anthropogenic
impact possible, to which to assign the ‘high’
status (Casazza et al., 2004).
Andersen et al. (2004) have proposed the use of

the paleoecological reconstruction of fluctuations
in total nitrogen, in the determination of undis-
turbed physico-chemical conditions suitable for its
use as reference conditions. These authors demon-
strate that this method produces results with a
reasonable degree of accuracy, when determining
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the quality status. On the other hand, Nielsen et al.
(2003) propose the use of historical data and
modelling in assessing reference conditions, by
applying them to some Danish marine waters.
In the case of Italy, the legislation establishes the

use of a trophic index ‘TRIX’ (Vollenweider et al.,
1998), derived from the most used physico-
chemical parameters in coastal water analysis, for
the classification of the quality status (Casazza et
al., 2002).
The use of multivariate analysis in determining

physico-chemical reference conditions and quality
status, when no reference sites exist, has been
discussed in Borja et al. (2004a) and Bald et al. (in
press). These methodologies appear as a simple,
objective and promising tool (Bald et al., in press).
On the other hand, one of the major research

issues in the future will be related to the non-
regulated water contaminants (Daughton, 2004),
such as pharmaceuticals and personal care pro-
ducts, endocrine disrupting compounds, bromi-
nated flame retardants, etc., called ‘new’ or
‘emerging’ pollutants. In fact, as for March 2004,
the American Chemical Society had indexed nearly
23 million organic and inorganic substances; only
230,000 were inventoried, or regulated, by govern-
ment bodies world-wide (Daughton, 2004). This
limitation arises because the list of hazardous
substances (priority substances) provided by the
WFD is very short, being referred to previous
European Directives.
Hence, some of the most important tasks to be

undertaken in the next few years are: research on
reference conditions for each of the typologies; the
development of accurate methodologies, in asses-
sing the quality status; methodologies in integrat-
ing results from different matrices; and the
incorporation of new hazardous substances into
the priority substances list (investigating their
effects on the biological elements).

5.4. Methodologies and reference conditions for

biological elements

In many instances, problems detected using
ecological quality criteria are not linked directly
to known chemical contamination pressures, e.g.
surface waters of a ‘good chemical status’ may

have a ‘poor ecological status’. Such a difference
may be due to other anthropogenic influences than
organic enrichment or biological processes (e.g.
bioaccumulation of pollutants or biostimulation
by nutrients), such as: (i) the presence of unknown
or unmonitored substances; (ii) the combined
effects of various substances; (iii) interactions with
physical factors or habitat deterioration; or (iv) the
highly dynamic nature of aquatic, especially
marine and estuarine, synergestic systems. In this
respect, research is deemed necessary to investigate
the causes of deterioration of the ecological status
of surface waters, linking them to chemical or
other significant pressures. Such research would
support the analyses described under Annexes II
and V of the Directive.
Hiscock et al. (2003) have outlined the con-

ceptual approach that scientists have adopted in
understanding human impacts in using marine
resources and marine environment. Nonetheless,
the need for improved integration, if a truly
ecosystem-based approach is to be realised in the
future, as some European Directives, international
conventions and organisations demand, should be
recognised. Hence, OSPAR, HELCOM, ICES,
WSSD, Barcelona Convention, IMO, MEDPOL,
etc., are looking for new or improved tools to
assess anthropogenic impacts on the marine
environment, which have more explicit manage-
ment utility. Many countries are now addressing
the question of how to improve assessment of
the ecological quality of their waters, in relation to
the chemical status. Therefore, the objective of the
above initiatives is to evolve easily understood
measures of ecological change, which have clear
practical application in the achievement of man-
agement goals; namely, to define, understand,
protect or restore biological integrity.
In the particular case of benthos, whilst

numerous studies provide tentative evidence of
changes in the benthic faunal and floral commu-
nity in response to anthropogenic stressors,
relatively few provide unequivocal evidence of
clear-cut cause/effect relationships, other than in
response to gross pollution. In addition, whilst the
use of summary indicators of ecological changes as
management tools are relatively well established
for freshwater bodies (i.e. especially biotic indices),
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they are less so for coastal and transitional waters
in Europe.
The theoretical basis and the necessary scientific

and social consensus on the assessment of ecolo-
gical quality, in marine waters, are still to be
established within a European context.
On the other hand, as outlined by Borja et al.

(2004a) and Casazza et al. (2004), the main
problem in defining the biological reference con-
ditions, in most of the European coastal regions,
arises from the absence of areas without any
anthropogenic impact. In the case of the Medi-
terranean eco-region, possible reference areas
could be marine reserves, because they provide
the best ecological conditions in the area, together
with previous data; these may be used in order to
compare with the remainder of the water bodies
(Casazza et al., 2004).

5.4.1. Phytoplankton

Presently, only very few methods have been
proposed for the assessment of phytoplankton-
based ecological quality (Ifremer, in Vincent et al.,
2002; Borja et al., 2004a). However, these methods
are not developed specifically to fulfill the require-
ments of the WFD, but relate to the presence of
toxic algae or phytoplankton blooms. Conversely,
the use of flow cytometry, as proposed by Moreno
and Laine (2004), is a good tool in assessing the
trophic status; hence, it can assist in assessing
the phytoplankton ecological status. Likewise, the
phytoplankton indicator species, together with its
role in the general coastal quality status, should be
investigated.

5.4.2. Macroalgae

Phytobenthos (macroalgae and seagrasses) form
the structural base, behaving as the ecosystem
engineers (sensu Jones et al., 1994) of some of the
most productive ecosystems of the world. They
respond directly to the abiotic and biotic aquatic
environment and, as such, represent sensitive
bioindicators of its changes (for a short-review
see Orfanidis et al., 2001). Well-documented
patterns predict reduction of species diversity as
human-induced disturbance/stress increases (Pear-
son and Rosenberg, 1978). In contrast to benthic
invertebrates, few benthic macrophytic indices

have been proposed for use in marine waters
(Orfanidis et al., 2001, 2003; Swedish method, in
Vincent et al., 2002; Panayotidis et al., 2004; Borja
et al., 2004a). Other approaches, probably useful
in the WFD implementation, have been proposed
for the HELCOM monitoring programme (Bäck
et al., 2002). However, its broad applicability and
effectiveness still has to be verified, together with
the investigation of the role of many macroalgae
species, as sensitive or indicator species.

5.4.3. Benthos

As well as their central role in marine ecosystem
functioning, the benthic invertebrates are a well-
established target in evaluations of environmental
quality status. Various studies have demonstrated
that the macrobenthos responds relatively rapidly
to anthropogenic and natural stress (Pearson and
Rosenberg, 1978; Dauer, 1993). Several authors
have reviewed the use of biotic indices, in assessing
the benthic ‘health’ (see a useful summary in Diaz
et al., 2004). Many authors (e.g. Washington,
1984) accept that a biotic index is unlikely to be
universally applicable, as organisms are not
equally sensitive to all types of anthropogenic
disturbance and are likely to respond differently to
different types of perturbation. As such, they may
provide a way to establish a multimetric bioassess-
ment method that, in turn, can be modified for
different geographical regions. Several indices
have been proposed for use in marine waters,
some of them attempt to include the five-step
environmental model of the WFD (Borja et al.,
2000, 2003a, 2004b; Simboura and Zenetos, 2002;
Rosenberg et al., 2004).
Diaz et al. (2004) state that the ‘tautological

development of new indices appears to be endemic,
self-propagating and rarely justified’, recommend-
ing that investigators place greater emphasis on
evaluating the suitability of indices that already
exist, prior to the development of new ones. In this
way, the use of existing indices, together with
multimetric approaches, could be the most pro-
mising way in accomplishing the WFD (Borja
et al., 2004a). The research undertaken on
indicator and sensitive species, together with
their responses to different impact sources (see
Hiscock et al., 2004) can lead to an improved
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understanding of the ecosystem functioning, with
regard to the assessment of ecological status. The
research of reference conditions for each of the
typologies, together with the quality assurance of
the monitoring data, are the most important tasks
to be undertaken in the coming years. Moreover,
the development of new tools for hard-bottom
substrata is another important challenge for
benthologists.

5.4.4. Fishes

The WFD included the study of fishes, for the
assessment of the ecological status, only in
transitional waters. However, this could be a
fundamental weakness in current legislation, and
has been a major topic of discussion in the EMS.

5.5. The integration of methodologies

The integration of all the elements and variables,
into a unique assessment, has been discussed in
only very few contributions (Borja et al., 2004a, c;
Franco et al., 2004). More studies should be carried
out in the coming years, in order to determine an
accurate ecological status assessment.
In this way, a main task for the next 2 years is

the intercalibration process among the different
methodologies, countries, typologies, etc., with the
aim to determine the quality of the different
approaches; this would establish, throughout
Europe, a system suitable for assessing the
ecological status and comparably at different
levels. In this way, statistical research into the
determination of the most suitable boundaries in
the ecological quality ratios, combined with a
comparison of these boundaries under different
elements, will be an interesting contribution to the
WFD implementation.
In parallel to this task, a monitoring programme

for European waters should be undertaken (by
2006). Some monitoring networks are established
already in line with the WFD requirements, or are
easily adaptable to them, such as: the UK network
(http://www.cefas.co.uk/monitoring/page-b3.asp);
the Basque network (north of Spain)(Borja et al.,
2003b; Belzunce et al., 2004); the French network
(Claisse et al., 2002); the Italian network (Casazza
et al., 2004); the proposal for a Scottish network

(Peter Holmes, personal communication), etc. The
monitoring networks, as proposed within the
WFD, are of three different types: (i) surveillance
monitoring, to provide information for supple-
menting and validating the impact assessment
procedure, the efficient and effective design of
future monitoring programmes, the assessment of
long-term changes in natural conditions, and the
assessment of long-term changes resulting from
widespread anthropogenic activity; (ii) operational
monitoring, undertaken to establish the status of
those bodies identified as being at risk of failing to
meet their environmental objectives, and to assess
any changes in the status of such bodies resulting
from the programmes of measures; and (iii)
investigative monitoring, carried out where the
reason for any exceedances is unknown (i.e. where
surveillance monitoring indicates that the environ-
mental objectives for a body of water are not likely
to be achieved and operational monitoring has not
already been established), in order to ascertain the
causes of a water body or water bodies failing to
achieve the environmental objectives, or to ascer-
tain the magnitude and impacts of accidental
pollution. The intercalibration of data and ecolo-
gical status assessment, between the different
national monitoring programmes, will probably
be difficult because of its heterogeneity (Heiskanen
et al., 2004); as such, this is one of the major tasks
within the WFD.
The investigative monitoring opens an interest-

ing window to research in marine waters, because
many of the processes in which pollution affects
the biological elements are poorly known. As an
example, some scientists (see Boesch, 2002) have
highlighted the problems of nutrient over-enrich-
ment in the coastal ecosystems, as observed during
the last half of the 20th century, together with the
effectiveness of science in documenting the con-
sequences and root causes of this problem,
providing the basis for its abatement. Likewise,
this author claims that the efforts made have
usually been based upon the relatively arbitrary
goal of reducing nutrient inputs by a certain
percentage, without much understanding of how
and when this would affect the coastal ecosystem;
this, in itself, constitutes a challenge and opportu-
nity in coastal research.
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In this context, and as mentioned previously,
LOICZ and ELOISE have done very large
expenditure on coastal research, which is com-
bined to focus on the important questions of how
the land–ocean interaction operates, and of how
this is influenced by human activities (Vermaat
et al., 2005). These authors outlined the possibi-
lities for a sustainable use of the European coastal
zones, discussing on (i) external changes, including
climate change; (ii) internal changes, such as
demographic changes, and future policies; and
(iii) local changes resulting from activities in river
basins.
The problems which have arisen along Eur-

opean coasts, together with the approaches under-
taken, are similar to those identified in other seas.
For example, in Canada, where Vandermeulen
and Cobb (2004) describe a similar debate in
implementing ecosystem-based management, in
assessing marine environmental quality.
Some of the research to be undertaken under the

WFD, for the whole of Europe, is similar to that
proposed for the near future in the Basque
Country (northern Spain), by Collins and Borja
(2004), as outlined below:

(i) Studies of land/ocean interactions, with more
refined data being obtained on the loads of the
rivers transferred to the adjacent continental
shelf, together with the extension and influ-
ence of river plumes upon processes on
adjacent littoral areas (see Vermaat et al.,
2005).

(ii) Studies on atmosphere–ocean interaction,
together with its influence on ecosystems,
species and heat transfer. The transport
mechanisms should be determined, integrating
atmosphere/ocean models, then applying
them to ecosystems modelling.

(iii) Studies at the water–sediment interface, to-
gether with the influence on remobilisation of
contaminants from sediments, and its impact
over communities.

(iv) Studies into sources and sinks of various
substances, through the development of an
understanding of their transport pathways.
Other processes, such as bioaccumulation,
bioavailability, etc., should be studied (in

some cases using biomarkers in sentinel
organisms).

Finally, the comments of Donald F. Boesch in
1999 (Boesch, 1999) are fully applicable to the
WFD and the coastal research challenges: ‘Sus-
tainable governance of the ocean demands a more
integral and timely role for science. Although
science has played a limited role in global ocean
governance regimes, science has made essential
contributions to governance on regional scales,
particularly when there is strong scientific con-
sensus, clear identification of problems and solu-
tions, and convergence with cultural ideas’.

6. Conclusions

Perhaps, for the first time, the whole of Europe
can develop and implement a contrasted, checked
and intercalibrated methodology for the assess-
ment of the ecological status of nearshore and
coastal areas. Even though the marine areas
presently under the WFD represent only a small
part of the whole of the European continental
shelf, the challenge for scientists is to develop
suitable methodologies which could be applied to
different eco-regions. This approach is in order to
assess, in the most accurate way, the coastal
ecological status, taking into account not only its
scientific value but also the effective cost–benefit
relationship. In this way, novel solutions should be
proposed for the implementation of the WFD;
these should be as simple, realistic and pragmatic
as possible, without losing their scientific basis.
Finally, some of the lacks detected through this
contribution could be solved with the new
European Marine Strategy, now under discussion.
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Borja, Á., Muxika, I., Franco, J., 2003a. The application of a

Marine Biotic Index to different impact sources affecting

soft-bottom benthic communities along European coasts.

Marine Pollution Bulletin 46, 835–845.

Borja, A., Garcı́a de Bikuña, B., Blanco, J.M., Agirre, A.,

Aierbe, E., Bald, J., Belzunce, M.J., Fraile, H., Franco, J.,

Gandarias, O., Goikoetxea, I., Leonardo, J.M., Lonbide,

L., Moso, M., Muxika, I., Pérez, V., Santoro, F., Solaun,

O., Tello, E.M., Valencia, V., 2003b. Red de Vigilancia de

las masas de agua superficial de la Comunidad Autónoma

del Paı́s Vasco, 22 vols. Departamento de Ordenación del

Territorio y Medio Ambiente, Gobierno Vasco 3043pp.

http://www.euskadi.net/vima_aguas/red_c.htm.

Borja, A., Franco, J., Valencia, V., Bald, J., Muxika, I.,

Belzunce, M.J., Solaun, O., 2004a. Implementation of the

European Water Framework Directive from the Basque

Country (northern Spain): a methodological approach.

Marine Pollution Bulletin 48 (3–4), 209–218.

Borja, A., Franco, J., Muxika, I., 2004b. The Biotic Indices and

the Water Framework Directive: the required consensus in

the new benthic monitoring tools. Marine Pollution Bulletin

48 (3–4), 405–408.

Borja, A., Valencia, V., Franco, J., Muxika, I., Bald, J.,

Belzunce, M.J., Solaun, O., 2004c. The water framework

directive: water alone, or in association with sediment and

biota, in determining quality standards? Marine Pollution

Bulletin 49 (1–2), 8–11.

Brander, K.M., Dickson, R.R., Edwards, M., 2003. Use of

Continuous Plankton Recorder information in support of

marine management: applications in fisheries, environmen-

tal protection, and in the study of ecosystem response to

environmental change. Progress in Oceanography 58,

175–191.

Casazza, G., Silvestri, C., Spada, E., Melley, A., 2002. Coastal

environment in Italy: preliminary approach using the

‘DPSIR scheme’ of indicators. Littoral 2002, The Changing

Coast. EUROCOAST/EUCC, Porto, Portugal, pp. 541–550.

Casazza, G., Silvestri, C., Spada, E., 2003. Implementation of

the European Water Directive for coastal waters in the

Mediterranean. In: Ozhan, E. (Ed.), Proceedings of the

Sixth International Conference on the Mediterranean

Coastal Environment MEDCOAST 03, 7–11 October

2003, Ravenna, Italy, pp. 1157–1168.
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Editorial

The new European Marine Strategy Directive:
Difficulties, opportunities, and challenges

1. Introduction

The marine environment presents high levels of com-
plexity, diverse habitats and supports a high level of biodi-
versity. Besides this, it provides different uses which should
be exploited in a sustainable way. However, the marine
environment is facing increasing and significant pressures,
which include pollution, tourism, commercial fishing,
introduction of alien species, eutrophication, aquaculture,
sediment discharges, sand extraction, maritime transport,
and climate change.

In response to these problems, policy-makers world-
wide tend to develop strategies to protect, conserve and re-
store the marine environment, and the United Nations
Convention on Law of the Sea (UNCLOS, 1982) is the
international basic legal framework that governs the uses
of the oceans and seas. UNCLOS outlines provisions for
the protection and preservation of marine ecosystems, to-
gether with the 1992 Convention on Biological Diversity
(CBD, 2000), as highlighted by Parsons (2005).

At a national level, several initiatives have been devel-
oped recently (Parsons, 2005): (i) in December 1998, Aus-
tralia released an Oceans Policy (Commonwealth of
Australia, 1999); (ii) the Canadian Parliament passed the
Oceans Act, which came into force in January 1997, this
being the Canada’s Oceans Strategy released in 2002; and
(iii) in the USA, the Pew Oceans Commission, created in
2000, and the US Commission on Ocean Policy, created
by the Oceans Act of 2000, both reported in 2004 (Granek
et al., 2005).

In Europe, although there are several policies which re-
fer in part to the marine environment such as the Habitats
and Birds Directives, the Water Framework Directive
(WFD) or the Common Fisheries Policy, together with sev-
eral international conventions and organisations (OSPAR,
HELCOM, ICES, WSSD, Barcelona Convention, IMO,
MEDPOL, etc.), none yet have been developed in an inte-
grated way for the protection of all seas of the European
Union (EU). Analysis undertaken within Europe has de-
tected an inadequate institutional framework for the man-

agement of the sea. Although there exists a large number of
regional strategies or conventions, little articulation or
coordination occurs between them; similarly, there is poor
implementation and a lack of enforcement. In order to face
these problems, a ‘‘Proposal for a Directive of the
European Parliament and of the Council, establishing a
Framework for Community Action in the field of Marine
Environmental Policy’’, known as European Marine
Strategy (EMS) Directive, has been presented (24th
October 2005) by the Commission of the EU (COM,
2005a,b,c).

The main objective of the EMS is to protect and/or re-
store the European seas, ensuring that human activities are
carried out in a sustainable manner, providing safe, clean,
healthy and productive marine waters; in summary, ‘‘to
promote the sustainable use of the seas and conserve mar-
ine ecosystems’’. Hence, the EMS establishes a framework
for the development of marine strategies designed to
achieve good environmental status in the marine environ-
ment by the year 2021 (Table 1). The concept of environ-
mental status takes into account the structure, function
and processes of the marine ecosystems together with nat-
ural physiographic, geographic and climatic factors, as well
as physical and chemical conditions including those result-
ing from human activities in the area concerned.

Currently, the WFD provides comprehensive coverage
of a small (similarly arbitrarily defined) part of European
marine waters (19.8%, as stated by Borja, 2005). Con-
versely, the EMS presents a small area of overlap with
the WFD (1 nautical mile, from the baseline) and is appli-
cable to all European waters, on the seaward side of the
baseline; from this, the extent of the territorial waters is
measured. Such waters extend to the outermost reach of
the area covered by the sovereignty or jurisdiction of Mem-
ber States (MS) (200 nautical miles), including the water
column, the sea bed and its sub-surface geology. Hence,
the extension of the marine waters under the EMS will have
major implications within marine research and in the
implementation of some European Directives, including
the WFD, as highlighted by Borja (2005).

0025-326X/$ - see front matter � 2005 Elsevier Ltd. All rights reserved.
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2. The contents of the EMS directive

In order to implement this Directive, European marine
waters have been split into different ecoregions (COM,
2005a): (i) the Baltic Sea; (ii) the North East Atlantic
Ocean (including several sub-regions, such as the North
Sea, the Celtic Sea, the Bay of Biscay and the Iberian coast;
and the Macaronesian area); and (iii) the Mediterranean
(including several sub-regions, such as Western Mediterra-
nean; the Adriatic Sea; the Ionian Sea; and the Aegean-
Levantine Sea). In the future, following the incorporation
of Bulgaria and Romania into the EU, the Black Sea will
need to be added. Hence, the EMS solves one of the prob-
lems of the WFD, in splitting European seas into different
ecoregions (see Borja, 2005); this is because the WFD con-
siders the Atlantic Ocean and the Mediterranean Sea as
two complete ecoregions, without taking into account the
substantial ecological differences within each of the areas.

Within each of these ecoregions, a Marine Strategy
should be implemented; these, in turn, should follow the
plan of action described in Table 1. One of the most impor-
tant on-going tasks is to analyse the essential characteris-
tics and present environmental status of these waters,
together with the corresponding pressures and impacts
(COM, 2005a). These variables include: (i) physical and
chemical features (bathymetry; temperature and salinity
properties; currents and residence time); (ii) habitat types
(identification and mapping of special habitats, together
with their physico-chemical characteristics); (iii) biological
elements (including: phyto and zooplankton; invertebrate
fauna; fish, mammals and seabird populations; together
with structural and community parameters, population

dynamics, and the introduction of alien species); and (iv)
pressures and impacts, such as nutrient inputs and cycling,
chemical pollution (water, sediments and biota), physical
loss (smothering), physical damage (siltation, abrasion,
sediment extraction), non-physical disturbance (noise,
visual), non-toxic contamination (organic enrichment,
changes in thermal regime, etc.), and biological disturbance
(pathogens, non-native species, fishing). Furthermore, such
a study must include the economic and social analysis of
the use of the sea, together with the cost of marine environ-
ment degradation.

The ecological analysis should follow the ecosystem-
based approach (EBA) (Browman et al., 2004; Nicholson
and Jennings, 2004; Rudd, 2004), taking into account hab-
itat types, biological components, physico-chemical char-
acteristics and hydromorphology. The EBA is defined as:
‘‘a strategy for the integrated management of land, water
and living resources that promotes conservation and sus-
tainable use in an equitable way. The application of the
EBA will help to reach a balance of the conservation,
sustainable use, and the fair and equitable sharing of the
benefits arising out of the utilisation of genetic resources’’
(CBD, 2000).

On the basis of this assessment, a set of measurable envi-
ronmental targets and associated indicators must be estab-
lished for the European waters, together with necessary
monitoring programmes for the surveillance of achieve-
ment of the good quality status. However, if such a status
cannot be reached in appropriate time, the MS must imple-
ment some programmes and corrective measures (including
ecological and socio-economical measures), to revert poor
status into good status.

Table 1
Timetable and plan of action of the European Marine Strategy (EMS) implementation, including some previous landmarks

Year Plan of action

2002 Communication from the EU Commission, towards an EMS
December 2002 ‘Kick off’ conference, in Koge (Denmark)
November 2004 Stakeholder conference, in Rotterdam (Netherlands)
March to September 2005 Open consultation
October 2005 Proposal for an EMS Directive
(2006) Entry into force of the EMS Directive
(2008) The Commission lay down generic qualitative descriptors, criteria and

standards for the recognition of good environmental status
(2009) Transposition of the Directive, into national laws
+6 months Designation of the national competent authority, for the implementation of the Directive
(2010) Initial assessment of the current environmental status of European seas (1)
(2010) Determination of good environmental status for the European waters (2)
(2011) Establishment of environmental targets (3)
(2012) Implementation of a monitoring programme (4)
(2012) Member States shall report on issues (1), (2), (3), and (4), then every 6 years
2016 Development of a programme of measures to achieve good status (5)
2019 Interim Report, describing progress in the implementation of (5)
2018 Entry into operation of the programme of measures
2021 Achieve good environmental status of the European seas.

Publication of a first evaluation report, then every 6 years
(2021) Revision of the Directive, where appropriate

Note: Years between brackets are approximate, depending upon the final publication of the Directive.
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Hence, the key elements contained in the EMS include
(COM, 2005b): (i) a dual EU/regional approach establish-
ing, at EU level, common co-operation and approaches
amongst MS and third countries bordering EU oceans
and seas, leaving the planning and execution of measures
to a regional level, to take into account the diversity of con-
ditions, problems and needs of marine regions requiring
specific solutions; (ii) a knowledge-based approach, in
order to achieve informed policy-making; (iii) an EBA,
whereby human activities affecting the marine environment
will be managed, in an integrated manner, to promote con-
servation and sustainable use in an equitable way of oceans
and seas; and (iv) a co-operative approach, providing for
broad engagement interaction with all relevant stakehold-
ers, enhancing co-operation with existing regional seas
conventions.

3. Some difficulties, opportunities, and challenges in

implementing the EMS directive

When a new procedure is established, a plethora of dif-
ficulties, opportunities and challenges will arise in imple-
menting and applying it to the ‘real world’. In this
particular case, there are institutional barriers to the im-
proved protection of EU marine environment (COM,
2005b). (i) At EU and national level, a number of measures
exists which contribute to some extent to the protection of
the marine environment; however, most of these measures
are sectoral and were not designed specifically for protec-
tion of the marine environment; (ii) many EU regional seas
are the subject of international conventions and a number
of these have made excellent contributions to marine pro-
tection; however, these conventions have only limited
enforcement powers and this compromises their effective-
ness in achieving agreed goals; and (iii) at a global level,
there is little communication between the large number of
strategies, conventions and agreements in place, with sig-
nificant limitations in terms of their implementation and
enforcement.

The barriers outlined above make the EMS, in essence,
trans-boundary; as such, they require intense cooperation
between the MS for implementation, because national ap-
proaches to the marine environment are doomed to fail.
There exists an opportunity now, with the recent (and
future) incorporation of new MS to the EU, to develop a
harmonised approach to European seas protection. Indeed,
the development of this EMS has already contributed
significantly to the coordination of marine protection
efforts, in particular, in relation to regional seas conven-
tions.

As the EMS has stated, good policy depends upon the
availability of high-quality information. Presently, the
existing EU monitoring and assessment programmes are
neither integrated nor complete (with large regional, even
national, differences), resulting in an insufficient knowl-
edge-base for EMS implementation. The knowledge that
existing monitoring networks have generated has revealed

significant information gaps in relation to the state of the
marine environment, the effectiveness of existing measures,
and the various threats and pressures posed by human
activities.

Hence, a new approach to marine monitoring and
assessment, combined with the use of existing scientific
information is required across the different levels of gover-
nance, to identify and infill knowledge gaps, reduce dupli-
cated data collection and research, and promote the
harmonisation, dissemination and use of marine science
and associated data. In this way, the establishment of ‘mar-
ine observatories’ and GIS-based tools can assist (for
details, see Vallega, 2005). Within this context, the 7th
European Research Framework Programme (2007–2013)
should emphasise cooperative marine research, addressing
the objectives of the EMS; this, in turn, should avoid
dichotomies between basic (or academic) research and fur-
ther knowledge application to assess the marine status.

Conversely, the availability of scientifically based meth-
odologies, in the implementation of the EMS, should prove
efficient and economical; this can be undertaken only by
means of increasing both marine research and scientist-
implementer collaboration, as proposed elsewhere for the
WFD (Borja, 2005). In this way, some authors (see Leon-
ard, 2002) provide examples of how biological research
can provide cost-effective solutions to analytical problems,
together with an opportunity to predict the way in which
some human activities may impact upon the marine envi-
ronment. For a better economical resource profit, cooper-
ation between the different existing Working Groups in
ICES, OSPAR, WFD, etc., should be undertaken; these
could benefit each other, in terms of previous experience
and historical datasets.

The opportunities for progress in EMS implementation
can be similar to those for the WFD coastal waters (see
Townend, 2002; Borja, 2005). These can be grouped into
three objectives: (i) monitoring, in which the key require-
ments are centred around the assessment of the present
state of the system (requiring the identification of sets of
indicators, to be used in such an assessment) and rates of
change (including both short- and long-term changes); (ii)
system models, which should take into account the inher-
ent non-linearity of the processes and the complexity of
their interactions, at the ecosystem level; and (iii) educa-
tion, at different levels and addressed to the citizens and
to specialised high level training.

Hiscock et al. (2003) have outlined the conceptual
approach that scientists have adopted to the understand-
ing of human impacts, in using marine resources and
marine environment. Nonetheless, there is a need for im-
proved integration. Therefore, the objective of the above
initiatives is to develop easily-understood measures of
ecological change, which have clear practical application
in the achievement of management goals; namely, to
define, understand, protect or restore biological integrity.

The EMS can benefit from synergies with other policies,
such as: the WFD; the Urban Waste Water Treatment and
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Nitrates Directives; the Habitats and Birds Directives; the
Recommendation on Integrated Coastal Zone Manage-
ment; and the Common Fisheries Policy. This synergy can
provide the environmental core for the future EUMaritime
Policy; it will set out the course of action required to protect
marine ecosystems, upon which sustainable wealth, produc-
tivity and employment opportunities depend (COM,
2005b). Conversely, international conventions and agree-
ments can assist in this task, such as: the International
Convention for the Control and Management of Ships’
Ballast Water and Sediments; the International Convention
on the Control of Harmful Anti-Fouling Systems on
Ships; and the UN Convention on Biological Diversity.
Such an approach should be combined with the cooperation
with third countries, such as the EU-Russia Energy
dialogue, or countries from the southern shores of the
Mediterranean.

As stated for the WFD (Borja, 2005), perhaps, for the
first time, the whole of Europe can develop and implement
a methodology for the assessment of the ecological status
of marine waters. Now, the challenge for scientists is to de-
velop monitoring networks and suitable methodologies
(including the EBA, as the main pillar), which could be ap-
plied to different ecoregions. This approach would assess,
in the most accurate, realistic and pragmatic way the coast-
al ecological status. This would fill in the gaps and limita-
tions of other EU Directives (Borja, 2005).
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10
La	investigación	marina	

en	las	nuevas	políticas	
europeas	de	gestión	

integrada

10.1. Introducción

Los	océanos	mundiales	presentan	una	gran	biodiversidad	y	gran	cantidad	de	hábi-
tats	singulares,	proporcionando	usos	muy	diversos	al	ser	humano,	como	el	baño	y	
disfrute,	la	navegación,	etc.	Sin	embargo,	cada	vez	hay	más	presiones	que,	de	ma-
nera	muy	significativa,	están	alterando	nuestros	mares,	entre	ellas	la	contaminación,	
de	origen	diverso	(vertidos	sólidos	y	líquidos,	basuras,	etc.),	el	turismo,	la	pesca	co-
mercial,	la	acuicultura,	la	explotación	de	recursos,	los	dragados,	los	accidentes	petro-
leros,	la	destrucción	de	hábitats	ganando	terrenos	al	mar,	etc.	(Halpern	et al., 2007,
2008).	Esto	acarrea	una	pérdida	de	los	bienes	y	servicios	proporcionados	por	el	me-
dio	marino,	una	explotación	insostenible	de	los	recursos	renovables	y	no	renovables,	
así	como	una	introducción	de	especies	alóctonas,	y	todo	agravado	en	las	últimas	dé-
cadas	por	el	cambio	climático	(véase	Halpern	et al., 2007).

Para	dar	respuesta	a	estas	agresiones	al	medio	marino,	ya	desde	1982	se	creó	el	Con-
venio de Naciones Unidas sobre la Ley del Mar (UNCLOS, 1982). Esta Ley dio
paso	a	la	Convención	de	las	Naciones	Unidas	sobre	el	Derecho	del	mar	(CNUDM),	
aprobada	mediante	la	Decisión	98/392/CE	del	Consejo,	de	1998-03-23,	relativa	a	
la	celebración	por	la	Comunidad	Europea	de	la	Convención	de	las	Naciones	Unidas	
sobre	el	Derecho	del	mar	y	del	Acuerdo	de	1994-06-28	relativo	a	la	aplicación	de	la	
parte	XI	de	dicha	Convención	(DO	L	179	de	23.6.1998,	p.	1).	Esta	Convención,	
junto	con	el	Convenio	sobre	la	biodiversidad,	firmado	en	2000	(Decisión	del	Con-
sejo 93/626/CE, 25.10.1993, DO L 309, 13.12.1993, p. 1-20) (CBD, 2000; Par-
sons,	2005),	constituyen	la	base	legal	de	protección	y	uso	del	océano.
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Dentro	del	CBD,	la	VII	Conferencia	de	las	Partes	(CDB/COP7),	adoptó	un	pro-
grama	detallado	de	acción	sobre	biodiversidad	costera,	junto	con	una	serie	de	obje-
tivos,	metas	y	actividades	destinados	a	frenar	la	pérdida	de	diversidad	biológica	a	es-
cala nacional, regional y mundial y a garantizar la capacidad del ecosistema marino
para	la	prestación	de	bienes	y	servicios,	así	como	un	programa	de	trabajo	sobre	las	
zonas	protegidas	destinado	a	crear	y	administrar,	de	aquí	al	año	2012,	redes	nacio-
nales y regionales de zonas marinas protegidas.

Por	otro	lado,	diversos	países	han	emprendido	también	iniciativas	para	 la	protec-
ción	integral	de	sus	mares	(Parsons,	2005),	así,	por	ejemplo,	están	la	Oceans	Policy	
de Australia (1998) (Commonwealth of Australia, 1999), la Oceans Act y Oceans
Strategy	de	Canadá	(1997,	2002)	o	la	Oceans	Act	de	Estados	Unidos	(2000)	(Gra-
nek et al.,	2005).	Por	su	parte,	la	Unión	Europea	ha	promovido	diversas	políticas	
sectoriales,	relacionadas	en	parte	con	los	océanos,	como	son	las	Directivas	sobre	há-
bitats	o	aves,	la	Política	pesquera	común,	o	la	resolución	sobre	la	Gestión	integrada	
de	zonas	costeras.	Además,	existen	diversos	convenios	internacionales	que	protegen	
el	Atlántico	(OSPAR),	el	Mediterráneo	(Convenio	de	Barcelona),	el	Báltico	(HEL-
COM),	el	mar	Negro	(Convenio	de	Bucarest)	o	 la	contaminación	de	los	océanos	
(MARPOL).	Una	revisión	de	la	situación	mundial	actual	de	estas	iniciativas	de	pro-
tección	y	estudio	integrado	del	medio	puede	verse	en	Borja	et al. (2008d).

Sin	embargo,	todos	los	análisis	apuntan	a	que	el	marco	institucional	de	protección	
del	medio	marino	europeo	es	todavía	inadecuado,	especialmente	cuando	se	trata	de	
obtener	una	legislación	integral	para	todos	nuestros	mares	(Borja	et al., 2008d). Por
otra	parte,	las	actuaciones	europeas	pecan,	en	general,	de	una	escasa	articulación	y	
coordinación,	así	como	de	una	pobre	implementación	de	metodologías,	sumándo-
se	a	ello	una	prácticamente	ausente	fuerza	legal	para	controlar	y	corregir	los	excesos	
cometidos	en	el	medio	marino.	Además,	la	investigación	marina	europea	no	está	su-
ficientemente articulada en torno a estas necesidades, si bien se ha avanzado mucho
en	los	diferentes	Programas	marco	de	investigación	de	la	Unión	Europea.

Una	de	las	directivas	que	más	ha	impulsado	la	integración	y	la	investigación	es	la	Di-
rectiva Marco del Agua (DMA) (Directiva 2000/60/CE del Parlamento y del Consejo
Europeo,	de	2000-10-23,	por	la	que	se	establece	un	marco	comunitario	de	actuación	
en	el	ámbito	de	la	política	de	aguas)	(ver	Borja,	2005).	Tiene	como	objetivo	principal	
alcanzar	el	“buen	estado	ecológico”	en	todas	las	masas	de	agua	europeas	(continenta-
les,	subterráneas,	estuáricas	y	litorales)	para	2015.	Con	esta	directiva,	y	por	primera	
vez,	se	dispone	de	un	instrumento	de	gestión	del	medio	acuático	para	toda	Europa,	
con	una	visión	integradora	(de	todo	el	ciclo	del	agua),	pero	cuya	misión	fundamental	
es	mantener	la	funcionalidad	de	los	ecosistemas	acuáticos	y	reducir	la	contaminación	
y	degradación	de	las	aguas	y	de	los	elementos	biológicos	que	contienen.

De manera complementaria, el Parlamento Europeo propuso en 2005-10-24
una	Directiva	estableciendo	un	marco	de	acción	comunitario	en	el	 campo	de	 la	
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política	ambiental	marina,	conocida	como	Directiva	de	la	Estrategia	Marina	Euro-
pea (DEME) (COM 2005a, b, c; Borja, 2006), que fue aprobada en diciembre de
2007, y que ha entrado en vigor en 2008 (Directiva 2008/56/CE, de 2008-06-17,
por	la	que	se	establece	un	marco	de	acción	comunitaria	para	la	política	del	medio	
marino -Directiva marco sobre la estrategia marina-). Dicha estrategia debe incidir
en	la	protección	y	en	la	conservación	del	medio	marino,	para	promover	la	utilización	
sostenible de los mares y proteger los ecosistemas marinos. Para lograrlo, conviene
alcanzar un buen estado ambiental del medio marino comunitario, perseverar en su
protección	y	conservación	y	velar	por	evitar	un	nuevo	deterioro.	La	consecución	de	
estos	objetivos	requiere	la	instauración	de	un	marco	legislativo	transparente	y	cohe-
rente	en	el	que	se	inscriba	la	acción	general	y	que	garantice	su	coordinación,	cohe-
rencia,	y	articulación	adecuada	con	las	medidas	adoptadas	en	virtud	de	otros	textos	
legislativos comunitarios y de acuerdos internacionales.

El principal objetivo de esta Directiva es proteger y restaurar los mares europeos,
asegurando la sostenibilidad de las actividades humanas, conservando los ecosiste-
mas	y	proporcionando	a	la	población	actual	y	a	las	generaciones	futuras	aguas	mari-
nas	seguras,	limpias,	saludables	y	productivas.	Su	meta	más	ambiciosa	consiste	en	al-
canzar	lo	que	denomina	un	“buen	estado	ambiental”	de	nuestros	mares	para	2021.

Por	otro	lado,	además	de	la	DEME,	la	Comisión	Europea	lanzó	en	2006	una	propues-
ta	de	Política	Marítima	Europea	(PME),	centrada	en	la	discusión	de	un	Libro	verde,	y	
que	tiene	aspectos	comunes	con	la	DEME.	Tras	un	año	de	participación	pública,	dicho	
Libro	ha	visto	la	luz	como	el	Libro	azul,	que	recopila	la	PME	a	desarrollar	en	los	próxi-
mos	años	(http://ec.europa.eu/maritimeaffairs)	y	que	se	centra	más	en	aspectos	socio-
económicos	y	de	desarrollo	sostenible	de	las	actividades	ligadas	al	medio	marino.	

La	tabla	10.1	muestra	cómo	se	relacionan	las	diferentes	directivas,	convenios	o	es-
trategias	en	función	del	nivel	de	aplicación	y	del	objetivo	al	que	se	dirigen.	Así,	la	
DEME se configura a modo de paraguas sobre el resto de acciones o directivas, dan-
do una cobertura a nivel europeo y regional. Muchas de las directivas existentes in-
tervienen	a	niveles	bajos	de	organización	ecológica	(especies,	hábitats)	y	luego	se	van	
complicando hacia la estructura, la calidad ambiental o los usos, para acabar actuan-
do	a	nivel	de	cuenca	o	regional	(entendido	aquí	como	ecoregión	marina).

Tanto en la DMA, como en la DEME y en la PME, la idea subyacente es el concepto
de	estado	ecológico,	que	está	relacionado	con	la	estructura,	función	y	procesos	que	
acontecen	en	los	ecosistemas	marinos,	sin	perder	de	vista	los	elementos	fisiográfi-
cos,	geográficos	y	climáticos,	junto	con	las	condiciones	físico-químicas	que	resultan	
de	las	actividades	humanas.	Todo	lo	nombrado	debe	tenerse	en	consideración	en	la	
futura	gestión	del	medio	marino,	lo	cual	conduce	a	una	gestión	basada	en	los	ecosis-
temas	(o	gestión	ecosistémica),	entendida	como	un	método	para	la	gestión	integral	
de	las	aguas,	los	recursos	vivos,	y	los	ecosistemas,	que	promueva	la	conservación	del	
medio marino y el uso sostenible del mismo.
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El	enfoque	ecosistémico	de	gestión	puede	rastrearse,	en	relación	específicamente	
con la pesca, en el Acuerdo de la ONU sobre poblaciones pesqueras transzonales
y	altamente	migratorias,	de	1995,	cuyo	artículo	5e	solicita	“adoptar	(…)	medidas	
de	conservación	y	gestión	por	especies	pertenecientes	al	mismo	ecosistema	o	aso-
ciadas	con	o	dependientes	de	poblaciones	objetivo”.	Aún	así,	un	reciente	infor-
me de la FAO sobre el estado mundial de la pesca y la acuicultura (FAO, 2007),
alerta	sobre	la	situación	de	los	recursos	pesqueros	a	nivel	global.	El	informe	pre-
cisa que cerca de la mitad de los recursos pesqueros marinos se encuentra plena-
mente explotada, un cuarto de las poblaciones se halla moderadamente explotada
o	subexplotada	y	el	cuarto	restante	está	sobreexplotado,	agotado	o	en	recupera-
ción.	Aunque	esta	proporción	ha	permanecido	estable	durante	los	últimos	10-15	
años,	después	de	un	fuerte	incremento	en	las	décadas	de	los	ochenta	y	noventa,	
todo	ello	confirma	que	nos	hemos	situado	al	 límite	potencial	de	 las	pesquerías	
oceánicas	y	refuerza	 la	necesidad	de	una	gestión	pesquera	más	cauta	y	efectiva.	
Más	allá	 todavía	del	estado	de	poblaciones	individuales,	 la	explotación	del	mar,	
unido	al	cambio	climático,	está	causando	alteraciones	importantes	en	el	ecosiste-
ma	marino,	cambios	que	están	sucediendo	a	un	ritmo	que	desafía	nuestra	capa-
cidad	para	generar	el	conocimiento	necesario	para	una	gestión	efectiva	de	los	re-
cursos marinos.

El	objetivo	de	este	capítulo	es	dar	a	conocer	 los	retos	científicos	y	de	 investiga -
ción	que	las	nuevas	políticas	marinas	europeas	van	a	representar	en	las	próximas	
décadas.

Tabla 10.1. 




  

Europa Gestión	integrada	de	los	ecosistemas Directiva estrategia marina europea

Usos/sectores Estrategias	temáticas Política	pesquera	común,	política	
marítima,	etc.

Mares regionales Calidad y usos Convenios internacionales

Cuencas Calidad	ambiental	y	ecológica Directiva marco del agua

Ecosistemas Procesos	ecológicos Directiva	aguas,	Recomendación	de	
gestión	integral	de	zonas	costeras

Hábitats Redes,	conectividad,	protección Directiva	hábitats,	Recomendación	de	
gestión	integral	de	zonas	costeras

Especies Calidad	hábitats,	especies	protegidas,	
etc.

Directiva	hábitats,	Directiva	aves

Fuente:	Elaboración	propia.
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10.2. Necesidades	de	I+D	en	la	gestión	
integrada y sostenibilidad del litoral

Según	los	datos	de	la	Comisión	Europea	(http://ec.europa.eu/maritimeaffairs/), Es-
paña	es	un	país	con	una	estrecha	relación	con	el	mar,	dependemos	en	gran	medida	
de	él.	Así,	la	costa	española	mide	6 584	km	y	casi	un	60%	de	la	población	vive	cerca	
de	la	costa.	Además,	hay	que	señalar	que	el	territorio	español	se	extiende	hasta	la	re-
gión	ultraperiférica	de	las	islas	Canarias	y	contiene	también	las	islas	Baleares,	Ceuta	
y	Melilla.	La	flota	pesquera	española	se	compone	de	casi	13 400 barcos, es la mayor
flota pesquera de la UE en cuanto a tonelaje, con unas 480 000	GT,	más	del	doble	
del tonelaje que la segunda mayor flota, y constituye el 25% del total de la UE-25.
La	mitad	de	la	flota	está	registrada	en	puertos	de	Galicia,	en	cuanto	a	número	de	
barcos y tonelaje. Cerca de 1 100	barcos	están	registrados	en	las	islas	Canarias.	En-
tre	los	años	2000	y	2005,	España	experimentó	el	mayor	crecimiento	anual	en	tráfi-
co	marítimo	de	corta	distancia,	+8,3%	de	media	(en	comparación,	el	índice	medio	
de la UE fue de +3,5%).

La	Comisión	destaca	otras	actividades	significativas	relacionadas	con	los	asuntos	ma-
rítimos,	como	que	España	es	el	país	que	más	contribuye	a	la	producción	de	acuicul-
tura de la UE; ocupa el segundo lugar en cuanto a la cantidad y el quinto en cuanto
al	valor	de	la	producción	(datos	de	2005).	También	es	el	segundo	país	(después	de	
Dinamarca) en volumen de pesca de la UE (cerca de un 15% de la captura total, se-
gún	datos	de	2005).	En	conjunto,	España	es	el	líder	de	la	producción	total	de	pes-
cado de la UE en cuanto a volumen y lo es igualmente, con un margen incluso ma-
yor,	en	relación	al	valor	de	esa	producción	(aun	sin	tener	en	cuenta	la	producción	de	
las	flotas	pesqueras	de	propiedad	española	que	operan	para	otros	países).	La	mayo-
ría	de	la	producción	se	destina	al	consumo	humano.

En	2003,	 la	 construcción	de	barcos	en	España	ocupaba	 la	 cuarta	posición	en	 la	
Unión	Europea	en	lo	referente	a	nuevas	construcciones	terminadas.	Los	astilleros	
españoles	se	especializan	en	grandes	buques	factoría	para	la	pesca	y	barcos	para	la	
investigación,	produciendo	embarcaciones	avanzadas	y	especializadas,	con	un	com-
ponente	de	alto	valor	añadido.

Según	el	Instituto	de	Estudios	Turísticos,	en	2006	el	turismo	costero	y	marítimo	lle-
gó	a	los	53,3	millones	de	turistas,	de	los	cuales	el	83,4%	se	concentró	en	cinco	re-
giones	costeras	(Cataluña,	islas	Baleares,	islas	Canarias,	Andalucía	y	Valencia),	ge-
nerándose	1,5	millones	de	puestos	de	trabajo.

Todo	esto	reporta	grandes	beneficios	para	nuestro	país,	pero	a	la	vez	provoca	daños	
en	nuestras	costas,	como	el	desarrollo	residencial	desmesurado,	la	ocupación	de	te-
rrenos	de	dominio	público	marítimo-terrestre,	la	pérdida	de	hábitats	y	biodiversi-
dad,	la	erosión	costera,	la	falta	de	agua,	la	pérdida	de	recursos,	la	artificialización	de	
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la	costa,	 la	contaminación,	etc.	En	definitiva,	se	tiende	a	producir	una	pérdida	de	
los bienes y servicios que producen las zonas costeras y marinas y, a medio o largo
plazo,	una	pérdida	de	competitividad	de	sectores	clave	para	España	(turismo,	pesca,	
acuicultura) y una falta de sostenibilidad del litoral.

En un informe del Millennium Ecosystem Assessment (2005), se hace una evalua-
ción	global	de	los	impactos	que	están	sufriendo	los	ecosistemas	mundiales.	Según	
se	observa	en	la	figura	10.1,	en	la	última	centuria	los	impactos	sobre	la	biodiversi-
dad se han acentuado en la zona costera, alcanzando niveles desde moderado a muy
alto.	En	las	zonas	marinas	en	general	también	se	aprecia	un	incremento,	si	bien	su	
intensidad es menor, debido a la dificultad de acceso.

Muchas	de	estas	pérdidas	de	valor	económico	se	deben	a	que	hay	factores	econó-
micos	a	corto	plazo	(urbanización,	explotación	no	controlada	de	especies,	etc.)	que	
tienen	un	peso	mayor	en	la	decisión	de	actuar	que	la	propia	conservación	de	la	bio-
diversidad. Sin embargo, ya existen algunos trabajos en los que se comprueba que
la	degradación	de	los	servicios	de	los	ecosistemas	a	menudo	causa	daños	significa-
tivos	al	bienestar	humano,	dándose	razones	económicas,	y	no	sólo	ecológicas,	de	la	
necesidad de conservar la naturaleza y la biodiversidad (Balmford et al., 2002; Mi-
llennium Ecosystem Assessment, 2005). En estos trabajos se demuestra, con diver-
sos	ejemplos,	que	el	valor	económico	total	asociado	con	los	ecosistemas	gestionados	
de	manera	más	sostenible	es	mayor	que	el	valor	asociado	con	la	transformación	rá-
pida,	como	se	observa	en	los	manglares	de	Tailandia,	las	zonas	húmedas	de	Canadá	
o los arrecifes coralinos de Filipinas.

Para	luchar	contra	estos	impactos,	que	pueden	poner	en	peligro	no	sólo	la	sosteni-
bilidad	del	litoral,	sino	también	la	calidad	de	vida	de	las	personas	que	lo	habitan,	es	
necesario	desarrollar	sistemas	de	gestión	integrada	del	 litoral,	siguiendo	las	Reco-
mendaciones	de	la	Unión	Europea.	Así,	diversas	Comunidades	Autónomas	han	ido	
desarrollando	sus	propios	planes	para	la	gestión	integrada	del	litoral,	según	se	ha	vis-
to	en	otros	capítulos	de	este	libro	(por	ejemplo,	véanse	capítulos	1	a	4).

Sin	embargo,	en	esta	sección	nos	centraremos	en	las	necesidades	de	investigación	
para	la	gestión	integrada,	si	bien	es	difícil	sistematizarlo	todo.	Algunas	de	las	pro-
puestas son las siguientes:

Uno de los retos principales se centra en el conocimiento de base de la zona li-
toral.	Son	necesarios	potentes	Sistemas	de	Información	Geográfica	(SIG)	que	
concentren	la	información	dispersa	existente	en	la	costa,	por	lo	que	el	desarro-
llo de Observatorios del litoral es esencial para enfrentar esta labor (ver Bor-
ja et al.,	2007a).	Dichos	SIG	deben	incorporar	no	sólo	la	información	terres-
tre,	sino	también	la	marina.	Esto	representa	algunos	problemas	que	requieren	
de	desarrollo	tecnológico,	en	cuanto	al	trabajo	en	escalas	diferentes,	cadencias	
espacio-temporales	distintas,	etc.,	que	posiblemente	podrán	ser	resueltas	en	el	
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Figura 10.1. 
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marco	de	programas	europeos,	como	los	que	se	propone	impulsar	la	política	
marítima	europea	(ver	más	adelante).

La	gestión	 integrada	del	 litoral	precisa	del	desarrollo	de	 indicadores	 fiables	
que permitan establecer si los objetivos que se fijan para el litoral se van cum-
pliendo.	Esta	necesidad	se	plantea	ya	desde	la	Conferencia	de	la	ONU	en	Río	
(1992)	sobre	medioambiente	y	desarrollo,	que	promovió	el	uso	de	indicado-
res ambientales y de desarrollo sostenible como una forma integral de deter-
minar	objetivos,	establecer	vigilancia	ambiental	e	informar	sobre	las	políticas	
de desarrollo sostenible. En este sentido, los indicadores que se desarrollen de-
ben reunir una serie de cualidades, descritas por Gubbay (2004) y que deben:
i)	describir	cómo	se	está	alcanzando	el	desarrollo	sostenible;	ii)	vigilar	cómo	se	
alcanzan	los	objetivos	clave	y	los	compromisos	adquiridos	en	las	políticas	na-
cionales	de	desarrollo	sostenible;	iii)	servir	para	educar	al	público	sobre	el	de-
sarrollo	sostenible;	iv)	servir	para	aumentar	la	conciencia	del	público	y	las	em-
presas sobre las acciones individuales que pueden emprender para alcanzar un
desarrollo sostenible; v) servir para informar de los progresos a nivel interna-
cional; vi) ayudar a hacer transparentes los intercambios y sinergias entre los
objetivos de desarrollo sostenible.

La	evaluación	y	el	control	de	las	zonas	costeras	serán	sistemáticas	para	así	esta-
blecer	las	presiones	e	impactos	que	soporta	esta	zona	tan	sensible,	pero	también	
deben servir para verificar que los objetivos que se plantean para la zona lito-
ral se van cumpliendo. En este sentido, el desarrollo de plataformas de oceano-
grafía	operacional	es	absolutamente	necesario,	ya	que	van	a	permitir	una	mejor	
planificación	y	una	gestión	más	sostenible	del	litoral,	usando	herramientas	tec-
nológicas	avanzadas,	que	incluyen	desde	satélites	a	boyas	oceanográficas.	Algu-
nos ejemplos pueden verse en Flemming et al. (1999), en el seno del proyecto
EuroGOOS;	el	desarrollado	en	el	Mediterráneo	(www.moon-oceanforecasting.
eu/); en el mar Negro (www.ims.metu.edu.tr/black_sea_goos/ oceanography.
htm);	en	el	Báltico	(www.boos.org/index.php?id=12); o lo realizado en el gol-
fo de Vizcaya, durante la crisis del Prestige	(González	et al., 2006).

La	gestión	de	áreas	marinas	y	marítimo-terrestres	protegidas	requiere	un	incre-
mento	de	la	investigación,	no	sólo	en	los	aspectos	del	conocimiento	del	medio	
y	en	la	determinación	de	los	beneficios	que	la	protección	haya	podido	causar,	
sino	también	desde	el	punto	de	vista	de	la	gestión,	incluyendo	la	participación	
ciudadana	y	de	los	agentes	sociales	como	un	aspecto	clave	en	el	éxito	de	la	pro-
tección	litoral.

Un	aspecto	de	importancia	creciente	es	el	de	la	valorización	de	los	bienes	y	ser-
vicios que puede proporcionar la naturaleza, y que fueron sistematizados por
primera vez por Costanza et al. (1997). Sin embargo, con posterioridad se han
ido realizando algunas precisiones a este primer trabajo (de Groot et al., 2002),
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de	manera	que	actualmente	muchos	países,	como	Estados	Unidos	(Costanza	
et al.,	2006;	Mates,	2007a,	2007b)	y	diversos	países	europeos	(Beaumont	 et
al.,	2006,	2007,	2008;	Derous,	2007)	están	procediendo	a	evaluar	los	bene-
ficios	que	las	zonas	costeras	y	marinas	producen	a	la	humanidad,	en	términos	
de bienes y servicios.

El	efecto	combinado	de	la	subida	del	nivel	del	mar,	debido	al	cambio	climáti-
co,	unido	a	la	artificialización	de	la	costa	y	a	la	destrucción	de	hábitats	litorales	
(fanerógamas	marinas,	cordones	dunares,	etc.),	está	produciendo	una	erosión	
acelerada	en	algunos	lugares,	especialmente	en	el	Mediterráneo,	que	requieren	
de	una	profunda	investigación	de	causas	y	efectos.	Además	se	debe	averiguar	
cómo	revertir	la	situación	de	la	manera	más	natural	posible.	

El	cambio	climático	se	ha	ido	introduciendo	paulatinamente	en	las	agendas	de	
todos	los	países	europeos,	y	también	en	las	investigaciones	que	se	desarrollan	en	
España	(Moreno-Rodríguez,	2005;	Vargas-Yáñez	et al., 2008) y en el resto del
continente (Philippart, 2007). Estos informes determinan el estado del conoci-
miento	actual	y	cómo	el	cambio	climático	(en	términos	de	incremento	de	tem-
peratura	y	nivel	del	mar,	cambios	en	la	frecuencia	de	tormentas,	precipitación	o	
vientos),	está	influyendo	en	las	costas	y	mares	europeos,	tanto	desde	el	punto	
de	vista	de	la	biodiversidad,	como	de	los	riesgos	de	catástrofes	(inundaciones,	
sequías,	etc.),	o	de	la	invasión	de	especies	alóctonas	(Occhipinti ambrogi, 2007).
Además,	el	número	de	investigaciones	sobre	adaptación	y	minimización	de	los	
efectos	del	cambio	climático	no	deja	de	crecer	(Comisión	Europea,	2007).

La	calidad	de	nuestros	mares	y	costas	se	ha	degrado	en	 las	últimas	décadas	
(contaminación,	destrucción	de	hábitats,	etc.).	Las	nuevas	normativas	europeas	
exigen	una	restauración	de	los	ecosistemas	de	manera	que	sean	funcionales.	En	
los	próximos	años	este	trabajo	va	a	constituir	un	reto	desde	el	punto	de	vista	
de	la	ingeniería	para	la	restauración,	pero	sobre	todo	desde	el	punto	de	vista	
ecológico,	tratando	de	conseguir	lo	que	se	conoce	como	una	“buena	restaura-
ción	ecológica”	(Higgs,	1997;	Elliott	et al.,	2007;	Borja	y	Elliott,	2007).	Así,	
una	de	las	definiciones	de	una	buena	restauración	es	la	que	establece	“la	vuel-
ta	de	un	ecosistema	lo	más	cercano	posible	a	la	situación	existente	antes	de	la	
alteración”.	Durante	la	restauración	el	daño	ecológico	es	reparado,	y	la	estruc-
tura	y	función	del	ecosistema	se	recrean.	De	este	modo,	recreando	la	forma	sin	
la	función,	o	la	función	con	una	configuración	artificial,	poco	parecida	a	la	si-
tuación	natural,	no	es	una	restauración.	El	objetivo	es	emular	un	sistema	natu-
ral, funcional y auto-regulado, que se encuentre integrado con el paisaje eco-
lógico	en	el	que	se	halla.	A	menudo,	la	restauración	de	los	recursos	naturales	
requiere	uno	de	los	siguientes	pasos:	reconstrucción	de	las	condiciones	físicas,	
hidrológicas	y	morfológicas	precedentes;	depuración	química,	y	manipulación	
biológica,	 incluyendo	revegetación	y	reintroducción	de	especies	nativas	que	
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actualmente	estén	ausentes	o	no	sean	viables	(U.S.	National	Research	Coun-
cil, 1992, en Higgs, 1997).

Los	modelos	de	diverso	tipo	que	existen	actualmente	permiten	la	investigación	
de	diferentes	escenarios	de	gestión,	utilizando	el	conocimiento	de	base	de	los	
sistemas	costeros	y	marinos.	Así,	es	posible	modelar	qué	sucedería	si	se	obra	de	
tal	manera	o	de	tal	otra,	si	se	incrementa	o	disminuye	la	presión	sobre	un	re-
curso,	etc.	La	investigación	para	conseguir	modelos	de	sistemas	cada	vez	más	
complejos,	que	 integren	aspectos	a	 largo	término,	como	factores	antrópicos,	
ambientales	y	climáticos,	pero	también	aspectos	de	la	interacción	tierra-océano-
atmósfera,	permitirán	ajustar	mejor	los	diferentes	escenarios	de	gestión	y,	por	
tanto, anticipar las decisiones que se pueden tomar sobre estos sistemas.

La	participación	ciudadana	es	una	demanda	cada	vez	mayor	para	una	mejor	
gobernanza de los sistemas costeros (Costanza et al., 1998). Los aspectos so-
ciales	y	económicos	deben	ser	tenidos	en	cuenta	e	investigados	al	mismo	ni-
vel	que	los	aspectos	ambientales,	si	se	quiere	tener	éxito	en	la	gestión	integra-
da de la zona costera.

10.3. Los	retos	de	la	investigación	marina	
en la Europa del futuro

10.3.1. Las	Directivas	y	políticas	europeas

Como	se	ha	dicho	en	la	introducción,	en	la	última	década	la	Unión	Europea	ha	apro-
bado	varias	Directivas	y	políticas	de	protección	de	la	naturaleza	y	el	medio	marino,	
las	cuales	suponen	un	reto	para	la	investigación	marina	y	para	una	adecuada	gestión	
marina, que permita una sostenibilidad de nuestros mares y costas. Merecen espe-
cial	mención:	la	Directiva	marco	del	agua;	la	Directiva	marco	de	la	estrategia	mari-
na;	la	política	pesquera	común	y	la	política	marítima,	si	bien	nos	extenderemos	algo	
más	en	la	DEME,	ya	que	es	la	más	reciente	y	el	resto	han	sido	tratadas	más	extensa-
mente	en	otros	capítulos,	centrándonos	ahora	en	los	retos	científicos	que	plantean	
en	relación	con	la	investigación.

La Directiva marco del agua

Según	señalamos	antes,	el	principal	objetivo	de	esta	directiva	es	alcanzar	el	“buen	
estado	ecológico”	en	2015,	en	todas	las	aguas	europeas.	El	estado	ecológico	de	una	
masa	de	agua	viene	dado	por	el	estudio	de	las	condiciones	de	los	elementos	biológi-
cos (fitoplancton, macroalgas, angiospermas, macrobentos y peces), las condiciones
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físico-químicas	y	las	condiciones	hidromorfológicas	(Borja,	2005).	Así,	en	la	deter-
minación	del	estado,	se	pueden	diferenciar	cinco	niveles	de	calidad:	cuando	los	datos	
de las redes de monitoreo de los Estados miembros son similares a las condiciones
de	referencia	establecidas,	se	considera	que	la	zona	está	en	“muy	buen	estado	ecoló-
gico”,	cuando	hay	una	ligera	variación	está	en	“buen	estado”,	cuando	la	variación	es	
moderada	se	considera	en	“estado	aceptable”,	si	varía	de	forma	importante	el	estado	
será	“deficiente”	y	si	la	variación	es	severa	el	estado	será	“malo”.	

Elementos	de	calidad	y	métodos	de	evaluación	del	estado

1. Sustancias	prioritarias	y	estado	químico

Las	sustancias	prioritarias	son	indicadores	de	contaminación	específica	que	se	utilizan	
para	establecer	el	estado	químico.	Estas	sustancias,	que	vienen	recogidas	en	la	DMA	
y en la propuesta de Directiva de sustancias prioritarias, son fundamentalmente me-
tales	disueltos	en	aguas	y	compuestos	orgánicos	(como	PAH,	PCB,	DDT,	etc.).	Sin	
embargo,	aunque	la	DMA	prácticamente	no	hace	referencia	a	los	sedimentos	o	bio-
monitores (mejillones, ostras), se ha discutido bastante la conveniencia de su incor-
poración	a	la	vigilancia	ambiental	(Borja	et al., 2004b; Borja y Heinrich, 2005).

La	calificación	del	estado	químico	se	basa	en	dichos	contaminantes,	de	manera	que,	
cuando	la	media	de	concentraciones	del	período	de	estudio	está	por	encima	de	los	
objetivos	de	calidad	de	la	Directiva	de	sustancias	prioritarias,	hará	que	una	masa	de	
agua	“no	cumpla”	para	el	estado	químico.

En	la	evaluación	del	riesgo	que	suponen	algunas	presiones	con	un	componente	im-
portante	de	sustancias	prioritarias	se	ha	propuesto	el	uso	de	análisis	ecotoxicológicos	
en	el	seno	de	redes	de	monitoreo	de	investigación	(Borja	et al., 2008b).

2. Elementos	físico-químicos

Según	la	DMA,	el	componente	con	mayor	peso	específico	en	la	determinación	del	
estado	ecológico	son	los	elementos	biológicos,	siendo	el	componente	físico-químico	
relevante	únicamente	para	la	determinación	del	muy	buen	estado	o	del	buen	estado	
(Borja et al.,	2004a).	Además	de	la	temperatura	y	la	salinidad,	que	son	básicas	para	
determinar	los	tramos	de	las	aguas	de	transición	y	costeras,	las	variables	que	inter-
vienen	para	la	determinación	del	estado	físico-químico	son	aquellas	que	actúan	como	
soporte	de	la	vida	acuática.	Así,	están	las	propiedades	ópticas	(medida	por	turbidez	y	
concentración	de	sólidos	en	suspensión),	las	condiciones	de	oxigenación	(porcenta-
je	de	saturación	de	oxígeno)	y	las	condiciones	relativas	a	los	nutrientes	(amonio,	ni-
trato,	y	fosfato).	Algunas	metodologías	para	la	determinación	del	estado	en	España	
se han descrito en Borja et al. (2004a) y Bald et al.	(2005),	basándose	fundamental-
mente	en	un	análisis	multivariante	(análisis	factorial	y	análisis	discriminante),	mien-
tras que en Reino Unido se han descrito en Best et al. (2007).
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Por	otra	parte,	en	la	posterior	evaluación	integrada,	tienen	que	tenerse	en	cuenta	
también	las	sustancias	prioritarias,	desde	el	punto	de	vista	de	los	niveles	de	fondo,	
que	caracterizan	el	límite	entre	el	“muy	buen”	y	el	“buen	estado”,	mientras	que	los	
objetivos	de	calidad	representan	el	límite	entre	el	estado	“bueno”	y	el	“aceptable”.	
Los	métodos	aplicados	pueden	verse	en	Rodríguez	et al. (2006) y Tueros et al. (en
prensa).

3. Elementos	biológicos

Fitoplancton

Aunque	desde	el	País	Vasco	se	propusieron	algunas	metodologías	para	determinar	
el estado del fitoplancton (Borja et al., 2004a, 2007c), este elemento permane-
ce	en	fase	de	determinación	de	indicadores	para	las	aguas	estuáricas.	Para	la	zona	
costera se han intercalibrado recientemente los aspectos referidos a biomasa fito-
planctónica	(clorofila	 a) y blooms de algas (Revilla et al., en prensa). En el caso
de los estuarios la propuesta tiene en cuenta los blooms (>106	cél	 . l ) produci-
dos	por	especies	tóxicas	para	la	salud	humana,	tóxicas	para	la	flora	y	fauna	y	es -
pecies	indicadoras	de	eutrofia,	junto	a	la	concentración	de	clorofila	(>16	 g . l
se	considera	malo).	Otros	países	europeos	adoptan	metodologías	parecidas	(De-
vlin et al., 2007).

Macroalgas	y	fanerógamas	

Al	igual	que	en	fitoplancton,	las	macroalgas	tienen	una	metodología	más	elabora-
da	en	España	para	costas	(Ballesteros	et al.,	2006;	Arévalo	et al., 2007; Juanes et al.,
2008) que para estuarios (Borja et al.,	2004a).	En	otros	países	europeos	también	se	
han	desarrollado	métodos	similares	(Wells	et al., 2007; Wilkinson et al., 2007). Los
métodos	utilizados	suelen	ser	multimétricos	y	utilizan	indicadores	como	la	riqueza,	
la cobertura de especies, o la presencia de especies tolerantes y sensibles a la conta-
minación.	En	cuanto	a	las	fanerógamas,	en	España	se	está	empleando	como	indica-
dor Posidonia oceanica (Romero et al., 2007).

Macroinvertebrados	bentónicos

Este	es	el	elemento	biológico	sobre	el	que	más	se	ha	avanzado,	siendo	la	metodo-
logía	desarrollada	en	España	la	base	para	muchos	de	los	métodos	que	se	están	uti-
lizando	en	Europa.	El	método	utilizado	es	un	análisis	multivariante	similar	al	de	la	
físico-química,	llamado	M-AMBI	(Borja	et al., 2004a, 2008c; Muxika et al., 2007),
y	que	incorpora	la	riqueza	específica,	la	diversidad	y	el	índice	AMBI	(AZTI	Marine	
Biotic Index) (Borja et al.,	2000,	2004c).	Este	método	ha	sido	validado	frente	a	di-
versas	presiones	antropogénicas,	que	incluyen	dragados,	vertidos,	obras	marítimas	
y	contaminación,	pero	también	responde	a	la	acción	positiva	del	saneamiento	(Bor-
ja et al.,	en	prensa	b).	Otros	métodos	usados	en	Europa	están	basados	en	el	índice	
de Rosenberg et al. (2004).
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Fauna	ictiológica

La	metodología	que	se	aplica	en	España	ha	sido	descrita	por	Borja	 et al. (2004a,
2007c)	y	se	basa	en	un	índice	multimétrico,	en	el	que	tienen	cabida	la	riqueza	espe-
cífica,	las	especies	indicadoras	de	contaminación,	las	especies	introducidas,	la	salud	
piscícola,	la	presencia	de	peces	planos,	la	composición	trófica	y	las	especies	residentes	
en	el	estuario.	Este	método	detecta	bien	presiones	humanas,	como	los	dragados,	pre-
siones	hidromorfológicas,	o	vertidos,	y	también	los	efectos	del	saneamiento	(Uriar-
te	y	Borja,	en	prensa).	En	Europa	se	están	usando	también	métodos	alternativos	en	
Bélgica	(Breine	et al., 2007)	y	Gran	Bretaña	(Coates	et al., 2007).

Integración	de	resultados	en	una	única	evaluación	del	estado	ecológico

En	principio,	según	la	DMA,	la	valoración	global	del	estado	ecológico	corresponde	a	
la	peor	de	las	valoraciones	efectuadas	para	cada	uno	de	los	indicadores	biológicos.	Es	
decir,	que	si,	por	ejemplo,	para	el	fitoplancton	corresponde	una	valoración	de	“acep-
table”	y	el	resto	de	indicadores	presenta	un	“buen	estado	ecológico”,	la	valoración	
será	de	“aceptable	estado ecológico”.	Teniendo	en	cuenta	que	algunos	de	los	indica-
dores	biológicos	no	se	muestrean	todos	los	años	en	todos	los	puntos	(por	ejemplo,	
peces o macroalgas), y que tampoco se ha efectuado un desarrollo exhaustivo de la
metodología	a	aplicar	para	cada	indicador,	algunos	autores	han	propuesto	ponderar	
los resultados (Borja et al.,	2004a).	Sobre	la	base	de	esta	ponderación,	aquellos	ele-
mentos	para	los	que	las	metodologías	están	más	desarrolladas	(como	el	bentos),	o	
intercalibradas,	tienen	un	peso	mayor	en	la	decisión	del	estado.	Hasta	ahora,	el	tra-
bajo	arriba	mencionado	es	el	único	publicado	con	una	propuesta	de	integración	de	
todos	los	elementos,	aunque	existen	también	algunos	principios-guía	en	otros	paí-
ses, como Reino Unido (Rogers et al.,	2007).	Una	visión	global	del	estado	actual	
de	la	integración,	a	nivel	mundial,	puede	verse	en	Borja	et al. (2008d), mientras que
un	estudio	de	la	respuesta	del	método	utilizado	frente	a	diferentes	presiones,	puede	
verse en Borja et al. (en prensa).

En	todo	caso,	los	métodos	que	se	manejen,	tanto	para	evaluar	el	estado	de	cada	ele-
mento,	como	para	integrar	los	diferentes	elementos	en	una	única	evaluación	del	es-
tado,	deberán	estar	intercalibrados	(Borja	et al., 2007b, 2008a) y acordados entre los
diferentes	Estados	miembros	(véase	“WFD	intercalibration	technical	report.	Part	3.	
Coastal	and	Transitional	Waters”,	March,	2007,	http://circa.europa.eu/Public/irc/jrc/
jrc_eewai/ library?l=/milestone_reports/milestone_reports_2007/coastaltransitional/
coast_nea_gig &vm=detailed&sb=Title).

Retos	de	la	investigación	en	la	DMA

Hace	unos	años	Borja	(2005)	estableció	los	retos	científicos	a	los	que	la	DMA	abo-
caba a los investigadores europeos. Desde entonces, una parte importante de la
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investigación	europea	se	ha	centrado	en	esta	directiva,	tratando	de	desarrollar	mé-
todos e indicadores para evaluar el estado de cada elemento, tal y como se ha visto
en	los	apartados	anteriores.	Esto	se	ha	traducido	en	congresos	específicos,	sesiones	
especiales	en	conferencias	sectoriales,	números	monográficos	en	revistas	científicas,	
etc. De esta manera se ha avanzado mucho, especialmente en zonas costeras, si bien
aún	quedan	muchos	retos	por	abordar.	Entre	las	investigaciones	que	se	pueden	enu-
merar,	sin	ser	exhaustivos,	están:

Determinar	condiciones	de	referencia	adecuadas	a	cada	tipología	definida	en	
las masas de agua europeas.

Avanzar	en	el	conocimiento	de	las	masas	de	agua	de	transición,	especialmen-
te	en	el	desarrollo	de	métodos	para	los	elementos	biológicos	y	en	sus	condicio-
nes de referencia.

Aplicar	los	pasos	recomendados	por	Borja	y	Dauer	(2008)	en	la	definición	de	
indicadores	de	estado,	especialmente	para	las	masas	de	agua	de	transición.

En el caso de indicadores basados en la sensibilidad de las especies ante las pre-
siones,	valorar	cómo	responden	éstas	ante	presiones	diferentes	o	en	escenarios	
cambiantes.

Desarrollar	sistemas	de	monitoreo	más	precisos	y	dirigidos	a	los	objetivos	que	
plantea la DMA, si es conveniente, automatizando algunos de los controles que
se	han	de	realizar	e	incluyendo	la	teledetección	y	el	análisis	de	manera	conti-
nua y remota.

Tener	en	cuenta	el	monitoreo	de	investigación	como	una	herramienta	más	del	
conocimiento del medio y como una forma de determinar el riesgo de no alcan-
zar	el	buen	estado	ecológico,	tal	y	como	proponen	Borja	et al. (2008b).

Avanzar en los aspectos relacionados con las masas de agua muy modificadas y
en	el	establecimiento	del	buen	potencial	ecológico,	posiblemente	siguiendo	las	
recomendaciones establecidas por Borja y Elliott (2007).

Establecer	objetivos	de	calidad	más	adecuados	a	los	ecosistemas	marinos	para	
el	estado	químico,	basándose	en	aspectos	ecotoxicológicos,	pero	también	me-
diante ensayos de mesocosmos.

Determinar	 la	 incertidumbre	en	el	establecimiento	del	estado	ecológico,	me-
diante	investigaciones	específicas	para	cada	elemento	y	tipología.

Desarrollar	metodologías	adecuadas	para	la	integración	de	los	elementos	reque-
ridos	por	la	DMA	en	una	evaluación	única.

Realizar	ejercicios	de	intercalibración	para	 las	distintas	tipologías,	trabajando	
sobre	diferentes	clases	de	gradientes	de	presión.
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Determinar	la	influencia	que	el	cambio	climático	puede	ejercer	sobre	las	condi-
ciones de referencia establecidas actualmente, y lo que eso puede suponer res-
pecto	a	cambios	en	el	estado	ecológico	final.

Investigar	la	respuesta	de	los	métodos	de	evaluación	del	estado	ecológico	a	los	
trabajos	de	restauración	y	recuperación	de	los	ecosistemas	acuáticos	a	nivel	de	
la	cuenca	hidrográfica.	

La Directiva marco de la estrategia marina europea

Objetivos

Como	se	ha	avanzado	antes,	el	objetivo	principal	de	la	DEME	es	“proteger	y/o	res-
taurar los mares europeos, asegurando que las actividades humanas se lleven a cabo
de una manera sostenible, proporcionando unas aguas marinas seguras, limpias, sa-
ludables	y	productivas”.	En	resumen,	lo	que	Europa	pretende	es	promover	el	uso	
sostenible del mar y conservar los ecosistemas marinos.

El	objetivo	último	de	la	estrategia	es	proporcionar	el	marco	adecuado	para	alcanzar	
el	buen	estado	ambiental	en	2021.	Para	ello,	tiene	en	cuenta	la	estructura,	función	
y	los	procesos	de	los	ecosistemas	marinos,	junto	con	factores	fisiográficos,	geográ-
ficos	y	climáticos,	juntamente	con	las	condiciones	físicas	y	químicas,	incluyendo	las	
que resulten de las actividades humanas.

Por	otro	lado,	este	ambicioso	objetivo,	común	a	toda	Europa,	necesita	de	los	cono-
cidos	como	“objetivos	estratégicos”,	que	son	metas	comunes	a	todas	las	regiones,	
usos	y	sectores	(véase	la	tabla	10.2),	que	se	concretan	en:

Proteger,	recuperar	y	restaurar	la	función	y	estructura	de	la	biodiversidad	mari-
na	y	los	ecosistemas,	para	alcanzar	y	mantener	su	buen	estado	ecológico;

Eliminar	la	contaminación	del	medio	marino,	asegurando	que	no	hay	impactos	
significativos o riesgo para el ser humano, los ecosistemas o los usos del mar;

Mantener las actividades en el medio marino en niveles sostenibles y que no
comprometan los usos y actividades de las generaciones futuras o la capacidad
de los ecosistemas para responder a los cambios.

Cada	uno	de	esos	objetivos	estratégicos	debe	tener	una	plasmación	en	objetivos	con-
cretos	(operacionales)	a	conseguir	y	que	se	deberán	definir	para	cada	ecoregión	(uni-
dad	geográfica	con	características	ecológicas	similares).	Como	ejemplo	se	puede	ver	
la tabla 10.2. El objetivo general a nivel europeo es alcanzar el buen estado ambien-
tal	y	uno	de	los	tres	objetivos	estratégicos	es	eliminar	la	contaminación	del	medio	
marino.	Uno	de	los	posibles	objetivos	ecológicos	para	lograrlo	sería	reducir	el	im-
pacto de los contaminantes en el medio marino y uno de los objetivos operacionales
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que	podría	desarrollarse	sería	reducir	el	nivel	de	contaminación	de	un	contaminante	
(por	ejemplo,	plomo)	en	la	fauna	(por	ejemplo,	mejillón).	Para	evaluar	si	dicho	ob-
jetivo	se	está	alcanzando,	es	necesario	determinar	indicadores	que	permitan	hacer	el	
seguimiento	de	la	especie	objeto	de	estudio	(evolución	de	la	concentración	de	plo-
mo	en	mejillón).	Por	último,	para	saber	si	los	objetivos	se	están	cumpliendo,	debe-
rán	marcarse	objetivos	de	calidad	y	límites	para	los	indicadores	(por	ejemplo,	que	el	
nivel	de	plomo	en	mejillón	no	supere	o	alcance	una	concentración	de	0,5	ppm).	Así	
se	podrían	poner	múltiples	ejemplos.

Plan	de	acción	de	la	Estrategia	marina

La	DEME	cuenta	con	un	plan	de	acción	que	debe	seguirse	para	poder	alcanzar	
los	objetivos	propuestos.	Este	plan	de	acción	depende,	en	alguna	medida,	de	 la	
fecha	de	aprobación	definitiva	de	la	Directiva,	que	se	prevé	en	2008	(véase	la	ta-
bla 10.3).

Ecoregiones dentro de la Estrategia marina

Como hemos expuesto, a partir de los objetivos, es necesario que cada Estado Miem-
bro	(EM)	elabore	una	estrategia	marina	que	se	refiera	específicamente	a	sus	aguas,	
pero	que	refleje	a	su	vez	la	perspectiva	global	de	la	región	marina	donde	se	inscriba.	
Las	estrategias	marinas	deberían	conseguir	la	aplicación	de	programas	de	medidas	
destinados	a	alcanzar	un	buen	estado	ambiental	en	cada	ecoregión.

Por	el	carácter	transfronterizo	del	medio	marino,	debe	coordinarse	la	elaboración	de	
las estrategias de cada una de las regiones marinas, que pueden incluir varios EMs
y	terceros	países,	por	 lo	que	los	EMs	deberían	esforzarse	en	garantizar	 la	mayor	

Tabla 10.2. 


  

Europa Visión	(objetivo	general). Proteger y restaurar los mares, sostenibilidad.

Objetivos	estratégicos. Eliminar	la	contaminación	del	medio	marino.

Ecoregión	
(p.ej., Golfo de
Vizcaya y costas
ibéricas)

Objetivos	ecológicos. Reducir el impacto de los contaminantes.

Objetivos operacionales. Reducir	el	nivel	de	contaminación	de	plomo	en	
mejillón.

Indicadores. Concentración	de	plomo	en	mejillón.

Objetivos	de	calidad	y	límites. Concentración	de	plomo	en	mejillón	<0,5	ppm.

Fuente:	Elaboración	propia.
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coordinación	posible	con	todos	los	EMs	y	terceros	países	interesados.	Siempre	que	
resulte	factible	y	oportuno,	esa	coordinación	se	garantizará	por	medio	de	las	estruc-
turas institucionales existentes en las regiones marinas.

La	DEME	se	aplicará	a	todas	las	aguas	europeas	situadas	más	allá	de	la	línea	de	base	
que sirve para medir la anchura de las aguas territoriales y que se extienden hasta el
límite	exterior	de	la	zona	bajo	soberanía	o	jurisdicción	de	los	EMs	(200	millas),	in-
cluido	el	fondo	de	todas	esas	aguas	y	sus	subsuelos,	denominadas	“aguas	marinas	eu-
ropeas”.	En	este	sentido,	la	DEME	y	la	DMA	presentan	un	solapamiento	de	1	mi-
lla	a	partir	de	la	línea	de	base.

Tabla 10.3. 


 

2002 Comunicación	de	la	Comisión	Europea	sobre	la	DEME.

Dic-2002 Conferencia inicial en Koge (Dinamarca).

Nov-2004 Conferencia	de	agentes	sociales	en	Róterdam	(Holanda).

Mar-sep-2005 Consultas abiertas.

Oct-2005 Propuesta de DEME.

2008 Entrada en vigor de la DEME.

2009 La	Comisión	pone	en	marcha	descriptores	genéricos	cualitativos,	criterios	y	
estándares	para	el	reconocimiento	de	un	buen	estado	ambiental.

2010 Transposición	de	la	Directiva	a	las	leyes	nacionales.

+6 meses Designación	de	la	autoridad	nacional	competente	para	la	implementación	de	la	
Directiva.

2011 Establecimiento inicial del estado ambiental de los mares europeos (1).

2011 Determinación	del	buen	estado	ambiental	de	las	aguas	europeas	(2).

2012 Establecimiento de objetivos ambientales (3).

2013 Implementación	de	un	programa	de	monitoreo	(4).

2013 Los	Estados	miembros	informarán	sobre	los	puntos	(1),	(2),	(3)	y	(4),	y	luego	cada	
6	años.

2016 Desarrollo de un programa de medidas para alcanzar el buen estado (5).

2019 Informe	intermedio,	describiendo	el	progreso	de	la	implementación	de	(5).

2018 Comienzo del programa de medidas.

2021 Alcanzar el buen estado ambiental en todos los mares europeos.
Publicación	del	primer	informe	de	evaluación,	luego	cada	6	años.

2022 Revisión	de	la	Directiva,	en	los	aspectos	que	se	consideren	apropiados.
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En	la	zona	de	aplicación	de	la	DEME,	ICES	ha	identificado	las	ecoregiones	existen-
tes,	basándose	en	características	biogeográficas	y	oceanográficas	similares,	teniendo	
en	cuenta	las	divisiones	políticas,	sociales,	económicas	y	de	gestión	(por	ejemplo,	las	
regiones	de	ICES).	En	general,	sus	límites	se	han	establecido	sin	ambigüedad,	para	
guiar	la	investigación,	el	establecimiento	de	objetivos,	la	gestión,	la	vigilancia	am-
biental	y	la	aplicación	de	sanciones.

Cuando	la	DMA	dividió	las	costas	europeas	en	ecoregiones	no	tuvo	en	cuenta	las	es-
pecificidades	de	las	áreas	mediterráneas	y	atlánticas,	causando	algunos	problemas	a	
la	determinación	del	estado	ecológico	(Borja,	2005).	En	cambio,	en	la	DEME	esto	
se	ha	corregido	(Borja,	2006),	permitiendo	una	clasificación	más	rigurosa.

Así,	las	aguas	marinas	europeas	se	integran	en	las	siguientes	ecoregiones	y	subregio-
nes	marinas:	mar	Báltico;	océano	Atlántico	nororiental	(mar	del	Norte	en	el	sentido	
amplio, incluidos el Kattegat y el canal de la Mancha, las aguas marinas bajo sobe-
ranía	o	jurisdicción	de	Bélgica,	Dinamarca,	Francia,	Alemania,	Países	Bajos,	Suecia	
y	Reino	Unido);	mar	Céltico,	las	aguas	marinas	bajo	soberanía	o	jurisdicción	de	Ir-
landa	y	Reino	Unido;	golfo	de	Vizcaya	y	costas	ibéricas,	las	aguas	marinas	bajo	so-
beranía	o	jurisdicción	de	Francia,	Portugal	y	España;	océano	Atlántico,	las	aguas	ma-
rinas	bajo	soberanía	o	jurisdicción	de	Portugal	alrededor	de	Azores	y	Madeira	y	las	
aguas	marinas	bajo	soberanía	o	jurisdicción	de	España	alrededor	de	las	islas	Cana-
rias);	mar	Mediterráneo	(Mediterráneo	occidental,	las	aguas	marinas	bajo	soberanía	
o	jurisdicción	de	España,	Francia	e	Italia;	mar	Adriático,	las	aguas	marinas	bajo	so-
beranía	o	jurisdicción	de	Italia	y	Eslovenia;	mar	Jónico,	las	aguas	marinas	bajo	so-
beranía	o	jurisdicción	de	Grecia,	Italia	y	Malta;	mar	Egeo	oriental,	las	aguas	mari-
nas	bajo	soberanía	o	jurisdicción	de	Grecia	y	Chipre);	y	mar	Negro.

La	elaboración	de	la	Estrategia	marina	y	retos	de	investigación

Cada	ecoregión	deberá	tener	elaborada	su	propia	estrategia	que	responda	a	los	ob-
jetivos	generales	de	la	DEME.	Los	EMs	procederán	a	una	evaluación	inicial	de	sus	
aguas	marinas,	 lo	que	conllevará	 la	 investigación	y	el	desarrollo	de	metodologías	
de	evaluación	y	gestión	del	medio	marino	(Borja,	2006).	Se	incluirán	los	siguien-
tes elementos:

Un	análisis	de	las	características	esenciales	y	del	estado	ecológico	del	momento	
de esas aguas, basado en la lista de elementos recogidos en la tabla 10.4 y que
se	refiera	a	los	tipos	de	hábitats,	los	componentes	biológicos,	las	características	
fisicoquímicas	y	la	hidromorfología.

Un	análisis	de	los	principales	impactos	y	presiones,	incluidas	las	actividades	hu-
manas,	que	influyen	en	las	características	y	el	estado	ecológico	de	esas	aguas,	
basado en la lista no exhaustiva de elementos recogidos en tabla 10.5 y que se
refiera	a	los	elementos	cualitativos	y	cuantitativos	de	las	distintas	presiones,	así	
como a las tendencias perceptibles.
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Tabla 10.4. 


Características	
físicas	y	
químicas	

– Topografía	y	batimetría	del	lecho	marino.
– Régimen	anual	y	estacional	de	temperaturas	y	cobertura	de	hielo.
– Corrientes	predominantes	y	plazos	previstos	de	reciclaje/renovación.
– Salinidad,	incluidas	las	evoluciones	y	los	gradientes	en	toda	la	región	y	la	estrati-

ficación.
– Nutrientes,	incluyendo	la	concentración	(distribución	espacial	y	temporal)	y	el	flu-

jo/reciclaje	de	nutrientes	(en	función	de	las	corrientes	y	la	interacción	agua/sedi-
mento).

– Perfiles de pH, y pCO2	o	medidas	de	acidificación.

Tipos de
hábitat

– Descripción	del	tipo	de	hábitat	que	prevalece	y	de	sus	características	físicas	y	quí-
micas:	profundidad,	 régimen	de	 temperaturas,	 corrientes,	 salinidad,	estructura	y	
substrato del lecho.

– Censo	y	cartografía	de	los	tipos	de	hábitat	especiales,	en	particular	los	que	la	le-
gislación	comunitaria	(Directiva	hábitats	y	Directiva	aves	silvestres)	o	los	convenios	
internacionales	reconocen	y	consideran	de	interés	especial	para	la	ciencia	o	la	di-
versidad	biológica.

– Otras	zonas	especiales	que	merecen	una	mención	específica	por	sus	característi-
cas,	su	localización	o	su	importancia	estratégica.	Puede	tratarse	de	zonas	sujetas	
a	presiones	extremas	o	específicas	o	de	zonas	que	merecen	un	régimen	de	pro-
tección	especial.

Elementos
biológicos

– Descripción	de	las	comunidades	biológicas	asociadas	a	los	hábitats	predominan-
tes:	esta	descripción	debería	incluir	información	sobre	las	comunidades	típicas	de	
fitoplancton	y	zooplancton,	incluidas	las	especies	típicas,	la	variabilidad	estacional	
y	geográfica	y	las	estimaciones	sobre	la	productividad	primaria	y	secundaria.	

– Información	sobre	la	fauna	invertebrada	béntica,	incluidas	la	composición	especí-
fica, la biomasa, la productividad y la variabilidad anual/estacional.

– Información	sobre	la	estructura	de	las	poblaciones	de	peces,	incluidas	la	abundan-
cia,	la	distribución	y	la	estructura	edad/tamaño	de	las	poblaciones.

– Descripción	de	la	dinámica	de	las	poblaciones,	de	la	superficie	de	distribución	na-
tural	y	real	y	del	estatuto	del	conjunto	de	las	especies	de	mamíferos	marinos	y	rep-
tiles	presentes	en	la	región/subregión.	Para	las	especies	amparadas	por	la	legis-
lación	comunitaria	(Directiva	hábitats)	o	por	acuerdos	internacionales,	convendría	
asimismo	describir	las	principales	amenazas	y	las	medidas	de	protección/gestión	
adoptadas.

– Descripción	de	la	dinámica	de	las	poblaciones,	de	la	superficie	de	distribución	na-
tural y real y del estatuto del conjunto de las especies de aves marinas presentes en
la	región/subregión.	Para	las	especies	amparadas	por	la	legislación	comunitaria	
(Directiva	aves	silvestres)	o	por	acuerdos	internacionales,	convendría	asimismo	des-
cribir	las	principales	amenazas	y	las	medidas	de	protección/gestión	adoptadas.

– Descripción	de	la	dinámica	de	las	poblaciones,	de	la	superficie	de	distribución	na-
tural	y	real	y	del	estatuto	de	todas	las	demás	especies	presentes	en	la	región/su-
bregión	amparadas	por	 la	 legislación	comunitaria	o	por	acuerdos	 internaciona-
les,	con	una	descripción	de	 las	principales	amenazas	y	medidas	de	protección/
gestión	adoptadas.

– Relación	detallada	de	la	presencia,	abundancia	y	distribución	de	las	especies	no	
autóctonas	o	exóticas	presentes	en	la	región/subregión.

Otras
características

– Descripción	 de	 la	 situación	 general	 de	 la	 contaminación	química,	 incluidas	 las	
sustancias	químicas	problemáticas,	la	contaminación	de	los	sedimentos,	las	zonas	
críticas,	los	problemas	sanitarios	(contaminación	de	la	pulpa	de	pescado).	

– Todas	las	características	o	características	típicas/distintivas	de	la	región/subregión	
(por ejemplo, presencia de municiones depositadas).
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Tabla 10.5. 




Generalidades

Contaminación	en	forma	de	introducción	directa	o	indirecta	en	el	medio	marino,	como	consecuencia	
de	la	actividad	humana,	de	sustancias	o	energías,	incluidas	las	fuentes	sonoras	submarinas	de	origen	
humano, que provoca o puede provocar efectos nocivos, como perjuicios a los recursos vivos y a la
vida	marina,	riesgos	para	la	salud	humana,	obstáculos	a	las	actividades	marítimas,	especialmente	a	
la	pesca,	al	turismo,	a	las	actividades	de	ocio	y	demás	usos	legítimos	del	mar,	una	alteración	de	la	
calidad	de	las	aguas	marinas	que	limite	su	utilización	y	una	reducción	de	su	valor	recreativo.

Pérdidas	físicas Asfixia	(por	estructuras	artificiales	o	eliminación	de	residuos	de	dragado,	etc.).	
Sellado (por construcciones permanentes, etc.).

Daños	físicos Sedimentación	y	cambios	en	la	turbidez	(escorrentía,	dragado,	vertidos,	etc.).
Abrasión	(navegación,	fondeo,	pesca,	etc.).	
Extracción	selectiva	(pesca,	dragado	de	agregados,	enredo,	etc.).

Otras perturbaciones
físicas	

Sonoras	(actividades	náuticas,	actividad	sísmica,	etc.).	
Basura flotante.
Visuales (actividades de ocio, etc.).

Interferencia con
procesos	hidrológicos	
naturales

Cambios	significativos	en	el	régimen	termal	(emisarios,	energía,	etc.).
Cambios	significativos	en	el	régimen	salino	(abstracción	de	agua,	
construcciones que impidan el movimiento del agua, etc.).

Contaminación	tóxica Introducción	de	compuestos	sintéticos	(plaguicidas,	agentes	antiincrustantes,	
PCB, etc.), especialmente los incluidos en la Directiva de aguas.
Introducción	de	compuestos	no	sintéticos	(metales	pesados,	hidrocarburos).	
Introducción	de	radionucleidos.

Enriquecimiento por
nutrientes y materia
orgánica

Enriquecimiento	de	nitrógeno	y	fósforo	(por	escorrentía	en	las	tierras	
agrícolas,	vertidos,	atmósfera,	etc.).
Enriquecimiento	por	materia	orgánica	(acuicultura,	vertidos,	etc.).

Perturbaciones
biológicas

Introducción	de	organismos	patógenos	microbianos.	
Introducción	de	especies	exóticas	y	transferencias.
Extracción	selectiva	de	especies	(pesca	comercial	y	recreativa,	etc.).

Un	análisis	económico	y	social	de	su	utilización	y	del	coste	que	supone	el	de-
terioro del medio marino.

Los	análisis	mencionados	tendrán	en	cuenta	los	elementos	relacionados	con	las	aguas	
costeras,	las	aguas	de	transición	y	las	aguas	territoriales	comprendidas	en	las	dispo-
siciones	correspondientes	de	la	DMA,	para	llegar	a	una	evaluación	general	del	esta-
do del medio marino.

Con	objeto	de	definir	el	buen	estado	ambiental,	los	EMs	definirán,	para	las	aguas	
marinas	europeas	de	cada	región	marina,	un	conjunto	de	características	que	se	basen	
en	los	descriptores	cualitativos	genéricos,	los	criterios	y	las	normas	de	la	tabla	10.4,	
valorando	los	tipos	de	hábitats,	los	componentes	biológicos,	las	características	fisi-
coquímicas	y	la	hidromorfología.
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En	definitiva,	la	DEME	proporciona	unos	objetivos,	unas	metas	estratégicas	y	unos	
elevados	principios	ecológicos	comunes	para	Europa	(es	una	estrategia	común	para	
todo el territorio, todos los usos y sectores, y reconoce al ser humano como parte
intrínseca	de	los	ecosistemas).

Se caracteriza por la transparencia y los conceptos comprensibles, de amplia acepta-
ción.	Así,	la	DEME	marca	las	rutas	a	seguir	y	los	hitos	a	alcanzar,	con	una	estrategia	
para	lograrlo	que	se	sustenta	en	la	gestión	ecosistémica;	que	tiene	en	cuenta	la	di-
versidad	regional,	a	través	de	un	método	de	gestión	a	escala	regional;	el	principio	de	
precaución	y	el	de	que	“quien	contamina,	paga”;	además,	no	pierde	de	vista	la	ges-
tión	adaptativa	como	un	método	progresivo;	y	está	basada	en	aspectos	científicos.

La	política	marítima	y	el	Libro	azul

Mientras	la	DEME	se	estaba	discutiendo,	el	presidente	de	la	Comisión,	el	Señor	Du-
rao	Barroso,	propuso	el	desarrollo	de	una	Política	Marítima	para	Europa	(PME),	
que,	de	alguna	manera,	venía	a	duplicar	esfuerzos	respecto	de	la	DEME.

Hasta	junio	de	2006	la	Comisión	elaboró	un	Libro	verde,	que	estuvo	sujeto	a	de-
bate	público	hasta	junio	de	2007,	y	que	trata	sobre	una	futura	PME,	de	una	forma	
holística	(véase	también	el	capítulo	3).	El	discurso	explicitado	en	él	es	muy	similar	
al	de	la	DEME,	en	el	sentido	de	que	los	usos	que	se	están	dando	actualmente	en	el	
mar no son sostenibles y es necesario tomar iniciativas que permitan un buen balan-
ce	entre	los	aspectos	económicos,	sociales	y	ambientales.

Tras	esta	discusión,	la	Comisión	ha	elaborado	el	conocido	como	Libro	azul	(COM,	
2007), que trata de contribuir a una nueva toma de conciencia entre los europeos
sobre	la	grandeza	de	la	herencia	marítima	que	poseemos,	la	importancia	de	los	mares	
en nuestras vidas, y el potencial que tienen para proporcionarnos bienestar y opor-
tunidades	económicas.	En	este	sentido,	este	Libro	puede	ser	una	buena	oportunidad	
en	el	reto	que	antes	planteábamos	sobre	la	concienciación	de	la	sociedad,	pero	tam-
bién	sobre	cómo	hacer	realidad	un	uso	sostenible	de	los	mares	y	océanos.

Según	el	Libro	azul,	los	principios	de	una	buena	gobernanza	sugieren	la	necesidad	
de desarrollar una PME que incorpore todos los aspectos que se refieren a los ma-
res,	siendo	integrada,	intersectorial	y	multidisciplinaria,	y	no	una	mera	colección	de	
políticas	sectoriales	verticales.	Dicho	Libro	recoge	una	serie	propuestas,	compromi-
sos	y	objetivos	a	cumplir	en	los	próximos	años	en	materia	de	sostenibilidad	maríti-
ma. Entre otras se pueden destacar:

Ordenación	marítima	y	gestión	integrada	de	la	zona	costera:	entre	las	medidas	
que	contempla	están	examinar	las	necesidades	y	diversas	posibilidades	existen-
tes,	incluidas	las	de	zonificación,	para	dar	compatibilidad	a	las	diversas	activi-
dades	marítimas,	entre	las	que	se	incluye	la	conservación	y	consolidación	de	la	
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biodiversidad	(en	2008),	y	la	creación	de	un	sistema	para	el	intercambio	de	las	
mejores	prácticas	entre	las	autoridades	competentes	en	materia	de	ordenación	
marítima	y	gestión	integrada	de	las	zonas	costeras	(en	2009).

Red	europea	de	observación	e	información	del	mar:	entre	otras	medidas	se	de-
sarrollará	en	2008	un	programa	para	la	elaboración	de	mapas	multidimensio-
nales,	compatibles	entre	sí,	de	los	mares	en	aguas	de	los	EMs,	y	la	creación	de	
una	base	de	datos	socioeconómicos	integrados	destinada	a	sustentar	las	medi-
das	de	la	política	marina.

Aplicación	del	enfoque	basado	en	el	ecosistema	en	la	pesca	europea:	se	aproba-
rá	una	comunicación	en	2008	sobre	este	tema	(véase	más	abajo).

Propuestas	sobre	la	protección	de	los	recursos	pesqueros	en	las	aguas	interna-
cionales.

Investigación	marítima	europea:	desarrollo	de	una	Asociación	europea	para	las	
Ciencias marinas.

Medidas	para	la	protección	de	las	zonas	de	alta	mar.

La	política	pesquera	común

Aunque	este	tema	se	ha	tratado	en	otros	capítulos	(véase,	por	ejemplo,	el	capítu-
lo	7),	hay	que	destacar	que	la	gestión	de	las	pesquerías	europeas	avanza	hacia	enfo-
ques adaptativos y a largo plazo que tienen en cuenta un amplio abanico de cues-
tiones	ecológicas	e	implican	a	múltiples	grupos	de	interés	(Gislason,	2006).	A	nivel	
global,	la	declaración	de	Johannesburgo	(WSSD,	2002),	asumida	ampliamente	por	
muchos gobiernos y organizaciones, conlleva un enfoque hacia objetivos relaciona-
dos con la sostenibilidad y el rendimiento a largo plazo y el mantenimiento de un
ecosistema	saludable,	fijando	para	2015	el	objetivo	de	llevar	todas	las	pesquerías	al	
rendimiento	máximo	sostenible	y	animando	a	los	EMs	a	aplicar	el	enfoque	ecosisté-
mico	de	gestión	para	2010	(como	se	ha	señalado	en	los	apartados	anteriores	dedica-
dos	a	la	DEME	y	PME).	En	este	contexto,	los	científicos	deben	jugar	un	papel	más	
complejo,	superando	la	actual	situación	de	ser	meros	provisores	del	conocimiento	
objetivo en que se basan las decisiones de los gestores. Los procedimientos operacio-
nales	de	gestión	desarrollados	de	manera	cooperativa,	y	que	usan	marcos	de	evalua-
ción	de	estrategias	alternativas,	facilitan	la	estructuración	de	las	negociaciones	entre	
las	partes	interesadas	y	las	hacen	fiables	gracias	al	empleo	del	conocimiento	científi-
co apropiado y a la incertidumbre asociada al mismo.

La	actual	reforma	de	la	PPC	trata	de	avanzar	en	esta	dirección	y	construir	los	funda-
mentos	de	un	sistema	más	eficiente	e	integrado,	con	objetivos	y	toma	de	decisiones	
compartidas, una base de conocimiento adecuado, y niveles satisfactorios de cum-
plimiento de las reglas de juego.
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10.3.2. Gestión	ecosistémica:	la	integración	
de	la	evaluación	del	estado

Principios	de	la	gestión	ecosistémica

Mientras	que	la	DMA	evalúa	cada	elemento	biológico	y	los	elementos	físico-quími-
cos	por	separado	y	luego	los	integra	en	una	única	evaluación	del	estado	ecológico	
(véase	Borja	et al.,	2004a,	Borja,	2005),	bajo	el	principio	“uno	fuera,	todos	fuera”	
(es	decir	que	el	estado	viene	determinado	por	el	peor	valor	de	los	elementos	biológi-
cos),	la	DEME	(y	en	parte	la	PME,	según	se	ha	visto)	busca	realizar	una	evaluación	
del	medio	y	una	gestión	que	se	apoyen	en	el	principio	de	la	gestión	integrada	o	de	la	
gestión	ecosistémica	(ecosistema based approach)(Browman et al., 2004; Nicholson y
Jennings,	2004;	Rudd,	2004;	FAO,	2005).	La	gestión	ecosistémica	puede	definirse	
de	la	manera	siguiente:	la	gestión	integrada	comprensiva	de	las	actividades	humanas,	
basada	en	el	mejor	conocimiento	científico	disponible	sobre	los	ecosistemas	y	su	di-
námica,	con	objeto	de	identificar	y	actuar	sobre	las	influencias	críticas	para	la	salud	
de los ecosistemas marinos, alcanzando de este modo un uso sostenible de sus bie-
nes y servicios y un mantenimiento de la integridad de los ecosistemas.

En	 la	 figura	10.2	puede	observarse	cómo	los	componentes	de	un	ecosistema	son	
múltiples,	interviniendo	factores	bióticos	(especies	de	fauna	y	flora,	y	de	diferentes	
hábitats)	y	abióticos	(aspectos	geológicos,	oceanográficos,	etc.),	pero	también	fac-
tores externos, como el clima, o las actividades humanas (en este caso, la pesca, pero
puede	considerarse	cualquier	otro)	e	incluso	aspectos	socio-económicos	e	institucio-
nales.	Es	decir,	que	una	buena	gestión	ecosistémica	debería	contar	con	todos	estos	
factores	para	hacer	una	evaluación	integral.

Así	pues,	la	gestión	ecosistémica	deberá	seguir	ciertos	principios:

La	gestión	debe	basarse	en	una	visión	compartida	(participación	usuarios,	po-
líticos,	científicos,	etc.).

La	planificación	y	la	gestión	deben	ser	integradas,	adaptativas,	soportadas	por	
objetivos precisos y establecidas a largo plazo.

La	extensión	geográfica	de	la	gestión	debe	reflejar	las	características	ecológicas.

Los	objetivos	de	gestión	han	de	ser	coherentes	con	el	desarrollo	sostenible.

Los	principios	de	gestión	deben	basarse	en	los	principios	de	precaución,	de	pre-
vención	y	de	que	“el	que	contamina,	paga”,	aplicando	las	mejores	tecnologías	
disponibles	y	las	mejores	prácticas	ambientales.

La	gestión	debe	sustentarse	en	programas	de	vigilancia	ambiental,	implementa-
ción	y	determinación	del	estado,	basados	en	el	conocimiento	científico.
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Estos	principios	son	de	aplicación	a	todas	las	ecoregiones,	si	bien	la	gestión	puede	
darse	a	nivel	de	cada	una	de	ellas.	De	esta	manera,	los	objetivos	de	cada	ecoregión,	
definidos	a	partir	de	los	objetivos	estratégicos,	se	fijarán	en	los	aspectos	sociales	(que	
definirán	las	actividades	humanas	y	 las	políticas	socio-económicas	más	relevantes	
que pueden producir presiones o amenazas considerables sobre el ecosistema) y en
los	aspectos	científicos	(que	servirán	para	evaluar	el	estado	del	ecosistema	y,	junto	a	
las	políticas	ecológicas	más	relevantes,	proporcionarán	las	propiedades	ecológicas	de	
mayor	interés	del	ecosistema)	(véase	la	figura	10.3).

Para	cada	objetivo	del	ecosistema	se	podrá	definir	una	serie	de	objetivos	operacio-
nales	(por	ejemplo,	reducir	la	contaminación	en	una	especie	de	pez	o	molusco	de-
terminada, aumentar las zonas protegidas, eliminar los vertidos de sustancias con-
taminantes,	etc.).	Cada	uno	de	estos	objetivos	operacionales,	como	ya	se	mencionó	
antes,	necesitará	contar	con	sus	propios	indicadores,	objetivos	de	calidad	y	 lími-
tes,	los	cuales	deberán	ser	controlados	mediante	redes	de	monitoreo,	que	ayuda-
rán	a	definir	cada	vez	mejor	el	estado	ambiental	de	las	ecoregiones	(véase	la	figu-
ra 10.3).

Los	pasos	a	dar	para	ejecutar	una	buena	gestión	ecosistémica	podrían	sintetizarse	
en:

Figura 10.2. 
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Determinar	 el	 alcance	 de	 la	 situación	 actual	 (cómo	 están	 nuestros	 mares	
hoy).

Contrastar	esta	situación	con	la	visión	(cómo	de	lejos	estamos	de	alcanzar	el	
buen estado en 2021).

Identificar	las	propiedades	más	importantes	de	los	ecosistemas	(qué	es	lo	más	
relevante en cuanto a funciones y estructura) y las amenazas o presiones que
sufren.

Establecer	los	objetivos	ecológicos	que	logren	revertir	una	situación	de	dete-
rioro.

Determinar los objetivos operacionales, los indicadores y los puntos de referen-
cia	que	permitan	observar	la	evolución	y	la	consecución	de	los	objetivos	mar-
cados.

Desarrollar	herramientas	apropiadas	de	gestión,	centradas	en	la	evaluación	in-
tegral	y	la	gestión	por	ecosistemas.

Periódicamente	actualizar	los	datos	a	partir	de	los	puntos	anteriores,	de	ma-
nera	que	se	vaya	perfeccionando	el	conocimiento	y	la	determinación	del	es-
tado.

Figura 10.3. 

Fuente:	elaboración	propia
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Objetivos	e	indicadores	para	una	gestión	ecosistémica

Los	objetivos,	a	escala	de	la	ecoregión,	han	de	cumplir	con	una	serie	de	propiedades,	
que	en	inglés	se	califican	de	SMART:	deben	ser	eSpecíficos	para	lo	que	se	quiere	al-
canzar, Medibles (objetivos cuantitativos), Alcanzables (especialmente, en el tiem-
po que requiere la Directiva), Realistas (para ello es necesario un buen conocimien-
to del medio) y circunscritos en el Tiempo (no se deben dilatar).

El	proceso	de	identificación	y	selección	de	estos	objetivos	debe	ser	 incluyente	(es	
decir,	dando	la	palabra	a	los	agentes	sociales,	usuarios,	científicos	y	gestores)	y	por	
consultas,	estableciéndose	grupos	de	objetivos	que	pueden	variar	de	una	ecoregión	
a otra, pero siempre dirigidos a superar el objetivo global de la DEME.

Como ya se ha dicho, los indicadores son necesarios a la hora de establecer el pro-
greso para alcanzar los objetivos operacionales y, posteriormente, los objetivos eco-
lógicos,	los	objetivos	estratégicos	y	la	visión.	Según	el	Consejo	Internacional	para	la	
Exploración	del	Mar	(ICES),	las	propiedades	de	los	buenos	indicadores	son	las	si-
guientes:

Deben	ser	fácilmente	medibles,	con	un	error	bajo	(hay	que	huir	de	análisis	o	
medidas complejas y caras, cuando sea posible).

Deben ser ajustados en coste (hay que recordar que existen muchos elementos
que analizar y una gran superficie marina para monitorear).

Deben ser concretos (adaptados al objetivo) y con series largas de datos (que
facilitan	la	interpretación	y	el	seguimiento).

Deben	ser	 interpretables	 fácilmente	por	 investigadores,	usuarios	y	políticos	
(que no muevan a interpretaciones diferentes).

Deben	estar	basados	en	teorías	científicas	bien	contrastadas.

Deben	ser	sensibles	a	los	cambios	introducidos	por	el	hombre	y	más	insensi-
bles a los cambios naturales (cambios intra e interanuales).

Deben	ser	específicos	para	los	objetivos	marcados.

Para	apoyar	a	la	gestión,	los	indicadores	deben	tener	asociadas	condiciones	de	refe-
rencia. Estas condiciones son los valores o tendencias de un indicador que resultan
consistentes	con	alcanzar	los	objetivos	operacionales	específicos	que	se	han	marca-
do.	Así,	continuando	con	el	ejemplo	que	habíamos	puesto	antes,	para	una	concen-
tración	de	cadmio	en	un	molusco,	 las	direcciones	de	referencia	son	las	que	llevan	
a estar por debajo del objetivo de calidad marcado. De esta forma, se considera -
ría	un	“buen	estado”	cuando	los	impactos	humanos	son	reversibles	y	todos	los	ob-
jetivos para los indicadores pueden alcanzarse (las concentraciones de cadmio es-
tán	por	debajo	de	los	objetivos	de	calidad);	un	“estado	aceptable”	cuando	todas	las	
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concentraciones	están	entre	los	objetivos	de	calidad	y	el	límite	de	precaución	(el	que	
puede	causar	efectos	nocivos	en	la	biota);	y	un	“mal	estado”	cuando	se	supera	cual-
quier	límite	de	precaución.

Junto	con	la	implementación	de	la	gestión	ecosistémica	hay	que	estudiar	las	interac-
ciones	y	efectos	acumulativos	de	los	usos	múltiples	que	tienen	los	ecosistemas	mari-
nos	(por	ejemplo,	pesca,	acuicultura,	transporte,	baño,	extracción	de	recursos	no	re-
novables,	etc.).	A	su	vez,	estos	usos	(presiones)	producen	unos	impactos	múltiples,	
con	características	e	intensidad	diferentes,	que	es	preciso	evaluar	y	delimitar.	En	esta	
tarea,	los	instrumentos	múltiples	de	gestión	de	usos	existentes	pueden	representar	
un	obstáculo	para	la	gestión	integrada,	por	lo	que	es	de	esperar	que	el	desarrollo	de-
finitivo de la DEME ayude a clarificar las competencias y la manera de coordinar-
se y trabajar en el futuro.

En	realidad,	con	la	implementación	de	la	gestión	ecosistémica	todas	las	actividades	
sectoriales	mencionadas	deben	estar	integradas,	pero	también	lo	debe	estar	el	con-
sejo	científico	(por	ejemplo,	en	el	caso	de	la	pesca,	no	debe	estar	basado	en	especies	
individuales, sino en el ecosistema en su totalidad). En este sentido, la ciencia debe
jugar	un	papel	esencial,	desarrollando	indicadores	y	herramientas	de	gestión.	Los	
métodos	implementados	deben	medir	y	evaluar	los	impactos	combinados	de	múlti-
ples	actividades	y	servir	para	múltiples	metas	(como	reservas	marinas	para	mantener	
la	biodiversidad	y	conservar	las	pesquerías).

Esta	gestión	se	apoya	en	los	principios	de	FAO	(2003a,	b),	que	implican	no	consentir	
que	los	recursos	naturales	disminuyan	por	debajo	de	su	nivel	de	productividad	máxi-
ma.	En	este	caso,	la	ordenación	pesquera	tiene	como	objetivo	limitar	el	efecto	de	esta	
actividad	sobre	el	ecosistema	en	la	medida	de	lo	posible,	manteniendo	la	relación	eco-
lógica	entre	las	especies	capturadas	y	las	especies	dependientes	y	asociadas.	Las	medi-
das	de	ordenación	deben	ser	compatibles	en	toda	la	zona	de	distribución	del	recurso	
(más	allá	de	las	jurisdicciones	y	de	los	planes	de	ordenación),	aplicando	el	principio	de	
precaución,	ya	que	los	conocimientos	de	los	ecosistemas	suelen	resultar	incompletos.

La	base	del	conocimiento	necesaria	para	la	gestión	de	las	pesquerías	incluye	infor-
mación	biológica	sobre	las	poblaciones	de	peces	explotadas,	información	económica	
sobre	las	pesquerías,	información	ecológica	sobre	el	funcionamiento	del	ecosistema	
y	las	influencias	en	el	mismo	de	los	cambios	naturales	y	las	actividades	antropogéni-
cas,	e	información	sociopolítica	sobre	los	requerimientos	para	un	gobierno	efectivo	
de	las	pesquerías	(Motos	y	Wilson,	2006).

En	el	sistema	actual,	este	conocimiento	es	opaco	para	pescadores	y	demás	grupos	de	
interés,	lo	que	deteriora	la	fiabilidad	del	sistema,	debilita	la	legitimidad	del	consejo	
científico	de	gestión	y	el	sistema	de	gestión	en	general,	y	agudiza	el	problema	de	in-
cumplimiento	de	las	normas	de	gestión,	redundando	negativamente	sobre	la	calidad	
de	la	información	básica	para	la	generación	del	conocimiento.
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Un	sistema	más	desarrollado	debe	enfocar	la	gestión	hacia	la	sostenibilidad	a	largo	
plazo,	y	tener	en	cuenta	la	incertidumbre	inherente	a	la	dinámica	de	los	 stocks y los
ecosistemas	pesqueros,	tal	vez	la	mayor	debilidad	del	consejo	científico	de	gestión	
actual y la mayor causa de deterioro de las poblaciones explotadas, junto con el ex-
ceso	de	capacidad.	Además,	debería	asegurar	la	participación	de	los	grupos	de	in-
terés	en	el	establecimiento	de	los	objetivos	y	estrategias	de	gestión.	Por	supuesto,	
esto	acarreará	conflictos	creados	por	los	distintos	intereses	de	los	participantes,	pero	
el	proceso	se	hará	más	transparente	y	ganará	en	legitimidad.	Desde	el	punto	de	vis-
ta	de	la	ciencia,	un	sistema	con	mayor	entrada	de	información	llevará	a	enfrentarse	
a nuevas complejidades.

Retos	que	plantea	una	política	para	los	mares	europeos

Tanto la DEME como la PME (y de manera complementaria la DMA) suponen que,
por	vez	primera,	va	a	existir	una	política	ambiental	marina	común	para	toda	Euro-
pa	(Borja,	2005,	2006).	Además,	dicha	política	se	fundamentará	en	el	principio	de	
la	protección	de	los	ecosistemas	y	su	funcionalidad,	sin	olvidar	la	sostenibilidad	de	
los usos del medio. Esto supone cambiar la mentalidad de los usuarios, los gestores,
los	científicos	y	la	sociedad	en	general,	que	ya	no	deben	ver	el	océano	como	un	lu-
gar	al	que	se	puede	verter	de	todo	(vertidos	sólidos	y	líquidos,	urbanos	e	industria-
les,	etc.)	o	del	que	se	puede	extraer	todo	(pesca,	agregados	marinos,	petróleo,	ener-
gía,	etc.)	sin	que	esto	tenga	consecuencias	para	los	ecosistemas	o	para	la	capacidad	
de reciclaje del medio marino.

Es evidente que esto requiere de nuevas actitudes, que posiblemente deban conse-
guirse	a	través	de	una	concienciación	de	la	ciudadanía	y	de	una	mejor	formación	am-
biental de la sociedad, haciendo entender que el mar tiene sus propias limitaciones
y que la sostenibilidad de sus ecosistemas requiere del concurso de todos los agen-
tes	y	actores	que	tengan	relación	con	él.	Este	cambio	de	mentalidad	a	gran	escala	
posiblemente	será	uno	de	los	mayores	retos	a	los	que	habrá	que	enfrentarse	a	nivel	
europeo.

Otro	reto	que	habrá	que	encarar	será	el	desarrollo	de	herramientas	nuevas	para	de-
terminar	el	estado	ambiental,	basadas	en	un	enfoque	ecosistémico.	Esta	terminolo-
gía,	que	parece	un	poco	oscura,	deberá	utilizar	la	experiencia	acumulada	en	el	desa-
rrollo	de	la	DMA,	muchas	de	cuyas	metodologías	posiblemente	sean	de	aplicación.	
Las	bases	que	deben	regir	en	este	desarrollo	tienen	que	ser	científicas,	pero	se	ten-
drán	en	cuenta	las	opiniones	de	los	usuarios	y	la	necesidad	de	establecer	metodolo-
gías	flexibles	que	se	vayan	adaptando	al	conocimiento	progresivo	del	medio,	que	se	
obtendrá	sin	duda	con	la	aplicación	de	la	DEME.	

Este	conocimiento	surgirá	del	desarrollo	de	sistemas	comunes	de	vigilancia	ambien-
tal,	que	habrá	que	implementar,	complementando	 lo	ya	existente	o	poniendo	en	
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marcha iniciativas nuevas de conocimiento del medio marino. Sin duda, el desarro-
llo	de	sistemas	de	monitoreo	a	nivel	de	toda	Europa	constituye	un	gran	reto	econó-
mico	y	científico.

A	nivel	de	cada	ecoregión	se	deberán	identificar	indicadores	comunes	para	deter-
minar	el	estado	ambiental	y	hacer	su	seguimiento,	lo	que	implicará	un	trabajo	con-
junto	de	varios	países	en	cada	ecoregión,	rompiendo	 la	 tendencia	a	realizar	eva-
luaciones	separadas	por	país.	Esto	significa	que	habrá	que	ponerse	de	acuerdo	y	
consensuar	las	características	de	los	indicadores,	para	así	desarrollar	y	proponer	ob-
jetivos	ambientales	y	límites	específicos	comunes,	lo	cual	tendrá	que	hacerse	de	ma-
nera conjunta.

Por	último,	hay	muchas	cosas	que	desconocemos	para	poder	llevar	adelante	una	ges-
tión	ecosistémica	(aunque	existen	algunos	ejemplos	de	esta	gestión	aplicada	a	pes-
querías	en	lugares	como	Australia).	De	ahí	que	la	conveniencia	de	proponer	pro-
gramas	de	investigación	coherentes	y	coordinados,	a	escala	europea	(o	al	menos	a	
escala de las ecorregiones), donde se aborden todos los puntos oscuros que faltan
por	desarrollar	y	que	supondrán	ponernos	al	nivel	de	otros	países	del	mundo	que	
llevan	ya	unos	años	aplicando	medidas	de	gestión	integradas,	basadas	en	los	eco-
sistemas.

¿Cómo	conjugar	la	DEME	y	la	PME?

Como	se	deduce	de	lo	anteriormente	expuesto,	 la	DEME	y	la	PME	son	práctica-
mente	similares.	¿Cómo	pueden	entonces	conjugarse?	En	general,	en	todas	las	po-
líticas	europeas	relacionadas	con	el	medioambiente	se	ha	tratado	el	tema	de	los	tres	
pilares	de	la	sostenibilidad:	el	medioambiental,	el	económico	y	la	sociedad.	Lo	que	
se pretende hacer es que la DEME cubra los aspectos medioambientales y sociales,
mientras	que	la	PME	se	centre	más	en	los	aspectos	económicos	(siendo	la	parte	so-
cial	la	charnela	de	unión	con	la	DEME).

A pesar de ello, algunos investigadores consideran que los tres pilares mencionados
no	satisfacen	todos	los	aspectos	de	la	sostenibilidad,	por	lo	que	se	comenzó	a	hablar	
de	los	“6	principios”	para	una	gestión	ambiental	exitosa,	donde	las	soluciones	fue-
ran	(McLusky	y	Elliott,	2004):	ambientalmente	sostenibles,	económicamente	via-
bles,	tecnológicamente	factibles,	socialmente	aceptables	(o	al	menos	tolerables),	ad-
ministrativamente alcanzables, y legislativamente permisibles.

Sin	embargo,	recientemente,	parece	que	se	le	va	a	añadir	un	séptimo	principio,	que	
indica	que	la	gestión	ambiental	exitosa	debe	ser	políticamente	oportuna	si	se	de-
sea un resultado feliz (Mike Elliott, com. pers.). Posiblemente, todos los principios
nombrados	deberán	cumplirse	si	 lo	que	se	espera	es	alcanzar	un	buen	estado	am-
biental en los mares europeos para 2021.
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10.3.3. El	cambio	climático	y	el	medio	ambiente	
marino

Según	el	Panel	Intergubernamental	para	el	Cambio	Climático	(IPCC)	(www.ipcc.ch)
el	“cambio	climático”	se	refiere	a	una	variación	estadísticamente	significativa,	bien	
sea	en	el	estado	medio	del	clima	o	en	su	variabilidad,	y	persistente	durante	un	perío-
do	extendido	(normalmente	décadas	o	más).	Es	decir,	que	hay	que	distinguir	bien	
entre	 lo	que	son	procesos	meteorológicos	o	situaciones	puntuales,	y	un	cambio	a	
largo	plazo.	Por	ejemplo,	el	hecho	de	que	un	invierno	haya	sido	muy	frío	o	un	ve-
rano	muy	caluroso,	no	indica	que	haya	un	cambio	climático,	lo	que	cuenta	son	pau-
tas	repetidas	a	largo	plazo.	En	este	sentido,	la	meteorología	y	la	climatología	serían	
materias	análogas	al	periodismo	y	a	la	historia:	los	primeros	estudian	sucesos	a	cor-
to plazo y los segundos, a largo plazo.

El	cambio	climático	puede	ser	debido	a	procesos	internos	naturales,	a	factores	ex-
ternos	(cambios	a	muy	largo	plazo	en	la	órbita	de	la	Tierra	alrededor	del	sol,	cam-
bios	en	la	energía	que	sale	del	sol,	partículas	volcánicas	introducidas	en	la	estratosfe-
ra,	etc.)	o	a	cambios	antropogénicos	persistentes	en	la	composición	de	la	atmósfera	
(cambios	en	la	composición	de	los	gases	de	efecto	invernadero,	introducción	de	pe-
queñas	partículas,	etc.).

Desde	que	en	1979	la	Organización	Meteorológica	Mundial	(OMM)	organizara	la	
Conferencia	Mundial	del	clima,	la	percepción	que	los	científicos	y	la	sociedad	tienen	
sobre	el	cambio	climático	y	sus	consecuencias	ha	ido	cambiando.	Así,	aunque	en	di-
cha	Conferencia	ya	se	advertía	de	la	posible	influencia	humana	en	el	clima,	no	siem-
pre	se	le	ha	otorgado	la	debida	relevancia.	En	1988,	la	OMM	decidió	crear	el	IPCC	
con	tres	grupos	de	trabajo:	i)	uno,	para	recopilar	información	científica	sobre	cam-
bio	climático;	ii)	un	segundo,	que	estudia	los	impactos	ambientales	y	socioeconómi-
cos	del	cambio;	iii)	el	último,	que	formula	estrategias	y	respuestas.

Los	informes	sucesivos	del	IPCC	muestran	la	evolución	en	la	concienciación	del	pro-
blema	que	se	mencionaba	antes.	Así,	en	1990,	en	el	primer	informe,	se	decía	que	“la	
dimensión	del	calentamiento	en	el	último	siglo	es	consistente	con	las	predicciones	
de los modelos de clima, pero puede en gran medida deberse a la variabilidad na-
tural”.	Luego,	en	1995,	el	segundo	informe	reconoce	que	“la	tendencia	de	calenta-
miento observada no parece ser de origen enteramente natural, el balance de las evi-
dencias	sugieren	que	hay	una	discernible	influencia	humana	en	el	clima	global”.	En	
el	tercer	informe	de	2001	se	afirma	que	“gran	parte	del	calentamiento	observado	en	
los	últimos	50	años	parece	que	se	ha	debido	al	incremento	de	las	concentraciones	de	
los	gases	de	efecto	invernadero”.	Finalmente,	en	el	informe	de	2007	se	asegura	que	
“el	calentamiento	del	sistema	climático	es	inequívoco,	y	es	evidente	de	las	observa-
ciones	del	incremento	global	de	temperaturas	medias	del	aire	y	del	océano,	del	des-
hielo	y	del	incremento	del	nivel	del	mar”.	
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“Todo	indica	que	el	cambio	climático	está	teniendo	lugar	aquí	y	ahora.	Aunque	pue-
den	producirse	variaciones	climáticas	de	forma	natural,	es	evidente	que	la	actividad	
humana	está	aumentando	la	concentración	de	gases	de	efecto	invernadero	en	la	at-
mósfera”. Así	comienza	el	VI	Programa	de	acción	de	la	Comunidad	Europea	en	ma-
teria	de	Medio	de	Ambiente,	denominado	“Medio	Ambiente	2010:	el	futuro	está	en	
nuestras	manos”,	aprobado	por	el	Parlamento	Europeo	para	el	período	2001-2010.

La	Agencia	Europea	de	Medio	Ambiente	(AEMA)	concluyó,	en	un	informe	publi-
cado	en	2004-08-17,	que	el	cambio	climático	se	puede	observar	ya	en	Europa	en	
forma	de	tormentas,	inundaciones,	sequías	y	otras	“condiciones	meteorológicas	ex-
tremas	cada	vez	más	frecuentes	y	económicamente	gravosas”.	De	hecho,	 la	media	
anual	de	estos	desastres	se	duplicó	en	los	años	noventa.	Señala	que	el	calentamien-
to	ha	sido	mayor	en	la	península	Ibérica	y	Rusia	occidental,	y	que	a	esta	tendencia	
se	unirán	países	como	Italia	y	Grecia,	con	el	consiguiente	incremento	de	sequías,	in-
cendios	forestales,	olas	de	calor	y	riesgos	para	la	salud.	Dicho	informe,	también	se-
ñala	una	reducción	en	la	población	de	especies	vegetales	como	consecuencia	del	ca-
lentamiento.

En	el	caso	de	España,	 la	Universidad	de	Castilla-La	Mancha	(Moreno	Rodríguez	
et al.,	2005)	coordinó	y	elaboró	un	informe	para	el	Ministerio	de	Medio	Ambiente	
(www.mma.es/oecc),	en	el	que	participaron	multitud	de	investigadores	españoles,	
sobre	la	evaluación	preliminar	de	los	impactos	por	efecto	del	cambio	climático	(Pro-
yecto ECCE), tanto a nivel terrestre como marino. Para las predicciones de lo que
podría	suceder	se	contó	con	los	escenarios	dibujados	por	el	IPCC	y	con	simulacio-
nes	específicas	para	la	península	Ibérica,	realizadas	por	los	investigadores	de	la	Uni-
versidad de Castilla-La Mancha, con el profesor Manuel de Castro a la cabeza.

Según	estas	proyecciones	se	prevén	los	siguientes	cambios	en	la	península:	

Una tendencia progresiva al incremento de las temperaturas medias a lo largo
del	siglo	(en	el	peor	de	los	casos	hasta	7	ºC	para	final	de	siglo).

Una	tendencia	a	un	calentamiento	más	acusado	en	el	escenario	con	emisiones	
más	altas.

Los	aumentos	de	temperatura	media	serán	significativamente	mayores	en	los	
meses de verano que en los de invierno.

El	calentamiento	en	verano	será	superior	en	las	zonas	del	 interior	que	en	las	
costeras	o	en	las	islas	(por	ejemplo,	en	los	próximos	40	años	sería	de	1	ºC	en	
invierno	y	de	2	ºC	en	verano,	en	el	Cantábrico,	aunque	para	final	de	siglo	po-
drían	ser	de	4º	y	7	ºC,	respectivamente).	

Una	tendencia	generalizada	a	una	menor	precipitación	acumulada	anual.	

Una	mayor	amplitud	y	frecuencia	de	anomalías	térmicas	mensuales.	
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Una	mayor	frecuencia	de	días	con	temperaturas	máximas	extremas,	especial-
mente en verano.

Para	el	último	tercio	del	siglo,	la	mayor	reducción	de	precipitación	se	proyecta	
en los meses de primavera.

Un	aumento	de	precipitación	en	el	oeste	de	la	península	en	invierno	y	en	el	no-
reste	en	otoño.	

Los	cambios	de	precipitación	tenderán	a	ser	más	significativos	en	el	escenario	
de	emisiones	más	elevadas.

A	partir	de	estas	predicciones,	realizadas	basándose	en	modelos,	hay	diversos	escena-
rios	esperables	para	el	medio	marino.	Así,	es	esperable	un	ascenso	del	Nivel	Medio	
del	Mar	(NMM),	que,	según	distintas	proyecciones,	podría	variar	entre	10	y	68 cm
de	ascenso	para	final	de	siglo.	Según	muchos	expertos,	para	finales	de	siglo	es	razo-
nable esperar un aumento de 50 cm	en	el	NMM,	siendo	1	m	de	elevación	el	esce-
nario	más	pesimista.	Junto	a	ello	también	es	esperable	un	incremento	del	oleaje,	así	
como	un	cambio	en	su	dirección.

Ante	una	subida	generalizada	del	NMM,	las	zonas	marinas	más	vulnerables	serían	los	
humedales	estuáricos	y	las	playas	confinadas	o	rigidizadas,	bien	por	acción	antrópi-
ca (al poner barreras al transporte de arena), o bien de forma natural (aquellas que se
apoyan	en	acantilados).	Esto	provocaría	la	pérdida	de	un	número	cuantioso	de	playas	
en	el	Cantábrico,	según	Rivas	y	Cendrero	(1995),	modificado	en	Moreno	Rodríguez	
et al.	(2005).	Según	estos	autores,	hasta	22	km	de	playas	(el	30%	del	total)	desapare-
cerían	en	las	provincias	del	País	Vasco	y	Cantabria,	en	caso	de	una	subida	de	0,5	m	del	
nivel	del	mar,	y	eso	sin	tener	en	cuenta	la	mayor	erosión	generada	por	el	oleaje	en	au-
mento.	Es	evidente	que	esto	representa	un	impacto	importante,	en	términos	de	usos	
de	la	costa,	turísticos	y	socio-económicos,	ya	que	muchas	de	estas	playas	son	un	gran	
foco	de	atracción.	Además,	el	aumento	del	nivel	del	mar	afectará	gravemente	a	algunos	
ecosistemas,	como	el	delta	del	Ebro,	las	marismas	de	Doñana,	el	mar	Menor,	etc.

Estos	efectos	físicos	(incremento	de	temperatura,	cambios	en	el	nivel	de	mar,	etc.)	ten-
drán	una	traslación	a	los	ecosistemas	costeros,	tal	y	como	prevén	Anadón	et al. (2005).
De	esta	manera,	los	efectos	del	cambio	climático	diferirán	para	ecosistemas	de	aflora-
miento	o	de	zonas	estratificadas,	así	como	de	zonas	costeras	u	oceánicas.	En	general,	
se	espera	una	reducción	de	la	productividad	marina,	dadas	las	características	templa-
das	del	mar	en	el	que	nos	encontramos.	Los	cambios	afectarán	a	numerosos	grupos	de	
organismos,	desde	fitoplancton	y	zooplancton	a	bentos,	peces	y	algas,	produciéndose	
cambios	en	las	redes	tróficas	marinas,	que	dañarán	tanto	a	las	especies	recurso	(sobre	
todo en su fase larvaria y en el reclutamiento) como al resto de especies.

A	partir	de	estas	predicciones,	cada	vez	se	están	recogiendo	más	evidencias,	en	publi-
caciones	científicas,	mostrando	los	efectos	del	cambio	climático	en	el	Mediterráneo	
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y	el	Atlántico.	Algunos	de	estos	 trabajos	son	a	nivel	de	toda	Europa	(Philippart,	
2007), mientras que otros estudian mares regionales (por ejemplo, Vargas et al.
(2008)	en	el	Mediterráneo	español,	o	MCCIP	(2008)	en	Gran	Bretaña.	Así,	sabe-
mos	que	en	el	Mediterráneo	hubo	un	decremento	de	temperatura	del	aire	y	del	agua	
del	mar	entre	1948	y	mediados	de	los	setenta,	 incrementándose	posteriormente.	
Igualmente,	según	Vargas	et al. (2008), entre 1948 y 2005 el rango de incremen-
to	osciló	entre	0,12 °C	y	0,5 °C.	En	profundidades	intermedias	(200-600	m)	el	in-
cremento fue entre 0,05 °C	y	0,2 °C,	con	un	incremento	de	salinidad	de	0,03-0,09,	
mientras que en aguas profundas (1 000-2 000	m)	la	temperatura	se	incrementó	en	
0,03-0,1 °C	y	la	salinidad	0,05-0,06.	

Entre	1950	y	1990	el	nivel	del	mar	Mediterráneo	descendió	debido	a	presiones	
atmosféricas	 anómalas,	para	 incrementarse	posteriormente	 a	un	 ritmo	de	2,5	 a	
10 mm/año.	En	el	Atlántico	español	el	 incremento	del	nivel	del	mar	en	el	perío-
do 1945-2001 ha sido de 10-15 cm. Por su parte, el incremento de temperatura
ha	ido	en	paralelo	a	la	del	resto	del	Atlántico,	especialmente	a	partir	de	los	años	se-
tenta, cuando se observa una subida de un grado en la temperatura media anual en
San	Sebastián,	si	bien	los	rangos	de	los	valores	máximos	son	muy	superiores,	con	
un	máximo	en	2006	(figura	10.4).	Este	máximo	es	similar	a	los	que	se	dieron	a	fi-
nales	de	los	años	cuarenta.

Figura 10.4. 


Fuente:	elaboración	propia,	con	datos	cedidos	por	la	Sociedad	de	Oceanografía	de	Gipuzkoa.
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También	en	Gran	Bretaña	el	año	2006	fue	el	segundo	año	más	cálido	desde	que	se	
tienen	registros	(1870),	encontrando	que	7	de	los	10	años	más	cálidos	aparecen	en	
la	última	década	(MCCIP,	2008).	Estos	cambios	en	las	temperaturas	se	han	asocia-
do	a	cambios	en	la	abundancia	de	plancton	y	en	su	distribución	geográfica,	lo	que	se	
ha	traducido	en	una	reducción	de	alimento	para	los	peces	(MCCIP,	2008).

Recientemente,	en	Gran	Bretaña	(www.mba.ac.uk/marclim) se ha observado que
en	las	comunidades	intermareales	se	están	sucediendo,	desde	los	años	ochenta,	cam-
bios	significativos	en	la	abundancia	y	distribución	en	el	límite	norte	de	las	especies	
características	de	aguas	cálidas.	Entre	2001	y	2005	un	cierto	número	de	estas	es-
pecies ha incrementado su rango hacia el norte de Escocia y el canal de La Man-
cha (por ejemplo, el alga Bifurcaria bifurcata,	que	en	los	últimos	5	años	ha	migra-
do	150	km	desde	su	 límite	anterior).	Por	el	contrario,	 las	especies	de	aguas	 frías	
han	retrocedido	hacia	el	norte,	como	el	cirrípedo	Balanus balanoides o el alga Ala-
ria esculentus.	Cambios	similares	se	dan	también	en	el	Mediterráneo	entre	los	años	
sesenta	y	el	año	2000	(Labrune	et al., 2007). Por ejemplo, hay un aumento del po-
liqueto Ditrupa arietina en las comunidades de Spisula subtruncata y Nephtys hom-
bergii,	mientras	que	hay	una	disminución	de	los	poliquetos	Scoloplos armiger y No-
tomastus latericeus.

Philippart (2007) recoge evidencias de grandes mortalidades de 28 especies en el
Mediterráneo	en	1999,	cuando	tuvo	lugar	en	verano	una	anomalía	térmica	posi -
tiva, combinada con un incremento en la capa de mezcla hasta los 40 m de pro-
fundidad.	El	área	impactada	se	extendía	desde	Francia	a	Italia,	incluyendo	Córce-
ga.	Entre	las	especies	más	impactadas	estaban	las	esponjas	y	las	gorgonias,	como	
Paramuricea clavata, Eunicella singularis, Lophogorgia ceratophyta, y Eunicella ca-
volini.

Por	otro	lado,	Occhipinti-Ambrogi	(2007)	ha	descrito	los	efectos	del	cambio	climá-
tico	sobre	las	especies	invasoras,	subrayando	la	importancia	de	la	presión	del	pro-
págalo	y	del	desarrollo	durante	el	curso	de	una	invasión.	El	cambio	climático	pue-
de actuar de manera directa sobre los individuos y poblaciones, o indirectamente a
través	de	la	distribución	de	las	especies,	la	diversidad	o	la	producción.	El	cambio	en	
el	clima	puede	afectar	a	los	mecanismos	de	dispersión	local	y	a	la	competencia	entre	
las	especies	autóctonas	e	invasoras.	

Según	las	conclusiones	del	estudio	de	Philippart	(2007),	el	incremento	de	tempera-
tura	del	agua	del	mar	es	esperable	que	afecte	más	a	los	mares	del	norte	que	del	sur.	
Los impactos en los ecosistemas marinos se espera que sean mayores en mares ce-
rrados	(Mediterráneo,	Adriático,	Báltico)	que	en	los	abiertos	(Atlántico).	Los	mo-
vimientos	de	especies	hacia	el	norte	se	supone	que	serán	mayores	en	el	sur	(costas	
ibéricas)	que	en	el	norte	(Noruega),	y	en	mares	abiertos	más	que	en	cerrados.	Los	
cambios	en	la	composición	de	especies	de	las	comunidades	serán	más	fuertes	en	el	
norte	que	en	el	sur	y	en	especies	endémicas.
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10.4. Implicación	del	sector	privado	en	la	I+D	
marítima

10.4.1. El	papel	de	los	puertos	en	la	I+D	marítima

Los puertos han jugado y deben seguir jugando un papel destacado en la investi-
gación	marina.	Un	factor	 importante	 lo	constituye	su	apoyo	a	 lo	que	significa	 la	
oceanografía	operacional,	a	través	del	mantenimiento	y	apoyo	a	estaciones	océa -
no-meteorológicas,	que	permitan	obtener	datos	diversos	(mareas,	oleaje,	corrien-
tes,	vientos,	temperatura,	salinidad,	etc.).	Estos	datos	son	esenciales	no	sólo	para	el	
funcionamiento	del	propio	puerto,	que	podría	operar	con	niveles	de	seguridad	cre-
cientes (incluyendo el uso de modelos predictivos y de apoyo, en caso de accidentes
de	barcos	en	ruta	de	aproximación	o	dentro	del	propio	puerto),	sino	también	como	
apoyo	a	los	estudios	de	cambio	climático.	Finalmente,	estos	estudios	también	redun-
darán	en	beneficio	de	los	propios	puertos,	puesto	que	podrán	tomar	decisiones	de	
una	manera	más	adecuada,	a	la	vista	de	los	datos	disponibles.

Por otro lado, los puertos deben ser conscientes de la necesidad de identificar los as-
pectos	ambientales	más	relevantes	que	les	afectan	(Darbra	et al., 2005), con objeto
de	efectuar	una	adecuada	gestión	ambiental	(Darbra	et al., 2004). En este sentido, la
identificación	de	indicadores	de	sostenibilidad	portuaria	resulta	esencial	(Peris-Mo-
ra et al., 2005). Una parte de estos factores ambientales vienen de la propia morfo-
logía	del	puerto,	que	puede	hacer	que	la	calidad	del	medio	se	vea	empeorada.	Por	
ello,	un	monitoreo	adecuado	servirá	para	identificar	problemas	(por	ejemplo,	con-
centraciones anormales de metales, TBTs, etc.) y tratar de corregirlo mediante ac-
tuaciones medioambientales. Otros problemas pueden estar ligados a tasas de se-
dimentación	elevadas,	que	obliguen	a	dragados	excesivamente	continuados,	con	lo	
que	puede	conllevar	de	gestión	de	dragados	de	sedimentos	contaminados.	Una	bue-
na	gestión,	junto	con	determinadas	obras	de	mejora,	permitiría	la	minimización	de	
estos problemas. Los puertos pueden y deben intervenir en los procesos de elabora-
ción	de	protocolos	de	gestión	de	dragado,	los	cuales	tendrán	presentes	los	modelos	
más	modernos	de	integración	de	técnicas	diversas	(evaluación	química,	ecotoxico-
lógica	y	biológica),	de	manera	que	se	reduzcan	los	daños	al	medio	en	las	activida-
des de la vida portuaria.

La	DMA	abre	asimismo	un	campo	a	la	colaboración	de	los	puertos	en	la	definición	
del	buen	potencial	ecológico	que	deben	alcanzar	las	masas	de	agua	muy	modifica-
das	(Borja	y	Elliott,	2007).	Desde	siempre	los	puertos	han	servido	además	como	la-
boratorios	vivos	donde	experimentar	cómo	responden	las	diferentes	especies	ante	
las	presiones	humanas	(cambios	en	la	morfología	de	la	costa,	incremento	de	la	sedi-
mentación,	contaminación	en	sedimentos,	bajas	tasas	de	renovación	y	oxigenación,	
etc.). Esto sirve, en la DMA, para contrastar la sensibilidad de muchas especies en
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relación	con	los	métodos	utilizados	en	la	determinación	del	estado	biológico.	Ade-
más,	el	estudio	de	procesos	que	se	producen	en	estos	lugares	(por	ejemplo,	 inter-
cambio de contaminantes entre la columna de agua, el sedimento y los seres vivos;
procesos	de	óxido-reducción,	etc.)	permite	aumentar	el	conocimiento	de	los	ecosis-
temas	sometidos	a	estrés.

En	el	Libro	azul	de	la	PME	se	habla	de	la	reducción	de	la	contaminación	acuática,	
pero	también	atmosférica,	desde	los	barcos,	con	iniciativas,	como	la	del	proyecto	
“Clean	Ship”	(buques	limpios),	que	pueden	ampliar	el	conocimiento	y	desarrollar	
tecnologías	de	vanguardia	para	la	reducción	de	la	contaminación	atmosférica	causada	
por	las	emisiones	de	los	buques,	así	como	incrementar	su	eficiencia	operativa	(me-
diante	la	mejora	de	la	forma	del	casco,	el	diseño	de	motores,	etc.)	o	el	uso	de	com-
bustibles	alternativos.	Paralelamente	a	la	intervención	comunitaria	e	internacional,	
las	partes	interesadas,	a	través	de	iniciativas	propias,	pueden	contribuir	de	modo	sig-
nificativo	a	estos	avances.	El	Libro	azul	también	recoge	la	necesidad	de	profundizar	
en	el	turismo	sostenible,	donde	intervienen	los	puertos	a	través	de	aspectos	como	
los cruceros, puertos deportivos, etc.

Sin	duda,	los	puertos	deben	jugar	un	papel	líder	en	aspectos	de	ingeniería	marítima,	
incluyendo	diseños	ecoeficientes,	que	tiendan	cada	vez	más	a	minimizar	los	impac-
tos	en	el	medio	marino,	garantizando	la	seguridad	portuaria	y	de	tráfico	marítimo.	
Para	ello,	el	papel	de	las	grandes	infraestructuras	de	investigación,	como	los	canales	
de	pruebas,	deben	desarrollar	más	sinergias	entre	 los	centros	de	investigación,	los	
puertos y los agentes sociales.

Enlazando	con	la	sección	siguiente,	los	puertos	han	de	asumir	un	papel	protagonis-
ta	en	la	captación	de	energías	del	mar.	Así,	los	espigones	pueden	servir	para	la	ins-
talación	de	molinos	de	viento	(como	los	instalados	en	el	puerto	de	Bilbao),	mien-
tras	que	las	nuevas	obras	pueden	albergar	captadores	de	energía	de	las	olas	(como	el	
nuevo	dique	de	Mutriku,	en	Guipúzcoa)	o	de	mareas.	

10.4.2. El	mar	como	fuente	de	energía

El	crecimiento	de	la	demanda	mundial	de	energía,	unido	al	problema	del	cambio	cli-
mático	(acelerado	por	la	quema	de	combustibles	fósiles)	y	a	los	impactos	generados	
en el medio terrestre por las fuentes tanto tradicionales como renovables de ener-
gía,	ha	hecho	que	se	busquen	en	el	mar	posibles	fuentes	de	energía.	Las	posibilida-
des	que	se	abren	son	muy	grandes	e	incluyen	fuentes	como	la	eólica,	la	del	oleaje,	las	
mareas,	las	corrientes	marinas,	y	los	gradientes	térmicos	y	salinos.

Los	grados	de	desarrollo	tecnológico	de	aprovechamiento	de	estas	energías	son	muy	
diferentes,	y	no	todos	los	 lugares	pueden	ser	utilizados	para	su	explotación.	Por	
ejemplo,	la	conversión	de	energía	del	oleaje	requiere	un	promedio	anual	de	altura	de	
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ola	alto,	junto	a	un	grado	de	exposición	al	oleaje	elevado	para	hacerlo	rentable.	Las	
mareas requieren de lugares semicerrados con elevados coeficientes de marea, mien-
tras	que	los	gradientes	térmicos	requieren	de	“saltos”	de	temperatura	superiores	a	
20 °C,	lo	que	no	ocurre	en	muchos	lugares.

Cualquiera	de	los	métodos	arriba	 indicados	tiene	sus	factores	positivos	y	sus	im-
pactos negativos sobre el medio (Gill, 2005; Petersen y Malm, 2006). El hecho de
considerar	que	una	energía	es	limpia,	porque	no	genera	gases	de	efecto	invernadero,	
no	significa	que	esté	exenta	de	impactos	sobre	el	medio	(véase	OSPAR,	2004).	Sin	
embargo,	la	instalación	de	granjas	de	energía	eólica	o	de	aprovechamiento	del	olea-
je,	presenta	oportunidades	de	investigación	que	deben	ser	tenidas	en	cuenta	(véase	
OSPAR,	2004).	Entre	las	necesidades	de	investigación	se	podrían	citar:

Disponer	de	más	datos	de	hábitats,	especies	y	poblaciones	de	los	lugares	don-
de	se	pretendan	instalar	estas	granjas.	Esto	debe	incluir	la	distribución	de	las	es-
pecies	a	lo	largo	del	año,	incluyendo	desde	el	plancton	y	el	bentos,	a	los	peces,	
aves	y	mamíferos	marinos,	prediciendo	las	áreas	que	puedan	ser	sensibles.

Datos	sobre	migraciones	y	rutas	de	aves,	mamíferos	y	peces	que	puedan	verse	
interferidas por estas infraestructuras

Investigación	de	sensibilidad	de	las	diferentes	especies,	incluyendo	la	dinámi-
ca,	ecología	y	abundancia,	así	como	su	comportamiento	ante	las	infraestructu-
ras (turbinas, boyas, etc.).

Información	sobre	la	sensibilidad	de	peces	y	mamíferos	a	los	ruidos	submarinos	
(por	ejemplo,	de	la	actividad	en	sí,	de	turbinas,	de	compresores,	etc.).

Investigación	de	los	impactos	producidos	por	cambios	en	sustratos,	emisiones	
electromagnéticas,	incrementos	en	la	temperatura	del	sedimento,	reducción	de	
oleaje tras el paso por la granja y su influencia en especies y comunidades, etc.
(Gill	(2005)	para	una	revisión).

Determinación	de	la	resiliencia	de	las	áreas,	hábitats	y	especies	a	los	cambios	
introducidos.

Desarrollo	de	modelos	hidrodinámicos	para	predecir	a	escala	local	y	regional,	
así	como	las	sinergias	y	acumulaciones	entre	varias	instalaciones,	los	cambios	
producidos	en	las	corrientes	y	dinámica	sedimentaria.

Desarrollo	de	modelos	biológicos	predictivos	y	de	riesgo	biológico.

Determinación	de	las	huellas	física	y	ecológica	creadas	por	instalaciones	sim-
ples, granjas, grupos de granjas, etc., incluyendo los efectos acumulados so-
bre los diferentes compartimientos del ecosistema. Por ejemplo, algunas gran-
jas grandes pueden tener huellas de impacto extendidas a 20-50 km2 (Gill,
2005).
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Desarrollo de indicadores cuantitativos de cambio, junto a niveles aceptables de
cambio	biológico,	y	valores	umbral.

Aplicación	del	modelo	ecosistémico	de	gestión,	teniendo	en	cuenta	considera-
ciones	ecológicas,	legales,	ambientales	y	sociales	(Santora	et al., 2004).

Desarrollo	de	métodos	de	mitigación	de	impactos	y	estudio	de	compatibilidad	
de	usos,	por	ejemplo,	entre	aprovechamiento	de	energía	y	pesquerías	(Fayram	
y de Risi, 2007) o acuicultura (Buck et al., 2004).

10.4.3. Las	nuevas	tecnologías	en	la	I+D	marina

Los	recursos	con	los	que	cuenta	 la	ciencia	y	la	tecnología	marinas	en	España	han	
sido recogidos en una obra relativamente reciente (Duarte et al.,	2006).	Según	estos	
autores,	dichas	ciencias	y	tecnologías	son	un	ejemplo	paradigmático	del	rápido	pro-
greso	de	la	investigación	científica	en	España	a	lo	largo	de	las	tres	últimas	décadas,	
al haber experimentado un notable avance en recursos humanos y materiales y en su
papel	en	el	contexto	internacional.	Este	progreso	resultó	de	la	concurrencia	de	un	
número	de	acciones	importantes,	entre	ellas,	el	crecimiento	de	la	inversión	pública	
en	I+D	y	de	las	universidades	como	principal	actor	en	la	I+D	española,	incluyen-
do	cinco	facultades	que	ofrecen	currículos	de	Ciencias	del	mar,	así	como	de	nuestra	
adhesión	a	la	Unión	Europea,	incluyendo	la	participación	en	los	Programas	marco	
de	I+D	y	una	generosa	ayuda	financiera	para	la	construcción	de	infraestructuras	de	
investigación,	incluyendo	buques	oceanográficos.

Sin embargo, Duarte et al.	(2006)	también	reseñan	que	la	catástrofe	del	Prestige	dejó	
en	evidencia	la	rápida	pérdida	de	capacidades	de	la	comunidad	científica	española,	
como	resultado	de	su	fragmentación,	la	disolución	de	grandes	consorcios	de	inves-
tigación,	 la	pérdida	de	los	marcos	cooperativos	existentes	y	 la	merma	de	acceso	a	
grandes	instalaciones,	como	buques	oceanográficos.	Aunque	se	implementaron	va-
rias	respuestas,	los	problemas	expuestos	por	la	catástrofe	del	Prestige persisten y en
gran	medida	han	aumentado,	generando	una	percepción	de	crisis	y	pesimismo	entre	
los	investigadores	marinos	españoles.	Mientras	que	los	diferentes	actores	en	ciencias	
y	tecnologías	marinas	en	España	son	conscientes	de	esta	situación,	la	fragmentación	
de	esfuerzos,	la	falta	de	coordinación	interna	de	la	comunidad	científica	y	la	pérdi-
da	de	visibilidad	de	las	ciencias	y	tecnologías	marinas	en	el	sistema	español	de	I+D,	
han impedido que se adopten medidas efectivas.

A pesar de todo, las oportunidades que las nuevas directivas europeas ofrecen para
las	ciencias	y	tecnologías	marinas	no	son	desdeñables	y	pueden	ayudar	a	la	comuni-
dad	científica	española	a	desarrollar	sus	potencialidades.	Por	ejemplo,	Minster	y	Con-
nolly	(2006)	realizan	un	estudio	sobre	las	perspectivas	de	las	tecnologías	marinas	en	
Europa, que pueden ayudarnos a entender mejor las prioridades para el futuro.
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Así,	teniendo	en	cuenta	que	los	océanos	poseen	una	importancia	estratégica,	econó-
mica	y	social	crecientes	(véase	las	secciones	de	la	DEME	y	PME),	la	investigación	
marina	deberá	jugar	un	papel	notorio	y	creciente	en	el	futuro	cercano.	Para	ello,	ade-
más	de	inversiones	en	recursos	humanos,	buques,	plataformas	de	observación,	etc.,	
se	deberá	incrementar	 la	actividad	internacional,	buscando	soluciones	a	escala	pa-
neuropea.

Teniendo esto en cuenta, y viendo las oportunidades y retos para el futuro, Minster
y	Connolly	(2006)	identifican	las	siguientes	áreas	y	temáticas	relacionadas	con	las	
tecnologías	marinas	como	las	más	importantes1:

Cambio	climático	y	océanos:	 las	 investigaciones	y	tecnologías	que	se	han	de	
desarrollar	deben	dirigirse	a	mejorar	 la	detección	y	determinación	de	impac-
tos	sobre	los	ecosistemas,	pero	también	a	minimizar	los	efectos	y	adaptarnos	
al	cambio	climático.

Márgenes	continentales:	habrá	que	desarrollar	tecnologías	para	estudiar	el	com-
portamiento de ecosistemas profundos, instalar observatorios de profundidad,
estudiar los recursos del fondo marino, etc.

Biodiversidad	marina:	estudiando	su	papel	funcional,	su	protección	y	explota-
ción,	incluyendo	aspectos	biotecnológicos	y	de	bioprospección.

Ecosistemas	costeros:	se	deberá	obtener	un	mejor	conocimiento	de	las	algas	
tóxicas,	los	virus,	y	los	impactos	sobre	la	salud	de	los	contaminantes,	incluyen-
do	aspectos	ecotoxicológicos.	También	habrá	que	desarrollar	iniciativas	de	pla-
neamiento	para	el	desarrollo	costero	y	marino,	junto	con	la	creación	de	obser-
vatorios del medio marino.

Gestión	ecosistémica	de	los	recursos:	esta	gestión	deberá	extenderse	a	todo	el	
océano,	incluyendo	los	recursos	renovables	y	no	renovables,	la	energía,	acuicul-
tura,	desarrollo	portuario,	pesca,	gestión	costera,	etc.

Oceanografía	operacional:	dentro	del	marco	del	Monitoreo	global	para	el	me-
dio	ambiente	y	la	seguridad,	deberá	desarrollarse	como	una	herramienta	prin-
cipal	para	la	predicción	estacional	del	clima,	determinación	de	riesgos,	predic-
ción	de	blooms	costeros	de	algas,	incidentes	de	contaminación,	y	como	soporte	
a	la	seguridad	marítima.	Todo	ello	se	hará	mediante	acceso	en	tiempo	real	a	los	
datos generados por las plataformas observacionales.

Tecnología	marina:	desarrollo	de	sistemas	de	observación	marina	y	submarina	
(imagen,	acústica,	láser,	etc.),	tanto	autónomos	como	operados	desde	embar-
cación;	desarrollo	de	programas	de	procesado	de	datos	y	modelado	numérico;	

1 Los	detalles	de	cada	uno	de	ellos,	con	tecnologías	concretas	pueden	verse	en	dicha	publica-
ción.
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desarrollo de material y sistemas para las actividades marinas (desde barcos, a
boyas, material de muestreo, etc.).

Infraestructuras marinas: desarrollo de sistemas innovadores que mejoren el
uso de los recursos.

10.5. Conclusiones

Las	nuevas	políticas	europeas	referidas	al	medio	marino	están	generando	una	serie	de	
actividades	de	investigación	que	van	a	actuar	como	elemento	tractor	y	de	desarrollo	
en	las	tecnologías	marinas	durante	los	próximos	años.	Para	España,	que	cuenta	con	
una importante zona costera, y que se beneficia enormemente de los recursos que
proporciona el mar y la costa (turismo, pesca, acuicultura, etc.), resulta fundamental
invertir	recursos	en	investigar	y	preservar	nuestros	mares,	ya	que	eso	nos	permitirá	
continuar realizando estas actividades de una manera sostenible. En este sentido, la
colaboración	entre	Comunidades	Autónomas,	el	Gobierno	de	España,	y	las	relacio-
nes	con	investigadores	de	otros	países,	nos	puede	colocar	en	una	situación	altamente	
competitiva	en	el	desarrollo	de	las	tecnologías	marinas	en	el	futuro	inmediato.

Bibliografía

ANADÓN, R.; DUARTE, C. M. y FARIÑA,	A.	C.	“Impactos	sobre	los	ecosistemas	ma-
rinos	y	el	sector	pesquero”.	Impactos	del	cambio	climático	en	España (J. M. More-
no	Rodríguez,	coordinador).	Oficina	Española	de	Cambio	Climático;	Secretaría	
General	para	la	Prevención	de	la	Contaminación	y	del	Cambio	Climático.	Minis-
terio de Medio Ambiente, www.mma.es/oecc. 2005.

ARÉVALO, R.; PINEDO, S. y BALLESTEROS,	E.	“Changes	 in	 the	composition	and	
structure of mediterranean rocky-shore communities following a gradient of nu-
trient enrichment: descriptive study and test of proposed methods to assess water
quality	regarding	macroalgae”.	Marine pollution bulletin, n.o	55.	2007.	Páginas:	
104-113.

BALD, J.; BORJA,	Á.;	MUXIKA, I.; FRANCO, J. y VALENCIA,	V.	“Assessing	reference	
conditions and physico-chemical status according to the European Water Fra-
mework	Directive:	a	case-study	from	the	Basque	Country	(northern	Spain)”.	
Marine pollution bulletin, n.o	50.	2005.	Páginas:	1508-1522.

BALLESTEROS, E.; TORRAS, X.; PINEDO, S.; GARCÍA, M.; MANGIALAJO, L. y DE TO-
RRES, M.	“A	new	methodology	based	on	littoral	community	cartography	domi-
nated by macroalgae for the implementation of the European Water Framework
Directive”.	Marine pollution bulletin, n.o 55.	2006.	Páginas:	172-180.

mailto:@K:
www.mma.es/oecc


447La	investigación	marina	en	las	nuevas	políticas	europeas	de	gestión	integrada

BALMFORD, A.; BRUNER, A.; COOPER, P.; COSTANZA, R.; FARBER, S.; R. E. GREEN,
JENKINS, M.; JEFFERISS, P.; JESSAMY, V.; MADDEN, J.; MUNRO, K.; MYERS, N.;
NAEEM, S.; PAAVOLA, J.; RAYMENT, M.; ROSENDO, S.; ROUGHGARDEN, J.;
TRUMPER, K. y TURNER,	R.	K.	“Economic	reasons	for	conserving	wild	nature”.	
Science, n.o	297.	2002.	Páginas:	950-953.

BEAUMONT, N. J.; AUSTEN, M. C.; ATKINS, J. P.; BURDON, D.; DEGRAER, S.; DEN-
TINHO, T. P.; DEROUS, S.; HOLM, P.; HORTON, T. y VAN IERLAND,	E.	“Identifi-
cation, definition and quantification of goods and services provided by marine
biodiversity:	implications	for	the	ecosystem	approach”.	Marine pollution bulletin,
n.o	54.	2007.	Páginas:	253-265.

BEAUMONT, N. J.; AUSTEN, M. C.; MANGI, S. C. y TOWNSEND,	M.	“Economic	va-
luation	for	 the	conservation	of	marine	biodiversity”.	 Marine pollution bulletin,
n.o 56.	2008.	Páginas:	386-396.

BEAUMONT, N.; TOWNSEND, M.; MANGI, S. y AUSTEN, M. C. Marine biodiversity. An
economic valuation.	DEFRA.	Reino	Unido,	2006.	Páginas:	73.

BEST, M. A.; WITHER, A. W. y COATES,	S.	“Dissolved	oxygen	as	a	physico-chemi-
cal	supporting	element	in	the	Water	Framework	Directive”.	Marine pollution bu-
lletin, n.o	55.	2007.	Páginas:	53-64.

BORJA, Á.	“The	European	Water	Framework	Directive:	a	challenge	 for	nearsho-
re,	coastal	and	continental	shelf	research”.	Continental shelf research, n.o 25(14).
2005.	Páginas:	1768-1783.

BORJA, Á.	“The	new	European	Marine	Strategy	Directive:	difficulties,	opportu-
nities,	and	challenges”.	Marine pollution bulletin, n.o	52.	2006.	Páginas:	239-
242.

BORJA, Á.; BALD, J.; BELZUNCE, M. J.; FRANCO, J.; GARMENDIA, J. M.; MUXIKA,
I.; REVILLA, M.; RODRÍGUEZ, G.; SOLAUN, O.; TUEROS, I.; URIARTE, A.; VA-
LENCIA, V.; ADARRAGA, I.; AGUIRREZABALAGA, F.; CRUZ, I.; LAZA, A.; MAR-
QUIEGUI, M. A.; MARTÍNEZ, J.; ORIVE, E.; RUIZ, J. Mª.;	SEOANE, S.; SOLA, J.
C. y MANZANOS, A. Red	de	seguimiento	del	estado	ecológico	de	las	aguas	de	transi-
ción	y	costeras	de	la	Comunidad	Autónoma	del	País	Vasco. Informe de AZTI-Tec-
nalia	para	la	Dirección	de	aguas	del	Departamento	de	medio	ambiente	y	orde-
nación	del	territorio	del	Gobierno	vasco.	14	tomos.	2007c.	Páginas:	59.	www.
uragentzia. euskadi.net/u81-0003/es/contenidos/informe_estudio/red_costa/es_
red_agua/2006.html.

BORJA, Á.; BALD, J.; FRANCO, J.; LARRETA, J.; MUXIKA, I.; REVILLA, M.; RODRÍ-
GUEZ, J. G.; SOLAUN, O.; URIARTE, A. y VALENCIA,	V.	“Using	multiple	ecosys-
tem components in assessing ecological status in Spanish (Basque Country) At-
lantic	marine	waters”.	Marine pollution bulletin (en prensa a).

mailto:LMB@:
mailto:@K:


448 Gestión	integrada	de	zonas	costeras

BORJA, Á.; BRICKER, S. B.; DAUER, D. M.; DEMETRIADES, N. T.; FERREIRA, J. G.;
FORBES, A. T.; HUTCHINGS, P.; KENCHINGTON, R.; MARQUES, J. C.; XIAOPING,
J. y ZHU C.	“Overview	of	integrative	tools	and	methods	in	assessing	ecological	
integrity	in	estuarine	and	coastal	systems	worldwide”.	Marine pollution bulletin,
n.o	56.	2008d.	Páginas:	1519-1537.

BORJA, Á. y DAUER, D.	M.	“Assessing	the	environmental	quality	status	in	estuarine	
and	coastal	systems:	comparing	methodologies	and	indices”.	Ecological indicators,
n.o	8(4).	2008.	Páginas:	331-337.

BORJA, Á.; DAUER, D.; DÍAZ, R.; LLANSÓ, R. J.; MUXIKA, I.; RODRÍGUEZ, J. G.
y SCHAFFNER,	L.	“Assessing	estuarine	benthic	quality	conditions	in	Chesapeake	
bay:	a	comparison	of	three	indices”.	Ecological indicators, n.o	8(4).	2008a.	Pági-
nas: 395-403.

BORJA, Á. y ELLIOTT, M.	“What	does	good	ecological	potential	mean,	within	the	
European	Water	Framework	Directive?”.	Marine pollution bulletin, n.o 54. 2007.
Páginas:	1559-1564.

BORJA, Á.; FRANCO, J. y MUXIKA,	I.	“The	Biotic	Indices	and	the	Water	Framework	
Directive:	the	required	consensus	in	the	new	benthic	monitoring	tools”.	Marine
pollution bulletin, n.o	48(3-4).	2004c.	Páginas:	405-408.

BORJA, Á.; FRANCO, J. y PÉREZ,	V.	“A	marine	biotic	index	to	establish	the	ecological	
quality of soft-bottom benthos within European estuarine and coastal environ-
ments”.	Marine pollution bulletin, n.o	40.	2000.	Páginas:	1100-1114.

BORJA, Á.; FRANCO, J.; VALENCIA, V.; BALD, J.; MUXIKA, I.; BELZUNCE, M. J. y SO-
LAUN,	O.	“Implementation	of	the	European	Water	Framework	Directive	from	the	
Basque	Country	(northern	Spain):	a	methodological	approach”.	Marine pollution
bulletin, n.o	48(3-4).	2004a.	Páginas:	209-218.

BORJA, Á.; GALPARSORO, I. y SAGARMÍNAGA, Y. Observatorio de la biodiversidad del
medio marino de la costa vasca: bienes y servicios proporcionados por la biodiversidad
marina.	Informe	de	la	Fundación	AZTI-Tecnalia	para	la	Dirección	de	biodiver-
sidad	del	Departamento	de	medio	ambiente	y	ordenación	del	territorio	del	Go-
bierno	vasco.	2007a.	Páginas:	78.

BORJA, Á. y HEINRICH,	H.	“Implementing	the	European	Water	Framework	Direc-
tive;	the	debate	continues...	”.	Marine pollution bulletin, n.o	50(4).	2005.	Pági-
nas: 486-488.

BORJA, Á.; JOSEFSON, A. B.; MILES, A.; MUXIKA, I.; OLSGARD, F.; PHILLIPS, G.; RO-
DRÍGUEZ, J. G. y RYGG,	B.	“An	approach	to	the	intercalibration	of	benthic	ecological	
status assessment in the north Atlantic ecoregion, according to the European Water
Framework	Directive”.	Marine pollution bulletin, n.o	55.	2007b.	Páginas:	42-52.

mailto:@K:


449La	investigación	marina	en	las	nuevas	políticas	europeas	de	gestión	integrada

BORJA, Á.; MADER, J.; MUXIKA, I.; RODRÍGUEZ, J. G. y BALD,	J.	“Using	M-AM-
BI in assessing benthic quality within the Water Framework Directive: some re-
marks	and	recommendations”.	Marine pollution bulletin, n.o	56.	2008c.	Páginas:	
1377-1379.

BORJA, Á.; MUXIKA, I. y RODRÍGUEZ,	J.	G.	“Paradigmatic	responses	of	marine	ben-
thic communities to different anthropogenic pressures, using M-AMBI, within
the	European	Water	Framework	Directive”.	Marine ecology, (en prensa b).

BORJA, Á.; TUEROS, I.; BELZUNCE, M. J.; GALPARSORO, I.; GARMENDIA, J. M.; RE-
VILLA, M.; SOLAUN, O. y VALENCIA,	V.	“Investigative	monitoring	within	the	
European Water Framework Directive: a coastal blast furnace slag disposal, as
an	example”.	Journal of environmental monitoring, n.o	10.	2008b.	Páginas:	453-
462.

BORJA, Á.; VALENCIA, V.; FRANCO, J.; MUXIKA, I.; BALD, J.; BELZUNCE, M. J. y SO-
LAUN,	O.	“The	water	framework	directive:	water	alone,	or	in	association	with	se-
diment	and	biota,	in	determining	quality	standards?”.	Marine pollution bulletin,
n.o	49.	2004b.	Páginas:	8-11.

BREINE, J. J.; MAES, J.; QUATAERT, P.; VAN DEN BERG, E.; SIMOENS, I.; VAN THU-
YNE, G. y BELPAIRE,	C.	“A	fish-based	assessment	tool	for	the	ecological	quality	
of	the	brackish	Schelde	estuary	in	Flanders	(Belgium)”.	Hydrobiologia, n.o 575.
2007.	Páginas:	141-159.

BROWMAN, H. I.; STERGIOU, P. M.; CURY, R.; HILBORN, S.; JENNINGS, H. K.; LOT-
ZE, P. M.; MACE, MURAWSKI, S.; PAULY, D.; SISSENWINE, M. y ZELLER,	D.	“Pers-
pectives on ecosystem-based approaches to the management of marine resour-
ces”.	Marine ecology progress series, n.o	274.	2004.	Páginas:	269-303.

BUCK, B. H.; KRAUSE, G. y ROSENTHAL,	H.	“Extensive	open	ocean	aquaculture	de-
velopment within wind farms in Germany: the prospect of offshore co-manage-
ment	and	legal	constraints”.	Ocean and coastal management, n.o	47.	2004.	Pági-
nas: 95-122.

CBD. Ecosystem approach. V Conference of the Parties to the Convention on biodi-
versity. Nairobi (Kenia), Mayo 2000. www.iisd.ca/biodiv/cop5/

COATES, S.; WAUGH, A.; ANWAR, A. y ROBSON, M.	“Efficacy	of	a	multimetric	fish	
index as an analysis tool for the transitional fish component of the Water Fra-
mework	Directive”.	Marine pollution bulletin, n.o	55.	2007.	Páginas:	225-240.

COM. Proposal for a Directive of the European Parliament and of the Council, establis-
hing a framework for Community action in the field of marine environmental policy.
COM	(2005),	505	final,	SEC	(2005),	1290.	2005a.	Páginas:	31.	http://europa.
eu.int/eur-lex/lex/LexUriServ/site/en/com/2005/com2005_ 0505en01.pdf.

mailto:LMB@:
mailto:@K:
www.iisd.ca/biodiv/cop5/
http://europa


450 Gestión	integrada	de	zonas	costeras

COM. Communication from the Commission to the Council and the European Parlia-
ment. Thematic Strategy on the protection and conservation of the marine environ-
ment.	COM	(2005),	504	final,	SEC	(2005),	1290.	2005b.	Página:	9.	http://eu-
ropa.eu.int/eur-lex/lex/LexUriServ/site/en/com/2005/com2005_ 0504en01.pdf

COM. Commission Staff Working Document. Annex to the Communication from the
Commission to the Council and the European Parliament. Thematic Strategy on the
protection and conservation of the marine environment, and proposal for a Directive of
the European Parliament and of the Council, establishing a framework for Communi-
ty action in the field of marine environmental policy. COM (2005), 504 and 505 fi-
nal,	SEC	(2005),	1290.	2005c.	Página:	79.

COM. Comunicación	de	la	Comisión	al	Parlamento	Europeo,	al	Consejo,	al	Comité	Eco-
nómico	y	Social	Europeo	y	al	Comité	de	las	Regiones.	Una	política	marítima	integra-
da	para	la	Unión	Europea. COM (2007) 575 final. 2007.

COMISIÓN EUROPEA. Libro	verde	de	la	Comisión	al	Consejo,	al	Parlamento	Europeo,	al	
Comité	Económico	y	Social	Europeo	y	al	Comité	de	las	Regiones.	Adaptación	al	cam-
bio	climático	en	Europa:	opciones	de	actuación	para	la	UE. Bruselas. 29-06-2007,
COM(2007)	354	final.	2007.	Página:	29.

COMMONWEALTH OF AUSTRALIA. Australia’s	oceans	policy,	2	vol.	1999.	Página:	104.	
www.oceans.gov.au/the_oceans_policy_overview.jsp

COSTANZA, R.; ANDRADE, F.; ANTUNES, P.; VAN DEN BELT, M.; BOERSMA, D.;
BOESCH, D. F.; CATARINO, F.; HANNA, S.; LIMBURG, K.; LOW, B.; MOLITOR, M.;
PEREIRA, J. G.; RAYNER, S.; SANTOS, R.; WILSON, J. y YOUNG, M.	“Principles	for	
sustainable	governance	of	the	oceans”.	Science, n.o	281.	1998.	Páginas:	198-199.

COSTANZA, R.; D’ARGE, R.; DE GROOT, R.; FARBER, S.; GRASSO, M.; HANNON,
B.; LIMBURG, K.; NAEEM, S.; O’NEILL, R. V.; PARUELO, J.; RASKIN, R. G.;
SUTTON, P. y VAN DEN BELT,	M.	“The	value	of	the	world’s	ecosystem	services	
and	natural	capital”.	Nature, n.o	387.	1997.	Páginas:	253-260.

COSTANZA, R.; WILSON, M.; TROY, A.; VOINOV, A.; LIU, S. y D’AGOSTINO, J. The
value	of	New	Jersey’s	ecosystem	services	and	natural	capital.	Part	II. Gund Institute
for Ecological Economics and New Jersey Department of Environmental Pro-
tection.	2006.	Página:	177.

DARBRA, R. M.; RONZA, A.; CASAL, J.; STOJANOVIC, T. A. y WOOLDRIDGE,	C.	“The	
self diagnosis method. A new methodology to assess environmental management
in	sea	ports”.	Marine pollution bulletin, n.o	48.	2004.	Páginas:	420-428.

DARBRA, R. M.; RONZA, A.; STOJANOVIC, T. A.; WOOLDRIDGE, C. y CASAL,	J.	“A	
procedure	for	identifying	significant	environmental	aspects	in	sea	ports”.	Mari-
ne pollution bulletin, n.o	50.	2005.	Páginas:	866-874.

mailto:@K:
http://eu-
www.oceans.gov.au/the_oceans_policy_overview.jsp


451La	investigación	marina	en	las	nuevas	políticas	europeas	de	gestión	integrada

DE GROOT, R. S.; WILSON, M. A. y BOUMANS, R.	M.	J.	“A	typology	for	the	classi-
fication,	description	and	valuation	of	ecosystem	functions,	goods	and	services”.	
Ecological economics, n.o	41.	2002.	Páginas:	393-408.

DEROUS, S. Marine biological valuation as a decision support tool for marine manage-
ment. Ph.	D.	Thesis.	Universidad	de	Ghent.	2007.	Páginas:	298.

DEVLIN, M.; BEST, M.; COATES, D.; BRESNAN, E.; O’BOYLE, S.; PARK, R.; SILKE,
J.; CUSACK, C. y SKEATS,	J.	“Establishing	boundary	classes	for	the	classification	
of	UK	marine	waters	using	phytoplankton	communities”.	Marine pollution bu-
lletin, n.o	55.	2007.	Páginas:	91-103.

DUARTE, C. M.; ACUÑA, J. L.; ÁLVAREZ, X. A.; BLASCO, D.; BORDONS, M.; COS-
TAS, R.; DAÑOBEITIA, J. J.; HERNÁNDEZ, S.; LOSADA, I. J.; MORALES, B.; NOM-
BELA, M. A.; RUIZ, J.; ZANUY, S.	Las	ciencias	y	tecnologías	marinas	en	España. In-
formes	CSIC.	2006.	Páginas:	296.

ELLIOTT, M.; BURDON, D.; HEMINGWAY, K. L. y APITZ,	S.	E.	“Estuarine,	coastal	and	
marine ecosystem restoration: confusing management and science. A revision of
concepts”.	Estuarine, coastal and shelf science, n.o	74.	2007.	Páginas:	349-366.

FAO.	“The	ecosystem	approach	to	fisheries.	Issues,	terminology,	principles,	institu-
tional	foundations,	implementation	and	outlook”.	FAO Fisheries Technical Paper,
443.	2003a.	Página:	76.

FAO.	“The	ecosystem	approach	to	fisheries”.	FAO Technical guidelines for responsible
fisheries.	4	(Suppl.	2).	2003b.	Página:	112.	

FAO. Putting into practice the ecosystem approach to fisheries.	FAO.	Roma.	2005.	Pá-
gina: 76.

FAO. El estado mundial de la pesca y la acuicultura, 2006.	Subdirección	de	Políticas	y	
Apoyo	en	materia	de	publicación	electrónica.	Dirección	de	Comunicación,	FAO,	
Roma.	2007.	Página:	198.

FAYRAM, A. y DE RISI,	H.	“The	potential	compatibility	of	offshore	wind	power	and	
fisheries:	an	example	using	bluefin	tuna	in	the	Adriatic	sea”.	 Ocean and coastal
management, n.o	50.	2007.	Páginas:	597-605.

FLEMMING, N. C.; VALLERGA, S.; PINARDI, N.; BEHRENS, H. W. A.; MANZELLA,
G.; PRANDLE, D. y STEL, J. H. Operational oceanography, Implementation at the
european and regional scales. Elsevier Oceanography Series, n.o	66.	1999.	Pági-
na: 572.

GILL, A.	B.	 “Offshore	 renewable	energy:	 ecological	 implications	of	generating	
electricity	in	the	coastal	zone”.	Journal of applied ecology, n.o	42.	2005.	Páginas:	
605-615.

mailto:LMB@:
mailto:@K:


452 Gestión	integrada	de	zonas	costeras

GISLASON,	H.	“The	requirements	of	an	ecosystem	approach	to	 fisheries	manage-
ment”.	Motos	&	Wilson	(ed.),	The knowledge base for fisheries management. The
Netherlands. Elsevier. 2006.

GONZÁLEZ, M.; URIARTE, A.; POZO, R. y COLLINS,	M.	“The	Prestige crisis: opera-
tional	oceanography	applied	to	oil	recovery,	by	the	Basque	fishing	fleet”.	Marine
pollution bulletin, n.o	53.	2006.	Páginas:	369-374.

GRANEK, E. F.; BRUMBAUGH, D. R.; HEPPELL, S. A.; HEPPELL, S. S. y SECORD,	D.	“A	
blueprint for the oceans: implications of two national commission reports for con-
servation	practitioners”.	Conservation biology, n.o	19.	2005.	Páginas:	1008-1018.

GUBBAY, S. A review of marine environmental indicators reporting on biodiversity aspects
of ecosystem health.	The	RSBP.	Sandy	(Reino	Unido),	2004.	Página:	74.

HALPERN, B. S.; SELKOE, K. A.; MICHELI, F. y KAPPEL,	C.V.	“Evaluating	and	ran-
king	the	vulnerability	of	global	marine	ecosystems	to	anthropogenic	 threats”.	
Conservation biology, n.o	21.	2007.	Páginas:	1301-1315.

HALPERN, B. S.; WALBRIDGE, S.; SELKOE, K. A.; KAPPEL, C. V.; MICHELI, F.;
D’AGROSA, C.; BRUNO, J. F.; CASEY, K. S.; EBERT, C.; FOX, H. E.; FUJITA, R.;
HEINEMANN, D.; LENIHAN, H. S.; MADIN, E. M. P.; PERRY, M. T.; SELIG, E. R.;
SPALDING, M.; STENECK, R. y WATSON,	R.	“A	global	map	of	human	impact	on	
marine	ecosystems”.	Science, n.o	319.	2008.	Páginas:	948-952.

HIGGS,	E.S.	“What	is	Good	Ecological	Restoration?”.	Conservation biology, n.o 11(2).
1997.	Páginas:	338-348.

JUANES, J. A.; GUINDA, X.; PUENTE, A. y REVILLA,	J.	A.	“Macroalgae,	a	suitable	in-
dicator	of	the	ecological	status	of	coastal	rocky	communities	in	the	NE	Atlantic”.	
Ecological indicators, n.o	8.	2008.	Páginas:	351-359.

LABRUNE, C.; GREMARE, A.; GUIZIEN, K. y AMOUROUX,	J.	M.	“Long-term	compa-
rison of soft bottom macrobenthos in the bay of Banyuls-sur-Mer (north-wes-
tern	Mediterranean	sea):	a	reappraisal”.	Journal of sea research, n.o	58.	2007.	Pá-
ginas: 125-143.

MATES, W. Valuing	New	Jersey’s	natural	capital:	an	assessment	of	the	economic	value	of	
the	state’s	natural	resources.	Part	I:	overview. New Jersey Department of Environ-
mental	Protection.	Estado	de	Nueva	Jersey,	2007a.	Página:	54.

MATES, W. Valuing	New	Jersey’s	natural	capital:	an	assessment	of	the	economic	value	of	
the	state’s	natural	resources.	Part	III:	natural	goods. New Jersey Department of En-
vironmental	Protection.	Estado	de	Nueva	Jersey.	2007b.	Página	99.

MCCIP. Marine Climate Change Impacts Annual Report Card 2007-2008. Eds. Bax-
ter, J. M.; Buckley, P. J.; Wallace, C. J. Summary Report, MCCIP. Lowestoft,
2008.	Página:	8	(www.mccip.org.uk).

mailto:@K:


453La	investigación	marina	en	las	nuevas	políticas	europeas	de	gestión	integrada

MCLUSKY, D. S. y ELLIOTT, M. The estuarine ecosystem: ecology, threats and manage-
ment. Oxford	University	Press.	Nueva	York,	2004.	Página:	224.

MILLENNIUM ECOSYSTEM ASSESSMENT. Ecosystems and human well-being: biodiversity
synthesis.	World	Resources	Institute.	Washington	D.C.;	2005.	Página:	100.

MINSTER, J. F.; CONNOLLY, N. Navigating the future . III Updated synthesis of pers-
pectives on marine science and technology in Europe. European Science Foundation.
Position	Paper	8.	2006.	Página:	71.

MORENO RODRÍGUEZ, J. M. (coordinador). Principales	conclusiones	de	la	evaluación	
preliminar	de	los	impactos	en	España	por	efecto	del	cambio	climático	(Proyecto	ECCE).
Oficina	Española	de	Cambio	Climático;	Secretaría	General	para	 la	Prevención	
de	la	Contaminación	y	del	Cambio	Climático;	Ministerio	de	Medio	Ambiente.	
2005 www.mma.es/oecc

MOTOS, L. y WILSON, D. C. The role of science within modern management processes
with the development of model-base evaluation tools. Motos and Wilson (ed.). The
knowledge base for fisheries management. The Netherlands. Elsevier, 2006.

MUXIKA, I.; BORJA, Á. y BALD,	J.	“Using	historical	data,	expert	judgement	and	mul-
tivariate analysis in assessing reference conditions and benthic ecological status,
according	to	the	European	Water	Framework	Directive”.	Marine pollution bulle-
tin, n.o	55.	2007.	Página:	16-29.

NICHOLSON, M. D. y JENNINGS,	S.	“Testing	candidate	indicators	to	support	ecosys-
tem-based management: the power of monitoring surveys to detect temporal
trends	in	fish	community	metrics”.	ICES Journal of marine science, n.o 61. 2004.
Página:	35-42.

OCCHIPINTI-AMBROGI,	A.	“Global	change	and	marine	communities:	alien	species	
and	climate	change”.	Marine pollution bulletin, n.o	55.	2007.	Página:	342-352.

OSPAR COMMISSION. Problems and benefits associated with the development of offshore
wind-farms. Biodiversity	Series.	2004.	Página:	18.

PARSONS, S. Ecosystem considerations in fisheries management: theory and practice. Con-
ference on the Governance of High Seas Fisheries and the UN Fish Agreement
moving	from	words	to	action.	St.	John’s,	Newfoundland	y	Labrador	2005-05-
01	a	05.	Página:	44.

PERIS-MORA, E.; DÍEZ OREJAS, J. M.; SUBIRATS, A.; IBÁÑEZ, S. y ÁLVAREZ, P.	“De-
velopment	of	a	system	of	indicators	for	sustainable	port	management”.	Marine
pollution bulletin, n.o	50.	2005.	Páginas:	1649-1660.

PETERSEN, J. K. y MALM,	T.	“Offshore	windmill	farms:	threats	to	or	possibilities	for	
the	marine	environment”.	Ambio, n.o	35.	2006.	Páginas:	75-80.

www.mccip.org.uk
mailto:LMB@:
mailto:@K:
www.mma.es/oecc


454 Gestión	integrada	de	zonas	costeras

PHILIPPART, C. J. M. Impacts of climate change on the european marine and coastal
environment. Ecosystems approach. Marine Board. European Science Foundation.
2007.	Página:	88.

REVILLA, M.; FRANCO, J.; BALD, J.; BORJA, Á. y VALENCIA,	V.	“The	assessment	of	
the phytoplankton ecological status in the Basque coast (northern Spain) accor-
ding	to	the	European	Water	Framework	Directive”.	Journal of marine systems (en
prensa), doi:10.1016/j.seares. 2008.05.009.

RIVAS, V. y CENDRERO,	A.	“Human	influence	in	a	low-hazard	coastal	area:	an	appro-
ach	to	risk	assessment	and	proposal	of	mitigation	strategies”.	Journal of coastal re-
search,	Sp.	Issue	12.	1995.	Páginas:	289-298.

RODRÍGUEZ, J. G.; TUEROS, I.; BORJA, Á.; BELZUNCE, M. J.; FRANCO, J.; SOLAUN,
O.; VALENCIA, V. y ZUAZO,	A.	“Maximum	likelihood	mixture	estimation	to	de-
termine metal background values in estuarine and coastal sediments within the
European	Water	Framework	Directive”. Science of the total environment, n.o 370.
2006.	Páginas:	278-293.

ROGERS, S. I.; TASKER, M. L.; EARLL, R. y GUBBAY,	S.	“Ecosystem	objectives	to	su-
pport	the	UK	vision	for	the	marine	environment”.	Marine pollution bulletin, n.o
54.	2007.	Páginas:	128-144.

ROMERO, J.; MARTÍNEZ-CREGO, B.; ALCOVERRO, T. y PÉREZ,	M.	“A	multivariate	
index based on the seagrass Posidonia oceanica (POMI) to assess ecological status
of	coastal	waters	under	the	water	framework	directive	(WFD)”.	Marine pollution
bulletin, n.o	55.	2007.	Páginas:	196-204.

ROSENBERG, R.; BLOMQVIST, M.; NILSSON, H. C.; CEDERWALL, H. y DIMMING, A.
“Marine	quality	assessment	by	use	of	benthic	species-abundance	distributions:	a	
proposed new protocol within the European Union Water Framework Directi-
ve”.	Marine pollution bulletin, n.o	49.	2004.	Páginas:	728-739.

RUDD,	M.	A.	“An	 institutional	 framework	for	designing	and	monitoring	ecosys-
tem-based	fisheries	management	policy	experiments”.	Ecological economics, n.o 48.
2004.	Páginas:	109-124.

SANTORA, C.; HADE, N. y ODELL, J.	“Managing	offshore	wind	developments	in	the	
United States: legal, environmental and social considerations using a case stu-
dy	in	Nantucket	Sound”.	Ocean and coastal management, n.o	47.	2004.	Páginas:	
141-164.

TUEROS, I.; RODRÍGUEZ, J. G.; BORJA, Á.; SOLAUN, O.; VALENCIA, V. y MILLÁN, E.
“Metal	background	levels	in	estuarine	and	coastal	waters,	for	use	in	physico-che-
mical	assessment	within	the	European	Water	Framework	Directive”.	Science of the
total environment (en prensa), doi:10.1016/j.scitotenv. 2008.08.026.

mailto:@K:


455La	investigación	marina	en	las	nuevas	políticas	europeas	de	gestión	integrada

UNCLOS. United Nations Convention on the Law of the Sea.	Bahía	Montego	(Jamai-
ca),	1982-12-10.	Página:	202.	www.un.org/Depts/los/index.htm.

URIARTE, A. y BORJA,	Á.	“Assessing	fish	quality	status	in	transitional	waters,	within	
the European Water Framework Directive: setting boundary classes and respon-
ding	to	anthropogenic	pressures”.	Estuarine, coastal and shelf science (en prensa).

VARGAS YÁÑEZ, M.; GARCÍA MARTÍNEZ, M. C.; MOYA, F.; TEL, E.; PARRILLA, G.;
PLAZA, F. y LAVÍN, A. Cambio	climático	en	el	Mediterráneo	español. Temas de Ocea-
nografía,	Instituto	Español	de	Oceanografía,	n.o	1.	2008.	Páginas:	159.

WELLS, E.; WILKINSON, M.; WOOD, P. y SCANLAN,	C.	“The	use	of	macroalgal	spe-
cies richness and composition on intertidal rocky seashores in the assessment of
ecological	quality	under	the	European	Water	Framework	Directive”.	Marine po-
llution bulletin, n.o	55.	2007.	Páginas:	151-161.

WILKINSON, M.; WOOD, P.; WELLS, E. y SCANLAN,	C.	“Using	attached	macroalgae	
to assess ecological status of British estuaries for the European Water Framework
Directive”.	Marine pollution bulletin, n.o	55.	2007.	Páginas:	136-150.

WSSD. Report of the world summit on sustainable development. 2002-26 agosto al
4	septiembre.	Johannesburgo,	(Suráfrica).	A/Conf.	199/20.	Naciones	Unidas.	
Nueva York, 2002. ISBN: 92-1-204247-3.

mailto:LMB@:
mailto:@K:
www.un.org/Depts/los/index.htm


07

> Resumen

En este trabajo se presenta la “Red de seguimiento del estado ecológico de las aguas estuáricas y costeras de la Comunidad
Autónoma del País Vasco”, que comenzó a desarrollar el Departamento de Medio Ambiente y Ordenación del Territorio del
Gobierno Vasco en 1994. Esta Red, que ha ido adaptándose a la Directiva Marco del Agua europea, controla 18 masas de agua
mediante un total de 51 estaciones de muestreo. Las metodologías desarrolladas en el País Vasco han permitido determinar el
estado biológico del fitoplancton, macroalgas, macroinvertebrados bentónicos y peces, lo que, junto a las metodologías
aplicadas para la caracterización del estado físico-químico, facilitan una adecuada caracterización del estado ecológico.
Últimamente la evolución de éste está siendo muy positiva, por lo que se espera que para 2015 todas las masas de agua de
transición y costeras vascas alcancen el buen estado ecológico.

> Laburpena

“Euskal Autonomia Erkidegoko trantsizio-uren eta itsasertzeko uren egoera ekologikoaren jarraipena egiteko sarearen”
proiektua aurkezten dugu testu honen bidez. Proiektu hori Ingurumen eta Lurralde Antolamendu Sailak jarri zuen abian 1994an.
2000/60/EE Uraren Esparru Zuzentarauaren eskakizunei egokituta, sare honek 18 ur-masa kontrolatzen ditu 51 laginketa-
punturen bitartez. Euskal Autonomia Erkidegoan garatutako metodologiei esker fitoplankton, makroalga,  makroornogabe
bentoniko eta arrainen  egoera biologikoa zehaztu ahal izan dugu. Aurrekoarekin batera eta egoera fisiko-kimikoa zehazteko
metodologiak aintzat hartuta egoera ekologikoaren karakterizazio egokia eskuratzen ari gara. Azken aldian egoera ekologikoaren
bilakaera oso positiboa izan da. Honenbestez, 2015ean euskal trantsizio eta itsasertzeko ur-masa guztien egoera ekologiko ona
lortzea espero dugu 

> Abstract
This contribution presents the “Monitoring Network of the ecological status of estuarine and coastal waters, within the Basque
Country”, managed by the Environment and Regional Planning Department of the Basque Government, since 1994. This Network
has been adapted to the European Water Framework Directive, and monitors 18 water bodies, by means of 51 sampling stations.
The methodologies developed in the Basque Country have permitted the assessment of the biological status of phytoplankton,
macroalgae, benthic macroinvertebrates, and fishes. This assessment, together with the methods developed to determine
physico-chemical status, give and adequate assessment of the ecological status. In recent years, the evolution of the status is
very positive, and it is expected that, by 2015, all marine water bodies will achieve a good ecological status.
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• Introducción

La Directiva Marco del Agua (DMA) (Directiva 2000/60/CE del Parlamento Europeo y del Consejo, de
23 de octubre de 2000, por la que se establece un marco comunitario de actuación en el ámbito de la
política de aguas) establece, en su artículo 8, las bases para el seguimiento del estado de las aguas
superficiales, junto a los diferentes indicadores de calidad, definiciones de estado ecológico y
estrategias para el establecimiento de redes de seguimiento (Borja, 2005).

A la Agencia Vasca del Agua, adscrita al Departamento de Medio Ambiente y Ordenación del Territorio
(DMAOT), del Gobierno Vasco, le corresponde efectuar el análisis, control y seguimiento de los
objetivos y programas de calidad de las aguas, precisos para el ejercicio de las atribuciones en materia
de planificación hidrológica, así como la gestión de los recursos y aprovechamientos hidráulicos en
coordinación con los demás departamentos afectados.

En relación a la vigilancia de la calidad del medio estuárico y marino, desde 1994 AZTI-Tecnalia ha
venido colaborando con el DMAOT en el control de la calidad del medio marino, a través de la “Red
de seguimiento del estado ecológico de las aguas de transición y costeras de la Comunidad Autónoma
del País Vasco (CAPV)”. Los objetivos de esta Red son:

- Establecer un instrumento de control del estado y la evolución de la calidad de las aguas que
permita conocer las características de la calidad de los ecosistemas estuáricos y costeros.

- Constituir una documentación básica y valiosa para el adecuado desarrollo de la investigación
científica sobre la materia en el ámbito de la CAPV y que sean divulgables los resultados de la
misma mediante publicaciones y/o aportaciones a la página Web del DMAOT.

- Verificar la incidencia de las acciones de depuración y saneamiento y detectar posibles agresiones
al medio hídrico.

- Conocer los niveles naturales que presentan las diferentes variables químicas, microbiológicas y
biológicas, para poder establecer las características de las estaciones de muestreo y así poder
adaptarse a los criterios establecidos por la DMA, determinando su estado ecológico.

El estado ecológico de una masa de agua viene dado por el estudio de las condiciones de los
elementos biológicos (fitoplancton, macroalgas, angiospermas, macrobentos y peces), las
condiciones físico-químicas y las condiciones hidromorfológicas (Borja, 2005). Así, en la
determinación del estado, se pueden diferenciar cinco niveles de calidad: cuando los datos de la Red
de Calidad son similares a las condiciones de referencia establecidas para la costa vasca, se
considera que la zona está en ‘muy buen estado ecológico’, cuando hay una ligera variación está en
‘buen estado’, cuando la variación es moderada se considera en ‘estado aceptable’, si varía de forma
importante el ‘estado será deficiente’ y si la variación es severa el ‘estado será malo’. El objetivo
principal de la DMA es que, para 2015, todas las masas de agua europeas alcancen al menos el ‘buen
estado ecológico’.

Tras 13 de años de seguimiento este artículo quiere dar a conocer la aplicación que se está realizando
de la DMA en el medio marino del País Vasco y la situación actual de las masas de agua.

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco
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• Descripción de la Red de Calidad

Para una información más detallada sobre la ubicación y características de las estaciones de muestreo,
metodologías de muestreo y limitaciones técnicas se recomienda consultar el volumen de metodología
correspondiente al informe de la Red, realizado para la campaña del año 2006 (Borja et al., 2007b), y
disponible en la página web de la Agencia Vasca del Agua. En resumen, actualmente, la Red de
Calidad consta de 18 masas de agua (14 en aguas de transición o estuáricas y 4 en aguas costeras),
en las que se analizan 32 estaciones de muestreo estuáricas y 19 costeras (Fig. 1). Además, existen
otros tipos de estaciones, como las 13 de moluscos o biomonitores (que corresponden a una por
estuario excepto en el Nervión, con dos estaciones de muestreo), las estaciones de muestreo de
macroalgas o los transectos de peces. 

En todas las masas de agua se controlan diferentes elementos de calidad e indicadores, que se
muestrean con diferentes frecuencias (Tabla 1). El control que se realiza en estas masas de agua se
califica de monitoreo rutinario u operacional, que es el que se debe dar para determinar el estado
ecológico. Por otro lado, existe la posibilidad de desarrollar redes de monitoreo de investigación, cuando
las causas del estado en que se encuentra una masa de agua sean desconocidas o cuando sobrevengan
hechos extraordinarios, como el hundimiento de un buque petrolero u otros (Borja et al., 2008).

En Borja et al. (2004a, 2004e, 2006) pueden verse los criterios de delimitación de masas de agua de
transición y costeras, los criterios de tipificación de las masas de agua del País Vasco, así como las
condiciones de referencia de cada elemento biológico y físico-químico. En la costa vasca se han
determinado cuatro tipologías (Tabla 1): (i) Tipo I: Estuarios dominados por pequeños ríos; (ii) Tipo II:
Estuarios con grandes zonas intermareales; (iii) Tipo III: Estuarios con grandes zonas submareales; y (iv)
Tipo IV: Costa expuesta.

Algunas masas de agua, como las del Nervión y el Oiartzun, se han clasificado como ‘Masas de Agua
Muy Modificadas’, por las alteraciones hidromorfológicas relevantes que presentan, junto con las
actividades antrópicas de interés socioeconómico (actividad portuaria, industrial, etc.), y reciben un
tratamiento específico dentro de la DMA (Borja y Elliott, 2007). En otros casos, las masas de agua se
han subdividido, debido a las presiones que sufren. Así, los estuarios del Nervión y el Oka se han
dividido entre la parte exterior e interior, y de la masa de agua costera de Getaria-Higer se ha
desgajado la parte correspondiente al emisario submarino de Mompás. En todos estos casos las
presiones diferenciales requieren dicha separación, con objeto de realizar planes específicos de
restauración (Borja et al., 2004e, 2006).

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Figura 1. 
Red de seguimiento del estado
ecológico de las aguas
estuáricas y costeras de la
Comunidad Autónoma del País
Vasco, para la Directiva Marco
del Agua. Se muestran las
masas de agua costeras
(nombres y posición de las
estaciones en azul) y estuáricas
(nombres en amarillo y posición
de las estaciones en verde).
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• Elementos de calidad y métodos de evaluación del estado

1. Sustancias prioritarias

Las sustancias prioritarias son indicadores de contaminación específica, que se utilizan para
establecer el Estado Químico. Estas sustancias, que vienen recogidas en la DMA y en la propuesta de
Directiva de sustancias prioritarias, son fundamentalmente metales disueltos en aguas y compuestos
orgánicos (p. ej. PAH, PCB, DDT, etc.). Sin embargo, aunque la DMA prácticamente no hace referencia
a los sedimentos o los biomonitores (mejillones, ostras), se ha discutido bastante la conveniencia de
su incorporación a la vigilancia ambiental (Borja et al., 2004c; Borja y Heinrich, 2005) y se están
analizando en la costa vasca. 

La calificación del estado químico se basa en dichos contaminantes, de manera que, cuando la media
de concentraciones del período de estudio está por encima de los objetivos de calidad de la Directiva
de sustancias prioritarias, hará que una masa de agua ‘No cumpla’ para el estado químico. Los
objetivos de calidad para las diferentes matrices analizadas pueden verse en Borja et al. (2007b), así
como la metodología de integración de los datos.

2. Elementos físico-químicos

Según la DMA el componente con mayor peso específico en la determinación del estado
ecológico son los elementos biológicos siendo el componente físico-químico determinante
únicamente para la determinación del muy buen estado o del buen estado (Borja et al., 2004a).

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Tabla 1. Frecuencia de muestreo de cada elemento biológico (Fito.: fitoplancton; algas, bentos y peces),
fisico-químico (Elem F-Q), y sustancias prioritarias (en aguas, sedimentos y biomonitores), en las masas
de agua de la Red de Calidad del País Vasco. Se indica también la tipología a la que están adscritas
(ver texto para explicación), el número de estaciones por masa de agua y la época de muestreo. Nota,
los muestreos son: M= mensual; T= trimestral; S= semestral; A= anual; C= según cronograma, cada
tres años; S/T= semestral o trimestral, según las estaciones; T/M= trimestral o mensual, según las
estaciones y sustancias.
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Además de la temperatura y la salinidad, que son básicas para determinar los tramos de las
aguas de transición y costeras, las variables que intervienen para la determinación del estado
físico-químico son aquellas que actúan como soporte de la vida acuática. Así, están las
propiedades ópticas (medida por turbidez y concentración de sólidos en suspensión), las
condiciones de oxigenación (porcentaje de saturación de oxígeno) y las condiciones relativas a
los nutrientes (amonio, nitrato, y fosfato). Para ellas se han definido condiciones de ‘muy buen’
y de ‘mal estado’, en función de la legislación, el juicio de experto y la modelización, según los
diferentes tramos salinos de estuarios y costa. La metodología de determinación del estado se
describe en Borja et al. (2004a) y Bald et al. (2005), basándose fundamentalmente en un análisis
multivariante (análisis factorial y análisis discriminante), que mide la distancia que hay entre las
muestras tomadas en la Red de Calidad y las condiciones de ‘muy buen’ y de ‘mal estado’. Esto
permite obtener un valor conocido como Ecological Quality Ratio (EQR), que oscila entre 0 (mal
estado) y 1 (muy buen estado), dividiéndose en los cinco niveles de calidad mencionados en la
Introducción.

3. Elementos biológicos

- Fitoplancton
Aunque desde el País Vasco se han propuesto algunas metodologías para determinar el estado del
fitoplancton (Borja et al., 2004a, 2007b), este elemento está todavía en fase de determinación de
indicadores para las aguas estuáricas. Para la zona costera se ha intercalibrado recientemente los
aspectos referidos a biomasa fitoplanctónica (clorofila a) y blooms de algas (Revilla et al., 2008). En el
caso de los estuarios la propuesta tiene en cuenta los blooms (>106 cél.l-1) producidos por especies
tóxicas para la salud humana, tóxicas para la flora y fauna y especies indicadoras de eutrofia, junto a
la concentración de clorofila (>16 mg.l-1 se considera malo). 

- Macroalgas 
Al igual que en fitoplancton, este elemento tiene una metodología más elaborada para costas (Juanes
et al., 2008) que para estuarios. Hasta ahora se ha venido utilizando en estuarios el método propuesto
por Borja et al. (2004a), aunque adaptando los términos de cada indicador. Normalmente se utilizan
cuatro indicadores: la riqueza, la cobertura de especies tolerantes y sensibles a la contaminación, y el
ratio entre algas verdes y el resto de algas y fanerógamas. El método es multimétrico, asignándose un
valor (1, 3 y 5) a cada indicador, en función que la calidad sea peor o mejor, y siendo el resultado total
la suma de dichos valores (Tabla 2).

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Tabla 2. Método multimétrico para la calificación del estado de las algas en estuarios (Borja et al.,
2004a). La calificación viene dada por la suma del valor de cada indicador: Muy Buena (18 a 20), Buena
(14 a 17), Aceptable (10 a 13), Deficiente (7 a 9) y Mala (4 a 6).



12

- Macroinvertebrados bentónicos
Este es el elemento biológico sobre el que más se ha avanzado, siendo la metodología aquí
desarrollada la base para muchos de los métodos que se están utilizando en Europa. El método
utilizado es un análisis multivariante similar al de la físico-química, llamado M-AMBI (Borja et al.,
2004a, Muxika et al., 2007), y que incorpora la riqueza específica, la diversidad y el índice AMBI (AZTI
Marine Biotic Index) (Borja et al., 2000, 2004b).

Las condiciones de referencia se establecen en base a las comunidades bentónicas asociadas a cada
tipología determinada en el País Vasco, según los tramos salinos. Así, en función de los valores de los
parámetros estructurales más altos dentro del rango habitual en comunidades no alteradas (Borja et al.,
2004d), se escogen las condiciones de referencia del ‘muy buen estado’ (Tabla 3), mientras que los valores
de ‘muy mal estado’ se corresponden con los de las zonas azoicas. Los resultados de aplicar este método
han sido intercalibrados con otros países europeos, con muy buenos resultados (Borja et al., 2007a).

- Fauna ictiológica
La metodología aplicada ha sido descrita por Borja et al. (2004a, 2007b) y se basa nuevamente en un
índice multimétrico, en el que tienen cabida la riqueza específica, especies indicadoras de
contaminación, especies introducidas, salud piscícola, presencia de peces planos, composición trófica
y especies residentes en el estuario (Tabla 4).

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Tabla 3. Condiciones de referencia de ‘muy buen estado’ del bentos marino, utilizadas en el cálculo del
estado ecológico (Borja et al., 2004a; Muxika et al., 2007).

Tabla 4. Indicadores establecidos para las comunidades demersales (peces y crustáceos) de estuario
en el País Vasco, así como sus valores correspondientes. La suma de valores da la calificación: Muy
Bueno: 39 a 45; Bueno: 31-38; Aceptable: 24-30; Malo: 17-23; Muy Malo: 9 a 16.
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Los límites de clase de los EQR, que proporcionan el estado de cada elemento, se determinan a
través de la intercalibración (Borja et al., 2007a). Cuando no existen estos límites
intercalibrados, en el País Vasco se ha optado por utilizar los recomendados en los grupos de
trabajo (Tabla 5).

• Integración de resultados en una única evaluación del estado ecológico

1. Integración en el estado químico de aguas, sedimentos y biomonitores

La DMA establece que la evaluación del estado químico debe hacerse teniendo en cuenta las aguas.
Esto plantea varios interrogantes respecto al uso de sedimentos y biomonitores, que fueron discutidos
en Borja et al. (2004c) y Borja y Heinrich (2005). Así, teniendo en cuenta las prioridades establecidas
en la DMA (que da más preeminencia a las aguas que a los sedimentos o los biomonitores), se propuso
integrar los elementos en la forma indicada en la Tabla 6. Para ello se utilizan los valores medios
anuales o trianuales, dependiendo de la necesidad de informar.

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Tabla 6. Aproximación a la valoración del Estado químico, sobre la base del período de estudio,
utilizando los objetivos de calidad marcados por la propuesta de Directiva de Sustancias Prioritarias y
otros elementos descritos en Borja et al. (2007b).

Tabla 5. Límites de clase para las condiciones de referencia en cada elemento biológico, actualmente
utilizados en el País Vasco. Los colores utilizados son los que la directiva de aguas marca para cada
clase de calidad. F-Q: físico-química; Fitopl.: fitoplancton; ND: no definido.
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2. Integración de los diferentes elementos en el estado ecológico

En principio, según la DMA, la valoración global corresponde a la peor de las valoraciones efectuadas
para cada uno de los indicadores biológicos. Es decir, que si, por ejemplo, para el fitoplancton
corresponde una valoración de ‘aceptable’ y el resto de indicadores presenta un ‘buen estado
ecológico’, la valoración será de ‘aceptable estado ecológico’. Teniendo en cuenta que algunos de los
indicadores biológicos no se muestrean todos los años en todos los puntos (p. ej. peces o
macroalgas), y que tampoco se ha efectuado un desarrollo exhaustivo de la metodología a aplicar
para cada indicador, se ha creído conveniente hacer una ponderación en los resultados (Borja et al.,
2004a) (Fig. 2). En base a esta ponderación, aquellos elementos para los que las metodologías están
más desarrolladas (como el bentos), o intercalibradas, tienen un peso mayor en la decisión del
estado.

Una vez que se han valorado los elementos biológicos hay que tener en cuenta los físico-químicos y
los químicos, siguiendo los criterios expuestos en Borja et al. (2004a) y Rodríguez et al. (2006) y
recogidos en la Fig. 2. Básicamente lo que se hace es evaluar la calidad físico-química mediante un
análisis de componentes principales y luego la calidad química. En este último caso, cuando las
concentraciones de las sustancias prioritarias están bajo el nivel de fondo, se considera que el ‘estado

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Figura 2. 
Proceso de calificación del
Estado Ecológico, basado en
la Directiva 2000/60/CE y en
Borja et al. (2004a).
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es muy bueno’, cuando la concentración está entre el nivel de fondo y el objetivo de calidad el ‘estado
es bueno’, y si está por encima del objetivo de calidad el ‘estado es aceptable’. Del cruce de ambos
grupos de elementos se obtiene el resultado del estado ecológico (Fig. 2).

Finalmente, tras este proceso, es posible obtener la evolución del estado ecológico en los estuarios y
costas del País Vasco (Fig. 3). En general, se observa que la evolución está siendo positiva, habiéndose
mejorado mucho la calidad en la última década, especialmente cuando la depuración biológica en las
cuencas vertientes y en las poblaciones costeras se ha ido extendiendo. Además, la puesta en marcha
de planes que permitan cambiar los sistemas productivos por otros menos contaminantes (por ejemplo
en papeleras, industria de tratamientos superficiales, industria siderúrgica, etc.) también ha ayudado
en la mejora de las condiciones. A pesar de ello, en los estuarios todavía hay un porcentaje elevado
de estaciones que no cumplen con el buen estado ecológico, pero a la vista de la evolución se puede
afirmar que el País Vasco está en el buen camino para poder cumplir mayoritariamente con la DMA en
2015. Hay que tener en cuenta que para ayudar en este proceso se deberán emprender acciones de
restauración, saneamiento y recuperación de los ecosistemas acuáticos en los años que restan hasta
dicha fecha. •

La aplicación de la Directiva Marco del Agua en la zona costera
y estuárica del País Vasco

Figura 3. 
Evolución del estado ecológico
en los estuarios y litoral del País
Vasco, siguiendo la metodología
expuesta en la Fig. 2. M: Mal
estado, D: Deficiente, A:
Aceptable, B: Bueno, MB: Muy
Bueno.
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Eva Marı́a Tello, Ainhize Uriarte, Victoriano Valencia

AZTIdTecnalia, Marine Research Division, Herrera Kaia, Portualdea s/n, 20110 Pasaia, Spain

Received 27 April 2005; accepted 28 July 2005

Available online 19 September 2005

Abstract

The European Water Framework Directive (WFD) establishes a framework for the protection of groundwater, inland surface

waters, estuarine waters, and coastal waters. The WFD constitutes a new view of water resources management in Europe, based

mainly upon ecological elements; its final objective is achieving at least ‘good ecological quality status’ for all water bodies by

2015. The approach to identify these water bodies includes, amongst others, the sub-division of a water body into smaller water

bodies, according to pressures and resulting impacts. The analyses of pressures and impacts must consider how pressures would

be likely to develop, prior to 2015, in ways that would place water bodies at risk of failing to achieve ecological good status, if ap-

propriate programmes of measures were not designed and implemented. This contribution focuses on the use of the DPSIR (Driver,

Pressure, State, Impact, Response) approach, in assessing the pressures and risk of failing the abovementioned objective, using the

Basque (northern Spain) estuarine and coastal waters as a case study, using the following steps: (i) determination of the water bodies

to be analysed; (ii) identification and description of the driving forces producing pressures over the region; (iii) identification of all

existing pressures within the water bodies; (iv) identification, from them, of the most relevant pressures; (v) determination, from the

relevant pressures, of those which are significant; (vi) assessing the impacts on water bodies (in terms of ecological and chemical

impacts); and (vii) assessing the risk of failing the WFD objectives.

� 2005 Elsevier Ltd. All rights reserved.

Keywords: Water Framework Directive; DPSIR approach; pressure; environmental impact; risk assessment; Basque Country

1. Introduction

The European Water Framework Directive (WFD;
2000/60/EC) establishes a framework for the protection
of groundwater, inland surface waters, estuarine
(Z transitional) waters, and coastal waters. This legisla-
tion has several well-defined objectives: (i) to prevent
further deterioration, to protect and to enhance the sta-
tus of water resources; (ii) to promote sustainable water

use; (iii) to enhance protection and improvement of the
aquatic environment, through specific measures for the
progressive reduction of discharges; (iv) to ensure the pro-
gressive reduction of pollution of groundwater and
prevent its further pollution; and (v) to contribute to
mitigating the effects of floods and droughts. Overall,
its final objective is achieving at least ‘good ecological
quality status’ for all water bodies by 2015. The status
will be based upon the biological (phytoplankton, mac-
roalgae, benthos and fishes), hydromorphological and
physico-chemical quality elements, with the biological
elements being especially important.
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In order to assist the WFD implementation, a ‘Com-
mon Implementation Strategy’ (CIS) was agreed in May
2001. The CIS incorporated four key activities, which
include: (i) the development of guidance on technical is-
sues; and (ii) the application, testing and validation of
the guidance provided. Several working groups were
created to deal with these issues. The COAST working
group dealt specifically with transitional and coastal
waters, with their guidance document being published
in http://forum.europa.eu.int/Public/irc/env/wfd/home
(see Vincent et al., 2002; Murray et al., 2002).
The WFD requires surface waters within the River

Basin District to be divided into water bodies, represent-
ing the classification and management unit of the Direc-
tive. The WFD defines a ‘water body’ as ‘‘a discrete and
significant element of surface water such as a lake, a river,
a transitional water or a stretch of coastal water’’.
The suggested hierarchical approach to the identifica-

tion of surface water bodies includes: (i) the definition
of the River Basin District; (ii) the division of surface
waters into one of six surface water categories (i.e. riv-
ers, lakes, transitional waters, coastal waters, artificial
waters and heavily modified water bodies); (iii) the
sub-division of surface water categories into types, then
assigning the surface waters to one of those types; and
(iv) the sub-division of a water body of one type into
smaller water bodies, according to pressures and result-
ing impacts (for details, see Vincent et al., 2002; Borja
et al., 2004a; Heiskanen et al., 2004).
Recently, some methodological approaches to imple-

menting parts of such a complex Directive have been de-
veloped in Europe (Henocque and Andral, 2003; Borja
et al., 2004a,b,c; Casazza et al., 2004). However, taking
into account the very considerable amount of work to be
carried out, some complementary research should be un-
dertaken in order to accomplish the abovementioned
WFD objectives, as highlighted by Borja (2005).
Within the context of this strategy, a working group

was set up, focused upon the identification of pressures
and assessment of impacts, within the characterisation
of water bodies, according to Article 5 of the Directive.
The main objective of this working group, launched in
October 2001 and named IMPRESS, was the develop-
ment of a non-legally binding and practical Guidance
Document on this topic within the WFD. Their conclu-
sions were published as WFD CIS Guidance Document
No. 3 (IMPRESS, 2002).
The analysis of pressures and impacts must consider

how pressures would be likely to develop, prior to
2015, in ways that would place water bodies at risk of
failing to achieve ecological good status if appropriate
programmes of measures were not designed and imple-
mented (IMPRESS, 2002). This will require consider-
ation of the effects of existing legislation and forecasts
of how the key economic factors that influence water
uses will evolve over time; likewise, how these changes

may affect the pressures on the water environment.
Therefore, it is not clear how to assess, in practice, the
risks of failing to achieve this objective. Clarification
may be provided in a daughter Directive, to be estab-
lished under Article 17. This Directive is expected also
to establish criteria for the identification of significant
and sustained upward trends [Article 4.1(b)(iii)]. Until
these criteria have been established, Member States will
need to decide what constitutes a significant and sus-
tained upward trend, according to their own criteria.
The review of the pressures and impacts is required, in
the design of monitoring programmes which must be
operational by 2006 (Article 8), and also to help develop
programmes of measures, which must be established by
2009, to be made operational by 2012 (Article 11).
In this way, IMPRESS (2002) established the DPSIR

(Driver, Pressure, State, Impact, Response) approach
(OECD, 1993; Elliott, 2002; European Commission,
2002) as a possible analytical framework for determin-
ing pressures and impacts under the WFD. The DPSIR
Framework provides an overall mechanism for analy-
sing environmental problems, with regards to sustain-
able development. Hence, ‘Driving Forces’ are
considered normally to be the economic and social pol-
icies of governments, and economic and social goals of
those involved in industry. ‘Pressures’ are the ways that
these drivers are actually expressed, and the specific
ways that ecosystems and their components are per-
turbed, i.e. for the ecosystem effects of fishing, the cen-
tral pressure would be fishing effort. These pressures
degrade the ‘State’ of the environment, which then ‘Im-
pacts’ upon human health and ecosystems, causing soci-
ety to ‘Respond’ with various policy measures, such as
regulations, information and taxes; these can be directed
at any other part of the system.
Likewise, ideally, a pressures and impacts assessment

will be a four-step process:

e describing the ‘driving forces’, especially land use,
urban development, industry, agriculture and other
activities which lead to pressures, without regard
to their actual impacts;

e identifying pressures with possible impacts on the
water body and on water uses, by considering the
magnitude of the pressures and the susceptibility of
the water body;

e assessing the impacts resulting from the pressures;
and

e evaluating the risk of failing the WFD objectives.

Although this methodological approach offers only
general guidelines, in assessing such impacts and risks
(IMPRESS, 2002), some applications of the DPSIR ap-
proach to marine waters have been undertaken recently
(Elliott, 2002; Ledoux and Turner, 2002; Casazza et al.,
2002; Bowen and Riley, 2003; Bricker et al., 2003; Cave
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et al., 2003; Newton et al., 2003; Islam and Tanaka,
2004; Scheren et al., 2004; Xu et al., 2004); however,
these studies have not focused on the WFD objectives.
Hence, the objective of this contribution is to analyse
the pressures and impacts at a regional level (taking
the Basque Country, in the northern Spain, as a case
study), developing further methodologies, to be able to
assess the risks of failing the WFD objective of achiev-
ing at least good ecological status, by 2015. In this con-
tribution, responses to the impacts have not been
considered, although they are included in Borja et al.
(2004e).

2. Methodological approach

The oceanography and general marine quality of the
Basque Country have been studied extensively (Borja
and Collins, 2004). Moreover, under the WFD, some
methodological approaches have been published recently
(Borja et al., 2000, 2004a,b,c; Borja and Heinrich,
2005; Borja, 2005). Hence, the use of the Basque estua-
rine and coastal waters, in applying the DPSIR ap-
proach, could be helpful to other regions and Member
States, in assessing the risk in failing the WFD
objectives.
The above-mentioned IMPRESS four-step process

has been refined into the seven steps below.

2.1. Determination of the water bodies to be analysed

The transitional and coastal water bodies in the Bas-
que Country were determined following the criteria be-
low (for additional details, see Borja et al., 2004a,e).
For transitional waters, the external limits were estab-
lished by the geomorphological locations limiting the es-
tuarine waters, whilst the lateral and internal limits were
established using the highest spring tidal limit (4.5 m,
following González et al., 2004). The WFD does not de-
fine the minimal size limit of the water bodies, except for
lakes, in which the size criteria is 0.5 km2. Hence, the
same size was used here, together with the ecological
functionality of the estuary (which depends upon energy
availability and capacity to maintain most of the natural
processes in the estuary, at different scales and compart-
ments of the system).
Coastal waters means surface waters on the landward

side of a line, every point of which is at a distance of one
nautical mile, on the seaward side from the nearest point
of the baseline from which the breadth of territorial
waters is measured. The inner limit of the coastal waters
extends up to the outer limit of the transitional waters,
and, along the remainder of the coast, by a 4.5 m tidal
height (Fig. 1).

2.2. Identification and description of the driving forces

In order to predict how socio-economic forces might
affect the water quality, it is necessary to describe the
present drivers influencing the pressures in the study area.
Hence, following the same approach used in other
countries (Bowen and Riley, 2003; Cave et al., 2003;
Newton et al., 2003) the most important driving forces
have been identified, following the criteria of the above-
mentioned IMPRESS group (for additional details, see
IMPRESS, 2002; Borja et al., 2004e). These are popula-
tion, industry, ports, fisheries and agriculture.

2.3. Identification of all existing pressures

As outlined in the WFD, Member States shall collect
and maintain information on the type and magnitude of
the significant anthropogenic pressures, to which the
surface water bodies are liable to be subjected; in partic-
ular the estimation and identification of a number of
factors, as follows: (i) point source pollution, by sub-
stances listed in Annex VIII of the WFD, from urban,
industrial, agricultural and other installations and activ-
ities, based upon information under Directives 91/271/
EEC; 96/61/EC; 76/464/EEC; 75/440/EC, 76/160/EEC,
78/659/EEC, 79/923/EE; (ii) diffuse source pollution,
by substances listed in Annex VIII, from urban, indus-
trial, agricultural and other installations and activities;
based upon information under Directives 91/676/EEC;
91/414/EEC; 98/8/EC; (iii) water abstraction for urban,
industrial, agricultural and other uses; (iv) water flow
regulation, on overall flow characteristics and water bal-
ances; (v) morphological alterations to water bodies; (vi)
other anthropogenic impacts on the status of surface
waters; and (vii) land use patterns, including the identi-
fication of the main urban, industrial and agricultural
areas, fisheries and forests.
Hence, the existing number of pressures were identi-

fied following the checklist in Table 1, based upon IM-
PRESS (2002) and our own experience, and divided
into four groups: (i) pollution, including urban, industri-
al, agricultural and aquaculture discharges; (ii) alter-
ation of the hydrological regime, including water
abstraction, flow regulation and restoration activities;
(iii) changes in the morphology, including land reclama-
tion and infrastructures; and (iv) biology and its uses, in-
cluding all kind of resource exploitation, changes in
biodiversity and recreation.
Using this list and aerial photographs (0.25! 0.25 m

pixel resolution), the banks and intertidal areas of all the
water bodies were scanned, on foot and by boat, photo-
graphing all the pressures detected, taking notes of their
characteristics. All this information was integrated into
a GIS, for later spatial analysis, following the require-
ments of the WFD guidance on GIS (Vogt, 2002).
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2.4. Identification of the most relevant pressures

After studying all the information compiled in the
GIS, nine relevant pressures (or groups of pressures)
were identified as outlined below.

(i) Pressure from nutrients (Table 2), related to pollu-
tion, has been assessed by studying the mixing
characteristics, which provides the dilution poten-
tial of a water body, together with the flushing

time. Nutrient load data were obtained from the
samplings of this contribution and nutrient loads
from Borja et al. (2003, 2004d,e) and Valencia
et al. (2004), using a nutrient balance similar to
that used in Scheren et al. (2004). This approach
has been used to provide a measure of the sensitiv-
ity of the water body to nutrient inputs. Subse-
quently, by comparing the total nutrient loads,
with the sensitivity, a pressure level has been de-
rived. The nutrients modify the ecosystems and
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Fig. 1. Location of each of estuarine (*, black colour) and coastal (**, grey colour) water bodies, within the Basque Country. Note: dotted line shows

the Basque coastal baseline. Inner and external parts of the Nervión and Oka estuaries are separated by a straight line.

Table 1

Estuarine and marine pressure checklist considered as part of the WFD pressures and impact assessment in the Basque Country

Pressures

Pollution Sand extraction Commercial harbours

Urban discharges Storage (slag, rubbish) lixiviation Permanent anchorage

Storm water and overflow Maritime transport discharges Occasional anchorage

Untreated outfall Contaminated land Dredging activities

Treated outfall Polluted sediments Dumping of dredged sediments

Untreated submarine outfall Clinker disposal Signposting

Treated submarine outfall Military sites Engineering works

Diffuse source Shipyards and boat repair Infrastructures

Industrial discharges Oil pump Bridges

Gas/petrol Alteration of hydrological regime Tide mills

Chemicals Water abstraction Submarine ways

Pulp, paper Hydroenergy Tunnel

Textiles Aquaculture Promenade

Food processing Thalassotherapy Biology and uses

Brewing/distilling Flow regulation Resource exploitation

Power generation Sea walls Fishing/angling

Wood/timber treatment Jetties Shellfishing

Construction Barrier Algae exploitation

Iron/steel Dams Changes in biodiversity

Industrial mixed discharges Restoration and engineering activities Introduced species

Lixiviates Changes in morphology Introduced diseases

Agriculture/farm discharges Land reclamation (urban) Recreation

Point source Land reclamation (industrial) Beaches

Diffuse source Land reclamation (harbours) Saltwater pools

Aquaculture discharges Shore reinforcement/dyke

Mining discharges Marinas

Gas and oil Fishing harbours
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cause eutrophication, as the most important im-
pact. Of course, not all nutrient inputs cause al-
ways eutrophication, but this approach is a way
to determine the potential effect of high nutrient
inputs into a water body.

(ii) Water pollution was determined (Table 3) as the
percentage of water samples, studied from 1994
to 2003 (Borja et al., 2003, 2004d), not complying
with the quality objectives, for some priority
(Z hazardous) substances compiled in several Eu-
ropean Directives and Spanish legislation, as men-
tioned previously. These Directives were used in
the absence, presently, of hazardous substances
lists and quality objectives in the WFD.

(iii) The surface of a water body containing polluted
sediments was used also to determine sediment
pollution pressure (Table 3). Data were obtained
from Borja et al. (2003, 2004d) and Belzunce
et al. (2004b), for the period 1994e2003. As poten-
tial impacts, hazardous substances can produce
toxicity, pollution of the ecosystems, etc.

(iv) Abstraction of water can modify natural flows,
representing hydrological reference conditions
(IMPRESS, 2002). Hence, following expert judge-
ment, water abstraction was selected as the main
pressure related to the hydrological regime in the

region (Table 3). The level of pressure was deter-
mined depending upon the total volume abstracted,
and the total volume of the water body. In terms of
potential impacts, water abstraction produces sa-
line intrusion, changes in flow regime and residence
time, etc.

(v) Morphological changes were assessed by using
several of the most relevant pressures (Table 3)
on the region, based upon the list in Table 1
and after studying data from the GIS. Hence,
dredged sediments (and disposal) are an impor-
tant source of morphological pressure on the
region; however, its potential importance is
different, if the dredged area is located within
or outside a port. The most important impact
is related with smothering of the sea bed, alter-
ation of invertebrate assemblages, loss of habi-
tats and the introduction of pollutants, to the
ecosystem.

(vi) On the other hand, shoreline reinforcement also
causes morphological changes, and has been de-
tected as an important source of anthropogenic
change in the Basque Country (modifying flow re-
gime, residence time, loss of habitats, etc.). Here,
the level of pressure is different for estuaries and
coastal water bodies (Table 3).

Table 2

Determination of the pressure level produced by nutrient discharge (using nitrogen as a vector), on marine and estuarine waters. Modified and adap-

ted from Bricker et al. (1999) and Roger Proudfoot (Environment Agency, UK, personal communication). S, sensitivity; P, pressure

Mixing characteristics Dilution potential Flushing time

High (hours) Moderate (days) Low (weeks)

Well mixed High Low S Low S Moderate S

Partly mixed Moderate Low S Moderate S High S

Permanently stratified Low Moderate S High S High S

Nitrogen load Sensitivity

Low Moderate High

Low !100 kg N d�1 km�2 Without P Without P Low P

Moderate 100e200 kg N d�1 km�2 Low P Low P Moderate P

High 200e300 kg N d�1 km�2 Low P Moderate P Moderate P

Very High O300 kg N d�1 km�2 Moderate P High P High P

Table 3

Determination of the overall pressure level produced by the most relevant pressures in the Basque Country, on marine and estuarine waters. Adapted

from Borja et al. (2004e). E, estuarine water bodies; C, coastal water bodies

Pressure

level

Pollution Hydrological regime Morphological changes Biology

Water

pollution

(%)

Sediment pollution

(%)

Water

abstraction

(104 m3 d�1)

Dredged

Sediments

(104 m3 y�1)

Shoreline

reinforcement

(%)

Intertidal

losses

(%)

Berths

(n)

Alien

species

(n)

E C E!5 !

106 m3
E O 5 !

106 m3
Ports Other E C Ports Other

Without !5 !10 !5 !1 !5 !1 !0.1 !10 !5 !5 !100 !50 0

Low 6e15 11e25 6e10 2e5 6e10 1e10 0.1e1 11e30 6e10 6e25 101e200 51e100 1

Moderate 16e30 26e50 11e25 6e10 10e100 11e20 2e10 31e60 11e30 26e50 201e500 101e200 2

High O30 O50 O25 O10 O100 O20 O10 O60 O30 O50 O500 O200 3

88 Á. Borja et al. / Estuarine, Coastal and Shelf Science 66 (2006) 84e96



(vii) In the same way, intertidal losses, in response to
land reclamation, are another important source
of pressure (Table 3); these were determined
mainly from the original data of Rivas and
Cendrero (1992), supplemented by more recent
GIS data.

(viii) As another index of morphological changes, the
number of berths within each water body has been
used (Table 3); this can be also a source of pollu-
tion (i.e. TBT inputs), but here is taken as a source
of habitat alteration (i.e. as an indicator of changes
in the bottom bed morphology).

(ix) Taking into account that most of the fishes are
caught out of the water bodies, the only relevant
biological pressure, used in this contribution, was
the introduction of benthic alien species (Table
3), as listed below:

e Algae: Sargassum muticum;
e Polychaeta: Marenzelleria viridis, Ficopomatus

enigmaticus, Boccardia proboscidea, Boccardia
semibranchiata and Desdemona ornata;

e Crustacea: Elminius modestus, Balanus amphi-
trite, Brachynotus sexdentatus and Hexapleo-
mera robusta;

e Mollusca: Cyclope neritea.

Some species, introduced between the end of the 19th
century and the middle of the 20th century (such as
Crassostrea gigas or Asparagopsis armata) have not been
considered as alien, because they are naturalized (Occhi-
pinti-Ambrogi and Galil, 2004).
The impact produced by this pressure is related to

substitution of populations, destruction of habitats,
food competition and the loss of genetic pools. In gener-
al, the presence of alien species makes it difficult to
achieve ‘‘a taxonomic composition that corresponds to-
tally or nearly totally to undisturbed conditions’’ (An-
nex V, of the WFD). In this way, no indication exists
in the WFD about the ecological effect of the alien spe-
cies and, probably in some cases, a high number of alien
species does not equate to high risk. Hence, the determi-
nation of pressure from this factor can be arbitrary;
however, some indicative level of risk is needed.

2.5. Identification of significant pressures

When the WFD states that ‘‘significant pressures
must be identified’’, this can be taken to mean any pres-
sure that, on its own or in combination with other pres-
sures, may lead to a failure to achieve the specified
objective (IMPRESS, 2002). Such an interpretation in-
troduces a scale-dependence. It is also worth noting that
the actual criterion used to assess significant pressures is
that they imply that the water body is at risk of failing to
meet objectives.
Although the WFD establishes that significant pres-

sures should be considered in the risk assessment, nei-
ther the WFD nor IMPRESS (2002) determine the
meaning of ‘significant’. Hence, in this contribution,
four levels (Table 4) have been considered, as outlined
below.

(i) High pressure (significant), when there is a high
probability of producing either an ecological or
chemical environmental impact.

(ii) Moderate pressure (significant), when there is some
probability of producing either an ecological or
chemical environmental impact.

(iii) Low pressure (not significant), when there is a high
probability of not producing an ecological or chem-
ical environmental impact.

(iv) Without pressure (not significant).

In order to assess the overall pressure on each of the
water bodies, a relative rating (6, 4, 2 and 0, respectively)
has been allocated to each of the abovementioned four
levels. Subsequently, a mean pressure was calculated,
for each of the water bodies, with the overall pressure
being assessed as: (i) without pressure (values from
0 to 1); (ii) low pressure (1 to 3); (iii) moderate pressure
(3 to 5); and (iv) high pressure (O5).

2.6. Assessing the impacts on water bodies

The environmental impact assessment was deter-
mined following the methodologies developed by Borja
et al. (2000, 2004a,b,c) and Solaun et al. (2003), the

Table 4

Assessing the risk of failing the WFD objectives, based upon the significant pressure level and impacts determined within each water body. Modified

and adapted from IMPRESS (2002). Note: ‘High’, ‘Good’, etc., are the Ecological Quality Status levels within the WFD; ‘Not apparent’, ‘Probable’

and ‘Verified’ are the impact level equivalence, under the pressure-impact approach

Pressure Impact (ecological and chemical status)

High Good Moderate Poor Bad Without data

Not apparent Probable Verified

High Significant Low risk Moderate risk High risk Moderate risk

Moderate

Low Not Significant Without risk Moderate risk High risk Low risk

Without
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results were obtained from the assessment of recent
years, in the Basque Country (Borja et al., 2003,
2004d). For additional details, see Borja et al. (2004e).
This assessment includes all the elements of the WFD,
as outlined in the Introduction to this contribution.

2.7. Assessing the risk of failing the WFD objectives

By comparing overall pressure and environmental
impacts detected, on each water body, following the
method shown in Table 4, it is possible to assess the risk
of failing the WFD objectives of achieving at least the
good ecological status, by 2015.

3. Results

3.1. Determination of water bodies

Twelve transitional water bodies were identified
throughout the Basque Country (Fig. 1). Some geomor-
phological and hydrological data, used in the subse-
quent pressure and risk assessment, are shown in
Table 5.
The total Atlantic catchment area of the Basque

Country covers 5300 km2, providing annually
150 m3 s�1 of freshwater to the coastal water bodies.
The total estuarine volume is 490.4 ! 106 m3, at high
water. The largest estuary is the Nervión, with 82% of
the total volume, 34% of the catchment area and 24%
of the freshwater flow. Most of the estuaries present
O50% of intertidal areas, in relation to the total area,
excepting those with dredging activities, due to the pres-
ence of a harbour, e.g. Nervión and Oiartzun (Table 5).
The Oka and Oria estuaries show high tide renovation
rates (mean tidal prism/total estuary volume Z O1);

others, such as Nervión, Urumea, Bidasoa and Oiart-
zun, have very low tide renovation rates (Table 5). In
terms of residence time (the time for a particle reaching
the estuary from the river, to arrive to the coastal
waters), the highest values are from Nervión (224 days),
Oka (63 days) and Oiartzun (35 days). On the other
hand, most of the Basque estuaries have very low resi-
dence times (Table 5).
Finally, three coastal water bodies were identified, re-

lated to the coast orientation (for additional details, see
Borja et al., 2004e) (Fig. 1).

3.2. Identification and description of the driving forces

The population trend in the Basque Country, since
1970, shows a slowing down in growth, with a total pop-
ulation of 2.1 million inhabitants in 2001 (EUSTAT,
2001). However, there are several major urban centres
within the Basque Country. The Nervión river drains
Bilbao’s conurbation (a total of 17 villages), having
more than 1 million inhabitants and providing the high-
est inhabitant density in the region (3623.5 hab km�2)
(Table 6). The other important conurbations are located
around the Urumea river (near 3000 hab km�2, in San
Sebastian area) and the Oiartzun river (2151.3 hab
km�2). The area near the French border (the Bidasoa
river) also has important population densities (around
1000 hab km�2). The lowest population pressures are
on the estuaries of Oka and Oria.
The Basque Country is a highly industrialised region,

with most of the companies concentrated along the estu-
aries of Nervión (65,337, including industry and energy,
construction, commerce, transport and services), Oiart-
zun (24,164) and Bidasoa (7013). Other important in-
dustry concentrations (ranging from 1000 to 2200) are
on Artibai, Oria and Urumea estuaries, and the three

Table 5

Mean geomorphological and hydrological characteristics of the Basque estuarine water bodies. Modified from Valencia et al. (2004). Drainage areas

extracted from Eraso et al. (2001)

Water

body

Catchment

area

(km2)

River

flow

(m3 s�1)

Estuary

length

(km)

Estuary

depth

(m)

Estuary

volumea

(106 m3)

Subtidal

volumeb

(106 m3)

Total

flooded

areac (km2)

Intertidal

area

(%)

Tidal

prism

Flushing

time

(h)

Residence

time

(days)

Barbadún 128.9 2.9 4.4 5 1.59 0.56 0.753 69 0.42 5 0.01

Nervión 1798.8 36.0 22.0 30 402.10 348.65 29.24 28 56.8 78 223.75

Butrón 172.2 4.7 8.0 10 2.20 0.79 1.599 78 1.37 10 0.04

Oka 183.2 3.6 12.5 10 12.87 5.73 10.277 86 12.88 149 62.62

Lea 99.3 1.8 2.0 5 1.03 0.38 0.500 65 0.89 3 0.04

Artibai 104.3 2.5 3.5 10 2.18 1.35 0.455 34 0.23 7 0.001

Deba 530.3 14 5.5 5 2.90 1.61 0.740 54 0.67 2 0.04

Urola 342.2 8.0 5.7 10 2.53 1.15 0.835 53 1.84 16 0.17

Oria 881.9 26.0 11.1 10 3.13 1.10 2.360 84 3.37 8 0.25

Urumea 272.4 17.0 7.7 10 6.79 4.35 1.397 36 1.38 13 0.33

Oiartzun 85.6 4.8 5.5 20 7.29 5.21 1.001 19 2.29 42 35.46

Bidasoa 700.0 29.0 11.1 10 45.80 31.06 6.827 18 6.10 33 1.46

a Mean estuary volume, for 2.5 m tidal height.
b Subtidal volume, for 0 m tidal height.
c Total flooded area, for 4.5 m tidal height.
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coastal water bodies (Table 6). However, some of these
areas (such as the Nervión and Oiartzun estuaries) are in
a post-industrial phase, with the disappearance of the
mining industry, the decline of large polluting iron and
steel plants (see Belzunce et al., 2004a,b; Cearreta
et al., 2004), and an increase in petrochemical and power
industries.
There are 28 ports within the Basque water bodies: 3

commercial harbours, 6 marinas and 19 combining fish-
ing activities and marinas. The main port developments
are concentrated in the Nervión and Oiartzun estuaries,
with two important commercial ports, Bilbao and Pa-
saia, respectively.
The port of Bilbao (http://www.bilbaoport.es) has an

important economic impact on the Basque GNP, with
an income of 419 million euros annually. In 2003, up
to 3485 ship movements per year were handled by the
port (5% down on 2002); however, 7,833,816 t were ex-
ported (12% more than in 2002) and 20,551,161 t were
imported (10% more than in 2002). On the other hand,
the main activity of Pasaia is the handling of scrap
(33%) and the exportation of steel-manufactured prod-
ucts (20%) and vehicles (up to 3 million, from 1980 to
2003). Otherwise, the main fishing ports are located in
the coastal water bodies (such as Bermeo and Getaria)
and some estuarine water bodies (such as Bidasoa, Arti-
bai and Lea).
The main fishing activities are centred on the coastal

water bodies and, especially, the adjacent continental
shelf and open sea. The most important commercial spe-
cies caught annually are mackerel, anchovy and tuna,
representing more than 90% of the captures. Shellfishing
is not very important, centred only within three estuarine
waters (Table 6), with clam being the main target species.

The total number of agricultural and livestock raising
farms is 11,370, totalling 3330 km2 (Table 6). The land
use in the area is mainly forest (38%), grazing land
(28%), unproductive (17%), and arable and horticultural
lands (5%).

3.3. Identification of existing pressures

The highest number of pressures (499) was detected
in the Nervión estuary (Table 6), the most industrialised
water body; this was followed by the Bidasoa estuary
(270) and the Deba estuary (198). The lowest numbers
(!80) were recorded in areas of low population density
and the presence of low industrialised water bodies, such
as Barbadún, Butrón, Lea, and the coastal area of Can-
tabria-Matxitxako. When the pressures were calculated
as a number per square kilometre, the lowest values were
observed in the coastal water bodies.

3.4. Identification of relevant pressures

Although the number of water treatment plants is in-
creasing in the Basque Country, in recent years (Franco
et al., 2004), nutrients are still one of the most important
pressures on the water bodies, as shown in Table 7.
Hence, except for the Oka and coastal water bodies,
all of the water bodies have valuesO900 kg N d�1 km�2.
Some estuarine water bodies, such as those of the

Nervión, Deba, Oria, Urumea, and Oiartzun, show
O25% of the samples exceeding the quality objectives
(Table 7) for priority substances in water, for the period
1994e2003 (Borja et al., 2004d). However, a decreasing
pollution trend in waters has been detected by Belzunce
et al. (2004a) and Borja et al. (2004d). The same

Table 6

Main driving forces acting in the Basque Country, for each water body, together with pressures determined in this contribution. Data on the driving

forces have been abstracted from EUSTAT (2001). Data of pressures are presented in terms of total number, number per square kilometre and num-

ber per linear kilometre, obtained from the GIS. NA, not available

Water body Driving forces Pressures

Population

(n km�2)
Industry

(n)

Ports

(n)

Fisheries

(t y�1)
Agriculture

(n)

(Total no.) (n km�2) (n km�1)

Barbadún 320.7 407 0 e 396 52 70.5 11.8

Nervión 3623.5 65337 5 e 2264 499 23.1 22.7

Butrón 207.5 728 1 1 890 78 47.0 9.8

Oka 85.3 421 1 4 1000 137 13.4 11.0

Lea 175.2 577 1 e 444 45 88.2 22.5

Artibai 305.8 1054 1 e 435 83 194.2 23.7

Deba 111.4 931 1 e 507 198 272.4 36.0

Urola 211.7 844 1 e 349 144 146.2 25.3

Oria 89.8 1082 1 e 562 149 68.2 13.4

Urumea 2957.7 1329 0 e 328 145 108.6 18.8

Oiartzun 2151.3 24164 1 e 606 144 147.1 26.2

Bidasoa 1020.5 7013 5 1 707 270 37.7 24.3

Cantabria-Matxitxako 238.5 2042 2 NA 1527 53 0.3 0.9

Matxitxako-Getaria 185.4 1684 4 7205.5 1130 125 0.5 2.2

Getaria-Higer 949.4 2162 4 2836.1 225 102 0.7 1.6
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estuaries are the most polluted, in terms of surface pol-
luted sediments, with valuesO50% (Table 7). The trend
in decreasing sediment pollution has been detected by
Belzunce et al. (2004b).
Water abstraction has increased dramatically in re-

cent years, mainly in the Nervión estuary (Table 7); this
is due to the power industry development; however, also
in coastal waters, due to land-based turbot aquaculture.
Over the past years, extensive dredging to ensure nav-

igability has been undertaken in the Basque ports and
estuaries (Uriarte et al., 2004). The Basque ports which
have been dredged extensively are those of Bilbao
(Nervión estuary) and Pasaia (Oiartzun estuary). Over
the last 23 years, some 5 ! 106 m3 of material has been
removed from 15 locations; of this, some 59% relates to
the harbour at Bilbao, 20% at Pasaia, and 21% at the
remaining locations (Uriarte et al., 2004). The mean vol-
ume of materials dredged, in the past 3 years, is shown
in Table 7.
The percentage of shoreline reinforcement is very

high, both within the ports (mainly in Nervión and
Oiartzun) and outside them (Table 7). Hence, some of
the water bodies, such as the Oka, Lea, Deba and Bida-
soa, have had O50% of their perimeters reinforced.
Likewise, there are differences in terms of defence ‘hard-
ness’, i.e. Deba presents vertical concrete dykes or sea
walls, with small intertidal areas, but Oka, Lea or Bida-
soa have extensive intertidal areas, with soft land
barriers.
All the Basque estuaries have lost major intertidal

areas since Post-Flandrian times (Table 7), due to an-
thropogenic land reclamation and natural infilling

(Rivas and Cendrero, 1992). The largest losses corre-
spond to Urumea, Barbadún and Bidasoa (Table 7).
The most important ports (located within the Nerv-

ión and Oiartzun estuaries) have a high number of
berths (Table 7). However, in recent years some tourist
areas (such as Bidasoa, Urola and the coast between Ge-
taria and Higer cape) have experienced a dramatic in-
crease in the number of boats (represented by the
construction of several marinas), both within the ports
and outside, providing ‘free’ moorings (Table 7).
Finally, the highest numbers of introduced species

correspond to water bodies with a high number of
berths, or intense ship movements, i.e. Nervión, Oiart-
zun and Bidasoa (Table 7); this indicates the potential
influence of maritime transport and communications,
in the dispersion of these alien species.

3.5. Identification of significant pressures

The thresholds proposed in Tables 2 and 3 were ap-
plied to the values presented in Table 7, obtaining the
classification for each of the nine relevant pressures (Ta-
ble 8). Following the criteria of the WFD (see Section 1
for details on the hierarchical approach to the identifica-
tion of surface water bodies), the sub-division of a water
body into smaller water bodies should be undertaken
when pressures and resulting impacts are important
(for details see Vincent et al., 2002). Hence, due to the
high pressure on the inner parts of the Nervión and
Oka estuaries, these water bodies have been divided into
two smaller water bodies (Table 8). Similarly, the coastal
water body of Getaria-Higer has been divided, due to

Table 7

Data determined from the GIS for the most relevant pressures, within each of the Basque water bodies

Water body Nutrients

(kg N d�1 km�2)
Water

pollution

(%)

Sediment

pollution

(%)

Water

abstraction

(104 m3 d�1)

Dredged

sediments

(104 m3 y�1)

Shoreline

reinforcement

(%)

Intertidal

losses

(%)

Berths

(n)

Alien

species

(n)

Ports Other Ports Other Ports Other

Barbadún 2005 10 0.0 e e 0 0.0 46.4 81 e 3 0

Nervión 904 27 82.8 236 32.0 e 90.7 2.1 30 1555a e O3
Butrón 1342 13 0.0 e 10.8 1 7.1 22.3 37 319 88 0

Oka 210 12 0.0 e 0 3 1.9 51.4 30 150 206 1

Lea 2016 4 0.0 0.1 0 0 11.3 58.4 15 150 28 0

Artibai 2788 8 34.1 0.1 10.1 0.4 19.1 32.2 40 202 e 0

Deba 9445 33 60.8 e e 0.2 3.8 56.9 45 70 58 1

Urola 5427 23 52.9 0.1 3.5 2.5 10.0 36.4 57 578 60 0

Oria 5331 29 17.6 e e 4.5 12.3 40.7 59 96 72 0

Urumea 3075 28 46.1 e e 0 0.0 43.8 88 e 5 0

Oiartzun 1629 39 70.0 87.9 20.1 e 66.8 24.6 55 200a e O3
Bidasoa 1233 19 5.5 0.1 1.1 0 13.2 62.4 60 1682 722 2

Cantabria-Matxitxako 163 10 2.1 e 0.3 0 7.4 5.5 !1 30 4 1

Matxitxako-Getaria 74 9 0.0 4.8 1.2 0 9.2 10.0 !1 315a e 1

Getaria-Higer 171 9 3.3 4.6 1.1 0.9 8.7 22.2 !1 755 242 1

a Commercial ports (only the number of berths are shown, but not the ship movements). Intertidal losses from Rivas and Cendrero (1992).
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the presence of a large submarine outfall in the
Mompás-Pasaia area (Table 8).
Applying the rating shown in Section 2.5, the results

obtained were (Table 8): Oiartzun and inner and exter-
nal Nervión, with high (significant) pressure (scores
5.78, 5.55 and 5.1, respectively); Bidasoa, Urola and
Deba, with moderate (significant) pressure (scores
3.78, 3.56, 3.56, respectively); Oria (2.89), Artibai
(2.67), inner and external Oka (both with 2.44), Urumea
(2.44), Butrón (2.22), Getaria-Higer (2.22), Mompás-
Getaria (2), Barbadún (1.78), Matxitxako-Getaria (1.78)
and Lea (1.55), with low (not significant) pressure; and,
finally, Cantabria-Matxitxako without pressure (0.89).

3.6. Environmental impact assessment on water bodies

Environmental impacts (Table 8) have been verified
in the inner part of the Nervión (for chemical and all bi-
ological elements), in the inner part of the Oka (for mac-
roalgae and benthos), in Artibai (for chemical and all
biological elements), Deba (for chemical and all biolog-
ical elements), Urumea (for benthos and macroalgae)
and Oiartzun (for chemical and all biological elements).
The impact is probable in the Barbadún, the external
parts of the Nervión and Oka, the Lea, Urola, Bidasoa
and the Mompás-Pasaia coastal area. Finally, the im-
pact is not apparent in the remainder of the coastal areas
and in the Oria and Butrón transitional water bodies.

3.7. Risk assessment of failing WFD objectives

The risk of not achieving good ecological status in
the Basque water bodies is as outlined below (Table 8).
The highest risk is in the inner Nervión, the inner Oka,
Artibai,Deba,UrumeaandOiartzun.There existsmoderate
risk in Barbadún, external Nervión, external Oka, Lea,
Urola, Bidasoa, and the Mompás-Pasaia coastal water
body. The remainder of the water bodies are not at risk.

4. Discussion

The values of the main driving forces acting in the
Basque Country, together with the number of pressures
determined for each water body (from Table 6) were
used to perform a factor analysis (FA). This analysis
(Fig. 2) shows the disposition of the water bodies, in re-
lation to the two first extracted factors of the new mul-
tidimensional space, defined by the FA. Nearly 89% of
the total system variability is explained by these factors.
The first factor explains more than 56% of the total sys-
tem variability, being considered the principal factor.
The density population and industry number acquire
high loadings (0.98 and 0.71, respectively) in the positive
direction of this factor. The second factor explains 22%
of the total variability, with agriculture as the main driv-
ing factor (load Z 0.97). Finally, the third factor

Table 8

Assessment of the pressure level, in terms of relevant pressures and water body; overall pressure, impact assessment and risk assessment, by water

body. W, without; L, low; M, moderate; H, high; NS, not significant; S, significant

Water

body

Nutrients Water

pollution

Sediment

pollution

Water

abstraction

Dredged

sediments

Shoreline

reinforcement

Intertidal

losses

Berths Alien

species

Global

pressure

Impact

assessment

Risk

assessment

Barbadún M L W W W M H W W LeNS Probable M

Inner Nervión H H H M H H H M H HeS Verified H

External

Nervión

M M M H H H M H H HeS Probable M

Butrón M L W W M L M M W LeNS Not

apparent

W

Inner Oka M L L W M M M W L LeNS Verified H

External Oka M W W W M H L M L LeNS Probable M

Lea M W W W W H L L W LeNS Probable M

Artibai M L M W L M M M W LeNS Verified H

Deba M H H W L H M L L MeS Verified H

Urola M M H W L M H H W MeS Probable M

Oria M M L W M M H L W LeNS Not

apparent

W

Urumea M M M W W M H W W LeNS Verified H

Oiartzun H H H M H H H H H HeS Verified H

Bidasoa H M W W L H H H M MeS Probable M

Cantabria-

Matxitxako

L L W W W L W W L WeNS Not

apparent

W

Matxitxako-

Getaria

W L W W L M W H L LeNS Not

apparent

W

Getaria-Higer L L W W L H W H L LeNS Not

apparent

W

Mompás-Pasaia H H L W W L W W L LeNS Probable M
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explains only 10.4% of the variability, being related with
ports as driving factor (load Z 0.94).
These results show that the main driving factors ex-

plaining the variability of pressures upon Basque water
bodies are the population density and industry concen-
tration. Population is the key factor determining pollu-
tion loads in other regions (Scheren et al., 2004).
These two drivers produce the most relevant pressures
(Table 9), in terms of water and sediment pollution,
shoreline reinforcement and intertidal losses, which
can be considered as the pressures impacting most with-
in the Basque Country (see Borja et al., 2004e). Hence,
the most important pressures and impacts, both in qual-
itative and quantitative terms, were recorded in Nerv-
ión, Bidasoa and Oiartzun, with high population
density, combined with industry and port development
(Fig. 2, Table 6). On the other hand, the less impacted

water bodies were the Barbadún and Lea (Fig. 2, Table 6);
these are less industrialised, but have some implications
in terms of agricultural pressures.
Likewise, different pressures do not impact upon the

different water bodies, at the same spatial and temporal
scales, as outlined by IMPRESS (2002). In this work,
the scaling issues have been reduced, by monitoring
pressures at a high level (identifying all of the potential
pressures), then selecting the most relevant ones; finally,
by assessing the most significant ones. This approach as-
sures a good spatial cover, in the analysis. On the other
hand, the use of data evolution from long-term monitor-
ing (see Borja et al., 2003, 2004d; Borja and Collins,
2004) assures an adequate temporal scale. Both cases re-
duce the uncertainty of the analyses, obtaining an im-
proved understanding of the present situation of risk
in Basque water bodies, regarding achievement of the
WFD objectives.
Most of the coastal areas of the world have been

reported to be ‘damaged’, due to pollution and other
pressures; these significantly affect marine resources
and ecosystems. Unfortunately, marine pressures and
impacts are characterised by interconnectedness, com-
plicated interactions, uncertainty, conflicts and con-
straints, making it difficult to control this problem
(Islam and Tanaka, 2004). Therefore, advances in the
knowledge of these interactions and tools, in assessing
the risks caused by these pressures, are needed; this is
not only in the framework of the WFD, but also in
the general assessment of the marine sustainability, as
outlined by Ledoux and Turner (2002).
The use of the DPSIR analysis in the Basque Coun-

try, together with the methodologies in identifying rele-
vant pressures and impacts, has been demonstrated as
a useful approach in assessing the risk of failing the
WFD objectives. In this way, this contribution can serve
as a case study for marine management over a wider
area, within the ecological footprint of several stressors,
and also for many different catchments and coastlines,
as required by Elliott (2002), and applied recently to
the Humber (Cave et al., 2003) and Elbe (Nunneri and
Hofmann, 2005) catchments.
This approach is similar to that used by Xu et al.

(2004), in Hong Kong, in which they follow five major
steps of analysis: (i) review of human activities; (ii) iden-
tification of human-induced stresses; (iii) analysis of eco-
system responses to the stresses; (iv) development of
ecosystem health indicators; and (v) assessment of eco-
system health. Furthermore, the general approach used
here can complement those used in integrated coastal
zone management processes, such as the case of the Cat-
alan coast (Sardá et al., 2005).
In this contribution, the use of the DPSIR is pro-

posed, as a well-known methodology, and together with
some new methodological approaches, in assessing the
significance of the relevant pressures identified in the

Nervión

Oiartzun

Urumea

Bidasoa

Getaria-Higer

Matxitxako-Getaria

Cantabria - Matxitxako 

Oka
Butrón
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Barbadún
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Fig. 2. Distribution of the Basque water bodies, within the new multi-

dimensional space defined by the factor analysis (rotated, using the

Varimax rotation method, in order to facilitate the interpretation of

the analysis results). Normal distribution of the data was achieved us-

ing log (1C X ) transformation, standardised by subtracting the mean

and dividing it by the standard deviation.

Table 9

Level of influence of the main drivers upon the relevant pressures

detected within the Basque Country. Key: *** High; ** moderate;

* low

Relevant

pressures

Drivers

Population Industry Ports Fisheries Agriculture

Nutrients *** ** * * ***

Water

pollution

** *** ** * **

Sediment

pollution

** *** ** * *

Water

abstraction

*** *

Dredged

sediments

* ***

Channelling *** *** *** **

Intertidal

losses

*** *** *** ***

Anchoring *** ***

Alien species ** **
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Basque Country (as a case study). The boundaries estab-
lished here, for the different levels of pressure, could
probably be adapted to other regions. In general, this
method benefits from good data sets, with data gaps be-
ing filled in by field studies. This approach includes both
the collation and quality assurance of existing data, to-
gether with the collection of new data. However, the
overall approach has been demonstrated as being useful,
when there exist enough data, both at spatial and tem-
poral scales. Such a requirement is necessary in order
to reduce uncertainties in assessing the risk of failing
the achievement of good ecological status, within the
WFD objectives, by 2015.
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Editorial

What does ‘good ecological potential’ mean, within the European
Water Framework Directive?

Abstract

The most important objective within the European Water Framework Directive (WFD) is to achieve a ‘good ecological status’ (GES)
for all waters, by 2015. Some methodologies have been developed for assessing GES within natural water bodies, in which the ecological
status is a perceived or measured deviation from a reference condition. However, the WFD also consider ‘Heavily modified water bodies’
(HMWB) (a water body resulted from physical alterations by human activity, which substantially change its hydrogeomorphological
character, e.g. a harbour). In implementing the WFD, environmental managers are required to assess the status of HMWBs in terms
of achieving ‘Good Ecological Potential’ (GEP). This contribution defines and studies GEP from an ecological point of view, taking into
account some ecological restoration principles. Finally, this contribution gives some guidance on how establish GEP, using as example a
harbour within the North East Atlantic.
� 2007 Elsevier Ltd. All rights reserved.

1. Introduction

The European Water Framework Directive (WFD;
2000/60/EC) establishes a framework for the protection
of groundwater, inland surface waters, estuarine (=transi-
tional) waters, and coastal waters. As highlighted by Borja
(2005), this legislation has several objectives (to prevent
water ecosystems deterioration, to protect and to enhance
the status of water resources, etc.), but the most important
is to achieve a ‘good ecological status’ (GES) for all waters,
by 2015.

The ecological quality is based upon the status of the
biological (phytoplankton, macroalgae, macrophytes, ben-
thos and fishes), hydromorphological and physico-chemi-
cal quality elements. Consequently many methodologies
have been proposed in recent years to assess the ecological
status of marine water bodies, within the WFD (for details,
see Borja et al., 2004; Borja, 2005; Quintino et al., 2006;
and the special issue of Marine Pollution Bulletin of Janu-
ary 2007).

All of these methodologies were developed for its use
within natural water bodies, in which the ecological status
is a perceived or measured deviation from a reference con-
dition. However, the WFD also defines and has to consider
‘Artificial water bodies’ (those created by human activity,
e.g. an artificial lake) and ‘Heavily modified water bodies’
(HMWB) (a water body resulted from physical alterations
by human activity, which substantially change its hydro-

geomorphological character, e.g. a harbour). In both cases,
Member States may designate a body of surface water as
artificial or heavily modified when the changes to the
hydromorphological characteristics of that body, which
would be necessary for achieving GES, would have signif-
icant adverse effects on (i) the wider environment; (ii) nav-
igation, including port facilities, or recreation; (iii)
activities for the purposes of which water is stored, such
as drinking-water supply, power generation or irrigation;
(iv) water regulation, flood protection, land drainage or
(v) other equally important sustainable human develop-
ment activities.

In implementing the WFD, environmental managers are
required to assess the status of HMWBs in terms of achiev-
ing at least ‘good ecological potential’ (GEP), following the
definitions provided in Table 1. A water body shows a GEP
when there are slight changes in the values of the relevant
abovementioned biological quality elements as compared
to the values found at maximum ecological potential
(MEP). The MEP is considered as the reference conditions
for HMWB, and is intended to describe the best approxi-
mation to a natural aquatic ecosystem that could be
achieved given the hydromorphological characteristics that
cannot be changed without significant adverse effects on
the specified use or the wider environment (CIS, 2003a).
Accordingly, the MEP biological conditions should reflect,
as far as possible, the biological conditions associated with
the closest comparable natural water body type at reference

0025-326X/$ - see front matter � 2007 Elsevier Ltd. All rights reserved.

doi:10.1016/j.marpolbul.2007.09.002

www.elsevier.com/locate/marpolbul

Marine Pollution Bulletin 54 (2007) 1559–1564



conditions, given the hydromorphological and associated
physico-chemical conditions. The potentially circular argu-
ment, of defining one status (GEP) merely as a reduction in
another (MEP) is common in the WFD, and has caused
difficulty for those trying to implement the Directive.

Although the working groups implementing the WFD
have tried to give guidance on these definitions (see CIS,
2003a,b), at present little has advanced in terms of under-
standing what does GEP mean, especially in an ecological
context. More recently (CIS, 2006) further attempts have
been made to define MEP and GEP, but, while these give
a framework and alternative approaches for measuring

the MEP/GEP, there is little guidance on what actually
has to be done by scientists taking samples for the biolog-
ical elements. Hence, differences in interpretation, methods
and approaches will be perpetuated by different European
countries.

2. Can we define what does GEP mean?

The dictionary definition of potential is ‘capable of com-
ing into being or action, latent’ – in the case of the ecology
under changes envisaged by the WFD, it is not just latent,
it is absent. Furthermore, as mentioned above, GEP is a

Table 1
Definitions of maximum, good and moderate ecological potential (EP), after the WFD, EQS: Environmental Quality Standards

Maximum EP Good EP Moderate EP

Biological quality elements

The values of the relevant biological quality
elements reflect, as far as possible, those
associated with the closest comparable surface
water body type, given the physical conditions
which result from the artificial or heavily
modified characteristics of the water body

There are slight changes in the values of the
relevant biological quality elements as compared
to the values found at maximum ecological
potential

There are moderate changes in the values of the
relevant biological quality elements as compared
to the values found at maximum ecological
potential. These values are significantly more
distorted than those found under good quality

Hydromorphological elements

The hydromorphological conditions are
consistent with the only impacts on the surface
water body being those resulting from the
artificial or heavily modified characteristics of
the water body once all mitigation measures
have been taken to ensure the best
approximation to ecological continuum, in
particular with respect to migration of fauna
and appropriate spawning and breeding
grounds

Conditions consistent with the achievement of the
values specified above for the biological quality
elements

Conditions consistent with the achievement of the
values specified above for the biological quality
elements

Physico-chemical elements

–General conditions
Physico-chemical elements correspond totally or

nearly totally to the undisturbed conditions
associated with the surface water body type
most closely comparable to the artificial or
heavily modified body concerned. Nutrient
concentrations remain within the range
normally associated with such undisturbed
conditions. The levels of temperature, oxygen
balance and pH are consistent with those
found in the most closely comparable surface
water body types under undisturbed
conditions

The values for physico-chemical elements are
within the ranges established so as to ensure the
functioning of the ecosystem and the achievement
of the values specified above for the biological
quality elements. Temperature and pH do not
reach levels outside the ranges established so as to
ensure the functioning of the ecosystem and the
achievement of the values specified above for the
biological quality elements. Nutrient
concentrations do not exceed the levels
established so as to ensure the functioning of the
ecosystem and the achievement of the values
specified above for the biological quality elements

Conditions consistent with the achievement of the
values specified above for the biological quality
elements

–Specific synthetic pollutants

Concentrations close to zero and at least below
the limits of detection of the most advanced
analytical techniques in general use

Concentrations not in excess of the standards set
in accordance with the procedure detailed in
Section 1.2.6 without prejudice to Directive 91/
414/EC and Directive 98/8/EC (<EQS)

Conditions consistent with the achievement of the
values specified above for the biological quality
elements

–Specific non-synthetic pollutants

Concentrations remain within the range normally
associated with the undisturbed conditions
found in the surface water body type most
closely comparable to the artificial or heavily
modified body concerned (background levels)

Concentrations not in excess of the standards set
in accordance with the procedure detailed in
Section 1.2.6 without prejudice to Directive 91/
414/EC and Directive 98/8/EC (<EQS)

Conditions consistent with the achievement of the
values specified above for the biological quality
elements
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concept noted for being defined as what it is not rather
than what it is, an example of the legal drafters putting
in a term and then leaving the scientists to define and mea-
sure it. In essence GEP is ‘what ecology should be there if
the anthropogenic influences responsible for it not being
there are removed’ or ‘the potential to be in GES if only
the stressor was removed’. Again, although this sounds fine
in text, we still question what it means in reality, i.e. what
can be measured in a cost-effective way, without measuring
the whole ecosystem, in order to create a single measure of
GES. Furthermore, this definition assumes a knowledge of
the pristine (or at least non-anthropogenically altered) con-
ditions and implies alterations not only in the biological
elements, but also in the hydromorphological or physico-
chemical elements. In fact, it probably requires a deeper
knowledge of the ecological processes and functioning
within the aquatic ecosystems than that required for GES
assessment. This is because we need not only to compare
monitoring data against reference conditions, but also
imagine how the systems can have an appropriate structure
and be functional if the stressor or pressure is removed.
This taking into account that some of these pressures are
characterised by interconnectedness, complicated interac-
tions, uncertainty, conflicts and constraints (Borja et al.,
2006a).

All of the above assumes that we have the science to
know how, when and why an area can be restored.
Although we have gained much knowledge in recent years
about the behaviour and responses of modified water
bodies when restoration is implemented and pressures are
removed (Elliott and Cutts, 2004; Bolliger et al., 2004;
Boesch, 2006; Borja et al., 2006b; Carstensen et al., 2006;
Garbutt et al., 2006; Elliott et al., 2007, etc.), our knowl-

edge is far from comprehensive. For example, as shown
by Elliott et al. (2007) and Tett et al. (2007), an inherent
hysteresis in the system may be unquantified. Despite this,
this information and experience can help in designing or
modelling scenarios of GEP assessment.

There are many definitions of what is good ecological
restoration (Higgs, 1997; Elliott et al., 2007). However,
one of the most widely cited definitions is ‘‘. . .restoration
is defined as the return of an ecosystem to a close approxima-

tion of its condition prior to disturbance. In restoration, eco-

logical damage to the resource is repaired. Both the structure

and the functions of the ecosystem are recreated. Merely rec-

reating the form without the functions, or the functions in an

artificial configuration bearing little resemblance to a natural
resource, does not constitute restoration. The goal is to emu-

late a natural, functioning, self-regulating system that is inte-

grated with the ecological landscape in which it occurs.

Often, natural resource restoration requires one of the fol-

lowing approaches: reconstruction of the antecedent physical,

hydrologic and morphologic conditions; chemical cleanup or

adjustment of the environment; and biological manipulation,

including revegetation and the reintroduction of absent or
currently nonviable native species’’ (US National Research
Council, 1992, in Higgs, 1997). This definition gives us an
indication of where to arrive (and, consequently, what eco-
logical status is expected), when restoring a modified eco-
system. The interlinked nature of the physico-chemical
elements (see Fig. 1) suggests that there is the need to en-
sure that all the links are maintained and, hence, to demon-
strate that in GEP the fundamental ecological niches are
not maintained because there is a link broken in the pro-
cess. Hence, if the link is restored, e.g. current speed-sedi-
ment type relationship, then the fundamental niche is
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Fig. 1. The links between the physico-chemical attributes resulting in the two main marine fundamental and overarching niches – for the water column
and substratum (from Elliott et al., 2006).
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restored (as long as there is a nearby ecology to re-populate
the niche).

The GEP is a perceived but accepted (because of eco-
nomic structures) deviation from normality (GES), just as
GES is a perceived or measured deviation from a reference
condition (i.e. normality) – hence the confusion. As indi-
cated in the WFD, there are four methods for detecting a
deviation of GES from what is expected as a reference
state: a physical reference condition, hindcasting, a predic-
tive approach (modelling), and ‘expert judgement’. Hence,
to determine if an area has GEP rather than GES requires
the same approach but also has the same problems. We
have few pristine areas in European transitional and coast-
al areas (e.g. where do we find an unmodified estuary, coast
or lagoon – i.e. with the same characteristics minus the peo-
ple’s pressures – as the Humber estuary, the Mar Menor or
the Venice lagoon?), so, a physical control is difficult to
find. Our hindcasting is poor as we do not have measure-
ments of areas prior to human development although there
are some calculations for this (e.g. see Boyes and Elliott,
2006). In addition, we have no agreement on what the base-
line year should be. We do not have sufficiently good pre-
dictive models to quantitatively indicate how far an area
has been changed. This leaves ‘expert judgement’ – whereas
in the WFD this is indicated as a last resort, perhaps we
have to make it the ‘first resort’ – by using the restoration
examples we have worldwide as a proxy of the potential
status that a modified system can reach after recovery.

As the Marine Strategy Framework Directive talks in
similar terms, albeit by referring to Good Environmental
Status rather than good ecological status (Borja, 2006) then
is it likely that scientists will be asked to define a similar
GEP for marine areas?

The need for defining GEP centres on the designation of
areas as HMWBs, in itself a designation with an economic
justification – an area heavily modified through pressures
and to remove those pressures and recover the ecology is
prohibitively expensive. Some repercussions of an HMWB

are easy to assess – e.g. loss of area through land claim –
find a method to measure what area has gone, then assume
what habitat was there, based on a similar type in a similar
estuary or coast, and assume the area lost had the same
functioning (e.g. Boyes and Elliott, 2006) – this allows
the conclusion that ecological well-being has been reduced.
The types of attributes which need to be restored in an area
designated as GEP are given in Table 2 – these are both
structural and functional attributes which are implicit,
but not necessarily explicit, in the elements monitored for
the WFD. We argue that these aspects will need to be con-
sidered in any discussion centring on deviation for GES.
However, there is a further paradox in that in Europe
there are areas being designated as HMWB which also
have designations because of their wildlife – e.g. the Tees
estuary (NE England), is regarded as HMWB but at the
same time is designated as a Special Protected Area, under
the Wild Birds Directive, i.e. one Directive suggests it is
not in a good ecological status whereas another indicates
that it is in favourable conservation status – is this
inconsistent?

A reference ecosystem serves as a dynamic model for
planning a restoration project and later for its evaluation,
but always taken into account the resilience of the marine
systems. Restoration should re-establish insofar as possible
the ecological integrity of degraded aquatic ecosystems
(USEPA, 2000). Ecological integrity refers to the condition
of an ecosystem – particularly the structure, composition,
and natural processes of its biotic communities and physi-
cal environment. An ecosystem with integrity is a resilient
and self-sustaining natural system able to accommodate
stress and change. Its key ecosystem processes, such as
nutrient cycles, succession, water levels and flow patterns,
and the dynamics of sediment erosion and deposition, are
functioning properly within the natural range of variability
(USEPA, 2000). Biologically, its fauna and flora communi-
ties are good examples of the native communities and
diversity found in the region.

Table 2
Suggested structural (S) and functional (F) attributes of marine ecosystems that should be considered when developing descriptions of reference conditions
in regional seas (Modified from) Elliott et al., 2006)

Attribute Structural or
functional

1. Spatial extent of biotopes, habitats and/or ecosystems are as expected and self-sustaining under the natural physico-chemical
conditions

S, F

2. Community diversity and structure, population abundance and reproduction, and species distribution are as expected under
natural prevailing conditions, and resilient to natural disturbances

S

3. Populations of threatened and/or protected species are sustainable S, F
4. Genetic diversity of farmed and wild-caught species is not compromised S
5. Nutrient dynamics are as expected under the prevailing hydrographic conditions (e.g. residence time) and not greatly modified by

anthropogenic activities
F

6. Invasive, alien or introduced species are absent or in low numbers and have not affected the integrity of other species, the habitat
or ecosystem

S, F

7. Community functioning and functional groups, e.g. as shown by the trophic structure, are as expected and sustainable/stable in
the long-term

F

8. There is no physical or chemical disruption in connectivity of migration routes (i.e. no population fragmentation) within and
between ecosystems

S, F
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3. How determine the MEP and GEP?

Some guidance on how establish the MEP and GEP is
given by CIS (2003a,b). This approach requires a series
of steps to establish appropriate values for the quality ele-
ments at MEP. In this process, it is important to differenti-
ate between ‘‘closest comparable surface water category’’
and ‘‘closest comparable surface water body type’’. The
appropriate biological quality elements (i.e. phytoplank-
ton, fishes, etc.) are chosen from the closest comparable
categories (i.e. a coastal area, an estuary, etc.), whereas
closest comparable water body types (i.e. North East
Atlantic exposed coastal areas (NEA-1), etc.) are used to
help determine the value of these elements for HMWB.
As an example, we can use below a large harbour within
the NEA-1 typology, to establish the MEP, through several
steps.

(i) Choose the appropriate quality elements for MEP:
we need to identify the closest comparable natural
surface water category, in this particular case it is a
coastal water. The appropriate quality elements are
those of the closest comparable natural surface water
category, i.e. it could be benthic communities.

(ii) Establish the hydromorphological conditions
required for MEP: The values for the biological and
general physico-chemical quality elements at MEP
depend on the MEP hydromorphological conditions.
Establishing the MEP hydromorphological condi-
tions is one of the first steps in defining MEP since
it is these conditions which are impacted by the phys-
ical alterations and which will, primarily, dictate the
ecological potential of a HMWB. In the case of a har-
bour, the dykes produce strong changes in water res-
idence times, tidal prism, etc. (modification of
hydromorphological conditions).

(iii) Establish the MEP physico-chemical conditions: we
need to identify the closest comparable surface water
body type. As the harbour is within the NEA-1 typol-
ogy, the physico-chemical conditions at MEP should
be based on the conditions of this comparable type,
taking account of the MEP hydromorphological con-
ditions. Hence, the physico-chemical conditions of
the harbour should be based upon the conditions in
a reference water body assigned to NEA-1 typology
(see Bald et al., 2005 and Rodrı́guez et al., 2006 for
these reference conditions within the type). However,
the changes in hydromorphological conditions could
lead to a change in typology, and, subsequently, to
new reference conditions associated to the new type.
The physico-chemical conditions will be an important
influence on the values for the biological quality ele-
ments at MEP; and, taking into account of the mor-
phological changes, probably the most important
elements affected by the harbour could be dissolved
oxygen, transparency, and several pollutants (hydro-
carbons, metals, etc.). As mentioned above, the refer-

ence conditions for these elements should be adapted
for the harbour morphological situation. In this way,
the combination of expert judgment (using the expe-
rience gained from restoration projects, environmen-
tal impact studies, or monitoring networks) and
modelling will be required. Another way is to com-
pare with areas, within the associated typology, with
natural long residence times, which gives an idea on
the reference conditions. Of course, if possible, all
hydromorphological mitigation measures which do
not have significant adverse effects on the specified
use or the wider environment should be applied.

(iv) Finally, establish the MEP biological conditions that
reflect, as far as possible, those associated with the
closest comparable water body type. The biological
conditions at MEP will be influenced by the MEP
hydromorphological and physico-chemical condi-
tions. In the case of the harbour, the changes in resi-
dence times can lead to a reduction in oxygen
saturation and an increase of turbidity, this resulting
in a reduction of richness and diversity in benthic
fauna and an increase of opportunistic species. The
reference conditions for this biological element
should be adapted from those of the comparable
unaltered water body type (see Muxika et al., 2007,
for these conditions).
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The European Water Framework Directive (WFD) establishes a framework for the protection of

estuarine and coastal waters, with the most important objective being to achieve ‘good ecological

status’ for all waters, by 2015. Hence, Member States are establishing programmes for the monitoring

of water quality status, through the assessment of ecological and chemical elements. These monitoring

programmes can be of three types: surveillance monitoring; operational monitoring (both undertaken

on a routine basis); and investigative monitoring (carried out where the reason of any exceedance for

ecological and chemical status is unknown). Until now, nothing has been developed in relation to

investigative monitoring and no clear guidance exists for this type of monitoring, as it must be tackled

on a ‘case-by-case’ basis. Consequently, the present study uses slag disposal from a blast furnace, into

a coastal area, as a case-study in the implementation of investigative monitoring, according to the

WFD.

In order to investigate the potential threat of such slags, this contribution includes: a geophysical study,

to determine the extent of the disposal area; sediment analysis; a chemical metal analysis; and an

ecotoxicological study (including a Microtox� test and an amphipod bioassay). The results show that

metal concentrations are several times above the background concentration. However, only one of the

stations showed toxicity after acute toxicological tests, with the benthic communities being in a good

status. The approaches used here show that contaminants are not bioavailable and that no

management actions are required with the slags.

Introduction

The European Water Framework Directive (WFD; 2000/60/EC)

establishes a framework for the protection of groundwater,

inland surface waters, estuarine (¼transitional) waters, and

coastal waters. As highlighted by Borja,1 this legislation attempt,

as its main objectives, is to prevent the deterioration of aquatic

ecosystems, to protect and to enhance the status of the water

resources; however, the most important of these is to achieve

‘good ecological status’ for all waters, by 2015.

Hence, Member States are developing programmes for the

monitoring of water status, in order to establish a coherent

and comprehensive overview of ecological and chemical water

status, within each river basin district (including freshwater,

transitional and coastal waters). These monitoring programmes

can be of three types, as described below.

(i) Surveillance monitoring, to provide information for:

supplementing and validating the impact assessment procedure

detailed in the WFD; the efficient and effective design of future

monitoring programmes; the assessment of long-term changes,

in natural conditions; and the assessment of long-term changes

resulting from widespread anthropogenic activity.

(ii) Operational monitoring, in order to: establish the status of

those bodies identified as being at risk of failing to meet their

environmental objectives; and assess any changes in the status

of such bodies resulting from the programmes of measures.

(iii) Investigative monitoring carried out: where the reason of

any exceedance for ecological and chemical status is unknown;

where surveillance monitoring indicates that the objectives for

a water body are not likely to be achieved (and determine the

causes); or to ascertain the magnitude and impacts of ‘accidental’

pollution.

Most of the research undertaken until now has focused upon

the development of new tools in assessing ecological status (for

details, see Borja et al.;2 Borja;1 and the Special Issue of Marine

Pollution Bulletin, of January 2007). However, only limited

investigation has been made in relation to monitoring within

the WFD. Hence, Allan et al.3 have proposed a Directory of

the commercially-available and prototype techniques, or tools,

that may be considered for use in the water quality monitoring

programmes necessary for the implementation of the WFD.

Such monitoring includes: assessment of biological quality

elements; chemical monitoring of both inorganic and organic

priority pollutants; and measurement of physico-chemical

parameters. The same concept is being applied in The Nether-

lands.4 Elsewhere, De Jonge et al.5 have investigated the knowl-

edge gaps, by confronting the status of the present monitoring,

within the main objectives of the WFD. These investigators

have analysed alternatives for monitoring transitional and

AZTI-Tecnalia, Marine Research Division, Herrera Kaia, Portualdea s/n,
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coastal water bodies, so that the main goal of the WFD (the

achievement of good ecological status and its inherent assump-

tion of the effective protection of ecosystem structure and

functioning) can be fulfilled.

To the knowledge of the authors, although the surveillance

and operational monitoring networks should have been

operative by December 2006, no European Member State has

undertaken, until now, investigative monitoring within the

WFD. Both surveillance and operational monitoring have

some implementation guidelines in the WFD, in terms of the

elements to be monitored, parameters, frequency, selection of

sites, etc.; however, it is important to emphasise that investiga-

tive monitoring should be adapted to each particular case.

Hence, this study uses the slag disposal from a blast furnace to

a coastal area, as a case-study in implementing investigative

monitoring, according to the WFD.

The case-study area

Exploitation of abundant local iron ore led to the early industrial

development of the Basque coast (northern Spain), in the mid-

19th century.6 The first iron and steel industry was established

within the middle part of the Nervión estuary, as early as

18547 (Fig. 1). With the introduction of new technologies, such

as the blast furnace, the company ‘‘Altos Hornos de Vizcaya’’

(Fig. 1) was created in 1882. This became one of the most power-

ful Spanish industrial companies, but also led to many environ-

mental problems, within the estuary and the adjacent coastal

area, until its closure on 2nd July 1996.

Disposal at sea of metal-containing slags from the blast

furnace, between the 1920s and the 1970s, represents one of

the environmental issues for the Abra of Bilbao8 (Fig. 1).

However, open sea slag disposal was undertaken also

throughout the 20th century, in an area located some 6 km to

the north of the coast (43� 25.50 N – 3� 30 W and 43� 26.50 N –

3� 1.70 W), in >70 m water depth (Fig. 1). Between the 1980s

and 1995, the disposal consisted of a maximum of 225 000 t

yr�1 of inert slag, together with 14 000 t yr�1 of steel mill powder.

The study of pressures and impacts, undertaken for the WFD

by Borja et al.,9 along the Basque coast, determined such

accumulation of slag as a potential factor in failing ‘good ecolo-

gical status’ within the corresponding water body (Fig. 1).

Hence, this can be one of the reasons to undertake investigative

monitoring, within the WFD.

The Department of Environment and Regional Planning of

the Basque Government has monitored the Basque coastal and

estuarine water quality, since 1994.2 This network comprises

the analyses of both physico-chemical (in waters, sediment and

biota) and biological elements (phytoplankton, macroalgae,

benthos and fishes), at 51 coastal and estuarine stations; three

of these lie within this area (Fig. 1).

From this monitoring network, it has been established that

metal concentrations in the sediments of the disposal area are

several times over the background levels defined previously for

the region.10 However, the ecological status within the area

was classified as ‘good’, sensu the WFD, without clear damage

to biological elements, such as benthic communities.11

As defined by Chapman,12 contamination is the presence of

a substance where it should not be, or it is at concentrations

above background: pollution is contamination that results in,

or can result in, adverse biological effects to resident communi-

ties. Hence, it is necessary to determine if the slag dumped until

1996 can represent a problem in the future. Likewise, why, at

present, the high metal concentration does not determine benthic

quality degradation.

Hence, to investigate the present situation of the disposal area,

a geophysical study (to determine the extent of the disposal),

together with chemical and ecotoxicological characterisation of

sediments, were undertaken. In this particular case-study, the

investigative monitoring attempts: (i) to determine the excee-

dances of quality objectives in metal content; (ii) to establish if

there is a risk; (iii) to define the magnitude of the problem (if it

exists); and (iv) to examine if there is an impact on biological

communities. These data can demonstrate how investigative

monitoring produces information that would help in the design

of other monitoring networks.

Methods

Sampling and analysis strategy

A geophysical investigation was undertaken, in autumn 2005, to

determine the extent of the disposal site and the potential trans-

port of slag out of this area. Fifty box-core sampleswere collected,

Fig. 1 Map of the study area, showing the slag disposal site, the

sampling stations of this study (numbers), and the sampling stations of

the ‘Littoral Water Quality Monitoring and Control Network’ (letters).

Bathymetric contours shown in metres.
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over the same period, to analyse grain size and organic matter

content; from these, 39 were used to analyse the metal concentra-

tions. As stated by Chapman12 (see above), differentiating pollu-

tion from contamination cannot be undertaken solely on the

basis of chemical analyses, because such analyses provide no

information on bioavailability or toxicity. Hence, from the most

‘metal-enriched’ samples, 18were selected for aMicrotox� study;

those with a positive toxic response, or with highmetal concentra-

tions, were selected for an amphipod ecotoxicological study.

Geophysical study

Bathymetric and seafloor backscatter information were acquired

using a high-resolution multibeam SeaBat 8125 system.13 The

system operates at a frequency of 400 kHz, producing 256 beams

at 128� angle swath and up to 50 swaths per second. Bathymetric

data were acquired and processed using the PDS2000 software.

Tidal correction was applied using the nearest tide gauge and,

on this basis, a 1 m resolution seafloor digital terrain model

(DTM) was produced. Finally, the DTM was exported into

ESRI grid format; this was integrated then into ArcGis.

Spatial algorithms were applied, to extract relevant topo-

graphic parameters: slope, orientation, shaded relief, and the

topographic position index (TPI). Orientation or aspect of the

DTM was calculated, to determine the seafloor exposure to

wave activity. The shaded relief was calculated using Lambert’s

cosine law,14 with different altitude and azimuth values of the

light source, in order to highlight geomorphologic features that

could assist in the interpretation of classes. The TPI15 is

a measure of relative elevation; it provides an indication of

whether any particular pixel forms part of a positive (e.g., crest)

or negative (e.g., trough) feature, of the surrounding terrain.16

Sediment analysis

The <2 mm sediment fraction was reduced, from the original

samples, by coning and quartering;17 it was analyzed using a laser

diffraction particle size analyzer (LDPSA), with a 750 nm laser

beam (Beckman-Coulter LS� 13320, software version: 4.19).

The measurement time adopted was 60 s, with 9–11% of obscu-

ration. The instrument has 126 photodiode detectors and can

measure, routinely, particles within the size range 0.4 mm to

2 mm. The >2 mm fraction was measured using dry-sieving.18

The percentages of gravel, sand and mud were calculated as:

>2 mm fraction; 63 mm–2 mm; and <63 mm, respectively.19 The

organic matter content was calculated using the ‘loss on ignition’

method,20 at 450 �C over 5 h.

Metal analysis

Metal concentrations were analysed in the <63 mm fraction.21–23

This fraction was obtained by dry sieving the samples, previously

oven-dried at 60 �C. All of the 39 samples were digested in

a microwave digestion system (Anton Paar, Multiwave 3000).

Approximately 1.0 g of dry sediment (<63 mm) was weighed

accurately and transferred into the PTFE extraction vessel,

with an acid mixture (HCl and HNO3, 2 : 1 v/v), for 20 min;

this followed a pressure ramp programme, at a maximum power

of 1400 W. Once the extraction period was completed, the solid

phase was separated from the acid extract, by centrifugation at

2500 rpm, for 10 min. The solid was rinsed twice with double-

deionised water and the rinses were added to the extract, then

diluted finally to 50 mL. All of the glassware was acid-washed

(HNO3 10%).

The analysis of metals in the extracts was carried out using

atomic absorption spectrometry (AAS) (AAnalyst 800 Perkin

Elmer). Cu, Pb, Ni, Cr, Zn, Mn and Fe were determined in an

air-acetylene flame. Cadmium content was analysed using

a THGA graphite furnace, applying a Zeeman background

correction and Mg(NO3)2, as matrix modifier. Finally, As (after

hydride generation with NaBH4 in a FIA system, FIAS 100

Perkin Elmer), and total Hg (by means the cold vapour method,

with the same reducing agent) were determined by quartz

furnace atomic absorption spectrometry. The analysis was

performed using the standard conditions recommended by the

manufacturer.24 The data were presented in terms of mg kg�1,

of sample dry weight. Detection limits for each metal, for the

whole method, are listed in Table 1. The accuracy of the analy-

tical procedures used was checked for every batch of 8 samples,

using the PACS-2 (trace metals in estuarine sediment, NRC,

Canada) certified reference material. AZTI-Tecnalia has partici-

pated also in inter-laboratory exercises for trace metals, in

estuarine and coastal sediments (QUASIMEME project), for

several years. Satisfactory results were obtained in both cases,

as in this study (Table 1).

The procedure described above is a common method for the

determination of metals in sediments, in monitoring programs

for environmental purposes. The method provides the acid-

extractable metal concentration (see, e.g., Förstner).25

Ecotoxicological analysis

Fresh sediment samples were maintained at 4 �C, until analysis;
then, they were sieved through 1 mm mesh, in order to separate

the gross sediment fractions and accompanying macrofauna.

The Microtox� test is based upon bioluminescence inhibition,

by Vibrio fisheri, following the Microtox� protocol ‘Solid Phase

Test SPT’.26 A Microtox� model 500, together with a thermo-

static bath Frigiterm-10, at 15 �C, was used. On the basis of

a logarithmic regression between the sediment concentration

and bioluminescence, an EC50 (in mg L�1) for each sample

(concentration of sediment to which 50% of the bioluminescence

inhibition is reached) was used.

Table 1 Results for the analysis of the PACS-2 certified reference marine sediment. Data in mg kg�1 dry sediment (average � S.D.)

As Cd Cu Cr Fe Mn Hg Ni Pb Zn

Detection limit 0.05 0.04 1 0.4 5 0.5 0.03 1 0.05 0.5
Reference values 26.2 �1.5 2.11 � 0.15 310 � 12 90.7 � 4.6 40 900 � 600 440 � 19 3.04 � 0.2 39.5 � 2.3 183 � 8 364 � 23
Measured values 20.5 � 1.3 1.93 � 0.2 268 � 15 57 � 11 39 899 � 3406 280 � 31 2.9 � 0.4 39 � 5 183 � 23 320 � 26
Recovery % 78.3 91.9 86.5 63.1 97.6 63.7 95.0 98.8 100.4 87.8
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This test can be used rapidly as a screening tool. If the

response is negative, the sample is considered non toxic; if

positive, the sample needs to be re-evaluated by another

bioassay, using organisms with a higher ecological relevance.

Following Chevrier and Topping,27 a sample is potentially toxic

when EC50 < 1000 mg L�1. The samples whose EC50 was close to

or lower than 1000 mg L�1 were tested, using an amphipod

bioassay for the assessment of acute toxicity. Non-toxic samples

detected using the Microtox� test, but with high metal

concentration, were also tested with an amphipod bioassay.

The species used in the amphipod bioassay were Corophium

urdaibaiense and C. multisetosum. The methodology used is

described in the protocols of Schipper et al.28 and the OSPAR

Commission.29 After 10 days of exposure with the sediment,

the number of individuals alive at the end of the bioassay

was counted; on this basis, the percentage of mortality was

derived. The amphipods were taken from locations without

pollution, whilst sediment from the same location was used as

a control.

Significant differences between the control and the analysed

samples were determined, using parametric analysis (t-Student),

after angular transformation (arc sin Op).30 The accepted

confidence level was 95% (p < 0.05). A sample was considered

as toxic when it showed 20% more mortality than the control;

likewise, that the differences in mortality, between control and

analysed samples, were significant.31,32

Moreover, AZTI-Tecnalia has participated in an inter-

laboratory assessment of marine bioassays (Microtox� and

amphipods), to evaluate the environmental quality of coastal

sediments in Spain.33,34

Statistical analysis

In order to establish the relationships between the variables,

a Spearman correlation analysis and a principal component

analysis (PCA) was undertaken, with the complete dataset. All

statistical analyses were performed using the Statgraphics�
package.

Results

Geophysical features

Bathymetric and seafloor features of the study area are shown in

Fig. 2. The digital model of the seabed reveals a high geomor-

phological complexity, including a mixture of hard- and soft-

bottoms. Hard-bottom is composed mainly of flysch stratus,

oriented to the NNW, with a thin sand layer in between.

The ‘official’ area of disposal extends over 7.4 km2, in water

depths of between 62 and 80m. Some sea bed features can be iden-

tified outside of this location, as small dumping areas; these are

characterised by a round form of 25–35 m in diameter, with an

elevation over the surrounding seabed of 0.2–1 m. The reflectivity

of these features indicates that the material is stronger than the

surrounding materials. The ‘official’ area of disposal also shows

singular features; however, it appears thatmost of the slagdeposits

have been dispersed andmixedwith the original sea bedmaterials.

Sediment data

As most of the sea bed was rocky, it was difficult to obtain the 50

sediment samples, following a regular pattern. Overall, the

sediments are somewhat homogeneous, being mainly sandy

(Table 2), especially in the shallowest waters. Mean sand

contents over the area are around 73%, with 33 of the samples

having more than 60% of sand. A group of sampling stations

shows a high gravel percentage (with 13 stations over 40%),

with a mean of 18% (Table 2). A group of 6 stations, with

mean water depths >56 m, has a mud percentage of over 32%;

in comparison, the overall mean is 9% (Table 2).

Organic matter content shows higher percentages in deeper

water zones (below 60 m), with values here in excess of the

2.42% mean.

Metal data

The mean concentration of As was 27.3 mg kg�1 (maximum

63.3 mg kg�1) (Table 3). Highest values (over 40 mg kg�1) were

Fig. 2 Bathymetric and seafloor features over the area (a), and the official disposal area (b), showing several singular structures and possible illegal

disposal areas (A, B, C).
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found in the deepest waters (>67 m water depth). The mean Cd

concentration was 0.48 mg kg�1 (max. 4.18 mg.kg�1), with the

highest values being found at the deeper stations, with high

organic matter percentages (Table 3).

ThemeanCu concentrationwas 65.8mg kg�1, with amaximum

value of 149mg kg�1, in a water depth of 26m. Copper concentra-

tions >100mg kg�1 were found both at shallowwater stations (19,

24, 2) and at deep stations (64, 69, 70) (Table 3).

The mean Cr concentration was 25.2 mg kg�1, with

a maximum of 66.9 mg kg�1, being the highest values found at

different depths (Table 3). Iron values were very high over the

area, with a mean value of 10.4% (max. 57.4%). Concentrations

above the mean were found in water depths of between 20 and

40 m, outside of the official dumping area (Table 3). A similar

pattern was found for Mn, with a mean concentration of

1391 mg kg�1 (max. 3505 mg kg�1).

In the case of Hg, the mean concentration was 1.16 mg kg�1

(max. 4.28 mg kg�1). Highest values (>1.5 mg kg�1) were found

associated mainly with the deepest stations (Table 3). The

mean Ni concentration was 37.9 mg kg�1 (max. 77.4 mg kg�1),

and, except for two stations, the highest values were found in

shallow waters (Table 3). The mean Pb concentration was

128 mg kg�1 (max. 341 mg kg�1). Highest values (>169 mg kg�1)

were found in water depths greater than 65 m (Table 3). Finally,

the mean Zn value was 258 mg kg�1 (max. 716 mg kg�1). This

metal showed two main areas of high concentration, in shallow

(20–40 m) and deep (65 m) waters (Table 3).

Ecotoxicological data

TheMicrotox� EC50 values ranged between 217 mg L�1 (Station

70) and 328 728 mg L�1 (Station 8) (Fig. 3). The first value can be

considered as potentially toxic, as it was under 1000 mg L�1.

Stations 17 and 67 were associated with EC50 values slightly

over 1000 mg L�1. Hence, Stations 70, 17 and 67 were used for

the amphipod bioassay, together with Stations 23 and 64, due

to their high metal concentrations (even when they had not

shown toxic effects, on the basis of the Microtox� analysis).

Due to restrictions in amphipod availability, two bioassay

series were undertaken. The bioassays for Station 17 were under-

taken with Corophium urdaibaiense. The control station showed

20 � 11.2% (mean � standard deviation), of mortality (Fig. 4).

This value could be considered to be quite high for a valid

bioassay; however, it was not possible to repeat the assay.

Station 17 showed 32 � 11.5% of mortality; however, the diffe-

rences were not statistically significant and the percentage of

mortality is <20% (the guideline value). Conversely, bioassays

for the remainder of the stations were made with Corophium

multisetosum. The control station showed 6 � 5% of mortality,

being mortality values in investigated sediments over the control

(Fig. 4). Hence, Stations 23, 67 and 70 presented statistically-

significant differences, with the control; however, only Station

70 showed a mean mortality (21%) slightly over the guideline

value, being considered as toxic.

Relationships between variables

The correlation matrix between the variables, including water

depth, sediment parameters, metal concentrations and toxicity

results, are listed in Table 4. Depth showed a highly significant

(p < 0.001) positive correlation with mud content, organic

matter, As, Pb and Cd; it was negative with Mn. Lower signifi-

cant negative correlations were found with sand content and

Fe; they were positive with Zn and Microtox� toxicity.

Microtox� toxicity showed high significant positive correla-

tion with the mud content, with lower correlations with Cd, Pb

Table 2 Sedimentological parameters of each sample (for locations, see Fig. 1). Key: OM ¼ organic matter

Sample Depth OM Gravel Sand Mud Sample Depth OM Gravel Sand Mud
(m) (%) (%) (%) (%) (m) (%) (%) (%) (%)

1 10.2 1.1 74.4 25.4 0.1 32 48.0 2.1 27.9 71.9 0.2
2 25.7 2.0 51.6 48.2 0.2 33 32.1 2.2 0.0 91.4 8.6
3 35.8 1.1 0.0 98.7 1.3 34 33.8 1.6 46.7 52.6 0.8
4 43.0 1.7 0.0 98.6 1.4 35 29.2 2.5 42.8 57.1 0.1
5 20.2 2.4 28.1 71.4 0.5 36 36.2 41.0 58.7 0.3
6 29.4 1.5 0.0 99.9 0.1 37 27.3 1.5 47.9 51.8 0.3
7 36.4 1.2 0.0 97.0 3.0 38 35.6 1.4 65.1 34.8 0.1
8 27.5 2.5 0.0 100.0 0.0 40 22.8 2.1 0.0 97.9 2.1
9 31.2 2.3 47.0 52.7 0.3 45 20.8 2.0 0.0 97.4 2.6
10 37.7 2.5 50.2 49.6 0.2 48 59.0 2.1 12.3 87.6 0.1
11 43.1 1.5 0.0 96.6 3.4 52 56.0 1.9 10.4 89.5 0.1
12 47.0 1.5 0.0 96.8 3.2 55 56.0 4.9 29.5 0.9 69.6
14 21.1 3.5 0.0 88.1 11.9 57 66.0 1.0 27.8 72.1 0.0
15 27.6 3.2 58 35.0 1.4 0.7 99.1 0.1
16 31.2 2.0 39.3 60.2 0.5 60 31.0 1.2 0.0 97.9 2.1
17 36.3 3.2 7.4 91.9 0.6 63 66.0 2.2 29.4 70.5 0.1
19 22.5 2.1 0.0 100.0 0.0 64 67.0 4.1 10.7 86.1 3.2
20 34.7 2.3 5.6 94.2 0.2 65 69.0 2.7 20.1 79.6 0.3
21 62.0 2.5 0.4 80.5 19.1 66 67.0 2.1 36.8 63.1 0.1
22 47.0 46.5 53.1 0.4 67 72.0 4.1 0.0 53.3 46.7
23 21.1 2.7 0.0 100.0 0.0 68 73.0 4.5 0.0 35.0 65.0
24 20.0 1.7 0.3 98.3 1.4 69 72.0 6.1 9.3 87.3 3.4
25 31.2 2.4 0.0 96.5 3.5 70 73.0 3.8 0.0 23.1 77.0
29 26.1 2.3 0.0 97.6 2.4 71 73.0 3.1 0.0 25.4 74.8
31 56.0 1.7 67.8 32.0 0.2 73 71.0 4.7 0.0 67.9 32.1
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and organic matter; it was negative with sand and Mn. Several

metals showed high significant positive correlations between

them, with associations such as Cd–Pb–Zn and Fe–Mn–Ni,

related to their common source.

The relationships between the different variables can be seen in

Fig. 5, using aPCA.Thefirst component explained38%of the vari-

ability, 26% the second, 10% the third, and 7% the fourth (i.e. 81%

in total). The first component was associated with metals such as

Zn,PbandCd; the second to slagmetals (Fe,Mn,Ni); and the third

with sediment composition. It is important here to note that the

correlation matrix results and PCA results are in agreement.

Table 3 Metal concentration in sediments over the area (for locations, see Fig. 1). All data are shown in mg kg�1 of dry weight, except Fe, expressed as
a percentage

Station As Cd Cu Cr Fe Mn Hg Ni Pb Zn

2 32.2 0.13 149 48.0 6.0 2883 0.22 57.3 156 233
4 34.0 0.15 86 18.7 12.4 1676 0.84 38.5 126 225
5 30.1 0.09 68 1.1 8.3 1873 0.19 29.7 109 177
6 38.1 0.13 81 17.1 33.0 2100 0.20 43.6 147 256
7 35.3 0.15 77 12.8 11.6 1296 2.13 38.7 118 238
8 28.1 0.10 52 14.8 4.0 1422 0.49 31.2 94 177
9 22.8 0.31 39 6.0 10.5 1411 1.26 26.8 107 151
10 31.1 0.07 36 17.9 5.3 1256 0.25 28.5 99 125
11 31.1 0.27 64 20.4 10.8 935 1.42 33.1 90 203
14 6.1 0.31 45 20.0 7.0 1017 0.95 30.8 85 169
15 23.2 0.19 46 13.5 6.3 1146 0.34 28.7 93 148
16 22.3 0.19 41 23.8 6.2 897 0.52 36.6 85 130
17 26.4 0.21 43 14.0 23.5 890 0.79 30.0 88 146
19 33.9 0.29 111 21.5 5.1 3042 0.37 52.2 127 373
20 6.9 0.18 32 13.2 3.9 920 0.58 29.1 91 132
23 18.0 0.23 140 41.3 57.4 3505 3.56 71.2 130 440
24 47.6 0.36 126 55.2 28.3 3012 3.40 77.4 132 422
25 16.0 0.29 98 24.7 37.3 3012 0.52 47.9 123 379
32 7.0 0.25 33 23.4 4.0 668 0.47 27.1 77 124
33 7.0 0.37 45 22.6 6.4 1148 0.74 32.2 82 188
34 7.9 0.17 36 66.9 5.8 1340 0.47 45.8 86 155
35 13.7 0.15 42 18.0 6.8 1295 0.33 35.6 85 196
36 16.5 0.12 28 19.6 4.6 1187 0.30 34.1 94 172
37 11.1 0.13 31 18.1 4.0 999 0.32 31.6 84 154
38 15.6 0.08 22 14.0 3.3 764 0.82 28.7 77 111
40 22.2 0.22 81 23.6 17.5 2717 0.16 48.8 104 367
48 13.1 0.14 36 24.9 4.3 778 0.48 34.5 113 185
58 19.5 0.13 26 13.5 4.3 864 0.29 27.5 71 143
60 19.5 0.14 45 29.7 10.4 1183 4.28 39.5 78 190
63 31.6 0.21 68 25.5 10.6 1797 0.61 52.1 169 246
64 40.9 2.79 138 34.8 5.8 803 3.60 35.4 274 665
65 51.2 0.50 54 46.9 5.3 915 0.74 51.6 151 224
66 25.4 0.28 54 23.2 4.4 688 0.94 34.1 210 231
67 42.2 1.55 68 30.4 4.9 762 2.16 30.5 208 476
68 46.4 0.95 70 30.8 3.9 512 1.79 30.2 180 360
69 63.3 4.18 102 47.5 7.0 1306 3.82 37.9 342 716
70 50.3 0.92 82 36.4 4.0 508 1.74 30.0 184 306
71 44.4 1.13 116 27.4 5.9 979 2.21 32.5 211 455
73 31.0 0.64 54 20.1 5.4 735 0.97 29.2 115 262

Fig. 3 Mean and 95% confidence intervals of E50 (mg L�1) Microtox�
values, at some of the locations. Dashed line represents the guideline

value, 1000 mg L�1 (see text).

Fig. 4 Ecotoxicological bioassays undertaken with Corophium urdai-

baiense (black) andCorophium multisetosum (white). Bars indicate� stan-

dard deviation (five control replicates and three sediment problem

replicates).Asterisks showsignificantdifferences (p<0.05)between studied

sediments and its respective control (C).Horizontal lines show theguideline

value (20% more mortality than control), for each of the species test.
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Discussion

Risk assessment

The metal concentration over the area has been evaluated, by

comparing it with the Effect Range-Median (ER-M), which is

the concentration considered by Long et al.35 as a potential

producer of harmful effects tomarine biota (Table 5).On the other

hand, the upper limit of the regional background ranges have been

calculated recently by Rodrı́guez et al.10, to be used as representa-

tive of high chemical status, sensu the WFD. Such levels can be

useful in determining the level of metal enrichment over the area

(Table 5). Finally, as the original composition of the dumped

slag is unknown, the present slag composition produced by the

Basque steel industryhasbeen included inTable 5 (after IHOBE).36

A group of metals (As, Cd, Cu and Cr) does not show enrich-

ment over the area, in relation to both background levels and

ER-M values (Table 5). Three metals (Ni, Pb and Zn) show

values over the ER-M, at 2 to 6 stations; likewise, Hg has values

over ER-M in 20 of the samples (Table 5).

It is difficult to establish the origin of the present sediment

metal composition, taking into account the differences in compo-

sition between the slag disposal (see composition in Table 5) and

steel mill powder (composed mainly of Zn, Pb and Fe, after

IHOBE).36 However, this difference in composition could

explain the PCA differences, which discriminates between Pb,

Zn and Cd (originating probably from steel mill powder) and

Fe, Mn and Ni (originating probably from slag disposal).

Although the slag composition probably was not the same

throughout the dumping period, when comparing the present

composition with that over the area, the mean metal concentra-

tion ranges between 1.5 and 3 times less than the slag composi-

tion. This pattern could be related to the dispersion of the

materials, which makes it difficult to detect with the multibeam.

However, the signature of the slag disposal can be detected over

the area by the high metal concentration, i.e. three times over

other Basque coast locations concentration.11

Table 4 Correlation matrix between the studied variables (38 values, except for Microtox�, in which there are only 18). Bold and italicised values:
significant at p < 0.001; Bold values: significant at p between 0.01 and 0.001; Italicised values: significant values at p between 0.05 and 0.01. OM ¼
organic matter

Depth Sand Gravel Mud OM As Cd Cr Cu Fe Hg Mn Ni Pb Zn

Sand �0.401
Gravel �0.144 �0.567
Mud 0.599 �0.582 �0.339
OM 0.591 �0.231 �0.258 0.513
As 0.546 �0.124 �0.297 0.434 0.492
Cd 0.577 �0.066 �0.213 0.286 0.772 0.597
Cr 0.241 �0.101 �0.017 0.133 0.194 0.326 0.363
Cu 0.072 0.144 �0.351 0.182 0.231 0.551 0.396 0.461
Fe �0.350 0.442 �0.318 �0.192 �0.132 �0.002 �0.126 0.153 0.464
Hg 0.281 0.121 �0.382 0.238 0.348 0.449 0.596 0.430 0.487 0.272
Mn �0.556 0.404 �0.126 �0.336 �0.257 0.029 �0.182 0.229 0.633 0.692 0.042
Ni �0.260 0.330 �0.129 �0.249 �0.214 0.206 �0.067 0.620 0.655 0.632 0.286 0.811
Pb 0.678 �0.160 �0.187 0.368 0.661 0.748 0.863 0.413 0.595 �0.023 0.534 �0.027 0.130
Zn 0.420 0.090 �0.427 0.319 0.603 0.641 0.824 0.465 0.758 0.259 0.671 0.269 0.359 0.848
Microtox 0.616 �0.585 �0.140 0.798 0.489 0.348 0.672 0.145 �0.005 �0.214 0.003 �0.488 �0.271 0.532 0.230

Fig. 5 Principal component analysis results, showing the relative

position of the stations and variables: (a) Components 1 and 2;

(b) Components 2 and 3. Key: OM ¼ organic matter.

Table 5 Comparison between the Effect Range-Medium (ER-M),35

upper limit of the Basque regional background range (Background)
levels,10 present (Present) slag composition in the Basque industry,36

the mean (Mean) metal concentration values over the studied area (all
data in mg kg�1), and the number (N�) of stations over the ER-M

Metal ER-M Background Present Mean N� >ER-M

As 70 24 <9 27.3 0
Cd 9.6 0.45 <1 0.48 0
Cu 270 64 <200 65.8 0
Cr 370 71 <150 25.2 0
Fe 53 542 <480 000 104 000
Hg 0.71 0.27 <2 1.16 20
Mn 447 1391
Ni 52 57 <80 37.9 5
Pb 220 66 <90 128 2
Zn 410 248 <600 258 6
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The ecotoxicological risk of contaminated sediments depends

upon metal mobility, leading to solution, as well as the ability of

living organisms to assimilate metals directly from ingested

sedimentary particles.37 Metal mobility depends upon a variety

of processes, including: chemical (dissolution, desorption,

complexation, precipitation and adsorption); biological (degra-

dation, transformation, accumulation, faeces production and

filtration); and physical (diffusion, phytolysis, aggregation and

burying).37 These authors have stated that metal ions adsorbed

on small grain size particulate matter are often considered to

be bioavailable, whereas metals complexed with organic matter,

or included in amorphous metal oxides through precipitation or

coprecipitation, are likely to be less bioavailable. Metals

presented in crystalline structures are generally unavailable for

uptake. Within the present study, most of the area is sandy; as

such, the grain size could reduce the environmental risk. More-

over, as described for this area,38 a high percentage of Fe

(more than 90%), Cu (80%) and Ni (70%) was found as a residual

form, or in a stable association with the mineral matrix of the

sediment; this is indicative of the dominance of refractory,

non-labile forms, in the speciation of these elements.

Similar results have been obtained for other samples from the

inner Abra de Bilbao (Fig. 1) and other estuaries of the Basque

coast, where the by-products of mining and metallurgical

activities are the main source of heavy metal contamination of

the sediments.38,39 Thus, in spite of the high concentration in

which these metals are present in the sediments, their refractory

forms reduce the biological risk. This level of information can

contribute to and help to design future management and moni-

toring strategies for the area. As such, more focused monitoring

will reduce monitoring costs.

Conversely, the increase in the concentration of ligands, such

as chlorides, in the water decreases the bioavailability and

accumulation of the metals by the organisms. Bioavailability

and bioaccumulation increase when the salinity decrease is equal

or lower than 20;40 likewise, in areas of high wave energy.41 The

ability of sediments to adsorb metals, such as Pb or Cu, released

from slag disposal is enhanced in anoxic conditions; this suggests

the adsorption and/or coprecipitation with Fe and Mn

(oxy)hydroxides.42

Hence, some of the metals, such as Hg, Zn, Pb and Ni, which

are over the ER-M defined by Long et al.,35 and are thus able to

affect the marine biota, have less impact than predicted over the

study area (with a mean salinity over 34, >90% of oxygen

saturation, but high wave energy),11 as detected by the ecotoxico-

logical studies. Only one (sampling Station 70), amongst 18

samples analysed by Microtox�, showed a toxic potential; this

was also the only one showing toxicity, following a Corophium

bioassay. This sample had the highest mud percentage (77%),

but the metal concentrations were not particularly high (around

the mean for the area), with only Hg over ER-M. Conversely,

Station 67, with similar metal concentration and organic matter,

did not result in any toxic response. The only difference is the

mud concentration (77% and 47%, respectively); hence, the addi-

tional toxicity in Station 70 could be related to ahighermetal load,

associated with the fine grain size. It should be taken into account

that fine-grained sediments can disturb the Microtox� toxicity

results.43–45 Conversely, it has been demonstrated thatCorophium

species are affected by sediment texture.32 In the present study,

Corophium multisetosum is associated more with the fine sandy

sediments, than muddy material, e.g. Sample 70, resulting in an

additional toxic result for this sample. The ‘misfit’ between

sediment toxicity and chemistry has been discussed elsewhere.46

Similarly, other stations (such as 23) which showed several

metal concentrations over the ER-M (including high Hg concen-

trations), did not show any toxicity. This pattern is related

probably to the high sand percentage (100%), allowing dilu-

tion/dispersion of the metals and reducing the risk of toxicity.

Hence, as most of the area has coarse grain size sediment,

together with the low bioavailability of the metals here, this

can explain the general low toxicity within the studied site.

This pattern explains also the small differences in the response

of biological communities, such as soft-bottom benthic commu-

nities, when comparing data from the study area and adjacent

locations. The monitoring network within the area shows the

presence of three sampling stations (Fig. 1); they do not show

any statistically significant differences, in terms of structural

parameters (i.e. density, biomass, diversity or evenness) and

the biotic index AMBI (for details, see Borja et al.),47 when

comparing mean values over the past 12 years.11 Other literature

is available in the use of this kind of indices (i.e.AMBI or Bentix),

in detecting disturbances produced by slag disposal.48 The

benthic biological quality, assessed by means of an M-AMBI

approach2,49,50 for the WFD, shows high status in the western

part of the area (Station A, Fig. 1) and good status in the disposal

area and over the eastern part.11Hence, the benthic quality within

the area meets with the WFD requirements.

The existence of healthy benthic assemblages, at sites with

some evidence of sediment contamination and/or toxicity, may

be due to the contaminants not being present in bioavailable

forms, or to low sensitivity of infauna to the contaminants in

question.51 Similar patterns (high level of metals and good biota

health) have been described elsewhere, in relation to mine

tailings:52 recolonisation of such an area was completed within

three years, following mine closure, in Canada.53 In this case,

Ellis54 uses the term ‘‘recovery to a sustaining ecological succes-

sion’’, when there can be considerable confidence in the fact that

the ecological succession is sustaining itself. Hence, it would

appear that the study area has reached this stage after dumping

cessation; it now maintains a good ecological status.

Investigative monitoring within the WFD

The example presented here focuses upon a slag/sediment quality

problem, i.e. to produce the risk of not achieving good status,

within the WFD. This topic relates to the derivation of environ-

mental quality standards (EQS). The WFD defines EQS as the

concentration of a particular pollutant or group of pollutants in

water, sediment or biota that should not be exceeded in order to

protect human health and the environment. Moreover, the WFD

strategy against pollution of water states that the Commission

shall submit proposals for quality standards applicable to the

concentrations of the priority substances in surface water,

sediments or biota.

When designing the monitoring, the WFD does not provide

clear guidance on the selection of matrices to be studied, for

the physico-chemical elements. However, taking into account

that the monitoring network shall be designed so as to provide
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a coherent and comprehensive overview of ecological and chemical

status, within each transitional (estuarine) and coastal water

mass, sediment and biomonitor elements should be included in

such a network. This lack of clarification has produced a debate

on how to use water, sediment and biomonitors, in assessing

environmental quality.55–57

‘Hazard is the possibility of harm; risk is the probability of

harm’.12 Following this definition, if a hazard has been identified

in the environment (such as the presence of slag disposal, within

which the sediment contamination has been assessed), additional

measurements are required to evaluate the risk. The objective is

to determine whether or not those sediments affected by the

disposal are toxic to individual organisms, the extent of any

toxicity, and the potential impact over the biological elements,

sensu the WFD.

There are two different levels in using chemical indicators

within the WFD: (i) physico-chemical conditions influencing

the biological quality; and (ii) the classification of the chemical

status. If we focus only upon sediment quality, this can be

assessed using a variety of approaches,58 including the assess-

ment of: (i) benthic community health; (ii) sediment toxicity;

(iii) bio-accumulation of compounds from the sediments; (iv)

toxicity identification evaluations; (v) sediment chemistry; or

(vi) integrated sediment quality assessments.

Unfortunately, using several sediment quality assessment

approaches can be very time-consuming and costly; as such,

not suitable for surveillance or operational monitoring (under-

taken, on a routine basis). However, as investigative monitoring

is being undertaken here, we consider that the best way to assess

the risk associated with the slag in the water body is an ‘inte-

grated quality assessment’, i.e. combining several of the above

mentioned approaches. This decision is based upon the fact

that each approach has its own advantages and disadvantages,

and, consequently, it is not likely that any single approach will

answer the most commonly-posed sediment quality questions,

as highlighted by McCauley et al.:58 (i) are the sediments toxic?;

(ii) which substance in the sediments causes toxicity?; (iii) what is

the safe concentration of the substance in sediments?; and (iv)

what are the effects of mixtures of contaminants?

The use of approaches that combine several components (such

as chemical analyses, acute toxicity assessments, and biological

elements) provides an integrated view of the problem and, in

this particular case, provides a clear idea of the potential risk

associated with the slag disposal. In fact, this is a direct measure

of the effects on the biological elements, to be studied under the

WFD, which are finally the objective of this Directive.

In the case of sediment quality assessment, some of these

integrative approaches are TRIAD and ‘weight of evidence’

(WOE).59,12 There are many examples of the application of these

methods.60,61 Recently, Chapman59 recommends the use of this

kind of approach in assessing sediment quality. Following this

approach, in our case-study there could be two possible conclu-

sions: (i) proved chemical contamination (in 4 of the 8 harmful

metals), without laboratory toxicity response in the area, and

without statistically-significant benthic alteration; this implies

that the contaminants are not bioavailable, and no management

actions are required; and (ii) proved chemical contamination (as

mentioned previously) and laboratory toxicity (in one sample

amongst 18), but without statistically-significant benthic

alteration; this implies that toxic contaminants are bioavailable,

at least in a small fraction, but in situ effects are not demon-

strable: the reasons for such sediment toxicity in a sample should

be determined.

The WFD distinguishes surveillance monitoring from

operational monitoring, which is related to the compliance

with standards, discharge limits, etc., and investigative (or

diagnostic) monitoring; this is required to determine why an

area is not complying with these standards, or has changed as

the result of human activities. Therefore, the latter will

interrogate the cause of any spatial or temporal change in the

component under consideration, in cause and effect studies.5

Classical monitoring, based only upon chemical analysis, has

severe limitations for certain problems, such as the slag disposal

studied here. As highlighted by Allan et al.,3 many of the

emerging tools and techniques, such as biomarkers, bioassays,

etc., which have been developed in recent years, provide suitable

alternatives for low cost and more representative monitoring,

together with associated ecological monitoring.

Conclusions

Slag dumping along the Basque coast, during most of the 20th

century, has not produced toxicological or harmful effects in

the biota, some 12 years after the abandonment of the activity.

It seems that the dispersion and dilution of the materials, the

sediment and material composition, together with low bioavai-

lability, do not generate an acute toxic effect (as detected by

ecotoxicological tests); this does not represent a risk in achieving

good ecological status, sensu WFD, by 2005. The use of some

methodological approaches, such as TRIAD or WOE, can assist

in implementing investigative monitoring studies for polluted

sediments, within the WFD.
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Castromil, L. Marı́n-Guirao, J. F. Postma and T. A. Del Valls,
Cien. Mar., 2006, 32(B), 149–157.

46 T. P. O’Connor and J. F. Paul, Mar. Pollut. Bull., 2000, 40, 59–64.
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The water framework directive: water alone, or in association
with sediment and biota, in determining quality standards?
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The European water framework directive (WFD;

Directive 2000/60/EC) develops the concept of ecologi-

cal quality status (EcoQ) for the assessment of the

quality of water masses. The EcoQ is based upon the

status of biological, hydromorphological and physico-
chemical quality elements, with biological elements

being especially important; and supported by the others.

The physico-chemical elements include general variables

(such as dissolved oxygen, nutrients, etc.) and specific

pollutants. The former correspond to variables mea-

sured directly in the water. However, there is no indi-

cation about which matrices are to be sampled, or for

which specific pollutants.
In order to comprehensively assess the ecological

status of aquatic systems, all the significant matrices and

elements should be addressed, especially those that

would most likely affect the biota of the system and

those providing relevant information on impacts to

them.

Sediments are considered to be important in assess-

ment of anthropogenic impacts to coastal and estuarine
environments (Ridgway and Shimmield, 2002; Chap-

man and Wang, 2001). Similarly, biomonitors have been

widely used for assessing the contamination of marine

ecosystems (Cantillo, 1998; O’Connor, 1998), providing

significant information on specific pollutants over rele-

vant resolution time periods.

It is highly significant that ‘water’ is referred to on

373 occasions throughout the WFD, but other matrices,
such as sediment or biota (biomonitors), are mentioned

explicitly only 7 and 4 times, respectively. On at least

three occasions the latter two terms are used in con-

nection with the derivation of environmental quality

standards (EQSs), as was outlined by Crane (2003).

Hence, Article 2 (‘Definitions’) defines an EQS as the

concentration of a particular pollutant or group of

pollutants in water, sediment or biota that should not be
exceeded in order to protect human health and the

environment. Article 16 (‘Strategies against pollution of

water’) states that the commission shall submit pro-

posals for quality standards applicable to the concen-

trations of the priority substances in surface water,

sediments or biota. Finally, in Annex V, the procedure

for setting the EQSs by Member States is described,

including concepts related to toxicology of substances
and their bioaccumulation in the biological components.

When designing the surveillance monitoring (Annex

V), the WFD does not provide clear guidance on the

selection of matrices to be studied for the physico-

chemical elements. However, taking into account that

the monitoring network shall be designed so as to pro-

vide a coherent and comprehensive overview of eco-

logical and chemical status, within each transitional
(estuarine) and coastal water masses, sediment and

biomonitor elements should be included in such a net-

work; some recently approaches explicitly (Crane, 2003;

Borja et al., 2004a) or implicitly (Henocque and Andral,

2003) mention such requirements. In fact, the longest

monitoring programmes of the marine environment

around the world consider sediment and biomonitors as

important matrices for the integral assessment of eco-
logical status (Macauley et al., 1999; Gibson et al., 2000;

Claisse et al., 2002; and Kiddon et al., 2003).

There are two different levels of chemical indicators

within the WFD: (i) physico-chemical conditions influ-

encing the biological quality (related mostly to eutrophic

processes, see Bricker et al. (2003) and Nielsen et al.

(2003)); and (ii) the classification of the chemical status.
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The relationship between the levels has been described in

Borja et al. (2004a, Fig. 2).

The problem arises when an integration of the three

matrices (water, sediment and biomonitors) is pro-
posed, in order to determine the chemical quality of the

system being examined. Variables which could be

studied include, amongst others: basic variables in

waters (such as transparency, dissolved oxygen, nutri-

ents, etc.); and toxic metals and organic compounds in

waters, sediments and biomonitors. In order to evalu-

ate results of each group of variables to diagnose the

marine quality status, the results can be referenced to
and compared with: (i) some directly or indirectly re-

lated legislation (ICES, 2003); (ii) regional background

levels (as is the case for heavy metals, in sediments:

Ridgway and Shimmield, 2002; Crane, 2003; and

Belzunce et al., 2004b) and proposed quality objectives

in waters (Belzunce et al., 2004a), or biomonitors (Borja

et al., 2004b); (iii) the levels obtained from other coastal

areas, which can be used as comparison; and (iv) da-
tabases on toxic effect thresholds of some contaminants

and ecotoxicological approaches (Long et al., 1995;

Chapman et al., 1996; Gibson et al., 2000; and Crane,

2003).

An example of the determination of the extent of

contamination in the five levels of the WFD, is provided
by metals in sediments. A practical tool is the index

of geoaccumulation (Igeo) proposed by M€uller (1979),

which measures the concentration of the metal ‘n’,

within the sediment or size fraction, compared with its

background concentration. The index can be divi-

ded into five classes: unpolluted (Igeo < 1); low polluted

(1 < Igeo < 3); moderately polluted (3 < Igeo < 4); highly

polluted (4 < Igeo < 5); and very highly polluted (5 <
Igeo). This method has been used extensively (Ridgway

and Shimmield, 2002), even in some studies related to

the WFD (Belzunce et al., 2004b; Franco et al., 2004).

This approach, or other procedures, can be applied in

determining the extent of contamination in the remain-

der of the variables and matrices.

In order to assess the quality status along the Basque

coast, Franco et al. (2004) used the water, sediment and
biomonitor data from a monitoring network (see Borja

et al., 2003, 2004a) to calculate an integrative index of

Table 1

Example of the calculation of the integrative index of quality (IIQ) for two locations, based upon different variables and matrices (modified from

Franco et al., 2004)

Matrix Variables Location 1 Location 2

Classification Score Classification Score

Case a: without weighting

Water Basic variables Moderate 3 Good 4

Heavy metals Poor 2 Good 4

Organic compounds Good 4 Bad 1

Sediment Heavy metals Moderate 3 Bad 1

Organic compounds High 5 Poor 2

Biomonitors Heavy metals Poor 2 Bad 1

Organic compounds High 5 Bad 1

Total scores for water only 9 9

Classification over 15 scores for water only Moderate Moderate

Total scores (IIQ) 24 14

Classification over 35 scores: Moderate Poor

Case b: weighting sediment and biomonitors

Water Basic variables Moderate 3 Good 4

Heavy metals Poor 2 Good 4

Organic compounds Good 4 Bad 1

Sediment Heavy metals Moderate 3 · 3 ¼ 9 Bad 1 · 3 ¼ 3

Organic compounds High 5 · 3 ¼ 15 Poor 2 · 3 ¼ 6

Biomonitors Heavy metals Poor 2 · 2 ¼ 4 Bad 1 · 2 ¼ 2

Organic compounds High 5 · 2 ¼ 10 Bad 1 · 2 ¼ 2

Total scores (IIQ) 47 22

Classification over 65 scores: Good Bad

Case ‘a’ was derived without weighting the scores, in Case ‘b’, sediment was weighted· 3 and biomonitors· 2. Basic variables can include: Secchi

disc, nutrients, dissolved oxygen, etc.; heavy metals (the authors include 10); organic compounds, which can include PCB, DDT, PAH, HCH, HCB,

etc. Classification key: Case ‘a’: high––31–35 scores; good––25–30; moderate––19–24; poor––13–18; bad––7–12; Case ‘b’: high––57–65 scores;

good––46–56; moderate––35–45; poor––24–34; and bad––13–23.

A. Borja et al. / Marine Pollution Bulletin 49 (2004) 8–11 9



quality (IIQ), based upon the methodology of Borja

et al. (2001, 2002). In this contribution we propose to

adapt it to the WFD, classifying each group of variables

in terms of five possible levels of quality: ‘high’; ‘good’;
‘moderate’; ‘poor’; and ‘bad’. A score value (5, 4, 3, 2, 1,

respectively) is given to each of these levels, establishing

an IIQ for an area. In Table 1 example, using only water

within the classification, both locations should be clas-

sified as ‘moderate’ quality (there are 9 scores over

the most favourable possible situation of 15 scores: if all

the 3 variable groups attained a ‘high’ classification

(5 scores as ‘high’ · 3 variables ¼ 15 scores)). Likewise,
including sediment and biomonitors, Location 1 in the

Case ‘a’ approach presents an IIQ value of 24 scores,

meaning that the location can be classified as ‘moderate’

quality (24 over 35 scores, for 7 variable groups); and

Location 2 can be classified as ‘poor’ (14 scores over 35)

(Table 1).

Taking into account that sediment and biomonitors

can provide integrative records of pollution (Ridgway
and Shimmield, 2002), compared to the high variability

found in waters, the method proposed in this contribu-

tion permits the possibility of weighting the scores. On

the basis of this approach, the sampling frequency and

the time-scale of variability of each of the matrices, it is

seen that sediment is probably the most relevant matrix

in relating specific pollutants to biological status, fol-

lowed by biomonitors and waters. Therefore, Table 1
presents the changes which occur when weighting sedi-

ments · 3, biomonitors · 2 and waters · 1. Hence, Loca-

tion 1, with better quality in sediments and biomonitors,

improves in terms of its final classification. Likewise,

Location 2, with a worse quality associated with these

elements, worsens in terms of its final classification.

This simple method permits the classification of

quality, by means of either five levels (i.e. physico-
chemical conditions influencing the biological quality)

or two levels of quality (i.e. in the classification of the

chemical status: ‘good’ or ‘failing in achieving good’),

following the WFD (see Borja et al., 2004a). In the latter

case, the scores from the weighted example could be

grouped, with 13–45 scores ‘failing’ and 46–65 ‘good’.

This approach follows the recommendations of Borja

et al. (2004a), in implementing the WFD. The informa-
tion is included in a pragmatic and realistic way, avoid-

ing any complicated methodologies which could make it

impossible to implement a monitoring network (or use

data from long-term monitoring networks), in terms of

efficiency and cost. Moreover, this approach facilitates

the final determination of the ecological status, without

considering the WFD principle ‘one out, all out’, which

could lead to a failing of theWFDwhich might happen if
only a single variable of one of the matrices does not

arrive at a ‘good status’ (see Borja et al., 2004a).

Hence, responding to the question posed in the title,

not only water should be incorporated into determining

quality standards of the WFD. Sediment and biomoni-

tors must also be included. Such a procedure would

improve the final ecological quality determination, using

pragmatic and scientifically understandable approaches.
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Implementing the European Water Framework

Directive: The debate continues . . .

The implementation of the European Water Frame-

work Directive (WFD) includes development of a series

of concepts, terminologies and tools which create some
controversy within the scientific community (see Borja

et al., 2004a,b; Simboura, 2004). One of the potential

controversial issues relates to the matrices and elements

which should be addressed, in determining the physico-

chemical status within European transitional (estua-

rine) and coastal waters. Hence, some authors (see

Crane, 2003) claim that not only waters, but sediments

should be incorporated in the assessment of such a
status.

Recently, Borja et al. (2004c) highlighted the

problems which arise when a methodology for the inte-

gration of water, sediment and biomonitors was pro-

posed. This contribution has produced a series of

scientific discussions, via e-mail with the first author

(AB); the most relevant is that from the second (HH),

summarised here.

1. The problem in combining elements

Both the Working Groups for the Implementation of

the WFD and scientists in the Member States are dis-

cussing the integration or combination of biological

parameters (metrics, based upon phytoplankton, macro-
algae, benthos and fishes), which are more useful in

assessments than any specific biological parameter of

scientific relevance. However, taking into account the

‘‘one out—all out’’ principle of the WFD, this shows

the danger of ending up with average environmental sit-

uations, where ecological problems may be levelled out.

It is important that the scientific basis which governs the

integration of parameters is sound and accepted. HH
has argued that, when integrating or combining para-

meters or metrics, the poorest argument for such a lev-

elling-out process could be that we cannot end up in a

worse ecological state where taxpayers could ask: �did
we waste the money we spent on environmental improve-

ments in the past?� such that the outcome of the assess-

ments could easily be biased by non-scientific reasons.

This argument is reasonable and extends throughout

Europe. The problem in monitoring different water

bodies is to establish an �objective� method to assess
the quality of a water body. AB argues that the WFD

describes different approaches in determining quality

but, in some cases, a single variable on its own could

classify a water body as �bad� (for example). Thus it

may be practically impossible to achieve a �good� status
in many water bodies.

2. Simple and pragmatic?

One concern, commented by HH, is that the kind of

output now produced in the implementation process is

not one that the WFD requires. The goal is that we

should try to make monitoring, evaluation and method-

ologies in determining status as simple as possible. In the

chemical monitoring and assessment process of the

WFD, is it necessary to record the reaction of the whole

suite of inter-linked compartments, or is it sufficient to
deal only with the one which is closest to a pressure? Thus,

do we need to monitor e.g. cadmium in all compart-

ments (water, suspended solids, sediments, biota), when

we want to record the success of a reduction measure?

Would it not be sufficient to measure only in that com-

partment, which: (a) is best suitable; (b) reacts initially;

and (c) is sufficiently available? This corresponds, in a

way, to the procedure adopted in operational biological
monitoring, which investigates the element of quality

which is most susceptible to a certain pressure.

Possibly a pragmatic approach is the most suitable.

One of the problems, when implementation of the

WFD has to be undertaken in a country with scarce re-

sources (e.g. some of those recently incorporated to the

EU), is to use only the available resources and no more.

In complicating the monitoring and implementation of
the WFD, the cost of the status assessment could be-

come prohibitive.

3. What comes first, biological or physico-chemical
elements?

We agree that the WFD is a powerful analytical and

managerial tool, for combating distinct environmental
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problems in the aquatic world. HH has commented:

‘‘Identify the problem (as in Annex II of the WFD),

classify it (as in Annex V) and, combat it (Article 11)

when it increases or surmounts the established thresh-

olds (Article 5)’’. The function of the biological investi-

gation is to demonstrate whether a contamination or
physical activity affects the biological elements to an

unacceptable degree. AB prefers the approach: ‘‘Study

the biological elements in order to detect any dysfunc-

tion in the ecosystem; if there are changes, then study

the remainder of the compartments of the system. Then

combat the problem’’.

What would be the sequence of chemical work for

WFD purposes? When a potential problem (e.g. a chem-
ical) enters a water body, these usually disappear into a

�black box�of bio-geo-hydro-chemical processes which fi-

nally may affect the biota. Is it necessary to observe what

happens in this �black box�, or is it sufficient to note that

it has reached a certain concentration which leads to an

observable but (un)acceptable threat to water life? Is it

necessary to observe the whole chain of evidence (which

normally acts in qualitatively and quantitatively com-
plex processes), when our primary interest is simply to

identify an INPUT problem?

If you have a clear input of pollutants, this approach

could be correct. However, if this pollutant does not pro-

duce clear evidence of alteration could we assume that

there is no effect, or that it might have been transported

out of the system? What happens if there are no inputs,

but there is a polluted sediment (deposited, for example,
some 60 years ago) affecting the benthic communities?

This example is relevant in the Annex II process, and

should be clarified under the investigative monitoring

(see Annex V). On the other hand, the Annex V explains

the monitoring plans for water should be undertaken

‘‘. . . to provide sufficient data for a reliable assess-

ment . . .’’, meaning the minimummonitoring frequencies

given in the WFD, could lead to a lack of adequate data,
due to the variability of this particular compartment. In

this case, possibly other compartments (sediment, bio-

monitors) can act as a �snapshot� of an integrated period,

estimating the need for information from these compart-

ments in order to avoid the problem of the variability.

In the event that the biology does not react as ex-

pected, chemical classification based upon ecotoxicology

can be undertaken, but this approach may be insufficient
where it ignores the combined effects of chemicals on

organisms. Nonetheless, it is better than nothing at all.

Ecotoxicology is the response of a single species to pol-

lution, but the WFD addresses the whole ecosystem.

4. Sediment

An integrated bio-geo-hydro-chemical approach in

monitoring and assessment may work best only in very

clear situations, where there is a strong pollution signal.

As an example, OSPAR tries in every assessment to com-

bine the results of the different sources (water, sediment,

biota) but it always fails in the contaminated �average sit-
uation� which is, on large spatial scales, the normal case

by far. For any particular site, trends may be identified in
water but not in sediments; or in another case a signal

may be obtained for the biota but not for the surround-

ing sediment, and so on. There is a permanent search for

a measure which might represent the truth. Where there

are difficulties in determining the trends, this may be be-

cause of such high variability. It is easier to identify clear

trends in sediment and biomonitors, following a pollu-

tion episode or a period of water treatment.
There may be concern with introducing, on a routine

basis, sediment and biota measurements into WFD

monitoring, instead of water or suspended solids. Sedi-

ment and biota could be important when there is low

turbidity in the water, but this may not be enough. It

would be a pity to end up in a situation with nothing

really fits together, as in many traditional chemical mar-

ine monitoring.
A non-sedimentologists view of sediments as being �a

calm depository� may also be misleading. While seasonal

signals in contaminant concentrations can be observed,

after substances have entered the sea bed a large variety

of physical and chemical processes take place, depend-

ing upon the availability of reactive material (e.g. clays,

organic matter), the degree of reactivity (e.g. Redox po-

tential), physical properties (e.g. porosity, temperature,
deposition rate or even erosion), and biological activity

(e.g. degradation, bioturbation), etc. Thus, within sedi-

ments, the same degree of spatio-temporal variability

can be observed as in water and organisms. Such vari-

ability can be monitored; however, it is normally ig-

nored, because of simplistic concept on sediment

behaviour. Borja et al. (2004c) consider that the use of

water and sediment is complementary.

5. Encouraging the debate

The objective in publishing the comments and pro-

posals in Borja et al. (2004c) was to produce a discus-

sion, and to encourage the scientific community to

explore improved solutions in the implementation of
the WFD. This scientific debate should remain open,

and we must continue to assess the ecological status of

European waters in a pragmatic, rational and scien-

tific-based approach, achieving a broad consensus be-

tween scientists, policy-makers and stake-holders.
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Abstract

Some of the recently derived European Directives, such as the Water Framework and Marine Strategy, have, as ultimate aims, to
achieve concentrations of hazardous substances in the marine environment near background values. Hence, the determination of
natural background levels, in marine sediments, is highly relevant. The present study proposes the use of the maximum likelihood
mixture estimation (MLME) to determine regional background levels and upper threshold of metal concentration, with the Basque
Country as a case study (with a data set of 575 samples, from estuarine and littoral areas, including both intertidal and subtidal
sediments). The heuristic procedure is applied with unimodal data distributions (Cd, Cr, Fe and Ni) and the mixture density
estimations, based upon maximum likelihood, are carried out with polypopulational data distributions (As, Cu, Mn, Hg, Pb and
Zn). The upper limits of the distribution are proposed, as the limits between ‘High Status’ and ‘Good Status’ (according to the
Water Framework Directive terminology). The regional upper limits were 0.45 μg g−1 for Cd, 71 μg g−1 for Cr, 53,542 μg g−1 for
Fe, 57 μg g−1 for Ni, 24 μg g−1 for As, 64 μg g−1 for Cu, 447 μg g−1 for Mn, 0.27 μg g−1 for Hg, 66 μg g−1 for Pb, and 248 μg
g−1 for Zn. The results from this study can assist further in the determination of sediment reference conditions, to assess chemical
status, within the above-mentioned directives; likewise, it will be studied as a useful methodology in determining regional metal
backgrounds in other European countries.
© 2006 Elsevier B.V. All rights reserved.

Keywords: Marine sediments; Metals; Background levels; Mixture estimation; Water Framework Directive; Basque Country

1. Introduction

The European Water Framework Directive (WFD;
Directive 2000/60/EC) states the need to achieve ‘a
good ecological and chemical status’, by 2015, at all of

the European water masses, including estuarine and
coastal waters (for details, see Borja et al., 2004a; Borja,
2005). Although most of the methods implemented for
the WFD are related to the water column, some debate
has taken place in relation to the controversy of includ-
ing different matrices (such as sediments) in the as-
sessment of the physico-chemical status and quality
guidelines, within the WFD (Crane, 2003; Borja et al.,
2004b; Borja and Heinrich, 2005). Sediments are
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considered as good indicators of anthropogenic impacts
to coastal and estuarine environments (Ridgway and
Shimmield, 2002); this is because of their potential
impact on biological communities and their property to
accumulate substances and to provide a good integration
over time. Likewise, they form part of integral tools for
sediment assessment (Chapman and Wang, 2001) and
for the comprehensive assessment of marine and estua-
rine systems.

The ultimate aim of the WFD is to achieve the
elimination of priority hazardous substances and con-
tribute to achievable concentrations in the marine
environment, near to the background values for naturally
occurring substances. This approach would permit the
maintenance of the structure and functioning of marine
communities and ecosystems associated with the water
bodies. Hence, the WFD defines as ‘High Status’, for
specific non-synthetic pollutants, those concentrations
remaining within the range associated normally with
undisturbed conditions (background levels). A similar
approach has been adopted by the new European Marine
Strategy Directive (EMS), in assessing the ecological
and chemical status within offshore waters (Borja, 2006).

Within this context, the determination of natural
background in marine habitats, as a relative measure, to
distinguish between natural element concentrations and
anthropogenically influenced concentrations, is highly
relevant. This approach is due mainly to the fact that the
degree of contamination of a habitat can be assessed,
only if natural levels are known (e.g., Fowler, 1990;
Wedepohl, 1995; Carballeira et al., 2000; Baize and
Sterckeman 2001). The determination of background
levels has been applied also to other environmental
legislation, developed in industrialized countries (Sal-
minen and Tarvainen, 1997).

The first studies within this field were undertaken by
Turekian and Wedephol (1961), who defined the natural
concentration of diverse elements, for different geolog-
ical substrates. However, due to the geological variety of
the different regions, later studies have shown the con-
venience of deriving local or regional background lev-
els, especially if they are necessary for environmental
assessments (e.g., Carral et al., 1995a). In fact, for large
areas, the concept of being able to define just one
‘background’ is illusive (Reimann et al., 2005).

There is not a standard procedure to determine the
regional background (for detailed discussions of this
topic, see Carballeira et al., 2000; Reimann and de
Caritat, 2000 and Reimann et al., 2005). At the present
time, three main approaches are used, which have both
advantages and disadvantages (Loring and Rantala,
1992). These approaches are based upon (i) sampling of

pristine areas (see review by Carballeira et al., 2000); (ii)
sampling with datable long sediment cores which can
reach pre-industrial sediments; or (iii) sampling at a
large number of sites. In terms of the first approach, it is
difficult to establish uncontaminated areas, with similar
characteristics to those of the contaminated sites. The
second approach is suitable only when there have been
no major post-depositional movements (Luoma, 1990);
likewise, it is technically difficult. The third approach
has the advantage that it can be undertaken everywhere;
however, there is no general agreement on the statistical
methodologies to be applied, within most of them being
focused upon evaluation of the graphical inspection of
the empirical data distribution and, more recently, with
geographical displays (see reviews presented by
Matschullat et al., 2000; Reimann and Garret, 2005;
Filzmoser et al., 2005; Reimann et al., 2005). Moreover,
when pristine and contaminated areas are sampled si-
multaneously, it can result in polymodal distributions
(e.g., Carral et al 1992). Nevertheless, it should be noted
that polymodal distributions can be also due to natural
processes. There are several statistical approaches to
decompose polymodal distributions into their compo-
nents (see reviews by Titterington et al, 1985; McLa-
chlan and Peel, 2000). Carral et al. (1992, 1995a)
proposed the use of maximum likelihood mixture esti-
mation (MLME) to establish the background distribu-
tion in marine sediments. These authors referred to this
statistical approach as ‘modal analysis’ (a term used
extensively in population ecology). MLME has been
shown to be useful in determining the background
values in sediment and biota (Carral et al., 1995a,b;
Carballeira and López, 1997; Carballeira et al., 2002;
Villares et al., 2002; Aboal et al., 2004). However,
studies using this methodology in marine habitats are
scarce; this is due probably to high data requirements.

The aim of this contribution is to apply the MLME, to
determine regional background levels of metals (using
the Basque Country, northern Spain, as a case study);
this can assist further in the determination of sediment
reference conditions, to assess chemical status, within
the WFD and the EMS Directive.

2. Materials and methods

2.1. Study area and sediment sampling

The Basque Country (Fig. 1) is a coastal mountain-
ous region, dominated by rocky shores and estuaries.
The lithology is characterised by materials ranging from
the Palaeozoic to the Quaternary, with an absence of
Oligocene materials (Pascual et al., 2004). The area is
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characterised by sedimentary rocks, with a higher
proportion of sandstones and lutites in the eastern part
of the region and more marls and limestones towards the
west (Pascual et al., 2004). Most of the estuaries and
coastal areas are affected, to some degree, by urban,
industrial wastewaters and/or mining, with special rele-
vance to those of Zn, Pb and Fe (Cearreta et al., 2000,
2002, 2004; Belzunce et al., 2001, 2004). Hence, the
area has a high number of pressures and impacts (Borja
et al., 2006).

A total of 899 sediment samples were obtained, from
23 estuarine and littoral locations along the Basque
coast (Fig. 1), between 1995 and 2005, including both
intertidal and subtidal (from 0 to 65 m water depth)
samples. Intertidal sediments were collected by hand,
whereas subtidal samples were collected using Day or
Van Veen grabs. In both cases, the upper 10 cm of
sediments were collected. Sediment samples were
retained in plastic bottles, transported to the laboratory
and stored at 4 °C until analysis.

2.2. Data normalization and sediment analysis

Since metal concentrations vary in relation to sedi-
ment characteristics, a wide variety of normalisation
methods have been used in background studies (see
Loring, 1991; Kersten and Smedes, 2002, for detailed
reviews). In this study, two criteria based upon textural
characteristics were used, in order to normalise the data:
(i) metal concentrations were measured only in samples

containing more than 10% of the dry weight of fine
fraction (i.e.,b63 μm); and (ii) metal concentrations
were analysed in the b63 μm fraction (Luoma 1990;
Förstner and Salomons, 1980; Loring and Rantala,
1992). The b63 μm fraction was obtained by the dry
sieving of samples, previously oven-dried at 60 °C.
After these normalisation procedures, a set of 588
samples was retained, for analysing the metal concen-
trations. Nevertheless, not all the metals were analysed
in all the samples.

Finally, As (519 samples), Cd (433 samples), Cr (543
samples), Cu (572 samples), Fe (436 samples), Hg (514
samples), Mn (440 samples), Ni (575 samples), Pb (568
samples) and Zn (570 samples) were analysed, on the
b63 μm sediment fraction. All of the samples were
digested in a microwave digestion system. About 1.0 g
of dry sediment was accurately weighed and transferred
into the PTFE extraction vessel with the acid mixture
(4 mL HCl and 2 mL HNO3) for 20 min, following a
pressure ramp programme at a maximum power of
1400 W. Once the extraction period was completed, the
solid phase was separated from the acid extract, by
centrifugation at 2500 rpm for 10 min. The solid was
rinsed twice with double-deionised water and the rinses
were added to the extract, then diluted finally to 50 mL.
All of the glassware was acid-washed (HNO3 10%).

The analysis of metals in the extracts was carried out
using atomic absorption spectrometry (AAS). Cu, Pb,
Ni, Cr, Zn, Mn and Fe were determined in an air–
acetylene flame. Cadmium content was analysed by

Fig. 1. Geological map of the Basque Country (Pascual et al., 2004), together with the locations sampled in this study. Note that (i) sites terminating
with L are littoral areas; (ii) between brackets number of stations with b63 μm fraction samples higher than 10%.
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THGA graphite furnace, using Zeeman background
correction; finally, As and total Hg were determined by
quartz furnace atomic absorption spectrometry, after
hydride generation of the sample in a FIA system. The
data were presented in terms of μg g−1 of sample dry
weight. The accuracy of the analytical procedures
employed for the analysis of metals in sediment samples
was checked using the PACS-2 (NRC, Canada) certified
reference material (Table 1). The number of samples
below the detection limits (DL) is shown in Table 2.
Data below DL were also included in the analysis taking
the DL as the real value.

The procedure described above is a common method
for the determination of metals in sediments, in
monitoring programs for environmental purposes. The
method provides the acid-extractable metal concentra-
tion (see, e.g., Förstner, 1987).

3. Results

3.1. Background determination

Cluster analyses (group average method; squared
Euclidean distance) were carried out, on standardised
and non-standardised data, before the calculation of the
background values. These cluster analyses did not dif-
ferentiate between the different areas (i.e., estuaries or
sub-geographical areas), or between different habitats
(i.e., intertidal, subtidal, estuarine or littoral). Moreover
Box–Whisker plots of element concentration were
represented to evaluate the variation in the 23 sub-
areas sampled (Figs. 2 and 3).

Since the upper 10 cm of sediments were sampled,
the results can reflect relatively recent contamination
events. It is thus necessary to remove data from highly
contaminated areas before calculating the background.
Therefore, for each metal, a subset of data was truncated
(based, partially, on the heuristic procedure proposed by
Reimann et al., 2005), as shown below.

(i) Empirical cumulative distribution functions
(ECDF), with different scales (linear, logarithmi-
cal and probability), were displayed to evaluate
the presence of extremely high or low values,
separated widely from the main mass of the data
(anomalous values, AV) (Fig. 4). AVs were repre-
sented in maps to seek an explanation for their
presence and, generally, removed from the data.

(ii) New ECDFs (Fig. 5) and box plots (Fig. 6) were
displayed and the statistics of data were calculated
to evaluate if the global distribution was normal or
log-normal (see Reimann et al., 2005, for more
details). When the concentration data distribution
of a metal was log-normal, it was log-transformed
in order to increase the symmetry.

(iii) Upper inner fence (UIF) was calculated on the basis
of the 75th percentile+1.5⁎ (75th percentile−25th
percentile). The far upper inner fence (FUIF) was
calculated as the 75th percentile+3⁎ (75th percen-
tile−25th percentile). The lower inner fence (LIF)
was calculated as the 25th percentile−1.5⁎ (75th
percentile−25th percentile). Values higher than the
FUIF were considered as far outliers. Values be-
tween UIF and FUIF (or lower than LIF) were
considered as outliers. For eachmetal, areas (Fig. 1)
with more than 10% of far outliers, or more than
25% of outliers, were removed.

(iv) New ECDFs (Fig. 7), histograms with density trace
and ntigrams (equal-area histograms) were dis-
played, in order to evaluate if the global distribution
was normal or log-normal and to evaluate the
presence of polymodality. Ntigrams were estab-
lished with software Fathom (KCP Technologies,
2000). Density traces were made, using the cosine
method, with Statgraphics software (STSC, 1991).

The metal concentrations of the b63 μm fraction,
measured in the truncated subsets of data, ranged 0.65–
65 μg g−1 for As, 0.05–2.44 μg g−1 for Cd, 0.42–337 μg

Table 2
Detection limits of the analysed metals and number of the samples below those limits

As Cd Cu Cr Fe Mn Hg Ni Pb Zn

Detection limit (μg g−1) 0.05 0.04 1 0.4 5 0.5 0.03 1 0.05 0.5
Number of samples below the detection limit 0 6 0 0 0 0 1 0 2 0

Table 1
Results for the analysis of the PACS-2 certified reference marine sediment given in μg g−1 dry sediment (average±S.D.)

As Cd Cu Cr Fe Mn Hg Ni Pb Zn

References 26.2±1.5 2.11±0.15 310±12 90.7±4.6 40,900±600 440±19 3.40±0.2 39.5±2.3 183±8 364±23
Measured values 20.5±1.3 1.93±0.2 268±15 57±11 39,899±3406 280±31 2.9±0.4 39±5 183±23 320±26
Recovery (%) 78.3 91.9 86.5 63.1 97.6 63.7 95.0 98.8 100.4 87.8
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g−1 for Cr, 1.2–134 μg g−1 for Cu, 493–118,975 μg g−1

for Fe,b0.03–1.03μg g−1 for Hg, 61–525 μg g−1 forMn,
2.1–104 μg g−1 for Ni,b0.05–97 μg g−1 for Pb and 62–
410 μg g−1 for Zn.

The truncated data distribution showed unimodal
distributions for Cd, Cr, Fe and Ni (Fig. 8), together
with polymodal distributions for As, Cu, Mn, Hg, Pb and
Zn (Fig. 9). Chi-square goodness-of-fit test, carried out on

Fig. 2. Box–Whisker plots of As, Cd, Cr, Cu and Fe concentrations in b63 μm fraction samples of surficial sediments.
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data after removing outliers, showed normal distributions
in Cd, Cr, Fe and Ni, at 90% confidence level (Table 3).

The values used to determine the limits of the re-
gional background for Cd, Cr, Fe and Ni were the upper

and the lower whiskers shown in Tukey boxblots
(Fig. 8). The upper whisker (threshold) value was de-
termined, for each metal, as the highest observed value
below the UIF. Similarly, the lower whisker value was

Fig. 3. Box–Whisker plots of Hg, Mn, Ni, Pb and Zn concentrations in b63 μm fraction samples of surficial sediments.
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determined as the lowest observed value, above the
LIF.

When the presence of polymodality was observed,
an MLME was carried out using the software
NORMSEP (Gayanilo et al., 1996). MLME permits
the identification of discrete Gaussian sub-populations
within a data set (for detailed explanations, on the
decomposition of a mixture into normal or log-normal
components, see Behboodian, 1975; Holgersson and
Jorner, 1978; Titterington et al., 1985; Bilmes, 1997;

McLachlan and Peel, 2000). The software NORMSEP
requires initial values of the mean of each Gaussian
subgroup, estimated from the ECDFs, together with
histograms with density trace and ntigrams displayed
previously.

Metal data with a polymodal distribution were sub-
divided into discrete Gaussian sub-populations, with an
MLME (Fig. 9). The number of sub-groups identified in
the data of Mn, Pb and Zn was 3; this was higher for As,
Cu and Hg (5, 4 and 6, respectively). In order to

Fig. 4. Empirical cumulative distribution plots of the metal concentration data in b63 μm fraction samples of surficial sediments.
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evaluate the agreement between the predicted values
(i.e., the values resulting from the sum of all sub-groups
estimated for each of the central values of the histogram
intervals) and the real values (i.e., the observed values of
each histogram channel of Fig. 9), an r2 value (Pearson
correlation coefficient) was calculated for each of the
metals. This value should be taken into account care-
fully, since parametric requirements cannot be assumed;
however, higher values reflect a better adjustment of the

MLME. The highest r2 values were found in Hg, As, Cu
and Zn (0.96, 0.96, 0.94 and 0.91, respectively), whilst
the lowest were those in Pb and Mn (0.89 and 0.79,
respectively). For each metal, the subgroup with the
lowest mean is assumed as the regional background; their
limits were calculated as the range given by mean±
2.698⁎standard deviation (of the assumed background
subgroup). These values are equal to the fences
calculated for the unimodal distributions (see above).

Fig. 5. Cumulative distribution plots of the metal concentration data in b63 μm fraction samples of surficial sediments, after removing anomalous values.
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The regional background metal concentrations,
within the Basque Country, are listed in Table 4. The
values indicated as upper limits in Table 4 are proposed
as the limits between ‘High Status’ and ‘Good Status’,
according to the WFD (see Discussion).

4. Discussion

4.1. Methodological considerations

Although the term “background level” has received
several definitions, in environmental studies, it is used
usually to refer to pre-industrial levels or natural levels,
from pristine areas (see reviews of Carballeira et al.,
2000; Matschullat et al., 2000). Although some authors
consider that ‘background’ should not be expressed as a
single value (see, e.g., Reimann et al., 2005), it is
defined usually as the central value (mean, median or
95% confidence of the mean), or the upper limit value of
the range (called usually threshold). This approach is
useful for environmental purposes, because it allows the
calculation of contamination factors, or enrichment
factors, especially if the background values are calculat-
ed locally, for an area with low lithological variations
(e.g., Häkanson 1980).

Either the approach used for the metals with uni-
modal distributions (based upon Reimann et al., 2005),
or the approach used for the metals with the polymodal
distributions (based upon Carral et al., 1992, 1995a),
permits the determination of the range of variation of the
background concentration and characterises it as a sin-
gle value, if necessary. Hence, the more usual cumula-
tive frequency plot approach (CFPA) (e.g., Lepeltier,

1969), to calculate background levels, cannot determine
its range without a certain degree of subjectivity (e.g.,
Förstner and Wittmann, 1981; Reimann et al., 2005).

The approach proposed by Reimann et al. (2005) is
based upon graphical inspection, using statistical and
geographical displays. This approach can be considered
more useful than the CFPA, because it permits the
removal of data from polluted areas. Although a certain
degree of subjectivity is provided due to the defining of
criteria to include or not include areas, similar results
(with different percentages of outliers allowed in an
area) are found in this contribution; this is due probably
to the large number of data.

The approach proposed by Carral et al. (1992, 1995a)
is based upon the decomposition of the observed
distributions, into their components, when polymodality
is observed; it was used in this study, in combination to
the heuristic method proposed by Reimann et al. (2005).
There exist several methods to carry out a mixture
analysis (see, e.g., Everitt, 1984). Amongst them, that
proposed by Carral et al. (1992, 1995a), i.e., MLME,
has the advantage that can be used with a wide number
of types of data distribution (depending upon the soft-
ware used). Nevertheless, it has the disadvantages of (i)
a large number of data are required to be performed (see,
e.g., Mendell et al., 1991); (ii) although there are several
‘goodness-fit’ tests for mixtures distributions (Yantis
et al., 1991; Agha and Branker, 1997), there is not a
standard procedure available to measure the agreement
between the real and the predicted data; (iii) there is not
a standard criteria to determine the number of subgroups
(Hsu et al., 1986; Richardson and Green, 1997; Sahu
and Cheng, 2003); and (iv) the software to perform the

Fig. 6. Tukey boxplots for metal concentration data, in b63 μm fraction samples of surficial sediments, after removing anomalous values.
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MLME requires usually histogram data, whose shape
depends upon the number and width of the class
intervals. In relation to these points in this contribution,
the following criteria were used: (i) if most of the his-
togram intervals have counts of 5 or greater, an MLME
can be performed (Du, 2002); (ii) an r2 value from the
Pearson correlation coefficient can be calculated to
estimate the agreement (see Results); if a significance
level is required, non-parametric tests can be used (see
references, above); (iii) the number of sub-groups can be

given by the number of modes shown by the histograms
and ntigrams (Carral et al., 1995a, 1995b); and (iv) the
number and width of the intervals should be selected, in
order to establish a histogram with similar modes and
shape, as shown by the ntigrams and density tracers
(note that transformation to a histogram is, effectively,
smoothing of the data). Other approaches, based else-
where on the nonlinear least-square decomposition of
mixture distributions, were also proposed to geochem-
ical exploration when polymodal distributions occur

Fig. 7. Cumulative distribution plots of the data after removing anomalous values, and sampling areas with more than 10% of far outliers or more than
25% of outliers.
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Fig. 8. Histogram, density trace, one-dimensional scattergram and Tukey boxplot for truncated metal concentrations, after removing sampling areas
with more than 10% of far outliers or more than 25% of outliers. See Reimann et al. (2005) for methodological details.

Fig. 9. Gaussian sub-populations identified byMLME, on the basis of data of metal concentration, in estuarine and marine sediments of the Basque Country
(top 10 cm), for theb63μmfraction.Gaussian sub-populations are represented by a fine line. The sumof all the sub-populations is represented by a coarse line.
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(e.g., Rantitsch, 2004). In our data, As, Cu, Mn, Hg, Pb
and Zn showed the best adjustment disaggregating the
data into normal distributions, but this cannot be
considered as generality in geochemical data (see
discussion and references in Reimann and Filzmoser,
2000). On the other hand, it should be taken into account
that multimodal distributions can be due to other pro-
cesses not related to contamination. It is thus necessary
to combine the mixture analysis with the graphical in-
spection as proposed by Reimann et al. (2005).

4.2. Background values

There are several previous studies witch have been
undertaken in the Basque Country, for determining
metal background values; however, the comparison is
difficult due to differences in the analytical and statisti-
cal approaches. Nonetheless, the mean value of the
background ranges found in this study, for As, Cd, Cr,
Mn, Hg and Zn, fits well with the previous values
provided for the Basque Country (Table 5).

The mean background values of Cu, Fe and Ni,
determined in this study, are higher than reported previ-
ously within the same region (Table 5). The differences
found in Cu, Fe, Ni and Pb with those reported by
Legorburu et al. (1989), Sola et al. (1990) and Cearreta
et al. (2000, 2002) are because, probably, that they

calculated values on the bulk sediment, instead of the
b63 μm fraction.

The differences found for Cu, Fe and Ni between this
study and that of Borja et al. (1995), who analysed the
b63 μm fraction, could be related to the fact that their
original results were based upon the CFPA method.
Nevertheless, the values presented in this study, for these
metals, fit within the range found using a similar
methodology (MLME carried out on the b63μm fraction)
by Carballeira et al. (2000) in NW Spain; this is despite
lithological differences between the areas studied.

4.3. Using background values in implementing
European directives

TheWFD and EMS define the chemical ‘High Status’,
when concentrations of specific non-synthetic pollutants,
such as metals, remain within the range normally
associated with undisturbed conditions (i.e., below the
threshold) (Fig. 10). Hence, this study contributes to the
assessment of regional undisturbed sediment conditions,
based upon the methodologies which determine the metal
background levels.

Conversely, the WFD (Article 16) states that ‘the
Commission shall submit proposals for quality standards
applicable to the concentrations of the priority sub-
stances in surface water, sediments or biota’. Moreover,
Article 2 defines an Environmental Quality Standard
(EQS) as ‘the concentration of a particular pollutant or
group of pollutants in water, sediment or biota that
should not be exceeded in order to protect human health
and the environment’. The concentrations between back-
ground levels and EQS are in accordance with the WFD
‘Good Status’; as such, they can be considered as those in
which human impacts are sustainable and reversible and
all targets aremet (after the EMS, see Anonymous, 2004)

Table 3
Results of Kolmogorov–Smirnov tests for normality, for Cd, Cr, Fe
and Ni, after removing outliers

Cd Cr Fe Ni

n (without outliers) 38 238 391 370
Chi-square goodness of fit 11.68 37.42 40.29 47.98
P-value 0.55 0.20 0.37 0.13

Table 4
Statistical descriptors of the background concentrations (μg g−1), of metals in estuarine and coastal surface sediments within the Basque Country
(b63 μm fraction)

Distribution Metal Lower limit Upper limit Mean Median S.D.

Unimodal Cd 0.05 0.45 0.24 0.24 0.10
Cr b0.4 71 26 25 15
Fe 11,000 53,542 31,784 31,067 7698
Ni 2 57 29 29 10

Polymodal As b0.05 24 12 4
Cu 2 64 33 12
Mn 32 447 240 77
Hg b0.03 0.27 0.13 0.05
Pb b0.05 66 31 13
Zn 46 248 174 37

Mean, median and standard deviation (S.D.), for metals with unimodal distribution, were calculated excluding outliers. Values given for Mn and Pb
should be interpreted with care, since their distributions were not well adjusted by the maximum likelihood mixture (see text).
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(Fig. 10). Nevertheless, the WFD does not specify how
background levels should be taken into account. In this
study, values below the upper limit of the natural range of
the background (i.e., upper threshold value) have been
considered as in ‘High Status’. In other words, the
boundary between ‘High status’ and ‘Good status’, as
shown in Fig. 10, should be considered as the upper limit
of the natural range.

Some methods for the derivation of EQS (see reviews
by Lepper, 2000; ICES, 2003, together with the detailed
discussion of Crane, 2003) have been proposed. Some of
these adoptions include measures of (i) sediment
chemistry; (ii) toxicity; (iii) biomagnification and bio-
availability; (iv) benthic community status (Chapman,
1996; Chapman et al., 2002); and (v) species sensitivity
distributions (Leung et al., 2005). However, the WFD
develops the procedure for the setting of chemical quality
standards, by Member States, including a maximum
annual average concentration, including (i) appropriate
safety factors (chronic and acute), consistent with the
nature and quality of the available data; (ii) data on
persistence and bioaccumulation; (iii) that the standard
derived should be compared with any evidence from field
studies; and (iv) that the standard derived shall be subject
to peer review and public consultation, includ-
ing allowance for the calculation a more precise safety
factor.

‘Moderate Status’ can be considered when concentra-
tions range from EQS and precautionary limits, indicat-
ing that the ecosystem will be subject to serious or
irreversible harm, or that society has driven the eco-
system to an unstable state(Anonymous, 2004) (Fig. 10).
In exceedance of these limits, the status can be con-
sidered as ‘Poor’ or ‘Bad’, with the ecosystem being
severely disturbed.

5. Conclusions

The MLME approach, combined with the heuristic
method, is useful in determining the regional back-

ground metal levels, with a polymodal empirical data
distribution. Such methodology can provide assistance
to other regions and countries, in establishing back-
ground levels and accomplishing (within the require-
ments of the WFD and EMS) a further assessment of the
chemical status. In this way, more investigation must be
undertaken in determining EQS, together with bound-
aries for the different levels of the status.
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The European Water Framework Directive (WFD) has, as its ultimate aim, a reduction in the
concentrations of hazardous substances in the marine environment, i.e. ‘background’
values. Hence, the determination of natural background levels of heavy metals, to
distinguish between natural element concentrations and anthropogenically-influenced
concentrations, is highly relevant. Some studies have shown the convenience in the
derivation of local background levels, especially if they are necessary for environmental
assessment. Nevertheless, although such studies exist for sediments, there are only a few
previous investigations on metal background values in sea water. Likewise, there is not any
standard procedure to determine such levels in waters, nor general agreement on the
statistical methodologies to be applied. In this contribution, background levels of heavy
metals (As, Cu, Mn, Ni, Pb and Zn), in estuarine and coastal waters within the Basque
Country (northern Spain), according to ranges in salinity, are estimated using statistical
tools. Ni and Pb have been considered elsewhere (2455/2001/EC) as priority substances under
the WFD. Hence, this approach can assist further in the determination of water reference
conditions, to assess chemical and physico-chemical status in other European countries;
this, affects, ultimately, the ecological status, as defined within the WFD.

© 2008 Elsevier B.V. All rights reserved.
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1. Introduction

The European Water Framework Directive (WFD) was pub-
lished in 2000 (Directive 2000/60/EC), with its main objective
being to achieve for all European water bodies, ‘good
ecological and chemical status’, by 2015; these include
estuarine (transitional sensu, the WFD) and coastal waters
(for details, see Borja et al., 2004a; Borja and Heinrich, 2005).
The WFD divides the status into five quality classes: ‘High’;
‘Good’; ‘Moderate’; ‘Poor’; and ‘Bad’. The ultimate aim of this
Directive is to: (a) achieve the elimination of priority hazar-
dous substances; and (b) contribute to achieving concentra-

tions in the marine environment near to background values,
for naturally-occurring substances. These priority substances
are identified within the “Proposal for a Directive of the
European Parliament and of the Council on environmental
quality standards in the field of water policy and amending
Directive 2000/60/EC” (COM(2006) 398 final; SEC(2006) 947)
(Coquery et al., 2005; Maggi et al., 2008)

Some debate has taken place in relation to the inclusion of
matrices other than water (such as sediments), in the assess-
ment of the physico-chemical status and quality guidelines
within the WFD (Crane, 2003; Borja et al., 2004b; Borja and
Heinrich, 2005; Rodriguez et al., 2006). Conversely, Coquery et al.
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(2005) have highlighted: (i) the need for defining new analytical
methods for priority substances; (ii) the development of
analytical methods capable of attaining detection limits con-
sistent with the established quality objectives; (iii) the develop-
ment of new certified referencematerials, in order to ensure the
accuracy and traceability of the results; and (iv) the organization
of inter-laboratory trials, to improve the comparability of
analytical results on water pollution, at an European level.
These quality objectives should be, ideally, the concentration of
a chemical, or the level of a physical factor, that would not
produce any adverse effect on the environment.

However, little attentionhasbeenpaid to thedeterminationof
the background levels of priority substance in waters, within the
WFD (Comber et al., 2008). The determination of these back-
ground levels in seawater would permit physico-chemical
assessment; this is related, ultimately, to the maintenance of
the structure and functioning of marine communities and
ecosystems, associated with the water bodies (Borja et al.,
2004a). Hence, the WFD defines as ‘High Status’, for specific
non-synthetic pollutants, those concentrations remainingwithin
the range associated normally with undisturbed conditions (i.e.
background levels). A similar approach has been adopted by the
new European Marine Strategy Directive (EMS), in assessing the
ecological and chemical status within offshore waters (Borja,
2006). In thisway, Rodriguez et al. (2006) have proposed theupper
limit of the natural range of background levels, in sediments, as
the boundary between ‘High’ and ‘Good’ status: environmental
quality standards (defined within Directive 2000/60/EC) form the
boundary between ‘Good’ and ‘Moderate’ status.

Within this context, the determination of natural back-
ground levels in marine habitats, as a relative measure to
distinguish between natural element concentrations and
anthropogenically-influenced concentrations, is particularly
relevant. This approach is related mainly to the fact that the
degree of contamination of a habitat can be assessed only if
the natural levels are known. As with sediments, in response
to the underlying geological variability of different regions,
studies have shown the convenience of deriving local back-
ground levels, especially if they are necessary for environ-
mental assessment (Reimann and de Caritat, 2005). The
determination of background levels has been applied also to
other environmental conventions, implemented in industria-
lised countries elsewhere (HELCOM, 2000; OSPAR, 2006).

The first study of background levels in sediments was
undertaken by Turekian and Wedepohl (1961). However, very

few studies have focused their background determination in
waters (Campbell and Loring, 1980; Prego and Cobelo-García,
2004; Fang et al., 2006). Likewise, no standard procedure is
available for the determination of regional background levels
(for detailed discussions of this topic, in sediments, see:
Carballeira et al., 2000; Reimann and Filzmoser, 2000; Reimann
et al., 2005; Rodriguez et al., 2006). At least two main
approaches can be adopted in assessing background levels:
(i) the sampling of pristine areas; and (ii) sampling at a large
number of sites, then applying statistical analysis. In terms of
the first approach, it is difficult to locate uncontaminated
areas, of the different water typologies, across Europe. The
second approach has the advantage that it can be undertaken
anywhere. However, there is no general agreement on the
statistical methodologies to be applied, with most of them
being focused upon: (a) the evaluation of the graphical
inspection of the empirical data distribution and (b), more
recently, with geographical displays (see the reviews of:
Matschullat et al., 2000, Filzmoser et al., 2005; Reimann and
de Caritat, 2005; Reimann and Garret, 2005; Rodriguez et al.,
2006; USEPA 2002; and software ProUCL 4.0., 2007).

Thus, the main objective of this contribution is to
determine background levels of dissolved heavy metals in
estuarine and coastal waters of the Basque Country (northern
Spain) using statistical tools, based upon the heuristic
procedure proposed by Reimann and Garret (2005). This
approach can assist other countries in the determination of
water reference conditions, to assess chemical and physico-
chemical status; this affects, ultimately, the ecological status
within the WFD and the EMS Directives.

2. Material and methods

2.1. Study area and water sampling

The Basque Country (Fig. 1) is a mountainous coastal region,
dominated by rocky shores and estuaries. The lithology is
characterised by materials ranging from Palaeozoic to Quatern-
ary in age, with an absence of Oligocene materials. The area is
characterised by sedimentary rocks, with a higher proportion of
sandstones and lutites in theeasternpart of the region; there are
more marls and limestones towards the west (Pascual et al.,
2004).Most of the estuaries and coastal areas have been affected
somewhat, historically, by urban, industrial wastewaters and/or

Fig. 1 – Location of estuarine (circles) and coastal (squares) sampling sites, within themonitoring network of the Basque Country.
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mineral ores; of special relevance are Zn, Pb and Fe (Cearreta
et al., 2000; Belzunce et al., 2001; Cearreta et al., 2002; Cearreta
et al., 2004). Someof thesemetalsarealso concentratedhighly in
molluscs (Franco et al., 2002). Hence, overall, the region supports
a high number of pressures and impacts (Borja et al., 2006).

Inorder to establishbackgroundvalues inanyparticular study
area, a substantial number of samples have to be collected over a
sufficiently largearea, tobeable todifferentiatebetweendifferent
(possible) natural and anthropogenic sources (Reimann et al.,
2005). Hence, the water quality data, used in this contribution,
were obtained, between 1995 and 2007, from the Littoral Water
Quality Monitoring and Control Network of the Basque Country, of the
Department of Environment and Land Action of the Basque
Government (Borja et al., 2007). This network includes 32
sampling stations within the estuaries and 19 in the coastal
area (Fig. 1). The estuarine stations are located in water depths
ranging from4 to 25m,whilst the coastal stations are located in a
water depth of 30–35 m. The latter stations include also 3
reference sampling positions (Stations 14, 38, and 46, in Fig. 1),
located around 10 km offshore, with water depth of 100–110 m.
These stations have been sampled since 2002 (Station 14) and
2006 (Stations 38 and 46). Data from these stations will be used
later (see Discussion), for methodological comparison between
the main approaches used for the coastal stations, i.e. sampling
pristine areas, compared with the use of statistical tools.

Within the period described, some 1594 surface water
samples were obtained, twice a year, during summer and
winter. Water samples were collected by means of 5 L Niskin
bottles: at low and high tide for the estuarine locations; and
independent of the state of the tide at coastal locations. Water
samples were retained in plastic bottles, transported to the
laboratory and stored at 4 °C, until analysis. Hydrographic data
(temperature, salinity, pH and dissolved oxygen) were
obtained, in situ, using a CTD-Seabird 25 multiprobe.

2.2. Water samples analysis

Only nickel (Ni), lead (Pb), cadmium (Cd), and mercury (Hg)
were considered as prioritary substances in Decision 2455/
2001/EC, under theWFD. Besides these prioritymetals, arsenic
(As), chromium (Cr), copper (Cu), iron (Fe), manganese (Mn),
and zinc (Zn) were also selected for analysis in this contribu-
tion. Metals and inorganic metal compounds occur naturally,
at very different concentrations in waters; these depend upon
the local geological and hydrological conditions. These
speciate over a wide range of possible chemical forms and
may be found dissolved in water, or adsorbed/bound to
organic and inorganic matter in suspended or settled sedi-
ment. On occasions, this pattern is reflected by large and
locally-varying differences in monitoring levels, of the total
(dissolved and particle bound) and the dissolved fraction (from
a filtered sample). Since the bioavailability of metals depends

mainly upon their speciation, the dissolved fraction has been
utilised here, i.e. instead of the total concentration as a basis
for the exposure assessment (see Discussion in Meyer, 2002).

Water samples were filtered using standard MF Millipore
membrane filters (0.45 µm pore size). As (after hydride
generation with NaBH4 in a FIA system (FIAS 100 Perkin
Elmer)), and total Hg (by means of the cold vapour method,
with the same reducing agent), were determined by quartz
furnace atomic absorption spectrometry (AAnalyst 800, Perkin
Elmer). Fe was analysed using the spectrophotometric TPTZ
(2,4,6-tripyridyl-1,3,5-triazine) method (Grasshoff et al., 1983).
Cd, Cu, Cr, Mn, Ni, Pb and Zn contents were determined by
electrothermal atomic absorption spectrometry (ETAAS) with
Zeeman background correction or flame AAS. Although direct
analysis would be desirable, as it entails minimum sample
handling and minimises the risk of contamination (Sturgeon
et al., 1980; Boniforti et al., 1984), a sampling preparation
technique was used to both preconcentrate the trace elements
from the seawater and to separate them from interfering
matrix components (Pai, 1988; Pohl and Prusisz, 2004; Pohl,
2006). Seawater samples were preconcentrated by CHELEX 100
(100–200 mesh) ion-exchange resin, using a SPE vacuum
manifold; this was equipped with polypropylene columns
filled with resin that was cleaned previously and then
conditioned. The pH value of each of the sample was set to
5.4, using ammonium acetate. The metals were eluted using
HNO3 2 M. Quality assurance testing relies on the control of
blanks and on the accuracy and reproducibility of data,
relative to standard reference materials. The certified refer-
ence material BCR-505 (estuarine water, with metal certified
values) was used to check the accuracy and precision. The
results obtained were in good agreement with the certified
values. Recoveries for the certified metals (Cd, Cu, Ni and Zn)
ranged from 86 to 103%, with the exception of Zn (133%).
Recovery for Zn was somewhat greater than the reference,
related possibly to resin contamination in the preconcentra-
tion stage. Thus, comparisons with other investigations
should be undertaken carefully. The overall precision,
expressed as RSD%, was less than 10% for the certified metals.

The number of samples which fell below the detection
limits (DLs) are listed in Table 1. However, it should be noted
that data below the DL were included in the analysis,
assuming DL to be the real value. Nonetheless, Cd, Hg, Cr, Fe
could not be taken into account here, because of the large
number of samples below the DL (i.e. more than 25%). Hence,
in this investigation, only the background values for As, Cu,
Mn, Ni, Pb, and Zn will be established.

2.3. Background determination methodology

The term ‘background level’ has been defined in various ways;
in environmental studies, it is used usually to refer to pre-

Table 1 – Detection limits (DL) of the metals analysed (µg l−1) and the number of samples lying below these limits

As Cd Cr Cu Fe Hg Mn Ni Pb Zn

Detection limit 0.3 0.2 3 0.3 4 0.3 0.3 0.3 0.3 4
Number of samples below DL 22 1008 1565 99 1065 1542 110 236 127 38
Samples below DL (%) 1.4 63 98 6.2 67 97 6.9 15 8.0 2.4
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industrial levels or natural levels, from pristine areas (see the
reviews of: Carballeira et al., 2000; Matschullat et al., 2000).
Although some authors consider that the ‘background’ should
not be expressed as a single value (see, e.g., Reimann et al.,
2005), it is defined usually as the central value (mean, median
or 95% confidence of themean), or the upper limit of the range
(referred to, usually, as the threshold (Reimann et al., 2005)).
This approach is useful for environmental assessment pur-
poses, because it permits the calculation of contamination
or enrichment factors, especially if the background values
are derived locally, for an area of low lithological variability
(Häkanson, 1980).

Taking into account the well-known relationship between
salinity and the metal concentration, within the dissolved
fraction in estuarine waters (Chiffoleau et al., 1999; Michel
et al., 2000; Prego et al., 2006; Koshikawa et al., 2007), data were
classified using the salinity gradient, according to the Venice
Symposium definitions (Anon., 1959). Thus, for each metal, 6
ranges in salinity were defined: freshwater (salinity≤0.5 PSU);

oligohaline (0.5–5 PSU); mesohaline (5–18 PSU); polyhaline (18–
30 PSU); euhaline estuary (≥30 PSU, for estuarine locations);
and euhaline littoral (≥30 PSU for coastal locations). These
ranges, described within the WFD for water typology classi-
fication, have been used previously in the physico-chemical
status assessment (Bald et al., 2005). For each of the salinity
ranges, the heuristicmethod described by Reimann andGarret
(2005), based upon graphical inspection and using statistical
and geographical representations, was used here, to estimate
the background ranges. The procedure adopted is outlined
below:

(i) Graphical inspection of the empirical data distribution
with geographical displays (See Fig. 1, in Rodriguez et al.,
2006).

(ii) The normality of the data set was examined, by plotting
histograms and Quantile–Quantile plots (Q–Q plots) of
linear and log-transformed data. Q–Q plots were used as
graphical tool, to determinewhether the data followed a

Fig. 2 – Histograms, density traces and normal Q–Q plots for log-transformed data of Cu (µg l−1): (a) Freshwater; (b) Oligohaline;
(c) Mesohaline; (d) Polyhaline; (e) Euhaline estuary; and (f) Euhaline littoral.
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normal or log-normal distribution. The samplequantiles
ofmetal concentration versus theoretical quantiles from
normal and log-normal distributionwere displayed (see,
e.g., Zuur et al., 2007). Normality tests were also carried
out (The Kolmogorov–Smirnov test) (see e.g., Zar, 1999).

(iii) Empirical Cumulative Distribution Functions (ECDFs)
were displayed on linear, logarithmic and normal
probability scales, together with Tukey Box-plots, histo-
grams, ntigrams, density traces, and one-dimensional
scattergrams (see Reimann et al. (2002)). Ntigrams are
‘equal area’ histograms that have variable-width bins,
having a density axis instead of the frequency axis (i.e.,
the area of area of bin is equal to the number of cases it
represents, Finzer, 2007). This graphical information
available permitted the evaluation of the presence of
multiple populations (polymodality), together with
extreme or outlying values. Extremely high or low
values, separated widely from the main mass of the
data, were considered as anomalous values (AVs); these
were removed from the data set. An explanation for
their presence, using geographical displays (e.g., pre-
sence of a possible source of pollution), was sought.

(iv) Trial upper inner fences, based upon log-transformed
data were calculated as the 75th percentile+1.5 ⁎ (75th
percentile−25th percentile) for each of the metals. Data
from those river catchments with more than 10%
outliers (defined as values higher than the ‘trial upper
fence’) were removed; this was in order to avoid the
presence of (possibly) polluted areas.

(v) The mean, median, standard deviation, median abso-
lute deviation (MAD), 98th percentile, together with the
Tukey Box-plot whiskers and inner fences were calcu-
lated, using the log-transformed data. The results were
expressed as anti-log values (in µg l−1) since, in most
cases the data showed log-normal distribution.

3. Results

Histograms and Q–Q plots (represented by Cu, as an example,
in Fig. 2) indicate the possible log-normal distributions;
however, only 11 out of the 36 salinity ranges passed the
Kolmogorov–Smirnov test (Table 2). The ECDFs showed a
unimodal distribution, for all of the metals and for each
salinity range (Fig. 3). Moreover, these ECDFs showed the
presence of 7 ‘anomalous values’ that were separated from the
main data mass (indicated by circles, in Fig. 3). The ntigrams,

density traces, and one-dimensional scattergrams (not
shown, due to the large number of Figures) showed also that
all of the metals followed a unimodal distribution.

Data from 5 of the estuaries, withmore than 10% of outliers
(see Methods), were removed. Thus, As data were removed
from the Lea andNervión estuaries; Pb from the Lea and Urola;
Ni from the Deba; and Mn from the Bidasoa and Deba
estuaries. For each salinity range, statistical descriptors were
calculated (Table 3) and Tukey Box-plots displayed (Fig. 4). It
should be noted that not only grossly polluted estuaries were
excluded, because not all of the sampled estuaries were
polluted in all of the analysed metals.

Taking into account all of the variables derived for this data
set (Table 3), Median±2MAD was selected as the best
procedure for the determination of metal background ranges,
as it provided the lowest threshold; thus the highest number
of outliers were identified, which were considered as ‘con-
taminated locations’. The Tukey Box-plot function is very
useful in a preliminary class selection, to display spatial data
structure. However, as for each metal the data set was
classified into 6 salinity ranges, the number of data within
each group is reduced. Therefore, there is a greater dispersion
of the data, than for the [median±2MAD] procedure.

The results show that As concentration increased with sa-
linity, from 0.6 µg l−1, within the freshwater range, to 1.4 µg l−1,
within the euhaline range (Table 3). This pattern can be identified
also in the Tukey Box-plots (Fig. 4). The range in variation was
somewhat similar, within the different salinity ranges, with a
MAD lying close to 1.3 µg l−1 (Table 3). In contrast, Cu and Ni
concentrations are slightly inversely proportional to salinity. For
Cu, the median value decreased, from 1.8 µg l−1 in freshwater, to
1.1 µg l−1 within the euhaline littoral range. MAD was similar for
all ranges lying close to 1.6 µg l−1. Nimedianvalues decrease from
1.5 µg l−1 in freshwater, to 0.8 µg l−1 within the euhaline littoral
range. Nonetheless, higher ranges in variation, than those for As
and Cu, were also found (MAD lying close to 2.1 µg l−1). Pb
presented few variations in the median values, according to the
various salinity ranges, lying close to 1.2 µg l−1. Mn showed
maximumconcentrationsatmid-salinity ranges.TheMnmedian
value,within thepolyhaline range (5.8 µg l−1)was located far from
those of the freshwater or euhaline ranges (at around 1.0 µg l−1).
MAD was higher also within mesohaline and polyhaline ranges
than in the rest of the ranges: high values are indicative of
significant dispersion of the data, as can be identified also in the
Tukey Box-plot (Fig. 4). Similarly, Zn presented maximum
concentrations at mid-salinity ranges, but to a lesser extent: a
median value of 22 µg l−1 within the mesohaline range; together
with 15 µg l−1, for the freshwater range.MADwas similar for all of
the ranges lying close to 1.6 µg l−1.

In this contribution, values corresponding to theupper limit of
the range [median+2MAD] are proposed, as the limits between
‘High Status’ and ‘Good Status’, according to the WFD (Table 3).

4. Discussion

4.1. Methodological considerations

The determination of threshold values as [mean±2 standard
deviation (sdev)], separating background data fromanomalies,

Table 2 – Results of the Kolmogorov–Smirnov test for
normality, for each salinity group (for details, see text) and
each metal

P As Cu Mn Ni Pb Zn

Freshwater 0.01 N0.2 N0.2 0.17 0.02 N0.2
Oligohaline b0.001 0.09 0.03 N0.2 0.02 0.13
Mesohaline 0.02 0.03 0.04 N0.2 b0.001 0.04
Polyhaline b0.001 0.05 0.01 0.03 0.02 0.19
Euhaline estuary b0.001 0.02 b0.001 b0.001 b0.001 0.19
Euhaline littoral b0.001 b0.001 b0.001 b0.001 b0.001 0.01

Log-normal distributions (pN0.05) are shown in bold.
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is still used but provides somewhat arbitrary estimates. Box-
plot inner fences and [median±2MAD] are all better suited to
determining background ranges, i.e. rather than [mean±
2sdev]; they are more robust estimators, when compared
against extreme values, and are not based upon model
assumptions. Regional geochemical and environmental data
sets almost never follow a normal or log-normal distribution
(Reimann et al., 2000); this has particular implications in the
further statistical treatment of the data. The use of [Mean±
2sdev] is not a particularly reliable approach, since it has been
demonstrated that the distribution was non-normal, in most
cases (Table 2). Thus, non-parametric methods are preferred

to classical methods (Rodriguez et al., 2006). Besides, as
remarked upon elsewhere by Reimann et al. (2005), it is
important to avoid the use of methods that introduce
subjectivity. This investigation has demonstrated that this is
an objective and strict criteria, with metal data from catch-
ments with more than 10% of outliers being removed; as such,
it can be used in other European countries.

On theotherhand, it shouldbenoted that the lastDraft of the
Decision 2455/2001/EC, establishing the list of priority sub-
stances under theWFD, indicated the necessity of determining
regional, or even local, background levels. This is because,
following the cessation or phasing out of discharges, marine

Fig. 3 – Empirical cumulative distribution functions, on logarithmic scales, of As, Cu, Mn, Ni, Pb and Zn: a) Freshwater;
(b)Oligohaline; (c)Mesohaline; (d) Polyhaline; (e) Euhalineestuary; and (f) Euhaline littoral.Anomalousvaluesare indicatedbycircles.
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waters must achieve concentrations approaching background
values for naturally-occurring substances, e.g. metals. Hence,
following the WFD, physico-chemical status can be considered
as ‘high’ when concentrations remain within the range
normally associated with undisturbed conditions (i.e. back-
ground levels).

In this study, background levels were assessed at estuary
scale, taking into account: (i) the small sampled region
(b150 km of coast), which has low variability in its geological
frame (see Fig. 1; Rodriguez et al., 2006); and (ii) the small
catchments areas associated with the rivers, which is
characteristic of northern of Spain. Moreover, in relation to
the WFD, it would be more practical to use regional back-
ground levels, rather than local levels.

4.1. Background values

Previous studies undertaken elsewhere, for determiningmetal
background values in sea water, are very scarce. Metal
background ranges and their mean values, from different

marine locations around the world, are compared with the
results obtained from this contribution, in Table 4. The metal
background ranges determined for the Basque Country are
higher than those reported previously, for the same Atlantic
ecoregion (Ecoregion IV), by other sources (HELCOM, 2000;
OSPAR, 2006). However, these reports include data from open
oceanic waters, in which the background values were the
lowest values found. In contrast, the Basque values have been
determined for coastal and estuarine waters, which are
normally higher than those found for offshore waters. Back-
ground values estimated by other authors (Prego and Cobelo-
García, 2004; Fang et al., 2006), adopting oceanic ‘pristine’
sampling points in Taiwan and Galicia (northwestern Spain),
respectively, were also lower than those found for the Basque
coast. This divergence might be related to lithological
differences between the areas studied, as the Basque Country
sediments are enriched also in Fe, Zn and Pb, compared to
these from other regions (Rodriguez et al., 2006). In compar-
ison with other estuaries or coastal waters there are, once
again, important differences in Pb and Zn (Table 4). Such

Table 3 – Statistical descriptors of the background concentrations, according to salinity groups

Mean SD Median MAD Mean±2
SD

Median±2
MAD

Lower–upper
whisker

Lower–upper
inner fence

98th
percentile

As freshwater 0.6 1.4 0.6 1.3 b0.3–1.2 0.3–1.1 b0.3–1.2 b0.30–2.3 1.2
As oligohaline 0.7 1.5 0.8 1.3 0.3–1.6 0.5–1.3 0.4–1.6 b0.30–1.9 1.6
As mesohaline 1.0 1.5 1.0 1.4 0.4–2.3 0.5–2.0 b0.3–2.4 b0.30–3.3 2.1
As polyhaline 1.2 1.5 1.2 1.3 0.5–2.7 0.7–2.1 0.4–2.9 0.4–3.8 2.3
As euhaline estuary 1.3 1.5 1.4 1.3 0.6–2.9 0.9–2.3 0.6–2.4 0.5–3.5 2.8
As euhaline littoral 1.4 1.4 1.4 1.3 0.7–2.9 0.9–2.3 0.6–3.6 0.5–3.8 3.2
Cu freshwater 1.7 2.3 1.8 1.8 0.3–8.9 0.6–5.8 b0.3–9.9 b0.3–17 7.4
Cu oligohaline 1.6 2.2 1.8 1.6 0.3–7.8 0.7–4.4 b0.3–7.7 b0.3–9.4 8.5
Cu mesohaline 1.8 2.1 1.8 1.6 0.4–8.2 0.7–4.8 b0.3–11 b0.3–12 8.9
Cu polyhaline 1.5 2.0 1.6 1.5 0.4–6.0 0.7–3.8 b0.3–8.0 b0.3–8.0 6.0
Cu euhaline estuary 1.4 2.1 1.5 1.5 0.3–6.0 0.6–3.5 b0.3–7.7 b0.3–8.4 6.7
Cu euhaline littoral 1.0 2.2 1.1 1.6 b0.3–4.6 0.5–2.7 b0.3–5.9 b0.3–5.9 5.0
Mn freshwater 1.2 2.6 1.0 2.0 b0.3–8.3 b0.3–4.2 b0.3–9.0 b0.3–16 7.1
Mn oligohaline 2.5 5.0 2.3 2.9 b0.3–61 b0.3–20 b0.3–97 b0.3–117 72
Mn mesohaline 6.1 4.7 5.2 3.3 b0.3–136 0.5–56 b0.3–257 b0.3–780 106
Mn polyhaline 6.0 4.7 5.8 3.4 b0.3–134 0.5–69 b0.3–161 b0.3–772 110
Mn euhaline estuary 2.4 3.4 2.1 2.3 b0.3–29 0.4–11 b0.3–56 b0.3–60 32
Mn euhaline littoral 1.1 2.4 1.0 2.0 b0.3–6.4 b0.3–4.0 b0.3–15 b0.3–16 7
Ni freshwater 2.0 3.4 1.5 2.1 b0.3–23 0.3–6.9 b0.3–29 b0.3–33 27
Ni oligohaline 1.9 3.0 1.9 2.2 b0.3–17 0.4–9.1 b0.3–23 b0.3–47 21
Ni mesohaline 1.9 2.8 1.9 2.0 b0.3–15 0.5–7.6 b0.3–30 b0.3–31 18
Ni polyhaline 1.7 2.7 1.5 1.9 b0.3–12 0.4–5.3 b0.3–17 b0.3–20 12
Ni euhaline estuary 1.2 2.6 1.2 2.0 b0.3–7.9 b0.3–4.8 b0.3–16 b0.3–17 7.5
Ni euhaline littoral 0.8 2.4 0.8 2.4 b0.3–4.5 b0.3–4.5 b0.3–8.5 b0.3–20 5.2
Pb freshwater 1.1 2.5 0.8 1.6 b0.3–6.9 b0.3–2.1 b0.3–9.4 b0.3–19 8.2
Pb oligohaline 1.1 2.1 1.2 1.7 b0.3–5.0 0.4–3.4 b0.3–5.9 b0.3–8.1 5.2
Pb mesohaline 1.4 2.5 1.3 1.6 b0.3–8.8 0.5–3.4 b0.3–11 b0.3–12 10
Pb polyhaline 1.2 2.1 1.2 1.7 b0.3–5.2 0.4–3.5 b0.3–8.5 b0.3–11 6.8
Pb euhaline estuary 1.3 2.4 1.2 1.7 b0.3–7.6 0.4–3.3 b0.3–9.1 b0.3–9.7 10
Pb euhaline littoral 1.1 2.6 1.0 1.9 b0.3–7.3 b0.3–3.6 b0.3–11 b0.3–14 12
Zn freshwater 16 2 15 1.6 4.0–61 5.9–38 b3.0–52 b3.0–104 51
Zn oligohaline 19 2 19 1.8 3.2–106 5.9–61 b3.0–101 b3.0–183 92
Zn mesohaline 23 2 22 1.6 5.0–105 8.7–56 4.0–124 3.5–141 122
Zn polyhaline 21 2 21 1.6 5.0–85 8.0–55 b3.0–136 b3.0–151 79
Zn euhaline estuary 18 2 19 1.6 5.0–66 7.6–47 4.0–106 3.2–109 61
Zn euhaline littoral 12 2 11 1.6 3.0–60 4.4–27 b3.0–70 b3.0–74 110

As the data showed log-normal distributions, in some cases, all the descriptors were calculated with log-transformed data (shown here as anti-
log values, in µg l−1). Note: SD = Standard Deviation; and MAD = Median Absolute Deviation.
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differences could be explained on the basis of the geochemical
composition of the underlying geological strata of the region,
with a blenda-galene-pyrite-calcopyrite paragenesis being
dominant over the area (Belzunce et al., 2004a,b).

Conversely, averaged background values, expressed in
terms of the median (as obtained in this study, on the basis
of statistical tools for littoral stations) fit well with results
obtained by sampling reference coastal stations (pristine
areas) for all of the metals. An exception is Ni, whose median
obtained using statistical approaches was double the median
at the reference pristine station; nevertheless, it fits within the
range Median±2MAD (Table 4).

4.2. Metal concentration and water salinity

Trace metal behaviour in transitional estuarine waters is very
complex, because: (a) there are many factors affecting their
biogeochemistry; and (b) of the variability of these factors,
throughout the mixing estuarine processes. The conservative
behaviour model can be applied only to specific conditions, in
terms of seasonality, river flow, and stratification: thus is
related to the high variability inherent in these factors,
together with their effects upon the metal concentrations in
the end-members (Michel et al., 2000).

Hence, only for some of themetals and for specific estuaries
or coastal river plumes, the distribution of trace metals is
regulatedmainlyby thesalinity; this isa, representativevariable
of the mixing and dilution of the river end-member concentra-
tions, into the marine water, which is habitually more diluted
(Elbaz-Poulichet et al., 1996;OwensandBalls, 1997;Nolting et al.,
1999). Total (dissolved together with particulate) metal concen-
tration can be affected by estuarine sedimentation, then

eventual re-suspension, changing the metal concentrations
related to suspended particulatematter (SPM). For the dissolved
phase, precipitation and co-precipitation decrease the metal
concentration (Morris, 1986). Conversely, desorption from SPM,
formation and stabilisation of complexes with organic or
inorganic ligands, re-dissolution from sediments and diffusion
from pore waters, can increase the dissolved metal content
within the water column. These processes vary also along the
estuarinemixing andmight change themetal balance between
the dissolved and particulate phases for different salinity
intervals (Owens et al., 1997; Gerringa et al., 2001; Monbet,
2006;Audry et al., 2007). Therefore, inorder to identify areas that
show evidence of contamination above the background con-
centration, and to assess the degree of contamination by
comparison with reference values, salinity must also be taken
into account (Balls, 1989).

Other additional cause of variability in trace metal con-
centrations within the water column is the direct input of
urban and industrial wastewaters into the estuarine waters;
this occurs frequently in highly industrialised estuaries, such
as in the Basque Coast transitional waters (Belzunce et al.,
2004a). Even though the excess of metal concentrations in
such estuarine reaches can be identified by comparison with
reference values, or by deviation from the theoretical dilution
line, the method applied for the determination of the back-
ground levels reject, as outliers, the values indicating addi-
tional local inputs of trace metals. Hence, for some of the
metals, different distribution pattern in relation to salinity can
be expected, when all the raw data or only the background
data are considered.

The Tukey Box-plots show some patterns between the
dissolved metals compared to salinity (Fig. 4). Michel et al.

Fig. 4 – Tukey Box-plots for metal concentration data, for various salinity ranges, for As, Cu, Mn, Ni, Pb and Zn, following the
removal of anomalous values: (a) Freshwater; (b) Oligohaline; (c) Mesohaline; (d) Polyhaline; (e) Euhaline estuary; and
(f) Euhaline littoral.
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(2000) described large seasonal variations for As concentration
in the Gironde estuary, together with a general increase in the
concentration in waters, with an increase in salinity. None-
theless, for some river basins, the dissolved As concentrations
in the waters are comparable, or even lower, than the average
seawater concentrations (e.g. the comparative reviews of
Broecker and Peng, 1982; Martin and Whitfield, 1983). This
interpretation can be applied to the Nervión estuary (Fernán-
dez et al., 2008) and other estuaries of the Basque Coast
(Belzunce et al., 2004a). Hence, the slight increase in the As
background ranges, with an increase in salinity (Table 4), can
be considered coherent with the described conditions; these is
with low As enrichment in the river end-members.

In several studies, raw data for dissolved Cu show also
large seasonal variations; this is because of changes in the
concentration of the freshwater end-member and because of
changes in other variables affecting the stability of dissolved
Cu, together with metal partitioning between dissolved and
particulate phases (Owens and Balls, 1997; Michel et al., 2000;
Audry et al., 2007). Amongst other factors, SPM loads,
dissolved oxygen and organic carbon remineralisation, all
change the behaviour of dissolved Cu for different salinity
segments of the estuaries (Owens and Balls, 1997; Nolting
et al., 1999). In general, dilution prevails from the river to the

marine end-members, but conservative behaviour is restricted
to some seasonal conditions and salinity ranges (Elbaz-
Poulichet et al., 1996; Michel et al., 2000; Audry et al., 2007).
In contrast, irregular distribution and non-conservative beha-
viour occurs frequently in most of the cases and for different
typologies of the estuaries (Windom et al., 1983; Kraepiel et al.,
1997; Owens and Balls, 1997; Nolting et al., 1999, Koshikawa
et al., 2007). Raw data of Cu concentrations in the Basque
estuaries and coastal areas (Belzunce et al., 2004a) indicate
dilution, related to an increase of salinity, this is especially
when maxima and average values are considered. The Cu
background ranges proposed (Table 4) follow the same
pattern, but show little variations throughout the salinity
ranges.

The behaviour of dissolved Mn in estuarine mixing waters,
is very complex. Redox conditions, which occur very fre-
quently in the intermediate reaches of the estuaries, play an
important role in the sedimentation, solubilisation, and
dissolved-particulate partitioning processes. Re-dissolution
of Mn(II) ions, from the sediments, might be the main source
of dissolved Mn in the water column (Laslett and Balls, 1995).
Desorption from SPM, in low dissolved oxygen and low-
medium salinity environments, can produce also the for-
mation of stably-dissolved Mn(II) chlorine and sulphate

Table 4 – Dissolvedmetal background ranges andmean values (µg l−1), as reported in various studies undertaken in different
estuarine, coastal and oceanic waters, on a world-wide basis

Authors Area Methodology As Cu Mn Ni Pb Zn

Background
values

OSPAR, 2006 Atlantic Ocean Oceanic pristine
values

n.d 0.05–0.1 0.01–0.025 0.16–0.25 0.005–0.02 0.03–0.2

OSPAR, 2006 Nothern North Sea Oceanic pristine
values

n.d 0.05–0.09 0.06–0.15 0.2–0.25 0.01–0.02 0.3–0.5

OSPAR, 2006 English Channel Oceanic pristine
values

n.d 0.14–0.36 n.d 0.18–0.26 0.01–0.017 0.2–0.3

OSPAR, 2006 Celtic Sea Oceanic pristine
values

n.d 0.06–0.08 n.d 0.12–0.16 0.01–0.02 0.1

HELCOM, 2000 Baltic Sea Oceanic pristine
values

n.d 0.11–0.5 n.d n.d 0.003–0.01 0.4–0.8

Prego and Cobelo-
García, 2004

NE Atlantic Oceanic pristine
values

n.d 0.04–0.13 n.d n.d 0.006–0.05 n.d

Fang et al., 2006 Taiwan Littoral pristine
values

n.d 0.037–0.043 0.60–0.67 n.d 0.029–0.035 0.9–1.2

This study BC Littoral pristine
values range

0.3–1.8 0.3–2.5 0.3–1.2 0.3–0.5 0.3–1.5 4–29

BC Median±2MAD
littoral

0.9–2.3 0.5–2.7 b0.3–4.0 b0.3–4.5 0.3–3.6 4.4–27

BC Median±2MAD
mesohaline

0.5–2.0 0.7–4.8 0.5–56 0.5–7.6 0.4–3.4 8.0–56

Mean
values

This study BC Littoral pristine
values median

1.3 1.2 0.9 0.4 0.8 16

BC Median littoral 1.4 1.1 1.0 0.8 1.0 11
BC Medianmesohaline 1.0 1.7 4.3 1.8 1.2 21

Fernández et al., 2008 Nervión, BC Mean, estuary 5.3 33.5 23.5 2.14 n.d 4.5
Cotté-Krief et al., 2002 Celtic Sea Mean n.d 0.07 n.d 0.2 0.03 n.d
Buck et al., 2007 California Median n.d 1.3 n.d n.d n.d n.d
Dippner and Pohl, 2004 Baltic Sea Median n.d 0.6 n.d n.d 0.03 0.9
Prego et al., 2006 Vigo Ria (Atlantic) Mean n.d 0.2 n.d 0.1 0.1 0.2
Fang et al., 2006 Taiwan Min–max n.d 0.02–0.1 0.5–1.3 n.d 0.02–0.09 0.7–4.9
Chiffoleau et al., 1999 Seine estuary Min–max n.d 1.5–2.5 1.1–25 n.d n.d 5.9–13
de Jong et al., 2007 Atlantic Ocean Mean n.d n.d 0.13 n.d n.d n.d
Klinkhammer et al., 1981 Hudson estuary Min–max n.d 1.0–6.2 0.4–60 n.d n.d 2.9–30

n.d = not determined; MAD = Median Absolute Deviation; and BC = Basque Country.
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complexes (Owens and Balls, 1997). Removal of Mn(II) from
solution occurs: (i) in estuarine reaches, where dissolved
oxygen increases; and (ii) in the coastal areas, by mean of
oxidative processes and the precipitation ofMn(IV) hydroxides
(Laslett, 1995; Nolting et al., 1999). Together with the Fe(II)/Fe
(III) solubilisation–precipitation processes, changes in the
solubility of Mn ions affect the dissolution and co-precipita-
tion of other metals, such as Nickel and Zinc (Laslett, 1995;
Laslett and Balls, 1995; Owens and Balls, 1997; Audry et al.,
2007). The Mn background ranges proposed (Table 4) follow
the pattern described, with a strong increase in the mesoha-
line–polihaline ranges, together with decreasing concentra-
tions in the outer estuary and the coastal zone. Similar
patterns have been reported for the Scheldt, Gironde and
Seine estuaries (Kraepiel et al., 1997; Nolting et al., 1999; Audry
et al., 2007).

Zn and Ni show a relatively low dependence upon the redox
conditions, in comparison with Mn. Nonetheless, in strongly
reduced environments, sulphide can control the solubility of Zn
and Ni ions (Gerringa et al., 2001). Moreover, indirect control by
co-precipitationwith Fe andMn hydroxides has been described
for Zn, Ni and other metals (Laslett and Balls, 1995; Owens and
Balls, 1997; Audry et al., 2007). Conversely, increasing salinity
canstabiliseNi andZnchloride complexes (Gerringaet al., 2001).
The pattern observed for the background ranges of Zn is similar
to that described for Mn (Table 4). Concentrations are higher
than the freshwater end-member extending from the oligoha-
line until the euhaline segments, followed by a strong decrease
(down to approximately the 50%) within the coastal area. Thus,
Znappears also tohaveamid-salinitymaximum, as reportedby
Chiffoleau et al. (1999) for the Seine estuary. For Ni, dilution
prevails with increasing salinity, but the concentration
decreases with an slowly increase in salinity; this is both for
the low and high concentration values, proposed for each
salinity range (Table 3; Fig. 4).

In general, the dissolved Pb concentration appears to be
regulated more by river flow and river input, than by the
salinity distribution within the estuary (Monbet, 2006). A
similar pattern has been described by Owens et al. (1997) for
the Tay estuary. Moreover, Balls (1989) has indicated high
particle reactivity for Pb, which implies strong regulation of
dissolved Pb concentration, by SPM. The proposed Pb back-
ground ranges (Table 4) follow the pattern described, whilst
dissolved Pb presents few variations in concentration, in
relation to salinity range.

In summary, the ranges in dissolved metal concentrations
proposed as background values for the Basque Country follow
a distribution pattern for each salinity interval; these combine
the general mixing-dilution processes between the end-
member concentrations, together with peculiarities in the
specific geochemical behaviour of each of the metals. Range
amplitude is related to the local, seasonal and hydrological
variations of the end-member concentrations. Although the
achieved discrimination range of the concentrations is not the
same for all of themetals and the salinity intervals considered
(Table 3), the salinity interval scale is maintained; this is
because it is needed as a reference in comparing and assessing
trace metal concentrations (Balls, 1989), by coherence with
other tools used for the implementation of the WFD in the
Basque Country (Borja et al., 2004a; Bald et al., 2005).

4.3. Using background values in the implementation of
European Directives

The WFD and EMS define chemical ‘High Status’, as when
concentrations of specific non-synthetic pollutants, such as
metals, remain within the range normally associated with
‘undisturbed conditions’. Rodríguez et al. (2006) have proposed
the use of the upper limit of the background range (i.e., below
the threshold), to define the boundary between the ‘High’ and
‘Good’ status, when considering sediments. The use of such a
threshold contributes to the assessment of regional undis-
turbed water conditions, based upon priority substances, such
as metal background levels.

The WFD states that ‘…the Commission shall submit
proposals for quality standards applicable to the concentra-
tions of the priority substances in surface water, sediments or
biota’. Moreover, it defines an Environmental Quality Standard
(EQS) as ‘…the concentration of a particular pollutant or group
of pollutants in water, sediment or biota, that should not be
exceeded in order to protect human health and the environ-
ment’. Similar considerations have been made by Maggi et al.
(2008). Following the approach of Rodriguez et al. (2006), the
concentrations between the upper limit of the background
range and the EQS are in accordance with the WFD ‘Good
Status’; as such, they can be considered as those in which
human impacts are sustainable and reversible, whilst all of
the targets are met (after the EMS, see Anonymous, 2004).

The use of metal background levels as the limit between
High/Good and the EQS, as the limit between Good/Moderate,
has been used by Borja et al. (2004a, 2008b, in press) in an
integrative approach for ecological status assessment within
the WFD. Hence, these boundaries are used, following the
assessment of biological quality (based upon the results
obtained from phytoplankton, macroalgae, benthos and
fishes), before assessing the final ecological status at the
water body level (Borja et al., 2004a, 2008b, in press).

Another example of the use of background levels has been
proposed by Borja et al. (2008a), in investigative monitoring,
within the WFD. Hence, the determination of background
levels, for dissolved priority substances in water, is highly
relevant in the implementation of the WFD methodologies:
these address the physico-chemical and ecological status of
marine and estuarine water bodies.

5. Conclusions

The determination of regional background levels, for priority
substances, is required for environmental purposes within the
WFD, to assess the physico-chemical quality of European
water bodies. The heuristic method proposed by Reimann
et al. (2005) is useful in determining the regional metal
background levels, with an unimodal empirical data distribu-
tion. Such methodology can provide assistance to other
regions and countries, in establishing background levels;
further, in accomplishing (within the requirements of the
WFD) an assessment of the chemical status. In this way, more
investigation must be undertaken in determining EQS,
together with the establishment of boundaries for the
different levels of the status.
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The European Water Framework Directive (WFD) establishes a framework for the protection and
improvement of estuarine (transitional) and coastal waters, attempting to achieve good water status
by 2015; this includes, within the assessment, biological and chemical elements. The European Commis-
sion has proposed a list of priority dangerous substances (including metals such as Cd, Hg, Ni and Pb),
with the corresponding list of environmental quality standards (EQS), to assess chemical status, but only
for waters. In this contribution, a long-term (1995–2007) dataset of transitional and coastal water and
sediment trace elements concentrations, from the Basque Country (northern Spain), has been used to
investigate the response of these systems to water treatment programmes. Moreover, the approach pro-
posed in the WFD, for assessing water chemical status (the ‘one out, all out’ approach), is compared with
the integration of water and sediment data, into a unique assessment. For this exercise, background levels
are used as reference conditions, identifying the boundary between high and good chemical status. EQS
are used as the boundary between good and moderate chemical status. This contribution reveals that the
first approach can lead to misclassification, with the second approach representing the pattern shown by
the long-term data trends. Finally, the management implications, using each approach are discussed.

� 2009 Elsevier Ltd. All rights reserved.
1. Introduction

The European Water Framework Directive (WFD) (Directive,
2000/60/EC) develops the concept of ecological status (ES), for
the assessment of the quality of water bodies (Borja, 2005). The
ES is based upon the status of the biological, hydromorphological
and physico-chemical quality elements, with the biological ele-
ments being especially important; these are supported by the
hydromorphological and physico-chemical elements. The phys-
ico-chemical elements include general variables (such as dissolved
oxygen, nutrients, etc.) and priority substances (Directive 2008/
105/EC), i.e. trace metals and organic compounds. The former cor-
respond to variables measured unequivocally in the ambient
waters. The Directive 2008/105/EC establishes environmental
quality standards (EQS) for priority substances only in the dis-
solved fraction for waters. However, taking into account that ‘the
monitoring network shall be designed so as to provide a coherent
and comprehensive overview of ecological and chemical status’, at
least water and sediment should be included in such a network
ll rights reserved.

+34 943004801.
within each of the transitional and coastal water bodies (Crane,
2003; Borja et al., 2004b). Nonetheless, there has been scientific
debate on this particular approach (Borja and Heinrich, 2005).

There are two different levels in the use of chemical indicators
within the WFD: (i) physico-chemical conditions influencing the
biological quality, these are related mainly with eutrophic pro-
cesses, such as nutrients, oxygen, etc. (see Bald et al., 2005; Loure-
iro et al., 2006; Devlin et al., 2007; Ferreira et al., 2007; and
Painting et al., 2007); and (ii) the classification of the chemical sta-
tus, which includes only priority substances (Coquery et al., 2005;
Maggi et al., 2008). The relationship between both levels has been
described in: Borja et al. (2004a, 2008a), Rodríguez et al. (2006),
and Tueros et al. (2008).

Following the WFD, biological element methodologies used to
assess ES should respond to anthropogenic pressures, rather than
to natural variability (Solimini et al., 2006). In the integration of
the ES assessment, physico-chemical and chemical elements play
an important role that needs to be addressed (Borja et al., 2004a,
2008b). However, although some studies have focused upon the re-
sponse of biological assessment methods to human pressures (e.g.
Breine et al. (2007), Vasconcelos et al. (2007), and Uriarte and Borja
(2009), for fishes; and Bigot et al. (2008) and Borja et al. (2009b),
for benthos), there is a need to study the response of chemical

mailto:itueros@azti.es
http://www.sciencedirect.com/science/journal/0025326X
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status method assessment to actions undertaken to remove pollu-
tion from river catchments.

Hence, the use of environmental objectives, including ecological
targets for surface waters, as proposed within the WFD and Direc-
tive 2008/105/EC, together with the background levels, used as ref-
erence conditions for assessing the physico-chemical status (Borja
and Heinrich, 2005; Rodríguez et al., 2006; Tueros et al., 2008) are
a key objective of the WFD. As such, one of the principles of the
WFD in assessing status, is the ‘one out, all out’ approach. This ap-
proach is based upon de assumption that the worst status of the
elements (or priority substances), used in the assessment, deter-
mines the final status (Heiskanen et al., 2004; Borja, 2005); this
has been debated elsewhere (Crane, 2003; Borja et al., 2004b). It
entails the risk of imposing recovery costs not proportionate to
the achievable chemical improvement, possibly increasing the risk
of misclassification. Hence, some authors have proposed avoidance
of this simplistic approach, although it may provide a useful start-
ing point in the chemical assessment (Moss, 2008; Borja et al.,
2009c).

Hence, in this contribution, a long-term (1995–2007) dataset of
transitional and coastal water and sediment trace elements con-
centration, from the Basque Country (northern Spain), has been
used in investigating the response of these systems to water treat-
ment programmes. As a second objective, the chemical status has
been assessed by using the methodology proposed by the WFD
and that proposed by Borja et al. (2004a, 2008b); this is, in order
to examine and consider the management implications, when
using each of the approaches.

2. Methods

2.1. Study area and sampling

The lithology of the Basque Country is characterised by sedi-
mentary rocks, with a higher proportion of sandstones and lutites
over the eastern part of the region; more marls and limestones are
present towards the west (Pascual et al., 2004). Most of the river
catchments, estuaries and coastal areas have been affected some-
what, historically, by urban, industrial wastewaters and/or mineral
ores: within this context of special relevance are Zn, Pb and Fe
(Belzunce et al., 2001; Cearreta et al., 2000, 2002, 2004; Borja
et al., 2008c). The region supports a high number of anthropogenic
pressures and impacts (Borja et al., 2006a).
The Department of Environment and Land Action of the Basque
Government, by means of the Littoral Water Quality Monitoring and
Control Network (hereafter, LQM), has monitored Basque coastal
and estuarine water quality, since 1995 (Borja et al., 2008d)
(Fig. 1). This network includes the analyses of both physico-chem-
ical (in water, sediment and biota) and biological elements (phyto-
plankton, macroalgae, benthos and fishes). The LQM series data
include 32 coastal and estuarine stations, sampled from 1995 to
2007, together with 19 additional locations, since 2002. These 51
stations are distributed between the 18 water bodies of the Basque
Country (14 estuarine and 4 coastal) in 12 river catchments
(Fig. 1); as such, they constitute the WFD surveillance and opera-
tional monitoring networks (Borja et al., 2008d).

Within the period described, surface water samples were ob-
tained, twice a year, during summer and winter. Water samples
were collected by means of 5 L Niskin bottles: at low and high tide
for the estuarine locations; and independent of the state of the tide,
at the coastal locations. Hydrographic data (temperature, salinity,
pH and dissolved oxygen) were obtained, in situ, using a CTD-Sea-
bird 25 multiprobe. Sediment samples were collected, by hand, for
intertidal sediments; subtidal samples were collected using Day or
Van Veen grabs. In both cases the upper 10 cm of the sediments
were collected using plastic corers. Sediment and water samples
were retained in plastic bottles, transported to the laboratory,
and then stored at 4 �C until analysis.

2.2. Water and sediment analysis

Dissolved Ni, Pb, Cd, and Hg (considered as priority substances
in Directive 2008/105/EC, under the WFD), As, Cr, Cu, Fe, Mn, and
Zn, in the waters were analysed in this contribution. Water sam-
ples were filtered using standard MF Millipore membrane filters
(0.45 lm pore size). As (following hydride generation with NaBH4,
in a FIA system (FIAS 100 Perkin–Elmer)), and total Hg (by means
of the cold vapour method, with the same reducing agent), were
determined using quartz furnace atomic absorption spectrometry
(QFAAS) (AAnalyst 800, Perkin–Elmer). Fe was analysed using the
spectrophotometric TPTZ (2,4,6-tripyridyl-1,3,5-triazine) method
(Grasshoff et al., 1983). Cd, Cu, Cr, Mn, Ni, Pb and Zn contents were
determined by flame atomic absorption spectrometry (AAS) or
electrothermal atomic absorption spectrometry (ETAAS), with Zee-
man background correction. Seawater samples were separated
from interfering matrix components (Pai, 1988; Pohl and Prusisz,



Table 1
Main significant pressures (producing negative effects on the environment) and actions taken (positive effects on the environment), detected for each water body, within the
Basque Country. The year(s) of the pressure, or action, are shown in brackets (data updated from Borja et al. (2006b)). For station locations, see Fig. 1.

Water body Stations Pressures Actions

Barbadún 1,2 Oil refinery, urban discharge Oil refinery effluent deviation (1999)
Inner Nervión 3,4,5 Changes in morphology, pollutants Water Treatment Plant (1990–2001)
Outer Nervión 6,7 Dredging (2001), port construction (1993–1997) Water Treatment Plant (1990–2001)
Butrón 10,11,12 Small urban discharges, dredging (2001) Water Treatment Plant (1997)
Inner Oka 16 Urban discharge
Outer Oka 17,18 Shipyard, dredging (1995, 1998, 1999, 2003) Urban discharge deviation
Lea 21,22 Water Treatment Plant (1995, 2005)
Artibai 24,25 Urban & industrial discharges Basin water treatment
Deba 27,28 Urban & industrial discharges Basin pollutants removal
Urola 30,31,32 Dredging (2000–2005), port construction (1997–1998) Basin and estuarine water treatment (2007)
Oria 34,35 Land-claim (2001), port construction (2005) Basin water treatment
Urumea 39,40 Urban & industrial discharges Water Treatment Plant
Oiartzun 42,43,44 Morphology, pollutants, dredging (decreasing since 1995) Water Treatment Plant (1996, 2001)
Bidasoa 48,49,50 Urban discharges (1995), port construction (1998–2000) Water Treatment Plant (2000, 2003)

Cantabria-Matxitxako 8,9,13,15 Small urban discharges, sediment disposal Basin water treatment
Matxitxako-Getaria 19,20,23,26,29,33 Small urban discharges Basin water treatment
Getaria-Higer 36,37,45,47,51 Sediment disposal (2000, 2002), urban discharges (2000) Water Treatment Plant (2000, 2003)
Mompás-Pasaia 41 Outfalls (1970, 1996) Submarine pipeline (2001) and Water Treatment Plant (2006)

Table 2
Criteria when integrating water and sediments into the assessment of the chemical
status, within the Water Framework Directive (WFD) (adapted from Borja et al.,
2008b). Note: a variable achieves the chemical status, when the concentration is less
than the quality objectives established by the WFD.

Water Sediment Status

All variables meet All variables meet Achieves
1 variable does not meet Achieves
P2 variables do not meet Fails

1 variable does not meet All variables meet Achieves
1 variable does not meet Achieves
P2 variables do not meet Fails

P2 variables do not meet Fails
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2004; Pohl, 2006), preconcentrated by CHELEX 100 ion-exchange
resin. The pH value of each sample was set to 5.4, with ammonium
acetate. Quality assurance testing relies upon the control of blanks
and on the accuracy and reproducibility of data, relative to stan-
dard reference materials (BCR 505). The results obtained were in
good agreement with the certified values (for details, see Tueros
et al., 2008).

For the sediment samples, the 63 lm fraction was obtained by
dry sieving of samples, previously oven-dried at 60 �C. As, Cd, Cr,
Cu, Fe, Hg, Mn, Ni, Pb and Zn were analysed, on this sediment frac-
Table 3
Background levels, as calculated by Rodríguez et al. (2006), for sediments, and Tueros et al
standards (EQS) and effects-range medium (ERM) used for the assessment of metals in wate
the background range. For Cd, Cr, Fe and Hg in waters, there are no background levels ava

Metal Sediment Water

ERM
(mg kg�1)

Background
(mg kg�1)

EQS
(lg l�1)

Background
freshwater
(lg l�1)

Background
oligohaline
(lg l�1)

B
m
(

As 70 24 25 1.1 1.3 2
Cd 9.6 0.45 0.2 * * *

Cr 370 71 * * * *

Cu 270 64 25 5.8 4.4 4
Fe * 53542 * * * *

Hg 0.71 0.27 0.05 * * *

Mn * 447 * 4.2 20 5
Ni 51.6 57 20 6.9 9.1 7
Pb 218 66 7.2 2.1 3.4 3
Zn 410 248 60 38 61 5
tion. Samples were digested in an acid mixture (HCl and HNO3, 2:1
v/v), in a high pressure microwave digestion system. The analysis
of metals in the extracts was carried out using AAS. Cu, Pb, Ni,
Cr, Zn, Mn and Fe were determined in an air–acetylene flame. Cad-
mium content was analysed by ETAAS, with Zeeman background
correction. Finally, As (following hydride generation with NaBH4

in a FIA system) and total Hg (by means of the cold vapour method,
with the same reducing agent), were determined by QFAAS. The
accuracy of the analytical procedures used for the analysis of met-
als in the sediment samples was checked using the PACS-2 (NRC,
Canada) certified reference material (for details, see Rodríguez
et al., 2006).

2.3. Pressures identified

The estuaries and coasts of the Basque Country were investi-
gated to identify relevant and significant human pressures (Borja
et al., 2006a). Such information, together with new information ob-
tained following the present study, is summarised in Table 1. The
most significant pressures, as identified for the Basque Country, in-
clude urban and industrial discharges (affecting increases in organ-
ic matter and consumption of oxygen), and hydromorphological
pressures (dykes and port construction, dredging, sediment dis-
posal, and land reclamation). Conversely, positive actions include
removal of discharges and water treatment programmes (at catch-
. (2008), for waters, according to salinity ranges, together with environmental quality
rs and sediments, respectively (see text). Background is expressed as the upper limit of
ilable.

ackground
esohaline

lg l�1)

Background
polyhaline
(lg l�1)

Background
euhaline estuary
(lg l�1)

Background
euhaline littoral
(lg l�1)

2.1 2.3 2.3
* * *
* * *

.8 3.8 3.5 2.7
* * *
* * *

6 69 11 4
.6 5.3 4.8 4.5
.4 3.5 3.3 3.6
6 55 47 27
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ment and estuarine levels, including wastewater treatment plants).
Most of these programmes were completed by 2000–2002 (Table
1).

Water bodies (see Fig. 1) were classified, according to the
anthropogenic pressures (see Borja et al., 2006a), into four levels:
very high pressure (Inner Nervión, Outer Nervión and Oiartzun);
high pressure (Deba, Urumea, Urola and Bidasoa); medium pres-
sure (Barbadún, Butrón, Inner and Outer Oka, Lea, Artibai, and Oria)
and low pressure (Cantabria-Matxitxako, Matxitxako-Getaria,
Getaria-Higer and Mompás-Pasaia coastal water bodies). This clas-
sification will be utilised in the results and discussion sections.
Table 4
Spearman rank correlations for the period 1995–2007 and Mann–Whitney–Wilcoxon test c
body. Note: W = two-sample rank-sum statistic; Lea has not significant values.

Water body Water

Spearman Mann–Whitney–Wilcox

Metal (station) r p Metal (station) W

Barbadún Mn (2) 2

Inner Nervión Mn (3) �0.79 0.01 Mn (3) 1
Ni (4+5) �0.89 0.04
Fe (4+5) �0.89 0.04

Outer Nervión Mn (6+7) �0.66 0.02 Mn (6+7) 0

Butrón Cd (11+12) 0.82 0.00 Cd (11+12) 25

Inner Oka Pb (16) �0.9 0.04

Outer Oka Ni (18) �0.7 0.03 Pb (18) 1

Artibai Fe (25) �0.88 0.00 Fe (25) 0
Mn (25) �0.83 0.00 Mn (25) 0
Ni (24) �0.75 0.01 Ni (25) 1

Deba Cu (27+28) �0.86 0.00 Cu (27+28) 0
Ni (27+28) �0.81 0.00 Ni (27+28) 0
Mn (27+28) �0.66 0.02 Cd (27+28) 22.5

Urola Ni (32) �0.6 0 Ni (32) 0

Oria Ni (34) �0.93 0.04

Urumea

Oiartzun Ni (43+44) �0.70 0.01 Ni (43+44) 2.00
Pb (43+44) �0.72 0.01 Pb (43+44) 1.00
Mn (42) 0.89 0.04

Bidasoa Ni (50) �0.58 0.04 Ni (50) 2
Pb (50) �0.60 0.04 Pb (50) 2
Cd (49) 0.65 0.03

Cantabria-Matxitxako Ni (8+9) �0.75 0.01
Ni (13+15) �0.74 0.01 Ni (13+15) 0
Cd (13+15) 0.64 0.03 Cd (13+15) 25

Matxitxako-Getaria Ni (19) �0.6 0.04 Ni (19) 0
Ni (26) �0.73 0.03 Pb (26) 2
Ni (29) �0.67 0.02 Ni (29) 0

Mn (29) 2
As (33) 0.7 0 Ni (33) 2

Getaria-Higer Cu (51) �0.62 0.04 Cu (51) 0

Mompás-Pasaia Ni (41) �0.77 0.01
2.4. Statistical analyses

In order to determine the evolution of the metal concentrations,
metal time-series trends were derived on the basis of results from
the 1995 to 2007 period. In the case of sediments, annual data for
each of the metals, within the 51 stations, were considered. For the
waters, Cr and Hg were not included, because the data for most of
samples (close to 90%) were below the detection limit. Further,
water sampling stations were classified using the salinity gradient,
according to the Venice Symposium definitions (Anonymous,
1959), within 6 salinity ranges: freshwater (salinity 6 0.5 PSU); oli-
omparing 1995–1999 and 2003–2007 periods, for waters and sediments in each water

Sediment

on Spearman Mann–Whitney–Wilcoxon

p Metal (station) r p Metal (station) W p

0.036 Cu (2) �0.69 0.03
Ni (1) 0.94 0.04

0.022 Mn (3) 0.80 0.01 Mn (3) 25 0.01
Fe (3) 0.68 0.02 Fe (3) 25 0.01

0.012 Zn(6) �0.68 0.02

0.01 Cd (10) �0.89 0.05
Cd (11) �0.89 0.05
Zn (10) �0.94 0.04
Zn (11) �0.94 0.04
Mn (11) �0.94 0.04

Zn (16) �0.89 0.04

0.02 As (18) �0.78 0.04

0.01
0.01
0.02

0.01 Cd (27) -0.89 0.04
0.01 Cu (27) �1.00 0.00
0.04 Ni (27) �0.94 0.04

Fe (28) 0.57 0.04

0.01 Cd (32) �0.51 0.02

Ni (35) 0.82 0.01

Zn (39) �0.94 0.04
Cd (39) �1.00 0.00
Pb (39) �0.94 0.04

0.04 Ni (42) 0.73 0.02
0.02 Pb (43) �0.54 0.04

0.04 Cd (49) 0.59 0.04 Cd (49) 24 0.02
0.04 Cd (50) �0.63 0.03

Cr (49) 0.70 0.02
Cu (50) �0.57 0.04
Zn (50) �0.69 0.02

Ni (9) 0.60 0.04 Ni (9) 23 0.04
0.01 Ni (15) 0.62 0.03
0.01

0.01 Fe (19) 0.58 0.04 Fe (19) 23 0.04
0.04 Mn (19) 0.65 0.02 Mn (19) 23 0.04
0.01 Ni (19) 0.59 0.04
0.04 Ni (20) �0.58 0.04
0.04

0.01 Cr (37) �0.94 0.04 Cu (51) 2 0.04
Mn (36) 0.57 0.04
Cd (51) �0.57 0.04
Zn (51) �0.58 0.04

Mn (41) 0.76 0.01 Mn (41) 24 0.02
As (41) 0.68 0.02
Ni (41) 0.65 0.02
Zn (41) �0.58 0.04
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gohaline (0.5–5 PSU); mesohaline (5–18 PSU); polyhaline (18–
30 PSU); euhaline estuary (P30 PSU, for estuarine locations); and
euhaline littoral (P30 PSU for coastal locations). These ranges, de-
scribed within the WFD for water typology classification, have
been used previously in physico-chemical status assessments (Bald
et al., 2005) and for deriving dissolved metal backgrounds in mar-
ine waters (Tueros et al., 2008). Those stations classified within the
same salinity group, belonging to the same water body, were
combined.

Time-series trends were analysed using Spearman Rank Corre-
lations, within Statgraphics Plus 5.0 (STCS, 1991). The same soft-
ware was used to derive the Mann–Whitney–Wilcoxon test, for
comparison between the medians of the first five and last five
years of the time-series. These periods were selected because most
of the water treatment programmes were completed by 2000–
2002, as commented upon previously. Both tests are non-paramet-
ric, as the data set distribution is non-normal (Rodriguez et al.,
2006; Tueros et al., 2008).

2.5. Assessing the status: water and sediment integration

Although the WFD consider only water in the assessment of the
physico-chemical status, in this study, sediment and water integra-
tion is proposed, taking into account heavy metals (As, Cd, Cu, Cr,
Hg, Ni, Pb and Zn) as contaminants. Fe and Mn were not included
within the integration, because they are considered as non-toxic
metals; as such there are not quality objectives available (Long
et al., 1995) and, although they can present high concentrations lo-
cally, they do not show harmful effects upon the biota (Borja et al.,
2008c).

The chemical status has been derived following two ap-
proaches, as outlined below. Approach 1: the WFD follows the
principle ‘one out, all out’ (Borja et al., 2004b); this means that
any metal in waters over the EQS result in the whole station failing
to achieve the chemical status; in turn, if concentrations lie below
the EQS, the chemical status is met. Approach 2: the proposal of
Borja et al. (2008b, 2009a), where water and sediment metals con-
centrations are taken into account together (see Table 2).

In turn, physico-chemical status can reveal different quality sta-
tus (see Rodríguez et al., 2006; Borja et al., 2008b): ‘high status’,
when concentrations lie below the upper limit of the background
range; ‘good status’, when concentrations lie between the back-
ground levels and EQS; and ‘moderate status’, when the concentra-
tions are over EQS values (see upper limits of the background
ranges, in Table 3). This approach is based upon Tables 1.2.3 and
1.2.4, within Annex V of the WFD.

Metal EQS, used to assess the status, are listed in Table 3, under
the following criteria: (i) for sediments, a set of effects-range med-
ium (ERM), developed by the National Oceanic and Atmospheric
Administration (NOAA) in the USA (Long et al., 1995); and (ii) for
waters, the EQS were obtained from the Directive 2008/105/EC
for priority substances (Cd, Hg, Ni and Pb), and the Spanish Law
of Biodiversity (Decree, 42/2007), for As, Cu and Zn.
0
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Fig. 2. Metal trends in very high pressure water bodies (see text): (a) Mn in waters
of the Inner and Outer Nervión; (b) Pb and Ni in waters of the Oiartzun and (c) Zn in
sediments of the Oiartzun. Horizontal lines represent the upper limit of background
level ranges. Station number(s) are within the brackets.
3. Results

3.1. Time-series trends

For the waters, a total of 25 significant negative trends (de-
crease in concentration throughout time) are shown, for the period
1995–2007 (Table 4): Ni (14), Mn (4), Pb (3), Fe (2) and Cu (2). In
turn, 5 significant positive trends (increase in concentration
throughout time) were detected: Cd (3), As (1), and Mn (1). For
the sediments, there are also 25 significant negative trends (Cd
(8), Zn (8), Cu (3), Ni (2), Pb (2), Cr (1) and As (1)) and 17 significant
positive trends (Ni (7), Mn (4), Fe (3), As (1), Cd (1), and Cr (1)). In
terms of a general trend, within most of the water bodies under
investigation, Ni concentration decreases in waters, mainly in the
coastal water bodies. In contrast, the Ni concentration in sediments
increases throughout time within the coastal water bodies and the
Barbadún, Oria, Oiartzun transitional water bodies. There is also an
important concentration decrease, for Cd and Zn, in sediments
from several of the transitional water bodies (Bidasoa, Urumea,
Butrón and Nervión).

Results obtained for the comparison of the medians, Mann–
Whitney–Wilcoxon test, between the first 5 years of the series (be-
fore water treatment) and the 5 last years (after treatment), are
listed in Table 4. For the waters, there are 24 significant differences,
in Ni (9), Mn (5), Pb (4), Cd (3), Cu (2) and Fe (1). Of these differ-
ences, 88% correspond to decreasing concentrations. For the sedi-
ments, there are eight differences in Mn (3), Fe (2), Ni (1), Cd (1)
and Cu (1), 89% of these differences correspond to increasing
concentrations.

Some of the trends for the different water bodies are summa-
rised in Fig. 2 (for very high pressure water bodies); Fig. 3 (for high
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Fig. 3. Metal trends in high pressure water bodies (see text): (a) Ni, Mn and Cu in waters of the Deba; (b) Cu, Cr, Ni and Zn in sediments of the Deba; (c) Pb in sediments of the
Urumea; (d) As, Cd and Hg in sediments of the Urumea; (e) Cd, Pb and Zn in sediments of the Urola and (f) Ni and Pb in waters of the Bidasoa. Horizontal lines represent the
upper limit of the background level ranges. Station number(s) are within the brackets.
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pressure water bodies); Fig. 4 (for medium pressure water bodies);
and Fig. 5 (for low pressure water bodies). The complete set of fig-
ures, showing trends for all metals, matrices, and water bodies can
be consulted as Supplementary material.

3.2. Assessing the status: water and sediment integration

Using Approach 1 (WFD criterion), few water bodies achieve
good chemical status (Fig. 6b). The percentages of achievement de-
crease throughout time, lying close to zero over recent years
(Fig. 6a). For comparison, when utilising Approach 2 (integrating
water and sediments), more than 50% of the water bodies achieve
‘good status’ (Fig. 6b), and the percentage of achievements remain
stable throughout time, even increasing in recent years (Fig. 6a).
Transitional water bodies (Butrón, Outer Oka, Lea, Oria and Bid-
asoa), all of them classified in the medium pressure level, except
from the Bidasoa water body which belongs to the high pressure
level), and (Matxitxako-Getaria, Getaria-Higer and Mompás-Pa-
saia) coastal water bodies which belong to the low pressure level,
present the highest status, during the study period. The Deba, Uru-
mea and Oiartzun water bodies present the worst status; most of
the failings are related to Hg, Ni and Zn, within the sediments,
and with Cd in the waters.

4. Discussion

4.1. Time-series trends, as a response to water treatment

The exploitation of abundant iron ore has led to early industrial
development in the Basque Country, since the mid-19th Century,
together with an increase in population pressure (Cearreta et al.,
2004; Borja et al., 2006a). Such development has resulted in high
urban and industrial discharge pressures in the estuaries and along
the coast, consisting mainly of organic matter, nutrient and priority
substances discharges. Hence, these aquatic systems have received
high nutrient and pollutants loads up until the end of the 1990s
(Cearreta et al., 2004; Borja et al., 2006b); these, can result, ulti-
mately, in oxygen depletion, eutrophication, or damage to the
biota. Moreover, disposal at sea of metal-containing slags from
blast furnaces, between the 1920s and the 1970s, represents an-
other environmental issue for the Nervión coastal area, within
the Cantabria-Matxitxako water body (Borja et al., 2008c). In turn,
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Fig. 4. Metal trends in medium pressure water bodies (see text): (a) Cd in water
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closure of iron mines and steel companies, together with water
treatment in most of the Basque river catchments and estuarine
systems (mainly in the 1990s), has led to an improvement in the
water quality (García-Barcina et al., 2006).

4.1.1. Very high pressure water bodies
The Nervión and Oiartzun water bodies accommodate the larg-

est commercial harbours of the Basque Country. Thus, both have
suffered important changes in their morphology together with
extensive dredging activities, ports constructions, and discharges
of pollutants (Cearreta et al., 2004; Borja et al., 2006a). In turn, both
of the water bodies have accomplished large water treatment pro-
grammes (Nervión 1990–2001, and Oiartzun 1996–2001, although
Oiartzun is not yet completed) (García-Barcina et al., 2006; and Ta-
ble 1). Such water treatment and improvement, within the Nervión
water body, have resulted in significant negative trends in metal
concentration and, since 1999, in a high level of achievements in
chemical status (Fig. 6b). Most of the failings detected in our study
are related to Cd in waters and Hg in sediments. High levels of
these metals have been detected within this estuary by other
investigators, (Landajo et al., 2004; Bartolome et al., 2006).

Fig. 7 shows the evolution of Mn, and Zn within Inner Nervión
estuarine waters (Stations 4 and 5), compared to the river waters
from some of the tributaries (Asua, Kadagua, Gobela and Galindo).
These latter data have been provided by the ‘Basque Water
Agency’. The evolution of the metal concentrations, both in the riv-
er catchment and estuarine waters are similar; this shows that the
water treatment programme, undertaken over the whole of the riv-
er basin (García-Barcina et al., 2006), is responsible for the de-
crease in the metal concentration.

Conversely, within the Oiartzun water body, some of the sta-
tions within the estuary still receive important polluted discharges,
with some areas yet degraded (Borja et al., 2009b). As a conse-
quence, this particular water body fails the ‘good status’ over most
of the years. These failings are related to Cd in the waters; likewise,
and to Hg and Zn in the sediments. The sediments of this particular
estuary have been contaminated historically by the mining indus-
try, as well as iron and steel related metallurgy, within the river
catchment (Larumbe and Casado, 1989; Sola et al., 1991; Sánchez
et al., 1994; Ansorena et al., 1995), this explains the high concen-
trations of metals related to this mining activity. The relationships
between river catchment discharges (provided by the ‘Basque
Water Agency’) with estuarine concentrations of dissolved Mn,
Fe, Ni and Zn, are shown in Fig. 7. Water treatment undertaken
within the catchment, together with the closure of the mines, have
led to a decrease in metal (Zn) concentration in the river water and,
subsequently, in the estuary. Further, the improvement in water
quality in the Oiartzun estuary has led to a recovery in benthic
and fish quality, over the same period (Borja et al., 2006b, 2009b;
Uriarte and Borja, 2009).

4.1.2. High pressure water bodies
The Deba water body has been highly polluted, historically, due

to waste-water inputs from the electrolytic and chemical surface
treatment industry and iron and steel related metallurgy industry.
The changes in industrial processes (wastewater recovery schemes,
changes in industrial management, etc.), since 1998, by companies
located within the river catchment, has led to a decrease in the
concentration of those metals related to the electrolytic industry,
such as Cu, Ni, Zn, Fe and Mn. As shown in Fig. 7, the evolution
of the metal concentration in river and estuarine waters follows
a similar pattern, illustrating the fate of these metals within the
river catchment. Nonetheless, this water body has a very low per-
centage of achieving with the weighted criterion since 1995 (15%);
these failings in ‘good status’ are related to Cd and Ni in the waters
and Ni and Zn in the sediments. Such failings are related, probably,
to the moderate quality in the fish assemblages (Uriarte and Borja,
2009).

The Urumea water body incorporates important urban dis-
charges, together with those from the surrounding industries. As
a consequence, this water body fails over most of the years (31%
achievement), having an impact on fish quality, which is in moder-
ate status (Uriarte and Borja, 2009). However, improvements in
several metals within the estuarine sediments (Stations 39, 40),
since 2002, could be associated with the water treatment plant
being established within the area. The high Pb loads, detected in
the estuary, could be related to traffic pollution (Kelderman
et al., 2000; Arambarri et al., 2003), together with alkyl lead pro-
duction and the metallurgy industry (Belzunce et al., 2004).

The Bidasoa water body supported heavy pressure from urban
waste-waters, until 1999, when all the Spanish discharges (not
those from the French part) were diverted to a submarine outfall
outside of the estuary (Borja et al., 2009b) and likewise, several
water treatment programmes were undertaken, between 1995
and 2003 (Table 1). Thus, the quality of the external part of the
water body (Station 50) has improved, over time, with the concen-
trations of several metals (Ni, Pb, Cu) lying below the upper limit of
the background. Conversely, Station 49, experienced a worsening
in Cd in the waters and sediments, as shown by other investiga-
tions undertaken in 1996 (Sáiz-Salinas et al., 1996), this could be
associated to periodic waste-water discharges (1996, and, proba-
bly, 2004–2005). Following the criteria of the WFD ‘one out, all
out’, this station would have failed on the basis of Cd; however,
by adopting the integrative criteria, this station achieves every
year, since 1996. This pattern of evolution shows a clear relation-
ship with the biological evolution, both in terms of benthic and fish
quality, which lies between moderate and good status (Borja et al.,
2009b; Uriarte and Borja, 2009).

4.1.3. Medium pressure water bodies
The Butrón water body completed its water treatment plan by

1997 (Table 1) and, thus, there has been a significant improvement
for some metals (such as Cd, Zn, Mn). Further, the improvement,
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following reduction of some of the metal discharges, has been de-
tected in the benthic and fish compartments (Borja et al., 2009b;
Uriarte and Borja, 2009). This water body has met continuously
the chemical status, since 1995, following Approach 2. Adopting
the WFD principle, ‘‘one out, all out”, the chemical status would fail
in 38% of the cases, due exclusively to the presence of Cd in the
waters.

The Inner and Outer Oka water body is affected by urban dis-
charges, dredging and the presence of a shipyard. There is not
water treatment undertaken in the area, but this water body has
achieved ‘good status’ since 1995 over most of the years (77%) in
the inner part and 100% in the outer part. With the WFD criterion,
‘‘one out, all out” the failing percentage would reduce to 30%. Few
of the failings in the chemical status are related to Cd in the waters
and Hg in the sediments. High mercury concentrations within the
Oka estuary sediments can be related to overall presence of the
metallurgical industry in the river basin. Likewise, related also to
some old and inadequate practices of wood preservation in the
extractive and transformative wood industry of the area. Inorganic
(mainly chloride), as well as organic mercury compounds, have
been used historically since the 19th Century, as wood preserva-
tives (Richardson, 1993); phenyl mercury acetate, or oleate, may
be still used. This situation has led to the benthic and fish quality
lying at the limit between moderate and good status (Borja et al.,
2009b; Uriarte and Borja, 2009). However, the total pressures
within this estuary, when compared with other Basque estuaries,
are relatively low (Borja et al., 2006a).

High concentrations of Hg are found at Station 19, from the
Matxitxako-Getaria coastal water body, located offshore of the
Oka estuary. Mercury concentration in the coastal area is higher
than within the estuary (see Fig. 5c).

The Lea, Artibai and Urola water bodies achieve ‘good status’,
over the majority of years and with few variations for sediments,
taking into account the weighted criteria. Adopting the principle
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‘one out, all out’, the Urola and Artibai water bodies would fail; this
is due to the presence of Cd in the waters. Both of the estuaries
have achieved the ‘good status’, since 2002. Existing pressures,
such as urban and industrial discharges and dredging activities
(2000–2005) (Table 1), do not appear to have an important effect
upon the chemical status. In fact, benthic and fish quality show a
good status (Borja et al., 2009b; Uriarte and Borja, 2009). The Lea
water body lies far from any significant pressure (Borja et al.,
2006a), showing little variations in the metal concentrations,
throughout time.

The Barbadún and Oria water bodies always have achieved
‘good status’ in the integration of matrices (see Fig. 6b). Oria has
experienced a succession of engineering works, adjacent to Station
35 (land reclamation in 2001 together with marina constructed in
2005–2006); this impacts upon the benthic communities (Borja
et al., 2009b). However, these works have not had any negative ef-
fects on the concentration of metals. The Barbadún water body has,
as its main pressure, oil refinery effluents, discharged near to Sta-
tion 1, until 1999. Although sampling at this station commenced in
2002, the improvement in As, Zn and Cu (mainly in the sediments),
could be related to the original composition of the oils within these
metals (Ármannsson et al., 1985; Stigter et al., 2000; Bosco et al.,
2005). The removal of these pollutants can be related also to the
improvement in benthic and fish quality, over the same period
(Borja et al., 2009b; Uriarte and Borja, 2009).

4.1.4. Low pressure water bodies
The unusually high concentrations of Fe, Mn, Cu, Pb, Zn and Hg,

in the Cantabria-Matxitxako coastal water body (Station 9), are re-
lated to the old discharge of metal-containing slags from blast fur-
naces, as mentioned above (Borja et al., 2008c). Nonetheless, this
metal load has not produced toxicological or harmful effects in
the biota some 12 years after ceasing the discharges (Borja et al.,
2008c). However, the Cantabria-Matxitxako water body presents
the worst status of the four coastal water bodies. A part of this
influence is translated to the Matxitxako-Getaria coastal water
body, by the eastward transport of the fine-grained metal-rich
fractions of the sediments. Amongst others, high concentrations
of Hg are found at Station 19, from the Matxitxako-Getaria coastal
water body, located offshore of the Oka estuary. Mercury concen-
trations within the coastal area are higher than those within the
estuary (see Fig. 5c). This pattern can be explained by: (i) the selec-
tive export of the fine-grained, metal-rich, sediment fraction from
the inner part of the Oka estuary, where high Hg concentrations are
recorded in the sediments (see above); (ii) the transport and dis-
persion of the metal-rich sediments from other estuaries and
coastal areas. As in the other cases, metal-rich fraction in the coast-
al sediments constituted only a minimal part of the whole sedi-
ment (e.g. 96% sand and 3.3% lime, at Station 19), with the
absolute load or concentration of metals in the coastal sediments
being proportionally lower than those of the estuary (Borja et al.,
2008c).

Increase of Mn concentrations in 2000–2002, within Stations 41
(Mompás-Pasaia water body) and 45 (Getaria-Higer water body),
coincides with dredged sediment disposal over this area (see Table
1), this disposal having effects on benthic communities (Borja et al.,
2009b). Finally, Matxitxako-Getaria, Getaria-Higer and Mompás-
Pasaia achieve good status, over most of the years.

The results show, in terms of a general pattern, that coastal
water bodies present positive trends for several of the metals
and matrices, within the period of study. However, this worsening
has not led to any failing in the chemical status, within these water
bodies. Our hypothesis is that most of the river catchments have
experienced an improvement in response to water treatment pro-
grammes. However, some of the discharges of the water treatment
plants (e.g. Butrón, Lea, Artibai, Deba, Oria, Urumea, Oiartzun and
Bidasoa) empty directly into the adjacent coastal water bodies, fol-
lowing ‘clean-up’, increasing some of the metal concentrations.
Nevertheless, as the dispersion and dilution of waters within this
coastal area is very high (González et al., 2004), the increase in con-
centration has not led to an increased failing in chemical status.

Finally, as shown in this contribution, analysis of the metal
trends in the waters has shown many negative trends (improve-
ment) whilst, in some of the river catchments, metal trends in
the sediments show positive trends. Even though, in some specific
cases, there is a coupling between the water column and the
underlying sediments, it is somewhat the exception (Dueri et al.,
2008).

4.2. Assessing the status: water and sediment integration

The WFD requires a ‘‘one out, all out” approach for ecological
status classification, with the status of a site being determined
by the lowest value of the quality elements used (Heiskanen
et al., 2004). The same approach is being used when assessing
chemical status in waters. Hence, the use of a large number of met-
als and sampling locations, within a water body, can amplify the
potential risk of misclassification. This approach incorporates the
risk of imposing recovery costs, for the chemical variables, which
is not commensurate with the achievable ecological improvement.

This kind of problem, applying this principle, has been observed
for Danish lakes, when assessing their ecological status (Sonderg-
aard et al., 2005). This misclassification appears to be detected
when using Approach 1, because most of the river catchments fail
in achieving good chemical status, whilst even the global benthic
and fish status can be good (Borja et al., 2009b; Uriarte and Borja,
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2009). The reasons of this misclassification can be related to: (i) the
high number of metals monitored, which makes it easier for the
cases to lie above the EQS; (ii) the ambitious EQS values, included
in Directive 2008/105/EC, under the WFD, in relation to the regio-
nal background levels; (iii) the increase in the number of sampling
stations after 2002, especially within the inner parts of the estuar-
ies (more polluted), decreasing the possibilities of achieving good
status.

Hence, Approach 1 shows an increase in failings over time (see
Fig. 6a). However, a general improvement within the river catch-
ments, transitional and coastal water bodies, has been demon-
strated. This pattern is related probably to the increase in the
number of sampling locations. However, when Approach 2 is ap-
plied, the total number of achievements remains relatively con-
stant. When comparing the results at a water body level,
Approach 2 shows an improved discrimination between those
water bodies less polluted and with lower effects on biota (see Bor-
ja et al., 2008c, 2008d, 2009b; Uriarte and Borja, 2009), such as Bar-
badún, Butrón, Outer Oka, Oria or Bidasoa (90–100% of
achievements, see Fig. 6b), than those which are highly polluted,
such as Oiartzun, Deba or Urumea (<31% of achievements, see
Fig. 6b). Similar inconsistencies have been observed by Moss
et al. (2003) and Moss (2008), when applying Approach 1. More-
over, Approach 2 shows a better agreement with the evolution
experienced within some of the river catchments, in which the pol-
lution has been reduced in recent years, such as Outer Nervión,
Artibai, Urola or Bidasoa (see Fig. 6b).

The use of Approach 2 appears to be more accurate in assessing
the chemical status, because it can better discriminate between
water bodies with high and moderate levels of contamination. Fur-
ther, Dueri et al. (2008) stated that good chemical quality of a
water body will depend upon both the surface waters and the
underlying sediments. Hence, these authors recommend assessing
the overall chemical quality, using both water and sediments, as in
Approach 2.
5. Conclusions

Heavy metal concentration in sediments from Basque Country
water bodies have been declining over recent years; this is partly
as a result of the reduction in industrial activity, but also from im-
proved environmental controls on emissions together with the
water treatment plants programmes. When applying the WFD
principle ‘one out, all out’, to these water bodies to assess the
chemical status, there is not any discrimination in the time trends,
or for any water body. This limitation can lead to misclassification
of the water bodies. However, the approach proposed in this
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contribution is considered to be more accurate and related to the
biotic responses within these water bodies. However, more inves-
tigation is needed in determining EQS and ERM, both for water and
sediments, together with the application of this methodology to
other European countries.
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Abstract

The European Water Framework Directive requires the development of new and accurate methodologies, addressing the assess-

ment of the physico-chemical status of transitional and coastal waters; these are considered by the Directive as the supporting ele-

ments for the final evaluation of the Ecological Quality Status.

This contribution develops new approaches in the determination of the physico-chemical status, solving some problems detected

in previous contributions, i.e.: (a) fitting the classification of water bodies and typologies, by means of the stretching of the typol-

ogies, according to the natural salinity gradient of types; (b) defining reference conditions, based upon the new approach to typol-

ogies, (c) proposing accurate multivariate methodologies, in determining the physico-chemical status of the transitional and coastal

waters, based upon the defined typologies and references; and (d) discussion of the results obtained by reference to methodological

aspects and water quality evolution in the Basque Country, Spain (as a case-study), during the last decade.

� 2005 Elsevier Ltd. All rights reserved.

Keywords: Water Framework Directive; Physico-chemical status; Methodological approach; Implementation; Quality assessment

1. Introduction

Coastal zones and estuaries are important ecological

systems and a resource for a variety of uses. Such areas

are subjected to a variety of socio-economic drivers, pro-
ducing increased pressures and impacts, which can lead

to environmental stress or even affect public health

(Herut et al., 1999; Cave et al., 2003; Belzunce et al.,

2004). With the sudden increase of population and rapid

economic development, these areas are facing many eco-

logical problems. Such problems have been assigned

mostly to an excess of nutrients, associated with indus-

trial and municipal wastewater (Balls, 1992; Windom,

1992; Bock et al., 1999; Lee and Arega, 1999; White

et al., 2004), forestry, agriculture (Bell, 1991) and, during

the last 20 years, fish farming (Strain and Yeats, 1999;

Jones et al., 2001). The subsequent increase in nutrient

loads produces an ecological impact over biological com-
munities (Karlson et al., 2002), associated mostly with

eutrophication processes (Bock et al., 1999; Wang

et al., 1999; Hänninen et al., 2000).

In order to solve these problems, the European

Union Water Framework Directive (WFD, add the

EC reference number, website) has proposed ambitious

planning, including the protection, enhancement and

restoration of all water bodies (e.g. transitional and
coastal waters), in order to achieve good water status,

by 2015. Various tasks need to be undertaken in relation

to implementation of the WFD: (a) the classification of

the water bodies into different types (Annex II 1.1); (b)

the definition of reference conditions for each of the

0025-326X/$ - see front matter � 2005 Elsevier Ltd. All rights reserved.
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types (Annex II 1.3(i)); and (c) the assessment of the eco-

logical quality status (EcoQ) of the water bodies (Annex

V). The latter of these is based upon biological, hydro-

morphological and physico-chemical quality elements

of the ecosystem.

Several new tools for the implementation of the WFD
have been developed recently (Borja et al., 2000,

2003a,b; Kallis and Butler, 2001; Marsden and Mackay,

2001; Ferrier and Edwards, 2002; Henocque and An-

dral, 2003; Andersen et al., 2004), including the first

integrative methodological approach (Borja et al.,

2004a).

The aim of the present contribution is to develop

a further approach to the work undertaken by Borja
et al. (2004a), solving some problems underlined by

these authors, as described below.

(i) The water bodies are not homogeneous, and their

classification into a large number of types can lead

to an unmanageable situation in the consequent

River Basin Management (see details in Borja

et al., 2004a). Such a situation can be solved by
means of the stretching of the typologies, accord-

ing to the natural salinity gradient of the various

types.

(ii) The definition of reference conditions could, in

some cases, be very difficult i.e. in estuaries, where

the water is a continuum, with a strong salinity

gradient. This characteristic requires a new

approach to the classification of typologies.
(iii) The WFD does not propose clear methodologies

for use in determining the physico-chemical status

of the transitional and coastal waters, based upon

the defined typologies and references. However,

the common implementation strategy indicates

that this should be done under the principle of sub-

sidiarity. As such, this contribution explores multi-

variate analysis as an objective tool in determining
the status.

In order to solve the problems outlined above, this

contribution uses the changes in water quality in the Bas-

que Country, over the last decade, as a case-study to

demonstrate the accuracy and potential of these method-
ologies in determining the physico-chemical status.

2. Methodology

2.1. Fitting water bodies and typologies

The WFD requires surface waters within the River
Basin District to be divided into water bodies; these,

in turn, represent the classification and management

unit (Borja et al., 2004a). Each of the water bodies

should be classified within a ‘‘type’’; this is one of the

first stages in the implementation of the WFD (Vincent

et al., 2002). The purpose of this task is to enable ‘‘type-

specific’’ reference conditions to be established. Such

conditions become then the basis for the classification
schemes, with consequences for all subsequent opera-

tional aspects of the implementation of the WFD

(including monitoring, assessment and reporting) (Borja

et al., 2004a).

The Basque coastal and transitional water typologies

have been established by Borja et al. (2004a) as: (i) small

river-dominated estuaries (Type I); (ii) estuaries with

extensive inter-tidal flats (Type II); (iii) estuaries with
extensive sub-tidal areas (Type III); (iv) full marine

semi-exposed coast (Type IV); and (v) full marine ex-

posed coast (Type V) (Types IV and V were unified pos-

teriorly into a unique type) (see Fig. 1). At present, 12

transitional and 3 coastal water bodies have been deter-

mined in the Basque Country.

Water quality data, from 1995 to 2003, used in this

contribution, were obtained from the Littoral Water

Quality Monitoring and Control Network of the Basque

Country (hereafter, LQM), of the Department of Land

Action and Environment of the Basque Government

Fig. 1. Sampling stations in the LQM network (from Borja et al., 2003a). Key: Type I—small river-dominated estuaries; Type II—estuaries with

extensive inter-tidal flats; Type III—estuaries with extensive sub-tidal areas; Type IV—full marine semi-exposed coast and Type V—full marine

exposed coast (for details, see text).
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(Borja et al., 2003a). This network has 32 sampling

stations within the estuaries and 19 in the coastal area

(Fig. 1), sampled quarterly, covering all the water

bodies. The variables studied in the waters include,

amongst others: basic variables (such as salinity, dis-

solved oxygen, chlorophyll, nutrients, etc.), metals and
organic compounds (Borja et al., 2004a).

The approach developed by Borja et al. (2004a)

considers a water body (e.g. an estuary) as an entity;

however, this produces some problems in establishing

reference conditions for the whole of the water body

(Borja et al., 2003a). In order to fit the classification of

the various water bodies to their real hydrographical

properties, each of the water bodies has been stretched
on different reaches, using the salinity gradient as a char-

acterisation factor, according to the Venice Symposium

definitions (Anon., 1959): oligohaline (0.5–5 PSU); meso-

haline (5–18 PSU); polihaline (18–30 PSU); and euhaline

(>30 PSU). Each of the LQM locations was assigned to

these stretches by means of a cluster analysis, based

upon the maxima, minima, median and standard devia-

tion of surface salinity, between 1995 and 2003. The
data were normalised and standardised, by subtracting

the mean and dividing by the standard deviation. The

Euclidean distance between groups, as a dissimilarity

measurement, and the Ward�s minimum variance hierar-

chic, as a grouping method, were used (Vega et al., 1998;

Helena et al., 2000; Wunderlin et al., 2001). Similar

methodologies were described by Fourqurean et al.

(1993), Kucuksezgin (1996), Yung et al. (1999, 2001),
Llansó et al. (2002) and Mills et al. (2003) for marine

and estuarine waters, similar to Momen et al. (1996)

and Davis and Reeder (2001) for freshwaters.

2.2. Establishing reference conditions

The reference condition for a water body type is a

description of the physico-chemical elements which cor-
responds totally or nearly totally to undisturbed condi-

tions i.e. with no, or with only a very minor impact,

from human activities (WFD, 2000/60/EC). The objec-

tive of setting reference condition standards is to enable

the assessment of the physico-chemical quality of

waters, against these standards.

The WFD identifies four options for deriving refer-

ence conditions: (i) comparison with an existing undis-
turbed site or a site, with only very minor disturbance;

(ii) historical data and information; (iii) models; or (iv)

expert judgement (Annex II, 1.3(iii)). Borja et al.

(2004a) have stated that one of the problems in deriving

reference conditions, in some European regions, arises

from the absence of unimpacted areas. This is the case

for the Basque Country, in which all of the estuaries

have been historically impacted upon by human activi-
ties, especially in the last 150 years (Cearreta et al.,

2004; Borja et al., 2004a). Moreover, this region does

not have any pre-industrial historical data; hence, the

use of �virtual� reference locations (as defined and pro-

posed in Borja et al., 2004a), as an expert judgement

approach, requires consideration.

The physico-chemical indicators used are those re-
ferred to by the WFD: percentage of oxygen saturation

and nutrients (ammonium, nitrate and phosphate), to-

gether with transparency (measured as Secchi disc depth

of disappearance). Although high turbidity is a natural

feature in many estuaries, especially in the turbidity

maximum zone, it has not been considered in this first

approach. However, in some exercises, which we are

undertaking presently, turbidity is being considered.
Salinity and temperature were not included in the anal-

ysis, because most of the system variability is explained

by these variables. As such, they are not related directly

to the anthropogenic impact on the ecological status

(Borja et al., 2004a). Two types of reference conditions

were constructed for each water mass typology, i.e.

those representative of �high� and �bad� physico-chemical

status (sensu WFD). Based upon the salinity, a dilution
pattern was used by Borja et al. (2004a), in order to esti-

mate the concentration of the chemical indicators for

each reference condition and typology. The dilution

function for each chemical indicator and reference type

was calculated, together with its concentration in the

different stretches previously defined, according to an

estimated average salinity (2.75 PSU for the oligohaline

waters; 11.50 PSU for the mesohaline; 24 PSU for the
polyhaline; 32.50 PSU for the estuarine euhaline; and

35 PSU for the coastal euhaline). Due to the non-conser-

vative behaviour of the Secchi disc depth of disappear-

ance, the values of this variable were established

according to the expert judgment based upon the

LQM database (including low and background levels)

and legal quality values.

Nevertheless, in order to avoid the overweighting of
transparency on the whole of the quality assessment,

as well as any absolute equivalency (such as low trans-

parency = poor quality), the selected values for the bad

quality status are considerably lower than the legal qual-

ity values, e.g. 2 m for the Council Directive 76/160/EEC

of 8 December 1975, concerning the quality of bathing

water; this relates especially to oligohaline/mesohaline

stretches, where there is a strong and frequent influence
of continental runoff. Likewise, because of the shallow

depth of these stretches, especially at low tide, not very

high values of the Secchi disc depth of disappearance

can be expected. Hence, expert judgement attempts to

modulate the load of the transparency, on the overall

quality assessment. Likewise, to penalise mainly the loss

of the optical quality of the waters, related with non-nat-

ural sources (e.g. direct or submarine wastewater out-
falls) or modified status (e.g. strong phytoplankton

blooms).
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2.3. Determination of the physico-chemical status

A factor analysis (FA) was used for the determina-

tion of the physico-chemical status of the Basque transi-

tional and coastal waters (Bald et al., 1999, 2001; Borja

et al., 2003a). The principal components extraction
method of the FA was performed for each of the sam-

pling stations, with their corresponding references

grouped in the different stretches defined previously,

i.e. 5 FA, in total. This method was developed initially

by Algarra and Niell (1985) and Niell et al. (1988), for

environmental impact assessment studies: similar meth-

odologies have been developed by Gibson et al. (2000)

and Smith et al. (1993, 1999, 2001), in the determination
of human impact over benthic communities. The FA

solution was rotated (using the Varimax rotation

method), in order to facilitate the interpretation of

the analysis results. Normal distribution of the data

was achieved by a log(1 + X) transformation (Meglen,

1992; Bock et al., 1999), standardised by subtracting

the mean and dividing by the standard deviation.

The FA, with the principal component as extraction
method, allows the study of the interrelationships

among a large number of variables, explaining them in

terms of their common underlying dimensions (factors).

The FA solves one of the main problems in the study of

natural systems, which is the interpretation of the large

number of variables occurring at the same time in the

same place. The main applications of the FA are: (a)

to produce a low-dimensional interpretation, from a
high-dimensional (multivariate) dataset; and (b) to de-

tect structure in the relationships, between the variables.

Consequently, a few factors account for/explain much of

the variability in the original data, retaining a consider-

able part of the information. Because each consecutive

factor is defined to maximise the variability that is not

captured by the preceding factor, consecutive factors

are independent of each other. Consequently, the loca-
tion of the sampling stations relating to the new multidi-

mensional space, as defined by the extracted factors, can

be interpreted according to the processes that they rep-

resent. Such an approach allows the discussion of the

system behaviour, from the point of view of global bio-

logical, physical or chemical processes. Although some

of the variables selected initially could not be completely

independent (e.g. relationships between nitrogen and
phosphorus cycles, or relationships between dissolved

oxygen and nutrients, throughout the production and

remineralisation of organic mater processes), a �pool�
of more or less correlated variables can reinforce some

extracted factor, e.g. eutrophication risk. Alternatively,

any lack of correlation between variables which are usu-

ally correlated can discriminate extracted factors and,

subsequently, discriminate cases in the vectorial space
defined, e.g. low dissolved oxygen, low nitrate and high

phosphate values, related with denitrification processes.

The use of FA to water quality assessment has increased

in the last years, mainly due to the need to obtain appre-

ciable data reduction for analysis and decision (Meglen,

1992; Bulger et al., 1993; Zitko, 1994; Alden, 1996;

Kucuksezgin, 1996; Momen et al., 1996; Vega et al.,

1998; Morales et al., 1999; Perona et al., 1999; Park
and Park, 2000; Wunderlin et al., 2001; Parinet et al.,

2004).

Following the analysis, the projection of each sam-

pling station, to the line connecting both reference sta-

tions, was calculated in the new three-dimensional

space defined by the FA. Subsequently, the Euclidean

distance of each projection to the �bad� physico-chemical

reference station was measured in this three-dimensional
space (Fig. 2). A numerical value of 1 (following the

derivation of the Ecological Quality Ratio (EQR), as de-

fined in the WFD, see Borja et al., 2004a) was assigned

to the distance between both �reference stations� (loca-
tions A and B in Fig. 2). Consequently, those stations

with a �high� physico-chemical status (located near the

high reference) would be represented by values close

to one, and stations with �bad� physico-chemical status
(located near the bad reference), by values close to zero.

The range values for the physico-chemical status classi-

fication (EQR determination), based upon the REFC-

OND (2003), were: High, 0.83–1; Good, 0.62–0.82;

Moderate, 0.41–0.61; Poor, 0.20–0.40; and Bad, <0.20.

These values accomplished the WFD requirements and

recommendations of Borja et al. (2004a).

In the theoretical example shown in Fig. 2, the �high�
status reference is located in the negative extreme of the

first factor, together with the positive extreme of the sec-

ond extracted factors; it is characterised by high oxygen

conditions and low nutrient levels. In contrast, the �bad�
status reference, in the opposite location, is character-

ised by low levels of oxygen and high nutrient enrich-

ment; these are representative of water impacted upon

by industrial and urban sewage disposal. The distance
between both references can be stretched throughout

Factor 2
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Fig. 2. Scheme for the transitional and coastal physico-chemical status

determination (derivation of the EQRs). The different reaches, where a

sampling station will be considered in terms of one of the five possible

physico-chemical statuses, are indicated. Key: B—Bad; P—Poor; M—

Moderate; G—Good; and H—High.
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the above mentioned range values (Fig. 2). As such, the

projection of a sampling station on the line connecting

both references, in the new multidimensional space,

would locate it within some of the defined range values.

In the case of the example showed in Fig. 2, the projec-

tion of the sampling station in the space defined by the
two first extracted factors, referred to as �1�, would lo-

cate it within the �poor� reach of the maximal distance

between both references. The projection of sampling

stations out of range between the �high� and �bad�
physico-chemical reference stations, are assigned to

�high� (Station 2, in Fig. 2) and �bad� (Station 3, in

Fig. 2) physico-chemical status, respectively.

3. Results

3.1. Stretching the typologies

Fig. 3 shows the different groups of sampling stations

obtained from the cluster analysis, together with their

assignment to the different stretches of the estuary, as
defined previously. Those sampling stations located in

the inner part of the estuaries characterise the oligoha-

line stretch (sampling stations 24, 48, 27, 1, 3, 16, 30

and 39, in Fig. 1), whilst those located in the outer parts

characterise the euhaline stretch (sampling stations 11,

6, 7, 43, 44 and 18, in Fig. 1). The average salinity of

these two groups is 3 and 29 PSU, respectively (Fig.

3). The mesohaline stretch is characterised by those sam-

pling stations with an average salinity of approximately

12 PSU (sampling stations 10, 49, 28, 21, 34, 31 and 40,

in Fig. 1). The polyhaline stretch is characterised by
those sampling stations with an average salinity of

approximately 21 PSU (sampling stations 25, 12, 50,

22, 2, 4, 5, 35, 42, 17 and 32, in Fig. 1).

3.2. Deriving reference conditions

The dilution functions for each chemical indicator

and reference type, indicated in Table 1, allows for the
definition of the physico-chemical reference conditions

indicated in Table 2. In the case of the �high� physico-
chemical reference, the percentage of oxygen saturation

and the Secchi disc ranges from 81.6% and 2 m, respec-

tively; in the oligohaline stretch, to 100% and 12 m in the

euhaline (Table 2). The nutrients range from 5.69

lmol l�1 of ammonia, 78.71 lmol l�1 of nitrate and

1.29 lmol l�1 of phosphate in the oligohaline stretch,
to 2 lmol l�1 of ammonia, 5 lmol l�1 of nitrate and

0.44 lmol l�1 of phosphate in the euhaline (Table 2).

In the case of the �bad� physico-chemical reference, the

percentage of oxygen saturation and the Secchi disc

ranges from 41.57% and 0.50 m, respectively, in the oli-

gohaline stretch, to 60% and 4 m in the euhaline (Table

2). The nutrients range from 63.41 lmol l�1 of ammo-

nia, 218.93 lmol l�1 of nitrate and 14.13 lmol l�1 of
phosphate in the oligohaline stretch, to 15.50 lmol l�1

of ammonia, 12.90 lmol l�1 of nitrate and 1.05 lmol l�1

in the euhaline (Table 2).

3.3. Physico-chemical status determination

for transitional waters

Fig. 4 shows the disposition of the sampling stations,
with the corresponding reference conditions, in relating

to the three first extracted factors of the new multidi-

mensional space, defined by the FA. The position of

each of the sampling stations is calculated, according

to the factor scores provided by the FA. In all cases,

more than 80% of the total system variability is ex-

plained by these factors (Table 3). The first one explains

more than 40% of the total variability of the system,

Sa
lin

ity
  (

PS
U

)

24 48 27 1 3 16 30 39 10 49 28 21 34 31 40 25 12 50 22 2 4 5 35 42 17 32 11 6 7 43 44 18

0

10

20

30

40

IV: Euhaline III: PolyhalineII: MesohalineI: Oligohaline 

Fig. 3. Box and Whisker Plot of salinity in the different sampling

stations of the LQM, calculated with data obtained from 1995 to 2003

(for locations, see Fig. 1). The different groups of sampling stations

obtained by the cluster analysis, together with their association with

the different stretches of an estuary, are shown.

Table 1

Dilution functions of each variable and reference condition

Variables High physico-chemical status Bad physico-chemical status

O2 (%) O2 = 0.5714 Æ Sal + 80 O2 = 0.5714 Æ Sal + 40

NH4 (lmol l�1) NH4 = � 0.1143 Æ Sal + 6 NH4 = � 1.4857 Æ Sal + 67.5

NO3 (lmol l�1) NO3 = � 2.2857 Æ Sal + 85 NO3 = � 6.3886 Æ Sal + 236.5

PO4 (lmol l�1) PO4 = � 0.0263 Æ Sal + 1.36 PO4 = � 0.4057 Æ Sal + 15.25

Key: O2 (%), percentage of oxygen saturation; Sal, salinity; NO3, nitrate; NH4, ammonium; PO4, phosphate.
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being considered the principal factor (Table 3). The

ammonium acquires a high importance in the positive

direction of this factor, throughout all the stretches

(Table 4). The second factor explains, in all cases, more

than 20% of the total variability. In the oligohaline, mes-

ohaline and polyhaline stretches, the nitrate acquires a
high loading. In the euhaline stretch, the second factor

represents the oxygenation condition of waters, as the

percentage of oxygen saturation has a high loading in

this factor. Finally, the third factor explains more than

16% of the total variability, in all cases; it represents,

for the oligohaline, mesohaline and polyhaline stretches,

the oxygenation conditions of waters, as the percentage

of oxygen saturation acquires a high loading in this fac-
tor. For the euhaline stretch, the nitrate acquires a high

loading.

Table 2

Physico-chemical reference conditions of �high� and �bad� quality status, defined on the basis of salinity for each of the stretches

Salinity (PSU) DS (m) % Oxyg. Sat. Ammonia (lmol l�1) Nitrate (lmol l�1) Phosphate (lmol l�1)

High physico-chemical status

Oligohaline 2.75 2.00 81.57 5.69 78.71 1.29

Mesohaline 11.50 2.00 86.57 4.69 58.71 1.06

Polyhaline 24.00 2.00 93.71 3.26 30.14 0.73

Euhaline (estuary) 32.50 8.00 98.57 2.29 10.71 0.51

Euhaline (sea) 35.00 12.00 100.00 2.00 5.00 0.44

Bad physico-chemical status

Oligohaline 2.75 0.50 41.57 63.41 218.93 14.13

Mesohaline 11.50 0.50 46.57 50.41 163.03 10.58

Polyhaline 24.00 0.50 53.71 31.84 83.17 5.51

Euhaline (estuary) 32.50 2.50 58.57 19.21 28.87 2.06

Euhaline (sea) 35.00 4.00 60.00 15.50 12.90 1.05

Key: DS, Secchi disc; % Oxyg. Sat., percentage of oxygen saturation.
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Fig. 4. Distribution of the LQM estuarine sampling stations, within the new multidimensional space defined by the factor analysis, relating to: (a) the

first and second factor for the oligohaline, mesohaline and polyhaline stretches; (b) the first and second factor for the euhaline stretch; (c) the first and

third factor for the oligohaline, mesohaline and polyhaline stretches; and (d) the first and third factor for the euhaline stretch. Sampling stations 1, 3

and 5 correspond to the �bad� physico-chemical status reference for the oligohaline, mesohaline and polyhaline stretches, respectively. Sampling

stations 2, 4 and 6 correspond to the �high� physico-chemical status reference for the oligohaline, mesohaline and polyhaline stretches, respectively.
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The percentage of occasions on which a sampling sta-

tion has been categorised in each of the five different

physico-chemical statuses is shown in Table 5. For these

calculations, the sampling stations incorporated recently

into the LQM monitoring network have not been taken

into account; this is due to the lack of sufficient histori-

cal data.

The highest physico-chemical values are those corre-
sponding to the Bidasoa (sampling locations 49 and 50),

Urumea (40), Oria (35) and Butrón (12) estuaries with,

on average, more than 90% of occasions qualifying as

good status. Fig. 5 shows (graphically) the high degree

of compliance of Bidasoa (50), Oria (35) and Butrón

(12) sampling stations, between 1995 and 2003.

The second group is composed of the Deba (sampling

location 28), Artibai (25), Lea (22), Barbadún (2), Oka
(17 and 18) and Urola (32) estuaries with, on average,

more than an 80% qualifying as �good� status. In the case

of the Barbadún (2), an improvement in the physico-

chemical status can be observed since 1998, passing

from �good� to �high� physico-chemical status by 2003

(Fig. 5). In the Oka (17) and Deba (28) this improve-

ment can be observed since 2000 (Fig. 5).

Finally, the Nervión (sampling locations 3, 6 and 7)
and the Oiartzun (42 and 43) estuaries show the worst

results, with only 42% of occasions qualifying as �good�
status. Nevertheless, since 1998, these estuaries show

one of the most clear tendency of the physico-chemical

status recovery of the Basque estuaries; they have

reached, in most cases, a �high� physico-chemical status

by 2003 (Fig. 5).

On the other hand, the estimation of the percentage
of occasions that the LQM estuarine sampling stations

have qualified at least as �good� physico-chemical status

shows a progressive improvement, from 67%, in 1995, to

80% in 2003. This improvement has been especially

marked since 1999, after a worsening period between

1995 and 1998 (Fig. 6).

3.4. Physico-chemical status determination for coastal

waters

Fig. 6 shows the disposition of the sampling stations,

with the corresponding references, within the first 3 ex-

tracted factors of the new multidimensional space (de-

fined by the FA). Some 82% of the system variability

is explained by the first three extracted factors (Table

3). The first factor is the principal, explaining more than

40% of the total variability; this, together with the sec-
ond factor, explains more than 60% of the system vari-

ability. According to the factor loadings indicated in

Table 4, these two factors represent the input of waste-

water into the coastal area, through the estuarine waters

discharge, as the ammonium and nitrate acquire a high

loading in the positive sense of both of the factors. Fi-

nally, the third factor explains 19.1% of the total vari-

ability and represents the optical properties of waters
affected by the wastewater discharges; here the Secchi

disc acquires a high positive loading (Table 4). Logi-

cally, the �bad� physico-chemical status reference, which

characterises waters impacted highly by discharges,

tends to locate towards the positive extreme of the first

three factors (Fig. 6).

In the case of the percentage of occasions that each

sampling station has qualified in each one of the five
possible physico-chemical statuses (Table 5), the worst

Table 3

Eigenvalues and cumulative percentage of variance, by all the extracted factors obtained by the FA and for each of the defined stretches

Factor number Eigenvalue Cumulative percentage

Oligohaline Mesohaline Polyhaline Euhaline

estuary

Euhaline

sea

Oligohaline Mesohaline Polyhaline Euhaline

estuary

Euhaline

sea

1 2.16 2.09 2.17 2.67 2.16 43.29 41.70 43.32 53.38 43.28

2 1.33 1.20 1.08 1.00 1.02 69.98 65.70 65.02 73.45 63.74

3 0.92 0.86 0.94 0.82 0.95 88.37 82.82 83.89 89.79 82.83

4 0.44 0.56 0.50 0.35 0.61 97.18 94.04 93.95 96.07 95.06

5 0.14 0.30 0.30 0.16 0.24 100.00 100.00 100.00 100.00 100.00

Table 4

Load of each variable in the first three extracted factors (F), by the FA, for each one of the defined stretches

Variable Oligohaline Mesohaline Polyhaline Euhaline estuary Euhaline sea

F1 F2 F3 F1 F2 F3 F1 F2 F3 F1 F2 F3 F1 F2 F3

Secchi disc �0.02 0.02 0.08 �0.01 �0.01 0.10 �0.05 �0.11 0.07 �0.05 0.15 �0.15 �0.02 �0.14 0.98

Oxygen saturation �0.17 0.15 0.97 �0.06 0.04 0.99 �0.04 0.06 0.99 �0.11 0.97 �0.02 �0.01 �0.01 �0.00

Ammonium 0.96 0.13 �0.14 0.94 0.17 �0.06 0.93 0.19 �0.04 0.89 �0.12 0.32 0.96 0.12 �0.02

Nitrate 0.23 0.96 0.16 0.17 0.96 0.05 0.19 0.94 0.07 0.30 �0.01 0.92 0.12 0.93 �0.16

Phosphate 0.90 0.25 �0.13 0.36 0.30 �0.10 0.35 0.28 �0.12 0.53 �0.27 0.26 0.35 0.38 �0.08
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results correspond to the Nervión, Urumea and Oiart-

zun coastal areas. Nevertheless, the degree of accom-

plishment with the Directive is very high (80% of

occasions, with �good� physico-chemical status). On the

other hand, the remaining sampling stations show a

�high� status on more than 90% of occasions, between

1995 and 2003 (Fig. 7).

It can be also pointed out that sampling stations
belonging to the Type V (full marine exposed coast)

show a lower degree of accomplishment, in compari-

son with Type IV (full marine semi-exposed coast)

(Table 5).

4. Discussion

The classification of water bodies, into different types,

is one of the key elements in the implementation of the

Water Framework Directive. The typology pattern pro-

posed by Borja et al. (2004a), for the Basque Country, is

under development and discussion. Along the Basque

coast, there are 12 major estuarine systems; these are dif-
ferentiated strongly on the basis of the size of the basin

and by other hydrological, morphological and dynamic

features (Valencia and Franco, 2004). Additionally, the

anthropogenic pressure (land uses, urban and industrial

Table 5

Percentage of occasions, between 1995 and 2003, in which a determinate sampling station has been qualified in each one of the defined physico-

chemical conditions (for typologies, see Fig. 1)

Type System Sampling station Physico-chemical status

High Good Moderate Poor Bad

I Urumea 40 91.9 5.4 2.7 0.0 0.0

Deba 28 51.4 35.1 10.8 2.7 0.0

Mean 71.6 20.3 6.8 1.4 0.0

II Artibai 25 44.4 44.4 5.6 5.6 0.0

Butroi 12 86.5 8.1 5.4 0.0 0.0

Lea 22 75.7 8.1 13.5 0.0 2.7

Barbadún 2 40.5 45.9 2.7 10.8 0.0

Oka 17 51.4 24.3 16.2 8.1 0.0

18 64.0 12.0 20.0 0.0 4.0

Urola 32 54.1 29.7 13.5 2.7 0.0

Oria 35 73.0 16.2 5.4 2.7 2.7

Mean 61.2 23.6 10.3 3.7 1.2

III Oiartzun 42 24.3 24.3 13.5 18.9 18.9

44 8.1 13.5 13.5 24.3 40.5

Bidasoa 49 70.3 13.5 5.4 5.4 5.4

50 73.0 16.2 8.1 2.7 0.0

Nervión 3 37.8 16.2 5.4 10.8 29.7

6 18.9 2.7 8.1 10.8 59.5

7 51.4 16.2 8.1 16.2 8.1

Mean 40.5 14.7 8.9 12.7 23.2

IV Oka 19 91.9 5.4 2.7 0.0 0.0

Lea 20 97.3 2.7 0.0 0.0 0.0

Artibai 26 96.0 4.0 0.0 0.0 0.0

Deba 29 89.2 2.7 2.7 2.7 2.7

Urola 33 83.8 16.2 0.0 0.0 0.0

Mean 91.64 6.2 1.08 0.54 0.54

V Butroi 13 86.5 10.8 2.7 0.0 0.0

14 100.0 0.0 0.0 0.0 0.0

15 91.9 8.1 0.0 0.0 0.0

Bidasoa 51 83.8 13.5 0.0 2.7 0.0

Nervión 8 73.0 13.5 5.4 2.7 5.4

9 67.6 13.5 16.2 2.7 0.0

Oria 37 83.8 8.1 8.1 0.0 0.0

Oiartzun 45 43.2 40.5 13.5 2.7 0.0

Urumea 38 86.5 10.8 0.0 0.0 2.7

41 64.9 27.0 0.0 2.7 5.4

Mean 78.12 14.58 4.59 1.35 1.35
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pollution, harbour activities, etc.), conditions the char-

acteristics of the waters masses of the estuary itself,

together with those of the adjacent coastal area (Valencia

and Franco, 2004).
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Fig. 5. EQR values and determination of the physico-chemical status, for several selected locations, representative of different types and stretches, of

the Barbadún (a: Station 2), Nervión (b: Station 3 and c: Station 6), Butrón (d: Station 12), Oka (e: Station 17), Deba (f: Station 28), Oria (g: Station

35), Oiartzun (h: Station 42 and i: Station 44) and Bidasoa (j: Station 50) estuaries, between 1995 and 2003 (for locations, see Fig. 1).
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The estuaries act as regulators of inputs to the coastal

areas, by: trapping particulate materials; precipitating

some of the dissolved materials; and, in general, diluting

the total concentrations of the different substances con-

tributed by the rivers; and by direct dumping into the
estuarine area (Valencia and Franco, 2004). Even under

stratified conditions, dilution of the continental inputs,

in response to mixing with the marine waters is the main

factor conditioning the concentrations of dissolved

materials (nutrients, metals, etc.) (Valencia et al.,

2004). Consequently, the salinity, as an index of the

fraction of continental and marine waters, is the main

variable regulating the concentrations of dissolved mate-
rials, in both their horizontal and vertical distributions

(Valencia et al., 2004). During increased flow events,

strong changes take place: in the contaminant loads

and contaminant concentrations, supplied by the rivers

to the estuary; and, finally, exported to the coastal

zones. In these cases, the distribution of contaminant

concentrations along the different stretches of the estu-

ary may be almost independent of the main dilution pat-
tern, as regulated by the salinity. The duality load vs.

concentration can be arise facing load based assessment

(e.g. environmental risks and impacts) vs. quality crite-

ria, based upon the contaminant concentration ranges.

In this case, the second method of assessment is consid-

ered. Complementary dilution of contaminants (related

with high flow episodes), the associated renewal of

the estuarine water masses, and the subsequent rapid ex-
port of contaminant loads to the coastal zone, can be
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Fig. 6. Percentage of occasions over which the LQM estuarine

sampling stations have been qualified at least in good physico-chemical

status between, 1995 and 2003.
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considered as mechanisms of regulation of water qual-

ity, inherent to estuarine morphology. Conversely, dur-

ing these events, the quality of the coastal water masses

will decrease, in response to the increase of contaminant

input.

As such, it is possible to distinguish different water
masses within an estuary based upon the salinity distri-

bution. This approach to the typology discriminates, in

a more accurate way, the description of each of the

water bodies. In the case of the Basque Country, with

12 transitional water bodies, with high morphological

heterogeneity and subjected to a variety of impacts,

the salinity approach permits an improved classification

of the sampling locations (see Fig. 3).
This pattern of distribution of the water masses along

the estuary has important consequences in relation to

the biological indicators of the system, as Attrill and

Rundle (2002) have highlighted in their study of the

macroinvertebrates distribution in the Thames estuary.

Biological indicators (i.e. phytoplankton, macroalgae,

benthos and fishes) are the main factors for the subse-

quent ecological status definition, according to WFD
requirements (see Borja et al., 2003a, 2004a). Further,

as Borja et al. (2004a) and McLusky and Elliott (2004)

have emphasised, the need for classifying habitats (in

general) and estuaries (in particular) is required, in order

to achieve good management of water quality. Thus, the

classification of these waters, according to a more realis-

tic representation of the estuarine hydrography, is

important for the adequate ecological status quantifica-
tion and subsequent management of the system.

Consequently, the division of the transitional water

bodies into different stretches, based upon the salinity

gradient, rather than in the geological and hydro-mor-

phological properties of river basins, appears more

appropriate when physico-chemical reference conditions

require definition. Bulger et al. (1993) derived biologi-

cally based salinity zones within an estuary from multi-
variate analysis, concluding that the method is highly

suitable for determining ecologically relevant estuarine

zonation. The approach allows more flexibility than

the static Venice System; nevertheless, this descriptive

function has been and will continue to be very valuable.

The correct definition of these reference conditions is

another key element in the implementation of the Direc-

tive. In this particular case, it is based upon expert judg-
ment (which the WFD accepts to be used, when there is

an insufficient background dataset; also, when it is not

possible to use other spatial or modelling methods), fit-

ting the reference conditions with the defined stretches

by means of the salinity dilution pattern. The selection

of the variables is also important, even though they

are proposed by the WFD (addressing the determina-

tion of the trophic status and eutrophy), being useful
to this methodology, because: (i) they are systematically

monitored (allowing validation of the reference condi-

tions); (ii) they are associated to well-known sources,

inter-relationships and processes; and (iii) they are

representatives of the dissolved material (except trans-

parency), related to the salinity dilution pattern. As

mentioned previously, some degree of overweighting

can be expected from the selected variables, because of
their frequent correlation between the biochemical pro-

cesses, related to the dynamics of the organic mater.

Nevertheless, the balance between the potential redun-

dancy, or overweighting together with the potential

discrimination of the cases, appears favourable and

coherent with the main observed patterns for the estua-

rine and coastal waters of the Basque Country (Borja

et al., 2003a; Valencia and Franco, 2004; Valencia
et al., 2004). Moreover, the usefulness of the selected

variables, as a whole, is enhanced clearly by the spatial

and temporal resolution of the available data.

The physico-chemical status results obtained for the

coastal and transitional waters are consistent with the

existing knowledge of the Basque coastal and transi-

tional waters, according to the LQM results (Borja

et al., 2003a); likewise other studies, such as those of
Franco et al. (2000, 2003a,b), Valencia and Franco

(2004) and Valencia et al. (2004). The authors have

noted that this result could contain a circular argument

(the results are consistent with the overall understanding

because expert judgement was used in the definition of

the categories). However, the methodology proposed

here constitutes a preliminary approach, undertaken in

order to enrich the debate within the context of the gen-
eral implementation of the WFD (Borja et al., 2004b;

Borja and Heinrich, 2005).

In the case of the transitional waters, the highest

water quality, in terms of physico-chemical results, are

those corresponding to the Bidasoa, Urumea, Oria and

Butrón estuaries; on the other hand, the lowest are those

associated with the Nervión and Oiartzun estuaries.

These results identify the locations impacted upon by
untreated wastewater discharges, especially those in sys-

tems incorporating large populations and industries,

such as the Nervión and Oiartzun estuaries (Belzunce

et al., 2004; Franco et al., 2004). Nutrient enrichment

associated with the urban and industrial wastewaters

has been highlighted by Graneli (1987), Balls (1992),

Borkman and Turner (1993) and Orive et al. (2002),

among others.
Increasing levels of dissolved inorganic nutrients in

estuarine and coastal waters (Angelidis et al., 1995; Ken-

nish, 1997)havebeendescribed relating toextensiveurban

areas (Billen et al., 2001), together with land use for agri-

culture and forestry (Scanes and Philip, 1995); these

make possible the generation of algal proliferation pro-

cesses (Bell, 1991; Chapelle et al., 1993). Subsequently,

eutrophication (Hallegraeff, 1992) and decreasing trends
in the oxygenation conditions of waters (Malone et al.,

1996; Bock et al., 1999; Wang et al., 1999) occur with
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the subsequent impact over biological communities

(Wassmann, 1990; Diaz and Rosenberg, 1995; Karlson

et al., 2002). The high loading of ammonium, nitrate

and the percentage of oxygen saturation, within the first

three extracted factors of the FA, matches with the pro-

cesses described above. The phosphate concentration
acts as an additional modulating variable, even if the

phosphate loading in the main extracted factors seems

to be masked partially, because of the usual covariance

of nitrogen and phosphorus. Phosphate concentration is

related mainly to nitrate concentration, when diffuse

sources of nutrients are prevalent. On the other hand,

phosphate concentration is more related with ammonia

concentration, than with nitrate concentration, when
urban sewage is an additional source of nutrients. In

both cases, phosphate values reinforce the potential devi-

ation from the reference values. Moreover, when the

nitrate and ammonia concentrations are low, because

of denitrification processes, phosphate concentrations

are the main index of the excess of nutrient inputs. In

these cases, phosphate values strengthen the deviation

from the reference values, as indicated by the low values
of the percentage of oxygen saturation usually related

with areas of low quality status.

Due to the morphological and dynamical features of

the estuaries and the coastal zone of the Basque Country

(low residence time, high turbulence and instability,

etc.)(Uriarte et al., 2004; Valencia et al., 2004), high con-

taminant loads are not always in correspondence with

high contaminant concentrations. Moreover, high con-
centrations of some type of contaminants do not always

correspond with a biological response (Belzunce et al.,

2004; Valencia et al., 2004). For example, the frequency

of phytoplankton blooms is much lower than the fre-

quency of the cases with high nutrient concentrations,

potentially able to produce bloom. Nonetheless, high

nutrient concentration can be considered, in itself, as

an indicator of quality loss.
The sewerage schemes developed during the last two

decades, in some coastal areas of the Basque Country,

have led to a clear improvement tendency in the water

quality of the estuaries, especially in the Nervión and

Oiartzun estuaries (Gorostiaga et al., 2004). The

improvement in the Nervión estuary began with the

�clean-up� of water in 1991, with a physico-chemical

treatment; in 2001, the biological treatment plant came
into operation. In 2002, the scheme covered around

700,000 inhabitants (Franco et al., 2004) and the

improvement in the physico-chemical status of waters

(has it shows Fig. 5) was evident (Franco et al., 2003b).

Similar results can be observed, since 1998, for the Oiart-

zun estuary (Fig. 5); this is in response to the diversion of

waters discharged previously within the estuary, into a

coastal outfall (Franco et al., 2000, 2003a).
The degree of compliance with the Directive�s require-

ments in the Basque coastal area is very high, in general,

following the approach presented here. The results ob-

tained require further intercalibration and validation,

with other methods and regions along European coasts.

The lowest quality values correspond to the Nervión,

Urumea and Oiartzun coastal areas. The discharge of

untreated wastewaters in the Basque Country has af-
fected some coastal zones (Franco et al., 2004), such as

the area of the Mompás and Murgita outfalls, in the

coastal zone between San Sebastián and Pasaia. The

most important industrial and populated area of the Bas-

que Country, the Bilbao metropolitan area, discharged

wastewaters directly into the Nervión estuary. The low-

est degree of accomplishment of the sampling locations,

belonging to the fully exposed rocky coast (Type V
according to Borja et al. (2004a)), can be explained in

terms of the surface current patterns in the SE of the

Bay of Biscay. González et al. (2004) studied surface cir-

culation along the Basque coast establishing that winds

blow mainly from southwest, in autumn and winter;

these generate currents drifting towards the east and

north. The wind direction changes towards the northwest

during spring, producing currents towards the west–
southwest direction. Hence, those sampling stations

located on the fully exposed rocky coast (orientated to-

wards the NW, see Fig. 1) are subjected to a greater

water quality impoverishment; this is derived from the

main dispersion direction of the river discharge plumes.

The use of multivariate analysis, such as FA, appears

very appropriate in the objective determination of the

physical separation, according to the WFD; however
the present study has not yet linked the hydromorpho-

logical categorisation, to the ecology. The results

obtained are satisfactory in discriminating the physico-

chemical status among sampling locations within a

water body; likewise, in comparing different water

bodies. The classification is coherent with other analy-

ses, based upon a large series of variables (including

contaminants and bacteria) (Franco et al., 2004). The
main problem in using such methodology is related with

the definition of the reference conditions (which should

be probably agreed, at an international level), in order

to determine an accurate EQR. Likewise, the definition

of reference conditions has been identified as a key ele-

ment in the implementation of WFD.

Further developments of the proposed methodology

are related with the physico-chemical evaluation of
new data, or sampling stations, incorporated into the

monitoring network. The position of the sampling sta-

tions, within the new three-dimensional space as defined

by the FA, can change with the incorporation of new

data. Consequently, the physico-chemical evaluation of

these sampling stations could be different, in comparison

with the evaluation obtained without new data in the

FA. In order to avoid this effect, further approaches
are being examined, related to the use of multivariate

methods such as the Discriminant Analysis. Based upon
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the existing data and the physico-chemical status ob-

tained for each sampling station, the Discriminant Anal-

ysis can derive the classification functions; these, in turn,

are able to calculate the physico-chemical status of the

sampling station, according to the values of the different

variables. The main property of these classification func-
tions is that they are constant; they do not change over

time, or with the incorporation of new data.

5. Conclusions

The present contribution develops a first approach

for the implementation of the WFD, in those aspects
related with the water body classification, reference

conditions definition and physico-chemical status quan-

tification, in the case of the transitional and coastal

waters of the Basque Country.

The classification of the water bodies in relation to

several salinity stretches, facilitates the definition of

the reference conditions. The use of multivariate ap-

proaches, such as factor analysis, in the assessment of
the physico-chemical status, appears to be a powerful

tool in the implementation of the WFD. These methods

are in need of further calibration and validation, with

new data, comparing them with other methodologies

used with European water bodies.

The physico-chemical status of the Basque transi-

tional and coastal waters, using this methodology, is

good in general. However, there are some problems
associated with the most industrialised and urbanised

coastal areas, such as Bilbao and Pasajes-San Sebastian.

Nevertheless, the sewerage schemes developed during

the last two decades, in some of the coastal areas of

the Basque Country, have led to a clear improvement

tendency of the water quality in these areas.
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1. Overview

On a worldwide-scale coastal, estuarine and transitional

waters have been affected by man’s activities. Historically,

developing human civilizations has often been concentrated

in coastal areas where access to water promoted trade,

commerce, and disposal of wastes (e.g., van Andel, 1981). As a

consequence, human alteration of natural ecosystems is

profound in coastal areas and a central theme of environ-

mental management is to develop policy to balance socio-

economic growth and environmental protection. A central

concept of environmental management is maximizing ben-

eficial sustainable development while minimizing impacts to

ecological integrity (Müller, 2005). In order to deal with the

complexities of socio-environmental issues, many countries

have adopted the DPSIR (drivers–pressure–state–impact–

response) approach (e.g., OECD, 1993; EEA, 1999; Turner

et al., 1998; Elliott, 2002; Bricker et al., 2003; Hameedi, 2005;

Smeets and Weterings, 2005; Aubry and Elliott, 2006; Borja

et al., 2006a). DPSIR is an environmental management

e c o l o g i c a l i n d i c a t o r s 8 ( 2 0 0 8 ) 3 3 1 – 3 3 7

a r t i c l e i n f o

Article history:

Received 9 February 2007

Accepted 25 February 2007

Keywords:

Ecological integrity

Biotic indices

Comparison of methods

Aquatic systems

Benthic communities

Indicator development

Indicator application

Indicator interpretation

a b s t r a c t

Increasingly on a worldwide scale, legislation has been adopted to determine the ecological

integrity of surface waters including streams, rivers, lakes, estuaries and coastal waters. An

integral part of determining ecological integrity is the measurement of biological integrity,

typically emphasizing analyses of plankton, benthos, macroalgae and fish. In the develop-

ment of protocols for evaluating biological integrity, benthic macroinvertebrate commu-

nities are the most consistently emphasized biotic component of aquatic ecosystems. A

plethora of methodologies with hundreds of indices, metrics and evaluation tools are
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paradigmas a feedback loop system inwhich driving forces (D)

of social and economic development exert pressure (P) on the

environment thereby changing its state (S), potentially

resulting in impacts (I) on human health and/or ecosystem

function that may elicit an environmental management

response (R) (Fig. 1). This conceptual framework is intended

to identify causal relationship within the DPS component and

most importantly to determine and evaluate human and

ecological impacts (I).

2. Ecological (environmental) indicators

All of the components of the DPSIR paradigm that lead to

management responses are typically represented by environ-

mental indicators. Relative to the benthic community focus of

this special issue, the predominant driver indicator would be

population density changes in coastal regions (with associated

activities such as, industry development, port uses, etc.);

pressure (stressor) indicators relate large-scale anthropogenic

impacts and would include changes in land-use patterns and

nutrient, sediment and contaminant loads to coastal water-

sheds; state (exposure) indicators would include levels of

chlorophyll a, low dissolved oxygen events, and sediment

contaminant concentrations; and impact (ecological response)

indicators would include indices of benthic community

condition (see examples in Borja et al., 2006a). Increasingly

on a worldwide scale, legislation has been adopted to

determine the ecological integrity of surface waters including

streams, rivers, lakes, estuaries and coastal waters, i.e. the

Oceans Act 2000 of the USA, the US Clean Water Act (1972

amended in 1977), the European Water Framework Directive

(Borja, 2005), the European Marine Strategy (Borja, 2006), etc.

Integrating environmental protection legislation and the

DPSIR paradigm, the Impact component (see dashed inset of

Fig. 1) requires (1) assessing ecological integrity, (2) evaluating

if significant ecological degradation has occurred, (3) identify-

ing the spatial extent and location of ecological degradation,

and (4) determining causes of unacceptable degradation in

order to guide management actions. Feedback loops (open

arrows within the dashed inset of Fig. 1) between environ-

mental management and index application-interpretation

represent adaptive monitoring changes (sensu Ringold et al.,

1996) that are necessary before developing and finalizing

societal responses (R). The societal response (R) component of

DPSIR constitutes environmental management strategies to

halt, ameliorate, mitigate or reverse unacceptable conditions

and protect human health and a healthy ecosystem (sensu

Costanza and Mageau, 2000) while promoting sustainable

development.

An integral part of determining ecological integrity is the

measurement of biological integrity, typically emphasizing

analyses of plankton, benthos, macroalgae and fish. In the

development of protocols for evaluating biological integrity,

benthic macroinvertebrate communities are the most con-

sistently emphasized biotic component of aquatic ecosys-

tems. A plethora of methodologies with hundreds of indices,

metrics and evaluation tools are presently available (e.g., see

summary in Diaz et al., 2004). An ecologically parsimonious

approach dictates that investigators should place greater

emphasis on evaluating the suitability of indices that already

exist prior to developing new ones (Diaz et al., 2004). Hence,

the authors of this contribution organized within the Amer-

ican Society of Limnology and Oceanography 2006 Summer

Meeting, 4–9 June, 2006, in Victoria, BC, Canada, a special

session with the objective to compare the methodologies

Fig. 1 – The DPSIR approach showing relationships between drivers–pressure–state–impact–responses variables. Also

indicated are the primary drivers of management decisions. Societal responses meant to halt, ameliorate, mitigate or

reverse unacceptable conditions are shown by open arrows. Dashed inset shows the impact assessment components with

open arrows indicating adaptive monitoring feedback loops.
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existing in various countries, for different systems, trying to

improve the knowledge of the suitability of such approaches

when using benthic communities. This special issue of

Ecological Indicators includes eight manuscripts contributed

by authors of some of the 25 presentations of our special

session and includes new indices, application and evaluation

of existing indices and comparison between different meth-

odologies.

3. Benthic index development

The impact (I) component of DPSIR requires the use and/or

development of indices, their appropriate application in space

and time, and justifiable and defensible interpretation of

results. Emphasizingmarine and estuarine benthic indicators,

we present a brief review of the steps in developing an index

including essential characteristics of an index (Table 1) and

utility of an index relative to the impact (I) component of DPSIR

(Fig. 2).

3.1. Spatio-temporal scale of intended application

In large part the spatio-temporal scale of applicability is an

interaction of all the steps in index development—conceptual

foundation, spatio-temporal characteristics of the index

development data set, selected metrics, combinatorial strat-

egy and spatio-temporal characteristics of the validation

process. Indices developed based upon ecological theory

applicable at higher levels of ecological organization, e.g.

the ecosystem level, should be more broadly applicable in

contrast to indices developed primarily with a utilitarian

approach to metric selection and metric combinatorial

strategies. Spatially, important limitation considerations

include applications beyond the geographical region from

which the data used in index development were collected

including (1) latitudinally and longitudinally distinct biogeo-

graphic provinces or ecoregions, (2) water depths not initially

included (e.g., intertidal versus subtidal habitats), and (3)

substratum type (hard versus sedimentary bottom). Finally,

temporal characteristics of the index development data set

may limit the application of an index depending uponwhether

suchdatawere collected overmanyyears and the frequency of

intra-annual collection (seasonal, monthly, etc.). We will

discuss the scale of applicability issue further in Section 4

concerning Application and Interpretation.

3.2. Candidate metrics

In general candidate metrics are selected emphasizing the

feasibility of measurement and ecological relevance charac-

teristics of an index (Table 1). Candidatemetrics could include

measures of species diversity, productivity (abundance,

biomass), tolerance to and/or indication of association with

anthropocentric sources of stress (pollution-indicative or

sensitive taxa), and taxocene dominance measures (some

major taxa are more tolerant of stress than others). Many of

the currently used indices in benthic assessment have as an

ecological foundation the empirically derived Pearson and

Rosenberg’s paradigm (Pearson and Rosenberg, 1976, 1978;

Quintino et al., 2006) that depicts community responses to a

gradient of organic pollution or disturbance. Although, the

Pearson and Rosenberg empirical model has been modified,

again empirically, to depict benthic community responses to

sediment contamination (Rakocinski et al., 2000), no con-

sensus of expected benthic community response to contam-

ination has yet occurred. When the ecological relevance is

Table 1 – Environmental indicators

Purpose

Summarizes and simplifies complex data

Conveys information—easily understood by the public, media,

resource users, and decision-makers

Characteristics

Ecological relevance—based upon a conceptual model

(theoretically, empirically or heuristically well founded)

Feasible—data to calculate index can be reliably and

cost-effectively collected

Threshold or reference value—users are able to assess

significance of indicator value

Representative—able to measure status and trends that are

relevant to policy decisions

Sensitivity—reflects response to management actions

Note: an index that is representative and sensitive captures

information relevant to anthropogenic actions—degradative and

restorative.

Fig. 2 – Index development, application and interpretation.

Dashed rectangle encloses the primary steps in index

development. Adaptive monitoring feedback loops and

adaptive change decision drivers are indicted by open

arrows.
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based upon very specific ecological concepts then candidate

metrics are basically a priori selected or limited. For example,

an index such as AMBI (Borja et al., 2000) that is basedupon the

relative distribution of sensitivity/tolerant species groups or

the ABC method (Warwick and Clarke, 1994) based upon k-

distribution curves consists of predeterminedmetrics. Indices

developed with a utilitarian approachwill typically begin with

a large list of candidate metrics (e.g., see Table 1 in Paul et al.,

2001 with over 40 candidate metrics).

3.3. Metric selection criteria

From a list of feasible, ecologically relevant candidates,

selection should emphasize metrics that are sensitive

(respond to anthropocentric action—both degradative and

restorative) and representative (able to measure status and

trends relative to policy decisions and management actions).

Theoretically, metric nomination and/or selection is based

upon community level characters (see previous section) that

represent key community aspects. Such community char-

acteristics are typically part of, or inherent to, the diversity of

definitions of biotic integrity that include elements of species

diversity, abundance, energy-flow-food-web structure, main-

tenance of complexity and self-organization. Metric selection

protocols include (1) a priori selection based upon a specific

ecological foundation and/or best professional judgment (e.g.,

use of a single species diversity index; AZTI marine biotic

index (AMBI) of Borja et al., 2000; abundance-biomass curves

(ABC) of Warwick and Clarke, 1994), (2) selection based upon a

univariate statistical tests comparing undegraded and

degraded samples from a calibration data (e.g., Weisberg

et al., 1997), and (3) utilitarian selection based upon multi-

variate tests using a calibration data set (e.g., Engle et al., 1994;

Paul et al., 2001).

3.4. Metric combination

The most difficult challenge in index development is

selecting and combiningmetrics in amanner that is complex

enough to capture the dynamics of essential ecological

processes but not so complex that its meaning is obscured

(NRC, 2000). Without a sound and obvious ecological

foundation, an indexwill not bepolicy-relevant and therefore

difficult to use to make policy choices, i.e. societal responses

(R) (Fig. 1).

Once developed such benthic condition indices can be

grouped into three classes (ICES, 2004), based upon their

complexity, information content and method of metric

combination:

� Univariate individual-species data, or community structure

measures; such as the Shannon–Wiener diversity index

(Shannon and Weaver, 1949); the benthic pollution index

(BPI) (Leppäkoski, 1975); the infauna trophic index (ITI)

(Word, 1979, 1980); the ABC (Warwick and Clarke, 1994); the

annelid index of pollution (Bellan, 1980); the Shannon–

Wiener evenness proportion index (McManus and Pauly,

1990); the taxonomic diversity index and taxonomic

distinctness (Warwick and Clarke, 1995); and the ecological

evaluation index (EEI) (Orfanidis et al., 2001).

� Multimetric indices, combining several measures of com-

munity response to stress into a single index; including: the

pollution coefficient (CoP) (Satsmadjis, 1982, 1985); the

biological quality index (BQI) (Jeffrey et al., 1985); the infauna

ratio-to-reference of sediment quality triad (RTR) (Chapman

et al., 1987); the biotic index (Hily, 1984; Hily et al., 1986;

Majeed, 1987; Grall and Glémarec, 1997); the benthic index of

estuarine condition (BIEC) (Schimmel et al., 1994; Strobel

et al., 1995); the benthic condition index (BCI) (Engle et al.,

1994; Engle and Summers, 1999; Paul et al., 2001); the benthic

index of biotic integrity (B-IBI) (Ranasinghe et al., 1994;

Weisberg et al., 1997; Van Dolah et al., 1999; Llansó et al.,

2002a,b); the AMBI (Borja et al., 2000, 2003, 2004b; Muxika

et al., 2005); the Bentix (Simboura and Zenetos, 2002); the

ecofunctional quality index (EQI) (Fano et al., 2003); the

indicator species index (Rygg, 2002); and the benthic quality

index (BQI) (Rosenberg et al., 2004). A review and inter-

comparison between 64 such indices can be found in Diaz

et al. (2004).

� Multivariate methods describing the assemblages pattern,

including modelling, such as the benthic response index

(Smith et al., 2001); the estuarine trophic status (Bricker

et al., 2003); the principal response curves (PRC) (Pardal et al.,

2004); multi-dimensional scaling (MDS) (Warwick and

Clarke, 1991); canonical correspondence analysis (CANOCO)

(ter Braak and Šmilauer, 1998); PRIMER (Clarke and Ains-

worth, 1993; Clarke andGorley, 2001); Multivariate-AMBI (M-

AMBI) (Borja et al., 2004a; Muxika et al., 2007); and the

community disturbance index (CDI) (Flåten et al., 2007).

In this special issue, there are two contributions from Hale

and Heltshe (2008) and Juanes et al. (2008), which are focused

on the development of a soft-bottombenthic index for theGulf

of Maine and a multimetric index for assessing macroalgae

quality in rocky bottom substrata, respectively.

3.5. Index validation

Index validation should ideally include (1) testing of the index

using an independent data set, different than the index

development data set (calibration data set), (2) setting a priori

correct classification criteria and/or (3) presentation of a

strong a posteriori justification for use based upon best

professional judgment. In the development of some benthic

indices, calibration and validation data sets were initially

available and samples were allocated between the two data

sets based upon different years of collection (e.g., Weisberg

et al., 1997; Paul et al., 2001) or randomly assigned fromall data

collection years (e.g., Llansó et al., 2002b). More commonly

after index development, newly collected data are used as

validation data. In such cases strong putative gradients are

deliberately selected for validation testing (e.g., Borja et al.,

2000, 2003, 2006b; Muxika et al., 2005; Quintino et al., 2006).

Independent validation, by scientists other than those

proposing the index should be done. In the particular case

of AMBI some of these comparisonsweremade elsewhere, e.g.

in this special issue, two contributions are focused on

its applicability for benthic ecological status assessment,

evaluating its dependency on sediment characteristics

and immersion/emersion (Blanchet et al., 2008) and the
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comparison with other indices in estuarine systems (Puente

et al., 2008).

Finally, some degree of intercalibration (see Borja et al.,

2007) or validation can be achieved by determining the level of

agreement provided by an index with best professional

judgment to assess the condition of benthic infaunal com-

munities (see Weisberg et al., 2008) or by comparing the level

of agreement between indices of different geographical origin,

such as Borja et al. (2008), when comparing results of indices

from Europe and USA.

4. Index application and interpretation

The application and interpretation of data by environmental

scientists involves numerous internal intellectual and prag-

matic feedback loops affecting monitoring design and inter-

pretive paradigms. Common aspects of index application and

interpretation of results are continuous re-validation with

each use and consideration of application beyond known or

assumed limits. For most indices the interaction of ecological

foundation and characteristics of development data set may

set spatio-temporal limits of application. As we stated earlier

in Section 3.1, theremay be reasonable spatial concerns when

applying any index to (1) latitudinally or longitudinally distinct

biogeographic provinces or ecoregions, (2) different water

depth habitat types (e.g., intertidal versus subtidal habitats),

and (3) different substratum types (hard versus sedimentary

bottom). Obviously indices that can be demonstrated to be

robust in space and time will facilitate communication to

environmental managers. Such robust indices will allow

comparisons among environmental managers responsible

for different ecosystem types and between different countries

and continents, thus encouraging the adoption and applica-

tion of policies and actions that represent effective societal

responses of the DPSIR paradigm. In this issue, Teixeira et al.

(2008) conducted an applicability study to different habitats

within a system, the Mondego estuary in Portugal, and Dauer

et al. (2008) tested the applicability and interpretation of

patterns of benthic community degradation as a function of

water depth in Chesapeake Bay, USA.

5. Adaptive management (feedback and
modification)

Within the DPSIR approach, policy consideration (societal

response) may result in changing (1) data needs, (2) data

analysis procedures and (3) data interpretation needs (Figs. 1

and 2). As such, environmental scientists must be receptive

and amenable to adaptive monitoring changes (Ringold

et al., 1996). Adaptive monitoring may necessitate additional

modification of the index development process, including

additional effort to demonstrate ecological relevance, repre-

sentativeness and sensitivity (Table 1); further testing of

index applicability; and maximizing information and under-

standing by management of the interpretation process.

We hope that the contributions within this special issue

of Ecological Indicators can assist in such tasks and

approaches.
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This contribution focuses upon the use of phytoplankton as an indicator of ecological quality in the coastal
waters of the Basque Country (Bay of Biscay, northern Spain). The Water Framework Directive (WFD)
establishes a commonwater policy in the European Union. The phytoplankton, owing to its relationship with
the eutrophication processes, is one of the biological elements considered within the WFD. Phytoplankton
biomass, composition and abundance, together with frequency and intensity of blooms, are the metrics to be
assessed according to the WFD. In this work, data on phytoplankton biomass and frequency and intensity of
blooms along the Basque coast were analysed. Phytoplankton biomass was evaluated using the 90th
percentile of the chlorophyll-a concentrations (Chl-a) over a 6-year period (2001–2006). For the evaluation of
the frequency of blooms, data on composition and abundance of the phytoplankton communities were
obtained, then analysed using three different approaches. The first approach involved the utilisation of only
some of the taxonomic groups (diatoms and dinoflagellates). The second approach divided the phytoplankton
community into two size categories (N20 µm and 2–20 µm, cell diameter). The third approach used all of the
phytoplankton taxa recorded in the sample. Evidence for the oligotrophy of the coastal waters of the Basque
Country was provided by the low values obtained for the 90th percentile of the Chl-a (b3 µg L−1). Low
intensity of upwelling activity, relatively small river loads and a narrow shelf characterise this coast, which can
explain the low level of phytoplankton biomass. However, phytoplankton counts were relatively high
compared with other neighbouring coastal waters a priori of higher trophic richness. These differences are
discussed in relation to the methodologies for the analysis of cell counts which different monitoring
programmes utilise in the European Union.

© 2008 Elsevier B.V. All rights reserved.

1. Introduction

On 23 October 2000, the European Parliament and the Council of the
European Union approved Directive 2000/60/EC, commonly known as
the Water Framework Directive (WFD), whereby a framework for
Community actions in the field of water policy is established. This
legislation aims at maintaining and improving the aquatic environment
in the Community. Within the environmental objectives, the WFD
indicates that good surface water status should be achieved for all
Europeanwaters by 2015. In order to fulfil this objective, Member States
(MS) must assess the ecological and chemical status of the surface water
bodies and report the quality conditions using a classification scheme
that consists of five classes for the ecological status (“high”, “good”,
“moderate”, “poor” and “bad”) and two classes for the chemical status
(“good” and “failing toachievegood”) (OJEC, 2000). The assessmentof the
ecological status involves the measurement of several biological
elements, together with the physico-chemical and hydromorphological
elements. The ecological status is determined by comparing the state of

the elementswith a reference value, whereby an Ecological Quality Ratio
(EQR) is obtained.Oneof themostdifficult processes toundertake,within
theWFD, is to establish the reference value (Borja et al., 2004). The state
of the elements is affected by humanpressures,whichmay lead to failure
to achieve the above mentioned objective (Borja et al., 2006).

The phytoplankton is one of the biological elements considered
within the WFD. The WFD establishes that phytoplankton biomass,
taxonomic composition andabundance, togetherwith the frequencyand
intensity of blooms, are the indicators to be assessed for this element
(OJEC, 2000). Thephytoplankton elementhas been selected for assessing
quality, as it can respond to nutrient enrichment; this, in turn, is one of
the most important pressures in the European transitional (estuarine)
and coastal marine waters (OSPAR, 2003; European Environmental
Agency, 2005). Attributes considered to be symptoms of negative
impacts of nutrient enrichment in many ecosystems include: blooms
of toxic algae, increased growth of epiphytic algae, the growth of
macroalgae, the loss of submerged vegetation due to shading, the
developmentof hypoxic (andanoxic) conditionsdue todecompositionof
the accumulated biomass, and changes in the community structure of
benthic animals, due to oxygen deficiency or the presence of toxic
phytoplankton species (Bricker et al., 1999).
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In the Basque Country (Bay of Biscay, northern Spain), methodol-
ogies to assess the quality of the transitional and coastal waters in
relation to the WFD started to develop early in 2000, and research on
this topic continues (e.g., Borja et al., 2004; Bald et al., 2005; Borja,
2005). Other methodologies used in assessing phytoplankton status
have been published elsewhere, e.g., in Denmark (Nielsen et al., 2003;
Sagert et al., 2005), Portugal (Loureiro et al., 2006) and the United
Kingdom (Devlin et al., 2007).

The first method used to evaluate the quality status of the
phytoplankton element in the Basque marine environment (Borja
et al., 2004) was based upon that of Ifremer (Vincent et al., 2002). This
method utilised data on phytoplankton biomass (Chl-a) and phyto-
plankton abundance to calculate an integrated index that classified
the quality status into five distinct categories, from “high” to “bad”
status, following the classification typology of the WFD. For the
Basque coastal waters, the index took into account the frequency of
events with Chl-a higher than 8 µg L−1 and the frequency of events
with total cell counts higher than 106 cells L−1, over a 5-year period.
The abundance of harmful phytoplankton species was also part of the
calculation of the index (see Table 4 in Borja et al., 2004).

Methodologies for the assessment of the ecological status vary
across the European Union and intercalibration of different methods
among MS is, therefore, required by the WFD (OJEC, 2000; European
Communities, 2003b). All MS are to divide the EQR scale for their
monitoring systems into the five ecological status classes mentioned
above, by assigning a numerical value to each of the class boundaries.
The boundary value between the “high” and “good” classes and the
boundary value between the “good” and “moderate” classes should be
established through the intercalibration exercise. This is to ensure that
the established class boundaries are consistent with the normative
definitions of the WFD and are comparable between MS (Borja et al.,
2007a).

Hence, MS within the Northeast Atlantic coastal area have recently
undertaken intercalibration exercises of methodologies for the
assessment of the phytoplankton element (http://circa.europa.eu/
Public/irc/jrc/jrc_eewai/library). The establishment of the reference
conditions (i.e., phytoplankton levels in non-impacted water bodies)
and the boundaries between “high–good” and “good–moderate”
status were among the main objectives, as indicated in the guidance
documents of the Common Implementation Strategy (European
Communities, 2003a, 2005). Three metrics were agreed for the
intercalibration of the phytoplankton element in the Northeast
Atlantic coastal waters: (i) biomass (calculated as the 90th percentile
of Chl-a); (ii) frequency of blooms of any phytoplankton taxon
(calculated as the frequency of cell counts above a set threshold);

and (iii) frequency of blooms of the indicator taxon Phaeocystis sp. The
corresponding values for each of the threemetrics had to be calculated
on the basis of a 6-year period. The indicator taxon Phaeocystis sp. was
considered not applicable in Spain, as well as in many MS within the
Northeast Atlantic coastal area. Nitrogen load (mainly nitrate) is a
control factor of the Phaeocystis growth (Gypens et al., 2007).
However, other factors can also influence Phaeocystis populations.
For example, increases in the abundance of Phaeocystis in theWadden
Sea have been associated with eutrophication processes (Cadeé and
Hegeman, 1986), but populations in the North Sea have shown long-
term fluctuations, which appear unrelated to nutrient enrichment
(Gieskes and Kraay, 1977). Therefore, for intercalibration purposes in
the Basque coastal waters, the reference conditions and the boundary
values for the classification of the phytoplankton status (“high–good”
and “good–moderate” boundaries) were established only by the
metrics based upon Chl-a and phytoplankton cell counts.

The WFD is a dynamic directive and permits further incorporation
of new methodologies, or improvements of those already applied. In
this regard, the previous method for the assessment of the
phytoplankton element in the Basque coast is being modified and
adapted in the same way as for other MS. The use of cell counts of
harmful species has been reviewed and eventually removed from the
calculation of the quality index, as it did not provide any relevant
information in this area. Also, the method is now more in accordance
with the phytoplankton tools agreed for intercalibration in the
Northeast Atlantic coastal area.

The objectives of this contribution are: (i) to describe the present
methodology for the assessment of the phytoplankton quality status
in the Basque coastal waters; (ii) to describe the phytoplankton
biomass and frequency of blooms in the Basque coastal waters,
relating them with the anthropogenic pressures and the morpholo-
gical, hydrographical, and physico-chemical conditions that charac-
terise this coast (continental shelf width, river runoff, upwelling
influence and nutrient concentrations); (iii) to compare the method
applied in the Basque coastal waters with other methodologies used
within the European Union.

2. Study area

The Basque coast is located in the southeastern Bay of Biscay and
extends along 150 km (approximately), between 43°22′ N, 1°46′ W
and 43°21′ N, 3°9′ W (Fig. 1). This coast is of high energy and mostly
erosional, with extensive cliffs. The continental shelf is less than 20 km
wide (Cearreta et al., 2004). The present study draws on data from 13
coastal stations (approx. 25–30 m water depth) and one offshore

Fig. 1.Map of the study areawith the location of the monitored stations. Stations in coastal waters are arranged in aW–E transect, in the following order: 8, 9, 13, 15, 19, 20, 26, 29, 33,
36, 41, 45 and 51. The station located offshore (RF) is a reference station.
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station (approx.110mwater depth) of the Basquemonitoring network
(Borja et al., 2004, 2007b). This monitoring network began in 1994
and, at present, involves 32 stations in transitional waters and 19 in
coastal waters. The coastal water bodies lie within the Northeast
Atlantic eco-region and belong to the type NEA-1, following the WFD
typology system. This type represents euhaline fully-mixed waters, in
exposed and shallow (b30 m) coastal areas, subject to a mesotidal
regime (Borja et al., 2007a). The offshore station is considered as a
reference station, i.e., non-impacted by anthropogenic influence, due
to its distance from the main pollution sources on land (13.1 km).

3. Material and methods

3.1. Physico-chemical conditions

The data for this study originate from surveys undertaken at 13
coastal stations during 6 years (2001–2006) and at the offshore
reference station (RF) during 5 years (2002–2006). The stations were
visited every three months, from February to November, in order to
collect samples representative of winter, spring, summer and autumn
conditions. Temperature and salinity profiles were obtained using a
CTD Seabird-25. Samples for dissolved inorganic N and P nutrients
(ammonium, nitrate and ortho-phosphate) were obtained at the
surface and analyzed with a Bran–Luebbe Autoanalyzer by the
colorimetric methods described in Grasshoff et al. (1983).

3.2. Phytoplankton biomass

Chl-a was estimated from CTD fluorescence profiles, following a
similar sampling strategy as with the physico-chemical variables. The
CTD was calibrated, regularly, with water samples filtered through
Whatman GF/C filters and analysed by spectrophotometry, after
pigment extraction in acetone. The equations of Jeffrey and Humphrey
(1975) were applied, without correction for phaeopigments. A metric
based upon phytoplankton biomass was calculated for each coastal
station, using the 90th percentile of Chl-a measured at surface over a
6-year period (2001–2006). For the offshore station, the metric was
calculated on the basis of the available data set (2002–2006). The
boundary values between “high” and “good” status (3.5 µg L−1) and
between “good” and “moderate” status (7 µg L−1) for the Basque
coastal waters were those established for the eastern Cantabrian coast
during the WFD intercalibration exercises.

3.3. Frequency of blooms

The monitoring of phytoplankton composition and abundance
commenced in 2002. Samples were collected twice a year, in spring
and summer, at the stations shown in Fig. 1. Standard methods were
used for sampling (Van-Dorn bottle) and identification and counting
(inverted microscopy and Utermöhl). A metric based on the frequency
of blooms (%) was calculated with the available 5-year data set,
although ideally a 6-year period is assumed. Based upon the work of
Borja et al. (2004), a bloom frequency of 20% was considered to be the
boundary between “high” and “good” status and 40% the boundary
between “good” and “moderate” status. These boundary values were
agreed during the WFD intercalibration process.

The frequency of blooms was calculated in the following way: first,
the cell abundance threshold that defines a bloom event was
established on the basis of expert judgement. When, at least, one
phytoplankton taxon was found to exceed that threshold, the sample
was identified as a “bloom sample”. Subsequently, the frequency of
blooms (%) at a coastal station was calculated from the number of
“bloom samples”, compared to the total number of samples taken
during the studied period. Three different approaches were under-
taken to apply the abundance threshold that defines a bloom event, as
shown below.

3.3.1. A single threshold applied to some phytoplankton taxa
An abundance threshold of 500,000 cells L−1 was applied to any

single phytoplankton taxon belonging to the diatoms or to the
dinoflagellates. Therefore, there were taxa not included in the metric
and these consisted mostly of nanoplankton whose identification is
difficult and method-dependent, e.g. haptophytes, cryptophytes,
chlorophytes, raphydophytes and cyanobacteria.

3.3.2. Two thresholds, differing for large and small phytoplankton
All the phytoplankton taxa were included in the analysis and two

size categories were established, large (N20 µm) and small (2–20 µm)
phytoplankton, by means of the equivalent spherical diameter (ESD)
of the phytoplankton cells. A specific threshold was applied to each
size category: 75,000 cells L−1 for the large phytoplankton and
750,000 cells L−1 for the small phytoplankton. Information concerning
phytoplankton cell size was collected from several sources: the ESD
measured in phytoplankton species from the northwest Spanish coast
by investigators from other institutions (M. Huete from the Spanish
Institute of Oceanography — A Coruña Centre, and M. Varela, L. Mene
and J. Lorenzo from the University of Vigo), the report by Olenina et al.
(2004), the taxonomic guide of Horner (2002) and images from the
websites of the Station Biologique de Roscoff (http://www.sb-roscoff.
fr/Phyto/gallery/main.php), the Baltic Sea Research Institute Warne-
münde (www.io-warnemuende.de/research/en_galerie.html) and the
Smithsonian Environmental Research Center (http://www.serc.si.edu/
labs/phytoplankton/guide/index.jsp).

3.3.3. A single threshold applied to every phytoplankton taxon
A single threshold of 750,000 cells L−1 was applied to every

phytoplankton taxon, which involved incorporating into the analysis
all of the micro- and nanophytoplankton species.

4. Results and discussion

4.1. Physico-chemical conditions

General oceanographic conditions over the study area are listed in
Table 1. The average water temperature ranged between 12 °C inwinter
and, approximately, 22 °C in summer. The spring and autumn seasons
showed an average temperature around 15–16 °C. Salinity indicated
euhaline conditions, both in coastal and offshore waters. The annual
average nutrient concentrations were very similar between the coastal
waters and the offshore station. The highest average concentrations of
nitrate were found in winter: 4.57 μmol L−1 (coastal waters) and
3.35 μmol L−1 (offshore). In comparison, the highest average concentra-
tions of ammoniawere found in summer: 2.91 μmol L−1 (coastal waters)
and 3.28 μmol L−1 (offshore). The highest average concentrations of
phosphatewere found inwinterandautumn in the coastalwaters (0.37–
0.38 μmol L−1), and in winter at the offshore station (0.34 μmol L−1).

As described by Valencia et al. (2004), in the Basque marine waters
the temperature shows a marked seasonality throughout the year,
differentiating also the vertical homogeneity and the stratification
periods. The maxima of nitrate and phosphate can be related to the
thermal cycle and to the succession of homogeneity and stratification
conditions within the water column. Valencia and Franco (2004)
described increases in the concentration of nutrients during autumn
and winter, caused by the turbulent mixing processes and the
subsequent input of nutrients to the surface waters from the deeper
layers. Also, the hydrological regimewould contribute, to some extent,
to these maxima, as the freshwater discharges in the Cantabrian coast
are higher during the cold seasons (Prego and Vergara, 1998; Prego
et al., 2008).

The maxima of ammonia in summer can be related to biological
processes of organic matter remineralisation, which are enhanced
with the higher temperatures. Also, the decrease in the concentrations
of nitrate and phosphate in summer could be explained by processes
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of biological uptake. However, nitrate depletion, which is observed in
areas subjected to seasonal stratification and high biological activity
over the North-West European shelf (e.g., Siddorn et al., 2007), was
not observed in the surface waters of the Basque coast (Table 1).
Although the freshwater fluvial flows in summer decrease to values of
10–20% of the winter flow (Prego et al., 2008), some rainfall events,
such as summer storms, activate the exportation of nutrients from
rivers and estuaries to the coastal waters. Moreover, thermal
stratification allows freshwater inputs to stay in the surface layer.
Thus, the main part of the nutrient concentrations remaining in
summer seems to be related to the freshwater fraction indicated by
the relatively low salinity (Table 1). On the other hand, the short-term
response of the phytoplankton to these events of fertilisation is not
proportional to the input loads or to the resulting nutrient
concentration. Such differences relate to: (i) the advection of the
phytoplankton by the spreading plumes; (ii) the turbidity in the
plume waters, and (iii) the atmospheric instability (Valencia and
Franco, 2004).

Bald (2005) and Bald et al. (2005) have assessed the physico-
chemical status for the Basque coastal waters, between 1995 and
2003. This was based upon nutrient concentrations (ammonia, nitrate
and phosphate), oxygen (% saturation) and optical properties (Secchi
disk, suspended solids and turbidity). The physico-chemical status
was classified as “good”. These authors also calculated the nutrient
reference values representative of high physico-chemical status,
which were: 2.06 μmol L−1 (ammonia), 6.14 μmol L−1 (nitrate) and
0.45 μmol L−1 (phosphate). These values are based upon expert
judgement and modelling, and they refer to annual average condi-
tions. As can be seen in Table 1, the nutrient concentrations in the
coastal waters were close to those reference values, during the 2001–
2006 period. Therefore, the nutrient levels (inorganic N and P) did not
indicate any risk of eutrophication in the Basque coastal waters.

4.2. Phytoplankton biomass

The 90th percentile of the Chl-a was calculated as one of the
metrics to assess the quality status of the phytoplankton element
(Fig. 2). Two different sampling strategies were studied: from April to
September (spring and summer data) and from February to November
(all the available data). These two sampling periods were compared, in
order to know if the inclusion of the winter and autumn surveys could
lower the metric, as the conditions of light availability could have
limited the phytoplankton growth during the cold seasons due to
vertical mixing or photoperiod. At the offshore station, the highest
average Chl-a was found in late winter and autumn, which would
indicate favourable conditions for phytoplankton during these
seasons. However, in the coastal waters the average Chl-a seemed
more evenly distributed throughout the year and did not follow a clear
seasonal pattern (Table 1).

The results obtained in the 90th percentile of Chl-a were very
similar for the two sampling periods (Fig. 2). At the coastal stations,
using the April–September data set, the 90th percentile of Chl-a
ranged between 0.6 and 2.9 µg L−1; using the February–November
data set, it ranged between 0.8 and 2.5 µg L−1. No statistically
significant differences were detected (t-student). Therefore, the
sampling strategy that involves the February–November period was
considered suitable, to evaluate the biomass metric in the Basque
coastal waters.

The value of the 90th percentile at the offshore stationwas 1.5 µg L−1

(Feb–Nov). At the coastal stations the values were, in general, close to or
lower than those of the offshore station (Fig. 2). This pattern indicates
that, during the 2001–2006 period, eutrophication problems were
negligible at all of the coastal stations. This is in accordance with the
results obtained by Bald et al. (2005), for the physico-chemical elements
supporting thebiological elements, and the low level of pressure present
in these coastal waters, especially from the eutrophication point of view
(Borja et al., 2006). Station 8 showed a maximum value of 2.5 µg L−1

(Feb–Nov) probably due to the influence from a river plume. The station
is located near the mouth of the estuary of the Nervión River, which is
associated with the highest flows along the Basque coast (36 m3 s−1)
(Valencia et al., 2004).

During the WFD intercalibration exercises, for the eastern
Cantabrian coast, the values of the Chl-a metric established as the
boundaries between “high–good” and “good–moderate” status were
3.5 and 7 µg L−1 (90th percentile), respectively (http://circa.europa.eu/
Public/irc/jrc/jrc_eewai/library). These values were calculated assum-
ing some deviation from the reference conditions: 50% deviation from
the reference conditions to the first boundary, with 100% deviation
from the first to the second boundary. The reference stations for the
eastern Cantabrian coast were located offshore in the north coast of

Table 1
Average±standard deviation of surface water temperature, salinity, inorganic nutrients (N, P) and Chl-a, calculated for each season and annually, with data from 13 coastal stations
(CW) during the 2001–2006 period and from one offshore station (RF) during the 2002–2006 period

Temp Salinity Ammonia Nitrate Phosphate Chl-a
N (°C) (psu) (µmol L−1) (µmol L−1) (µmol L−1) (µg L−1)

CW Winter 78 12.0±0.6 34.7±0.5 2.77±1.66 4.57±3.78 0.37±0.22 0.61±0.34
Spring 78 15.2±0.8 34.3±0.7 2.29±2.31 2.68±2.78 0.18±0.08 0.86±0.87
Summer 78 21.7±1.2 34.7±0.6 2.91±2.45 2.54±2.10 0.21±0.17 0.62±0.64
Autumn 78 16.2±1.4 35.0±1.1 2.12±1.45 2.50±1.36 0.38±1.45 0.72±0.27
Annual 312 16.3±3.6 34.7±0.8 2.52±2.03 3.07±2.78 0.28±0.74 0.70±0.59

RF Winter 5 12.0±0.5 34.6±0.8 2.50±1.80 3.35±3.04 0.34±0.13 1.11±0.48
Spring 5 15.4±0.7 34.4±1.2 2.21±2.08 2.90±4.73 0.17±0.10 0.45±0.32
Summer 5 22.5±1.4 34.8±0.5 3.28±2.76 2.13±2.65 0.18±0.22 0.41±0.59
Autumn 5 16.0±1.8 35.1±0.7 1.75±1.54 2.86±2.80 0.16±0.10 0.89±0.35
Annual 20 16.5±4.0 34.7±0.8 2.44±2.01 2.81±3.16 0.21±0.15 0.72±0.51

Sampling months were: Feb–Mar (winter), Apr–May (spring), Aug–Sep (summer) and Oct–Nov (autumn). N: number of samples.

Fig. 2. The90th percentile of the Chl-a (µg L−1) at coastal stations and at an offshore station
(RF) of theBasquemonitoringnetwork, calculated for twodifferent samplingperiods: from
April to September (Apr–Sep) and from February to November (Feb–Nov). The dashed line
represents the “high–good” class boundary. For station locations see Fig. 1.
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Spain, both in the Basque Country and near Cape Peñas (Fig. 1). The
value of the 90th percentile of Chl-a offshore of Cape Peñas was
somewhat higher than at the Basque reference station. Thus, an
averaged value was taken for the reference conditions for the entire
eastern Cantabrian coast (2.33 µg L−1, 90th percentile). The difference
in Chl-a found between the two reference stations could be explained
by differences in upwelling activity, over the northern Iberian shelf.
Seasonal natural inflows of deep nutrient-rich waters characterize the
west coast of the Iberian Peninsula, both in Portugal and northwestern
Spain (Mason et al., 2005). Upwelling is a natural process driven by the
wind regime and it may have important consequences for phyto-
plankton growth. Along the Galician coast (northwestern Spain),
under conditions of moderate upwelling, the inner 25 km of the
coastal waters are about ten times more productive than the offshore
waters (Lavín et al., 2006). In the area known as the Galician upwelling
core, in the vicinity of Cape Finisterre and Cape Villano, nitrate levels
can reach up to 10 μmol L−1 (Varela et al., 2005). Values within the
same range are reported in Ría de Vigo, a coastal embayment in
Galicia, during pronounced upwelling pulses (Cermeño et al., 2006).
Wind-driven upwelling pulses also occur along the Cantabrian coast
(Botas et al., 1990; Bode et al., 1996; Prego and Varela, 1998). However,
the upwelling activity decreases eastward along the Cantabrian coast
and it only slightly affects the Basque coast (Valencia et al., 2004;
Mason et al., 2005; Lavín et al., 2006). Therefore, lower values in the
biomass metric are expected in the Basque coastal waters than in the
coastal areas located westward over the northern Iberian shelf (e.g.,
Cape Peñas and the Galician coast).

A comparison between the results of the biomassmetric obtained in
this study (Fig. 2) and the reference conditions established in the
neighbouring Atlantic French shelf during the WFD intercalibration
exercises (3.33 µg L−1, 90th percentile) shows that the results from the
Basque coast are lower. These differences in phytoplankton biomass can
be explained in terms of morphological and hydrographical conditions.
The Basque coast is located in the easternmost part of the Cantabrian
Sea. Although adjacent to the French coast, the Basque waters present
specific features. First, the Cantabrian shelf is narrower compared to the
Atlantic French shelf (Díez et al., 2000; Pascual et al., 2004). Second,
continental water inputs (hence, nutrients) are lower in the Cantabrian
coast, because rivers are comparatively smaller (Díez et al., 2000;
OSPAR, 2000). For example, the main rivers discharging on the French
coast, the Loire and the Gironde, have an annual flowof 900m3 s−1 each
(Lavín et al., 2006), whereas the total annual flow on the Basque coast is
150 m3 s−1 (Valencia et al., 2004). Freshwater discharges from the Loire
and the Gironde rivers create a long-shore flow which may dominate a
wide part of the continental shelf at the end of winter. This haline
stratification combined with an increase in luminosity enhances
phytoplankton blooms (Labry et al., 2001). Differences in phytoplankton
biomass between the Basque coast and the French coast have been
previously reported in the literature. Orive et al. (2004) indicated that
the chlorophyll sub-surface maximum in the Basque shelf is usually 2–
4 µg L−1, whereas in the French shelf (Loire plume) Lunven et al. (2005)
cited maximum values around 10 µg L−1.

Also in other areas of the European continental shelf, the reported
chlorophyll concentrations are higher than in the Basque coastal
waters, both in terms of annual means and maximum values (e. g.
Siddorn et al., 2007).

4.3. Frequency of blooms

The three different approaches used to calculate the bloom
frequency resulted always in a “high” or “good” quality status
(Fig. 3). It must be indicated that the thresholds to detect the blooms
were decided by expert judgement, in order to obtain a quality status
coherent with the low risk of eutrophication in these waters (Borja
et al., 2006). The low nutrient concentrations (inorganic N and P) and
Chl-a found during the studied period corroborated this assumption.

Several potential thresholds for phytoplankton cell counts were
studied, from 50,000 to 106 cells L−1, within each approach. The
thresholds that were selected provide a coherent classification of the
quality status, which means that all the coastal stations presented a
bloom frequency characteristic of “high” or “good” status, with the
offshore station showing the minimum values of bloom frequency
(Fig. 3).

Approach 1, which involved only the analysis of the diatoms and
dinoflagellates, required a threshold of 500,000 cells L−1. By means of
this threshold, the frequency of bloomswas 0% at the reference station
and ranged from 0–22% at the coastal stations (Fig. 3a).

Approach 2 involved the use of two different thresholds, for each
size category: 75,000 cells L−1 for the large phytoplankton and
750,000 cells L−1 for the small phytoplankton. By applying these
thresholds, the frequency of blooms was 0% at the reference station
and ranged from 10–33% at the coastal stations (Fig. 3b). In
comparison with the previous approach, this one utilised the
complete information available on cell counts, because all of the
small forms (2–20 µm) and taxonomic groups were included.
Therefore, Approach 2 is supposed to provide a more accurate
classification. However, the use of this approach is more time- and
money-consuming, in terms of monitoring. Also, it requires a higher
expertise in taxonomic identification. A key issue for intercalibration
purposes can be how to compare, between laboratories or taxono-
mists, the results of the metric based upon phytoplankton cell counts.
If Approach 2 is used, it is very important to define, in a clear way,
which taxa are included in the large size category and which are
included in the small size category. The criteria used to assign the size
category should be also indicated, if the thresholds and the results on
the quality status are to be compared. In the coastal waters of the

Fig. 3. Frequency of blooms (%) at coastal stations and at an offshore station (RF) of the
Basque monitoring network. Three different approaches and thresholds have been
applied to the calculation of the bloom frequency: (a) Approach 1, only diatoms and
dinoflagellates, a threshold of 500,000 cells L−1; (b) Approach 2, all taxa, two thresholds
of 75,000 and 750,000 cells L−1, for large and small phytoplankton, respectively; (c)
Approach 3, all taxa, a threshold of 750,000 cells L−1. The dashed lines represent the
“high–good” and “good–moderate” class boundaries. For station locations see Fig. 1.
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Basque Country, using the ESD criteria, 98 taxa were classified as large
phytoplankton and 117 taxa as small phytoplankton. These taxa are
provided in a list as part of the description of the method (Table 2).

Approach 3, which involves the use of a single threshold for every
phytoplankton taxon, was studied in attempting to identify a simple
method that, at the same time, takes advantage of all the taxonomic
information of the sample. The selected threshold was that of the
small phytoplankton taxa: 750,000 cells L−1. Although it is assumed
that it underestimates the frequency of blooms of the large
phytoplankton species, such blooms could be detected by the Chl-a
if they were severe. Phytoplankton cell counts could be useful
indicators of eutrophication when the community is dominated by
small size cells and, therefore, the Chl-a signal is not evident. For
example, in the Nervión Estuary peaks of 107 cells L−1 have been
observed, consisting of small diatoms (Cyclotella cf. atomus and Ske-
letonema costatum), small cryptophytes and chlorophyceans, in areas
with relatively low Chl-a (Seoane et al., 2005). Appling a threshold of
750,000 cells L−1, the frequency of blooms was 0% at the reference
station and it ranged from 10–33% at the coastal stations (Fig. 3c). In
comparison with those described previously, Approach 3 classified
more stations as “high” in status.

The sampling strategy used in the present study is not the optimal to
characterize the frequencyof blooms. According to the recommendations
from the WFD intercalibration group, the sampling frequency for cell
counts should bemonthly during thewhole year. In order to understand
how it could have influenced the status classification, data obtainedwith
a higher frequency have been analysed. The data set was provided by a
monitoring programme focused on the Nervión estuary (Fig. 1).

The data set (2002–2006) corresponds to a station located at the
lower reaches of the estuary, which receives a moderate input of

nutrients from the river basin. The bloom frequency, calculated by
Approach 3, for the station sampled monthly fromMarch to September
was 50% (N=34). The bloom frequency calculated only with data from
two surveys (spring and summer) was 50% (N=10). Therefore, the
classification of the Nervión estuary station was the same when a
monthly sampling strategy (from March to September) was used as
when only two samplings were used. This supports, to some extent, the
status classificationobtained for theBasque coastalwaters. Nevertheless,
in order to obtain a more robust assessment, sampling of phytoplankton
cell counts should be increased, at least to a frequency similar to that of
Chl-a.

4.4. Problems associated with size-fractionation methods

The size-fractionation approach (Approach 2) is not applied as a
routine monitoring method in Spain. Although its resolution to
establish the bloom frequency is probably the best among the three
methodological approaches presented here, it requires a high degree
of taxonomical specialisation. Also, the time and cost that its use
implies have been considered. Therefore, themethod based on the use
of a single threshold for every phytoplankton taxon (Approach 3) has
been recommended for the national methodology and it is also, at
present, the method selected for the Basque coast.

The abundance thresholds needed to identify a bloom event are
expected to be low in coastal areas where the reference conditions
indicate oligotrophy. This is observed in the WFD Intercalibration
exercises when comparing the thresholds for the large size phyto-
plankton (http://circa.europa.eu/Public/irc/jrc/jrc_eewai/library). The
Basque coast (eastern Cantabrian coast) presents the lowest thresh-
old: 75,000 cells L−1. This threshold is lower than those of Portugal,

Table 2
Large (N20 µm) and small (2–20 µm) phytoplankton observed in the Basque coastal waters, between 2001 and 2006

N20 µm Dia Bacteriastrum hyalinum, Cerataulina pelagica, Chaetoceros danicus, Chaetoceros diadema, Chaetoceros spp., Chaetoceros teres, Coscinodiscus sp., Dactyliosolen
fragilissimus, Detonula pumila, Guinardia delicatula, Guinardia flaccida, Guinardia sp., Guinardia striata, Helicotheca tamesis, Lauderia annulata, Licmophora gracilis,
Licmophora sp., Lithodesmium undulatum, Melosira nummuloides, Meuniera membranacea, Proboscia alata, Rhizosolenia hebetata, Rhizosolenia imbricata, Rhizosolenia
setigera, Rhizosolenia spp., Striatella unipunctata, Thalassiosira kushirensis, Thalassiosira rotula, Thalassiosira spp.

Din Alexandrium minutum, Alexandrium sp., Ceratium arietinum, Ceratium candelabrum, Ceratium carriense, Ceratium furca, Ceratium fusus, Ceratium gibberum, Ceratium
hexacanthum, Ceratium horridum, Ceratium lineatum, Ceratium longipes, Ceratium macroceros, Ceratium massiliense, Ceratium spp., Ceratium trichoceros, Ceratium tripos,
Corythodinium michaelsarsii, Dinophysis acuminata, Dinophysis acuta, Dinophysis caudata, Dinophysis ovum, Dinophysis sp., Dinophysis tripos, Diplopsalis lenticula,
Dissodinium sp., Goniodoma polyedricum, Goniodoma sphaericum, Gonyaulax sp., Gymnodinium chlorophorum, Gymnodinium endofasciculum, Gymnodinium impudicum,
Gymnodinium spp., Gyrodinium biconicum, Gyrodinium dominans, Gyrodinium flagellare, Gyrodinium fusiforme, Gyrodinium spp., Heterocapsa spp., Kryptoperidinium
foliaceum, Lingulodinium polyedra, Oblea rotunda, Peridinium sp., Phalacroma mitra, Phalacroma rotundatum, Prorocentrum compressum, Prorocentrum gracile, Prorocentrum
lima, Prorocentrum micans, Prorocentrum sp., Protoperidinium conicum, Protoperidinium curtipes, Protoperidinium depressum, Protoperidinium diabolum, Protoperidinium
divaricatum, Protoperidinium divergens, Protoperidinium globulus, Protoperidinium oblongum, Protoperidinium oceanicum, Protoperidinium pellucidum, Protoperidinium
pyriforme, Protoperidinium spp., Protoperidinium steinii, Scrippsiella sp., Scrippsiella trochoidea, Spatulodinium pseudonoctiluca, Torodinium robustum, Unidentified
dinoflagellates

Cil Mesodinium rubrum
2–
20 µm

Dia Asterionellopsis glacialis, Benthic pennate diatoms, Chaetoceros affinis, Chaetoceros anastomosans, Chaetoceros ceratosporus, Chaetoceros compressus, Chaetoceros
constrictus, Chaetoceros costatus, Chaetoceros crinitus, Chaetoceros curvisetus, Chaetoceros debilis, Chaetoceros decipiens, Chaetoceros didymus, Chaetoceros laciniosus,
Chaetoceros lorenzianus, Chaetoceros salsugineus, Chaetoceros socialis, Chaetoceros spp., Chaetoceros tenuissimus, Chaetoceros wighamii, Cyclotella spp.,
Cylindrotheca closterium, Eucampia zoodiacus, Hemiaulus hauckii, Leptocylindrus danicus, Leptocylindrus mediterraneus, Leptocylindrus minimus, Melosira varians,
Nitzschia longissima, Nitzschia sp., Pseudo-nitzschia delicatissima, Pseudo-nitzschia pungens, Pseudo-nitzschia seriata, Pseudo-nitzschia spp., Skeletonema costatum,
Skeletonema sp., Thalassionema nitzschioides, Thalassiosira levanderi, Thalassiosira oceanica, Thalassiosira sp. (chain-forming), Thalassiothrix longissima

Din Amphidinium acutissimum, Amphidinium sp., cf. Karenia, Heterocapsa minima, Heterocapsa pygmaea, Heterocapsa rotundata, Heterocapsa triquetra, Katodinium glaucum,
Prorocentrum balticum, Prorocentrum minimum, Prorocentrum triestinum, Protoperidinium bipes, Scrippsiella cf. minima, Unidentified naked dinoflagellates

Eug Euglena sp., Eutreptiella eupharyngea, Eutreptiella hirudoidea, Eutreptiella marina, Eutreptiella sp., Petalomonas sp., Unidentified euglenophyceans
Chl Chlamydomonas coccoides, Chlamydomonas sp., Chlorella sp., Dunaliella sp., Scenedesmus sp., Unidentified chlorophyceans
Chr Calycomonas ovalis, Dinobryon divergens, Dinobryon faculiferum, Dinobryon sp., Meringosphaera sp., Ollicola vangoorii
Cry Hemiselmis sp., Leucocryptos marina, Leucocryptos remigera, Leucocryptos sp., Plagioselmis sp., Teleaulax acuta, Teleaulax amphioxeia, Teleaulax sp., Unidentified

cryptophytes
Dic Apedinella spinifera, cf. Actinomonas, Pseudopedinella pyriforme, Pseudopedinella sp.
Pra Cymbomonas sp., Cymbomonas tetramitiformis, Mamiella gilva, Nephroselmis sp., Pachysphaera pelagica, Pachysphaera sp., Pterosperma cristatum, Pyramimonas grossii,

Pyramimonas orientalis, Pyramimonas sp., Tetraselmis gracilis, Tetraselmis spp.
Pry Braarudosphaera bigelowi, Calciopappus sp., Calciosolenia sp., Chrysochromulina cf. hirta, Chrysochromulina lanceolata, Chrysochromulina spp., Chrysochromulina cf.

parkeae, Emiliania huxleyi, Imantonia rotunda, Phaeocystis globosa, Phaeocystis sp., Pleurochrysis carterae, Rhabdosphaera claviger, Syracosphaera sp., Unidentified
coccolithophorids

Ulv Oltmannsiellopsis viridis
Oth Unidentified small coccoids, Unidentified small flagellates

Taxa that have been detected forming blooms are shown in bold. Bloom criteria: N75,000 cells L−1 (large phytoplankton) and N750,000 cells L−1 (small phytoplankton).
Dia: Diatoms. Din: Dinoflagellates. Cil: Ciliates. Eug: Euglenophyceae. Chl: Chlorophyceae. Chr: Chrysophyceae. Cry: Cryptophyta. Dic: Dictyochophyceae. Pra: Prasinophyceae. Pry:
Prymnesiophyceae. Ulv: Ulvophyceae. Oth: other groups.

65M. Revilla et al. / Journal of Sea Research 61 (2009) 60–67



France, Ireland and United Kingdom, which range from 100,000 to
250,000 cells L−1 and are applied to areas with a higher reference level
of phytoplankton biomass. However, the thresholds for the small size
phytoplankton that are indicated in the latest WFD intercalibration
technical report (30/04/2008) are not always consistent with the
trophic status of the coastal systems. This is probably due to
methodological differences in the way small taxa are counted, or
phytoplankton taxa are assigned to each of the size groups. As a
consequence, for the small phytoplankton, lower abundance thresholds
were set for coastal areas with more eutrophic reference conditions
than the Basque coast. Along the Basque coast, where the reference
level of biomass was set at 2.33 µg L−1, the abundance threshold for the
small phytoplankton was set at 750,000 cells L−1. However, for the
neighbouring Atlantic French coast, where the reference level of
biomass is 3.33 µg L−1, a threshold of 250,000 cells L−1 was selected.
Similarly, for the French coast of the North Sea, where the reference
level of biomass is much higher (6.67 µg L−1), the abundance threshold
was set at 250,000 cells L−1 (http://circa.europa.eu/Public/irc/jrc/
jrc_eewai/library). When using the size fractionation approach, the
differences in abundance thresholds between MS are very notable; this
makes it necessary to establish a clear definition for the large and small
phytoplankton groups.

4.5. Determination of the phytoplankton state

In order to determine the state of the phytoplankton element, both
metrics (Chl-a and bloom frequency) must be integrated. We suggest
assigning a score to the status indicated by each metric and then
calculating the average. The scores are 1 for “high” status, 0.8 for “good”
status and 0.6 for “moderate” status. The state of the phytoplankton is
classified by the average of both scores. If the average is equal to 1, the
state is “high”. If the average is ≥0.8 and b1, the state is “good”. If the
average is ≥0.6 and b0.8, the state is “moderate”.

The methodology applied in the Basque Country uses two of the
metrics investigated by Devlin et al. (2007), for the assessment of the
phytoplankton element in the United Kingdom and Ireland. However,
regarding the metric based on frequency of elevated cell counts, their
approach is different. This metric is composed of four sub-metrics that
calculate the frequency of high biomass (Chl-a), elevated single taxa
counts, elevated Phaeocystis sp. counts and elevated total cell counts,
respectively. These authors establish the thresholds for elevated cell
counts by considering the abundance levels that can impact negatively
on the environment, which are set at 106 cells L−1 for any single taxon
(including Phaeocystis sp.) and 107 cells L−1 for the total taxa. In contrast,
in the present study, the thresholds for elevated cell counts are based on
the cell abundance levels that are characteristics of bloom events (i.e.,
abundance higher than the general background), in order to allow the
detection of unusual situations before negative impacts arise.

Tett et al. (2007) have proposed a differentmethodology for detecting
the disturbance of temperate salt-water communities dominated by
phytoplanktonic orphytobenthic primaryproducers. This approach relies
uponmonitoring indicators of ecosystemstructure andvigour. In the case
of phytoplankton, these are exemplified by: (i) chlorophyll, transparency,
and dissolved oxygen; (ii) frequency of harmful algal blooms (iii) primary
production; and (iv) planktonic “trophic indices”.

In any case, all of these methodologies require an intercalibration
exercise. Until now, the only intercalibration exercise published for
marinewaters is focused upon the benthic element (Borja et al., 2007a).

5. Conclusions

Eutrophication in the coastal waters of the Basque Country is
considered negligible, due to the specific morphological and hydro-
logical characteristics of this coast. The quality status obtained, when
phytoplankton tools based on Chl-a and cell counts are applied in the
Basque coastal waters, is “high” or “good”.

The application of phytoplankton tools based on cell counts and
size-fractionation should indicate clearly the taxa involved in the
analysis and the size category in which they are included, because the
threshold that defines a bloom is closely linked to these aspects. In this
regard, it would be necessary towork further on lists of phytoplankton
taxa. The approach selected for calculating the frequency of blooms
must be in accordance with the quality of the data. The aspects that
must be considered are the degree of discrimination in the
taxonomical hierarchy, together with the availability of information
on the cell size of the phytoplankton taxa.

In those coastal waters where the risk of eutrophication is very
limited (due to their natural conditions or anthropogenic pressures), it
is necessary to evaluate the convenience of a very precise, but also
very expensive method, for its application in extensive monitoring
programmes, such as those required by the WFD.
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�its g�1�.

'� �	���
&he ��del here devel��ed is �
sed �� th
t ?rst �sed

�� $l�e�
re� 
�d 8il� �!"#!� 
�d the� �� 8il� �!"#%��
�hi�h �tili1es s��t'��tt�� �e�th�s t� ���str��t 
 �4.
 ��t'��tt�� �
�r��e�thi� ������ities res���d t�

e�vir���e�t
l stress �i.e. the i�tr�d��ti�� �� �rg
�i�
�
tter i� the s�ste�� �� �e
�s �� di�ere�t 
d
�tive
str
tegies. $r
� �!"3"� s���
ri1es these str
tegies i�t�
three e��l�gi�
l gr���s+ � ��'sele�ted+ s�e�ies �ith sh�rt
li�e's�
�� �
st gr��th� e
rl� se(�
l �
t�r
ti�� 
�d l
r'
v
e thr��gh��t the �e
r�, - �-'sele�ted+ s�e�ies �ith
rel
tivel� l��g li�e� sl�� gr��th 
�d high �i��
ss�, 
�d
� �stress t�ler
�t+ s�e�ies ��t 
�e�ted �� 
lter
ti��s�.
 
le�'i�
rd �!"#*� h
s �r���sed ���r �r�gressive

ste�s rel
ti�g t� stressed e�vir���e�ts+ �i� i�iti
l st
te
�i� 
� ����ll�ted sit�
ti��� there is 
 ri�h �i��e��sis i�
i�divid�
ls 
�d s�e�ies� �ith e(�l�sive s�e�ies 
�d high
diversit��, �ii� slight ���
l
��e �regressi�� �� e(�l�sive
s�e�ies� �r�li�er
ti�� �� t�ler
�t s�e�ies� the 
��e
r
��e
�� �i��eeri�g s�e�ies� de�re
se �� diversit��, �iii� �r�'
�����ed ���
l
��e �����l
ti�� d��i�
ted �� ��ll�ti��
i�di�
t�rs� ver� l�� diversit��, 
�d �iv� 
1�i� s��str
t
.
��ll��i�g these ���r ste�s� 8il� �!"#%� 
�d $l�e�
re�

�!"#6� h
ve st
ted th
t the s��t'��tt�� �
�r��
��

���ld �e �rdered i� ?ve gr���s� 
���rdi�g t� their se�'
sitivit� t� 
� i��re
si�g stress gr
die�t �i.e. i��re
si�g
�rg
�i� �
tter e�ri�h�e�t�. &heir ����e�t is si�il
r t�
th
t devel��ed ��r the 4��
��
l 4�de( ��r  ��ther�
	
li��r�i
� des�ri�ed �� �e
r�s 
�d ��rd �!"#2� 
�d
�err
r� �� ��. �!""!�. &hese gr���s h
ve �ee� s���
'
ri1ed �� $r
ll 
�d $l�e�
re� �!""3�� 
s ��tli�ed �el��.

.�	�� �.  �e�ies ver� se�sitive t� �rg
�i� e�ri�h�e�t

�d �rese�t ��der ����ll�ted ���diti��s �i�iti
l st
te�.
&he� i��l�de the s�e�i
list �
r�iv�res 
�d s��e de��sit'
�eedi�g t��i��l��s ��l��h
etes.

.�	�� ��.  �e�ies i�di�ere�t t� e�ri�h�e�t� 
l�
�s
�rese�t i� l�� de�sities �ith ���'sig�i?�
�t v
ri
ti��s
�ith ti�e ��r�� i�iti
l st
te� t� slight ���
l
��e�. &hese
i��l�de s�s�e�si�� �eeders� less sele�tive �
r�iv�res 
�d
s�
ve�gers.

.�	�� ���.  �e�ies t�ler
�t t� e(�ess �rg
�i� �
tter
e�ri�h�e�t. &hese s�e�ies �
� ����r ��der ��r�
l
���diti��s� ��t their ����l
ti��s 
re sti��l
ted ��
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�rg
�i� ri�h�e�t �slight ���
l
��e sit�
ti��s�. &he� 
re
s�r�
�e de��sit'�eedi�g s�e�ies� 
s t��i��l��s s�i��ids.

.�	�� �/.  e���d'�rder ����rt��isti� s�e�ies �slight
t� �r������ed ���
l
��ed sit�
ti��s�. �
i�l� s�
ll
si1ed ��l��h
etes+ s��s�r�
�e de��sit'�eeders� s��h 
s
�irr
t�lids.

.�	�� /. �irst'�rder ����rt��isti� s�e�ies ��r�'
�����ed ���
l
��ed sit�
ti��s�. &hese 
re de��sit'
�eeders� �hi�h �r�li�er
te i� red��ed sedi�e�ts.
&he distri��ti�� �� these e��l�gi�
l gr���s� 
���rdi�g

t� their se�sitivit� t� ��ll�ti�� stress� �r�vides 
 �4 �ith
eight levels� �r�� 0 t� 3 �8il�� !"#%, 8il� �� ��.� !"#6,
�
9eed� !"#3�.
4� the 
��re�e�ti��ed ���it�ri�g �et��r� �� s
�'

�li�g st
ti��s� t�gether �ith �ther st�dies devel��ed ��
A�&4 
l��g the �
s��e ��
stli�e �ithi� the l
st ?ve
�e
rs ���r9
 �� ��.� !""5� !"""
���� ��re th
� "00 t
(

h
ve �ee� ide�ti?ed. &hese s�e�ies 
re re�rese�t
tive ��
the ��st i���rt
�t s��t'��tt�� ������ities �rese�t 
t
E�r��e
� est�
ri�e 
�d ��
st
l s�ste�s. &he t
(
 h
ve
�ee� �l
ssi?ed �list i� A��e�di( A� 
���rdi�g t� the

��ve e��l�gi�
l gr���s� ��ll��i�g �
9eed �!"#3��
)
�er �!""*�� �eis�erg �� ��. �!""3�� $r
ll 
�d
$l�e�
re� �!""3� 
�d ���erts �� ��. �!""#�. ��l� 
���t

!2@ �� the t
(
 h
ve ��t �ee� ��ssi�le t� �e 
ssig�ed t�

� e��l�gi�
l gr���.
�
sed ���� 8il��s ��del �8il�� !"#%, 8il� �� ��.� !"#6,

�
9eed� !"#3�� �ig. 2 sh��s the the�reti�
l distri��ti��
�� rel
tive 
���d
��e �� e
�h e��l�gi�
l gr���� 
l��g 

��ll�ti�� gr
die�t.
A ��ssi�le li�it
ti�� i� the �tilis
ti�� �� the ��del ��

8il� is th
t e
�h �4 h
s 
 dis�reet v
l�e 
�d its �
l��'
l
ti�� is ��t s�ste�
ti1ed. 4� �rder t� i��r�ve the i�de(�

 si�gle ��r��l
 is �r���sed here. &his is �
sed ���� the
�er�e�t
ges �� 
���d
��e �� e
�h e��l�gi�
l gr����
�ithi� e
�h s
��le� t� ��t
i� 
 ���ti����s i�de( �the
�i�ti� 	�e/�ie�t ��	��� �here

Biotic Coefficient ¼ fð0�% GIÞ þ ð!:5�% GIIÞ
þ ð*�% GIIIÞ þ ð%:5�% GIVÞ
þ ð6�% GVÞg=!00:

&he 
��ve'�e�ti��ed e��l�gi�
l gr���s �$4� $44�
$444� $4� 
�d $�� 
re s���
ri1ed i� &
�le !.  �e�ies
��t 
ssig�ed t� 
 gr��� �ere ��t t
�e� i�t� 
�����t.
&hese s�e�ies re�rese�t ��l� 
 �e
� 
���d
��e �� !.%@�
��r the t�t
l ����er �� s
��les.
4� this �
�� �se �� the �	 �
� derive 
 series ��

���ti����s v
l�es� �r�� 0 t� 6� �ei�g 3 �he� the sedi'
�e�t is 
1�i�. ���etheless� the �	 �
� �e ����
red t�
the $r
ll 
�d $l�e�
re� �!""3� �4� 
s 
d
�ted i� this
�
�er �&
�le !�. &he res�lt ��t
i�ed is 
 5��ll�ti��
�l
ssi?�
ti��7 �� 
 site �hi�h is 
 ����ti�� �� the �	.
	��se��e�tl�� this re�rese�ts the �e�thi� ������it�
5he
lth7� re�rese�ted �� the e�tire ����ers �� the �4.

-����
�

&he �e
� 
�d st
�d
rd err�r v
l�es �� gr
i� si1e 
�d
�h�si�
l �h
r
�teristi� 
ss��i
ted �ith e
�h �� the s
�'
�li�g st
ti��s �!3 est�
ri�e 
�d !* litt�r
l� 
re listed i�
&
�le 2. &he �
ter de�th r
�ge is ver� l
rge 
t e
�h ��
the st
ti��s ���der �e
� 8igh �
ter �e
� t� 2% � i�
the est�
ries 
�d *0:*5 � 
ss��i
ted �ith the litt�r
l
s
��les�. �e
� s
li�it�� 
t ��tt�� �
ter� r
�ges �r��
!6.2 t� *5.* i� est�
ries� ��t is restri�ted �ithi� the
��
st
l 
re
s �*5.*:*5.5�.
&he r
�ge i� the �er�e�t
ge �� �(�ge� s
t�r
ti�� is

ver� high �ithi� the est�
ries �%*:!!"@�� ��t r
�ges i�
the litt�r
l st
ti��s �r�� "2@ t� "3@. &he �rg
�i�

.��# / &he�reti�
l ��del� ��di?ed �r�� 8il� �!"#%�� 8il� �� ��. �!"#6�

�d �
9eed �!"#3�� �hi�h �r�vides the �rdi�
ti�� �� s��t'
��tt�� �
�r��
��
 s�e�ies i�t� ?ve e��l�gi�
l gr���s �$r���
4+ s�e�ies ver� se�sitive, $r��� 44+ s�e�ies i�di�ere�t, $r���
444+ s�e�ies t�ler
�t, $r��� 4�+ se���d'�rder ����rt��isti�
s�e�ies, $r��� �+ ?rst'�rder ����rt��isti� s�e�ies�� 
���rdi�g
t� their se�sitivit� t� 
� i��re
si�g ��ll�ti�� gr
die�t. &he
rel
tive �r���rti�� �� 
���d
��e �� e
�h gr��� i� 
 s
��le
�r�vides 
 dis�reet �4 �ith eight levels �0:3� 
�d 
� e��iv
le�t
���ti����s �	 �v
l�es �et�ee� 0 
�d 6�.

$��1� ;

 ���
r� �� the �	 
�d �4 ���di?ed �r�� $r
ll 
�d $l�e�
re�� !""3�.

 ite ��ll�ti�� �l
ssi?�
ti�� �i�ti� 	�e/�ie�t �i�ti� i�de( )��i�
ti�g e��l�gi�
l gr��� �e�thi� ������it� he
lth

����ll�ted 0:0 < BC � 0:2 0 4 ��r�
l
����ll�ted 0:2 < BC � 1:2 ! 4���verished
 lightl� ��ll�ted 1:2 < BC � 3:3 2 444 ���
l
��ed
�e
�l� ��ll�ted 3:3 < BC � 4:3 * &r
�siti��
l t� ��ll�ti��
�e
�l� ��ll�ted 4:5 < BC � 5:0 % 4�:� �ll�ted
8e
vil� ��ll�ted 5:0 < BC � 5:5 5 &r
�siti��
l t� he
v� ��ll�ti��
8e
vil� ��ll�ted 5:5 < BC � 6:0 6 � 8e
v� ��ll�ted
E(tre�el� ��ll�ted A1�i� 3 A1�i� A1�i�
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�
tter ���te�t i� the sedi�e�ts is higher i� the est�
ries
�2.*:2#.2@� th
� i� litt�r
l 1��e �*.%:6.#@�. &his ��r'
res���ds t� 
 higher r
�ge �� the ��d ���te�t �ithi� the
sedi�e�ts �0.*:#0.!@ 
�d 0.!:!3.*@� res�e�tivel��. &he
red�( ��te�ti
l r
�ges �r�� )!#5 t� %!0 �� �ithi� the
est�
ries� 
�d �r�� )#% t� %05 �� �ithi� the litt�r
l
s
��les.
�r�� *0 st
ti��s� s��e !!% s
��les �� �e�th�s h
ve

�ee� ��t
i�ed �ver 
 % �e
r �eri�d. &hese s
��les
��rres���d t� di�ere�t e�vir���e�ts �est�
ri�e� litt�r
l�
i�tertid
l� s��tid
l� 
�d �h�si��'�he�i�
l �h
r
�teristi�s
�red��ed 
�d �(idi1ed sedi�e�ts� h���(i
 
�d �vers
t'
�r
ti�� i� the ��tt�� �
ters� ���r �rg
�i� �
tter
�r���rti�� 
�d e�ri�h�e�t� et�.�.
A�ter the 
��li�
ti�� �� the �	� ���sideri�g its ��r'

res���de��e �ith the �4 �&
�le !�� the res�lts �ere+ 2
s
��les �ith 
 �4¼ 0, 2* s
��les �� �4¼ !, %# s
��les
�� �4¼ 2, !5 s
��les �� �4¼ *, 3 s
��les �� �4¼ %, 6
s
��les �� �4¼ 5, 6 s
��les �� �4¼ 6, 
�d 3 s
��les ��
�4¼ 3.
�ig. * sh��s the res�lts ��t
i�ed �� ����
ri�g di�'

�ere�t �i�l�gi�
l �
r
�eters� �� s
��les h
vi�g the
s
�e �i�ti� i�di�es. &he �4¼ 3 is e��iv
le�t t� 
� 
1�i�
site� s� 
ll the �i�l�gi�
l �
r
�eters 
re e��
l t� 0 i�
these �
rti��l
r s
��les.

&he �e
� 
���d
��e i��re
ses �r�� *6.3 i�d ��2

��4¼ 0� t� 2 55" i�d ��2 ��4¼ 6�� �ith the e(�e�ti�� ��
�4¼ 5� �ith 
 v
l�e �� %56 i�d ��2 ��ig. *�
��. �ithi�
the l��est �� the �i�ti� 4�di�es �0� ! 
�d 2�� the st
�d
rd
err�r �� the �e
� is ver� s�
ll, it is �r�gressivel� l
rger
i� the highest.
 t
tisti�
l 
�
l�ses �ere �
de ���sideri�g the �	

�e�
�se� 
s this ��e/�ie�t �
� derive ���ti����s v
l�es�
it is ��re s�it
�le ��r this ��r��se th
� the �4. &
�i�g
i�t� 
�����t 
ll the s
��les 
�
l�sed� the ���'�
r
'
�etri�  �e
r�
� r
�� ��rrel
ti�� �et�ee� the 
���'
d
��e 
�d the �	 is ��t st
tisti�
ll� sig�i?�
�t
�� > 0:05�.
�� the �ther h
�d� �i��
ss ��ig. *���� i��re
ses �r��

0.! g ��2 ��4¼ 0� t� !%.* g ��2 ��4¼ %�. 8��ever ��r
�i�ti� 4�di�es 5 
�d 6� d��i�
ted �� s�
ll ����rt��isti�
s�e�ies� the �i��
ss is l��er th
� % g ��2. &here is �� 

st
tisti�
ll� sig�i?�
�t ��rrel
ti�� �et�ee� �i��
ss 
�d
�	 � �e
r�
� r
�� ��rrel
ti���.
�ig. *��� sh��s the �e
� ri�h�ess �� the s
��les.

E(�e�t i� the �
se �� �4¼ 0� �ith 
 �e
� ri�h�ess �� 2�
i� the �ther �i�ti� i�di�es the ri�h�ess de�re
ses �r�'
gressivel� �r�� 26 t� 23 s�e�ies ��4¼ ! 
�d 2� t� 0
s�e�ies ��4¼ 3�. �i�h�ess 
�d �	 
re highl� ��rrel
ted
�� < 0:00!�  �e
r�
� r
�� ��rrel
ti���.

$��1� /

h�si��'�he�i�
l �h
r
�teris
ti�� �� s
��li�g st
ti��s� sh��i�g �e
� 
�d st
�d
rd err�r � E� v
l�es �� s��e sedi�e�t�l�gi�
l 
�d �
ter
�
r
�eters.a

 t
ti��
����er

 t
ti��
t��e

)e�th
���
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@ �(�ge�
s
t�r
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�d @ ��d @ �rg
�i�
�
tter

�ed�(
��te�ti
l ����
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 E+ est�
ri�e site, L+ litt�r
l site, 4+ i�tertid
l site.
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���eri�
l diversit� ��ig. *�d�� sh��s 
 si�il
r �
tter�
t� th
t �� ri�h�ess. &here is 
 �r�gressive de�re
se i� the
�e
� v
l�es� �r�� *.5 �its i�d�1 ��4¼ !� t� 0 �its i�d�1

��4¼ 3�� �ith the e(�e�ti�� �� �4¼ 0 �hi�h is 
ss��i
ted
�ith 
 l�� v
l�e �0.6 �its i�d�1�. �i��
ss diversit� h
s
v
l�es �� 
���t !.6 �its g�1� �et�ee� �4¼ ! t� %, the�� it
de�re
ses t� 0 ��4¼ 3�. ��th v
ri
�les 
re ��rrel
ted
�ith �	 �� < 0:00! 
�d � < 0:05 ��r ���eri�
l 
�d
�i��
ss diversities� res�e�tivel��� �si�g  �e
r�
� r
��
��rrel
ti��.
&he rel
ti��shi�s �et�ee� s��e �� the sedi�e�t�'

l�gi�
l 
�d �
ter ��
lit� �
r
�eters 
�d �i�ti� i�di�es


re sh��� i� �ig. %. �4¼ 0 is 
ss��i
ted �ith the highest
�e
� red�( ��te�ti
l ��ig. %�
�+ *60 ���. &his �
r
�'
eter �e���es �r�gressivel� l��er� �ith �4¼ 3 h
vi�g 

�e
� ��te�ti
l �hi�h is ver� red��ed �:!25 ���.  
�'
�les �ith l�� �i�ti� i�di�es �0 
�d !� 
re 
ss��i
ted �ith
less th
� 2@ �� ��d ��ig. %���� 
�d the v
l�es i��re
se
t� 6*@ ��4¼ 3�.  ��e 
���
lies �ere dete�ted i�
�4¼ 5 
�d 6� �hi�h �rese�t !0:20@ �� ��d. &he �r'
g
�i� �
tter ���te�t h
s 
 si�il
r �
tter� �� distri��'
ti�� t� th
t �� gr
��l��etr� ��ig. %����. )
t
 �� the
�e
� ��tt�� diss�lved �(�ge� ���te�t 
re �rese�ted i�
�ig. %�d�. &he highest v
l�e ��rres���ds t� �4¼ 0

.��# = �e
� 
�d st
�d
rd err�r v
l�es �� di�ere�t sedi�e�t�l�gi�
l

�d �
ter ��
lit� �
r
�eters ��t
i�ed �� s
��les h
vi�g the
s
�e �i�ti� i�di�es. �
� red�( ��te�ti
l, ��� �er�e�t
ge �� ��d,
��� �rg
�i� �
tter ���te�t, 
�d �d� ��tt�� diss�lved �(�ge�
���te�t.

.��# 8 �e
� 
�d st
�d
rd err�r v
l�es �� di�ere�t �i�l�gi�
l
�
r
�eters ��t
i�ed �� s
��les h
vi�g the s
�e �i�ti� i�di�es.
�
� 
���d
��e, ��� �i��
ss, ��� ri�h�ess, 
�d �d� diversit�
�derived �r�� ����er �� i�divid�
ls 0 
�d �i��
ss '�.
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�6.5 �l l�1�� de�re
si�g t� 2.6 �l l�1 
t �4¼ 3. &he
 �e
r�
� r
�� ��rrel
ti��s �et�ee� these v
ri
�les 
�d
�	 
re highl� sig�i?�
�t �� < 0:00!�.
&he �e
� ����e�tr
ti��s rel
ti�g t� s��e �� the

he
v� �et
ls i� the sedi�e�ts 
ss��i
ted t� e
�h �4 
re
sh��� i� �ig. 5. Arse�i� 
�d �er��r� ���te�ts d� ��t
reve
l 
�� �le
r �
tter� �� distri��ti�� �ith the �4.
�ther �et
ls �rese�t i��re
si�g ����e�tr
ti��s �r��
�4¼ 0 t� �4¼ 3� �ith the e(�e�ti�� �� s��e s�e�i?�
�e
�s ��4¼ *� ��r �hr��i�� 
�d �i��el, 
�d �4¼ 6� ��r
le
d 
�d ����er� 
�d tr��ghs ��4¼ % 
�d 5� ��r �
d'
�i��� �i��el 
�d 1i���. E(�e�t 
rse�i� 
�d �er��r� 
ll
the �et
ls 
re ��sitivel� ��rrel
ted �ith �	 �� < 0:0!�
 �e
r�
� r
�� ��rrel
ti��s�.

�� the �ther h
�d� the �rg
�i� �������ds ��ig. 6� d�
��t sh�� 
 si�il
r �
tter� t� th
t �� the �et
ls. ��l�
	� i��re
se i� their ����e�tr
ti��s �r�� �4¼ 0 t�
�4¼ 3, h��ever the di�ere��es 
re ver� s�
ll. A8 is 
t
their s�
llest ����e�tr
ti��s i� �4¼ 5 
�d 6. &he ��l�
sig�i?�
�t ��rrel
ti�� is ����d �et�ee� �	 
�d 	�
�� < 0:05�  �e
r�
� r
�� ��rrel
ti���.
	���
ri�g the �er�e�t
ge �� s
��les �� e
�h �4 th
t

g�es �e���d the E�'L ��r E�e�ts �
�ge'L��� re�re'
se�ti�g ����e�tr
ti��s �el�� �hi�h 
dverse e�e�ts t�
�
��
 
re e(�e�ted t� ����r r
rel� �L��g �� ��.� !""5���
the d
t
 �rese�ted i� �ig. 3 sh��s th
t �4¼ 0 d�es ��t
i��l�de s
��les th
t s�r�
ss these li�its ��r �et
ls 
�d
�rg
�i� �������ds. ��r�
ll�� the �ther �i�ti� i�di�es

.��# 7 �e
� 
�d st
�d
rd err�r v
l�es �� eight he
v� �et
l ���te�ts
i� sedi�e�ts ��t
i�ed �� s
��les h
vi�g the s
�e �i�ti�
i�di�es.

.��# 9 �e
� 
�d st
�d
rd err�r v
l�es �� ���r �rg
�i� �������d
���te�ts i� sedi�e�ts ��t
i�ed �� s
��les h
vi�g the s
�e
�i�ti� i�di�es.
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i��re
se �r�gressivel� i� the �er�e�t
ge �� s
��les s�r'
�
ssi�g these li�its �see d
t
 �rese�ted ��r 
rse�i��
�er��r�� �i��el� le
d� ����er� �hr��i��� 	� 
�d
))&�.

>�������	�

�
�� �� the �i�ti� i�di�es devel��ed i� the liter
t�re
�	le�e�ts �� ��.� !""2, ���th��� !""*,  t
r�� !""*,
$r
ll 
�d $l�e�
re�� !""3, ���erts �� ��.� !""#� et�.�
h
ve �ee� �
sed �� the �
r
dig� �� e
rs�� 
�d ��'
se��erg �!"3#�� 
s st
ted �� �eis�erg �� ��. �!""3� i�
devel��i�g their ��� i�de(. &he �
r
dig� st
tes th
t
�e�thi� ������ities res���d t� i��r�ve�e�ts i� h
�'
it
t ��
lit� i� three �r�gressive ste�s+ the 
���d
��e
i��re
ses, s�e�ies diversit� i��re
ses, 
�d d��i�
�t
s�e�ies �h
�ge �r�� ��ll�ti��'t�ler
�t t� ��ll�ti��'
se�sitive s�e�ies.
&his ge�er
ll� 
��e�ted �
r
dig� h
s �ee� 
d
�ted

�r�� $r
ll 
�d $l�e�
re� �!""3� i� this ���tri��ti��� i�
�rder t� ��t
i� 
� E�r��e
� �4. &his sh��ld �e 
�le t�
disti�g�ish e
sil� est�
ries 
�d ��
st
l re�ere��e sites
�r�� ��ll�ted sites� �ith di�ere�t levels �� 
�thr���'
ge�i� �r �
t�r
l degr
d
ti��.
&he i�de( derived �r�vides 
 se�i'��
�tit
tive �e
'

s�re�e�t �� the degree �� i��
�t �� s��t'��tt�� �
�'
r��
��
� �hi�h is reFe�ted �� �h
�ges i� the ��
lit
tive

�d ��
�tit
tive ������it� �����siti��.
As the �4 h
s �ee� est
�lished �� the �
sis �� 
�
l�sis

�� s
��les ��t
i�ed �r�� 
 ���it�ri�g �et��r�� �ith 

�rev
le��e �� ��ll�ted sites� there 
re ��l� t�� ����l'
l�ted s
��les ��4¼ 0� �hi�h ��rres���d t� 
 5��r�
l7
������it� ������ $r
ll 
�d $l�e�
re�� !""3�. &he di'
versit� res�lts d� ��t ��rres���d t� th�se e(�e�ted �r��
the 
��re�e�ti��ed �
r
dig�� �e�
�se the ri�h�ess is

ver� l��. 	��versel�� s
��les �ith �4¼ ! �
ls� ����l'
l�ted i� the �rese�t �r���s
l� ��rres���di�g t� 
�
i���verished ������it�� �r higher� �4¼ 2:6 ���rre'
s���di�g t� slightl� t� he
vil� ��ll�ted sites� h
ve
�ell'de?�ed v
l�es �� �i�l�gi�
l �
r
�eters, this is 
s
�ight �e e(�e�ted �r�� the res�lts �� e
rs�� 
�d
��se��erg �!"3#�.
 ��e �i�ti� i�di�es� �r 	�e/�ie�ts �� �ll�ti�� �i.e.

��gd
��s 
�d  
ts�
d9is� !"#5� d� ��t 
��e
r t� �e
s�it
�le ��r 
��li�
ti�� i� s��e �
ses. &his is d�e t� the
l
�� �� se�sitivit� �� these i�di�es t� i�ter�edi
te ��l'
l�ti�� levels ��A��� !""*�� ��rres���di�g �ith slightl�
��ll�ted 
re
s. 8il� �!"#%� 
�d $r
ll 
�d $l�e�
re�
�!""3� h
ve des�ri�ed si�il
r di/��lties.
&he 
��ve li�it
ti�� 
��e
rs t� �e d�e t� 
 ge�er
l

��der'esti�
ti�� �� the �
��
l 
���d
��e i� ����
ri'
s�� �ith ����ll�ted 
re
s. &his is �e�
�se �
��
l

���d
��e �ill i��re
se ��der slight t� ��der
te ��l'
l�ti��� ��t ����ers �� s�e�ies �
� either st
� ���st
�t
�r sh�� ��l� 
 slight i��re
se. 4� the �rese�t �r���s
l�
this �r��le� 
��e
rs t� �e eli�i�
ted �e�
�se the 
�'
�r�
�h h
s 
 high se�sitivit� 
t these levels� �ith �ell'
de?�ed v
l�es i� the �i�l�gi�
l �
r
�eters.
�rg
�i� e�ri�h�e�t 
�d ��dd� ��tt��s� 
ss��i
ted

�ith s��se��e�t l�� red�( ��te�ti
l 
�d h���(i
� 
re
rel
ted �ith ����rt��isti� s�e�ies ��
9eed� !"#3� i�
5he
vil� ��ll�ted7 levels� 
���rdi�g t� the �4 ��4¼ 5:3�.
)i
1 
�d ��se��erg �!""5� h
ve s�ggested th
t �e�thi�
i��
��
l ��rt
lit� ���ld �e i�iti
ted �he� the �(�ge�
����e�tr
ti�� �
lls �el�� 2 �l l�1. �itter 
�d ���t
g�

�!"""� h
ve re�e�tl� �r���sed th
t * �g l�1 �¼ 2.!% �l
l�1� de?�es the �re
���i�t �et�ee� ��r��(i� 
�d h�'
��(i� �e�thi� ������ities. &he �e
� �(�ge� ����e�'
tr
ti�� ��t
i�ed ��r �4¼ 3 i�di�
tes th
t li�e ���ld �e
ver� li�ited i� th�se sites. 8��ever� �ithi� �4¼ 6� there

.��# ? er�e�t
ge �� s
��les �� e
�h �i�ti� i�de( th
t g�es �e���d the
E�'L ��r E�e�ts �
�ge'L��� re�rese�ti�g ����e�tr
ti��s
�el�� �hi�h 
dverse e�e�ts 
re e(�e�ted t� ����r r
rel��� ��r
seve� he
v� �et
ls 
�d three �rg
�i� �������ds.
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re s��e sit�
ti��s �� ver� l�� �(�ge� ����e�tr
ti��
�hi�h e(�l
i� the �rese��e �� s�e�ies �hi�h 
re resist
�t
t� severe �r ��der
te h���(i
. &hese s�e�ies 
re �l
s'
si?ed �ithi� e��l�gi�
l $r���s 4� 
�d �.
 
��les �ith �4¼ 6 
�d 3 
re 
ss��i
ted �ith sites

th
t e(�erie��e �eri�di� h���(i
� ���sisti�g �� re�e
ted
�rie� �eri�ds �d
�s �r �ee�s� i� the �
se �� �4¼ 6� �r
se
s��
l h���(i
 ����ths� i� the �
se �� �4¼ 3�� th
t
ge�er
te �
ss ��rt
lit� �r ����lete eli�i�
ti�� �� the
�
�r��
��
.  ��e �� the s
��les �ith �4¼ 3 
re
l��
ted �ithi� the �il�
� est�
r�� ��r �hi�h  �ai1' 
li�
s
�!""3� 
�d $��1�ale1'�re9
 
�d  �ai1' 
li�
s �!""#� h
ve
de���str
ted th
t the �(�ge� li�it
ti�� re�rese�ts the
�e� �
�t�r i� the est�
ri�e de�
��
ti�� �� s
��li�g
st
ti��s �ithi� the est�
r�.
h�si��'�he�i�
l res�lts rel
ted t� the �4 �see �ig. %�

h
ve s��e ��e(�e�ted res�lts 
t the level �� �4¼ 5 
�d
6. &he tre�d �� i��re
si�g �er�e�t
ges �� ��d 
�d �r'
g
�i� �
tter� t�gether �ith de�re
si�g red�( ��te�ti
l�
�re
�'d��� 
t these �
rti��l
r levels. �4¼ 5 
�d 6
��rres���d t� high �er�e�t
ges �� e��l�gi�
l $r��� �
��ith 
 �e
� �� 33.5@ �� s�e�ies i� �4¼ 5� t�gether �ith
"2.3@ i� �4¼ 6�. &hese s�e�ies 
re �
i�l� de��sit'
�eeders. As s��h� the� ���ld ��di�� the �r���rti�� ��
�rg
�i� �
tter i� the sedi�e�ts �� �hi�h the� �eed 
�d�
s��se��e�tl�� ��di�� the gr
i� si1e �����siti�� �� the
sedi�e�ts. &he ��ti�
l gr
i� si1e �
� �e di�ere�t ��r
the settli�g l
rv
e� 9�ve�iles 
�d 
d�lts �� 
 v
riet� ��
de��sit'�eeders � �elgr�ve 
�d ��t�
�� !""%�� �h
�gi�g
their �h�si��'�he�i�
l �r��erties. ��r e(
��le� 8
ll
�!""%� h
s st
ted th
t �
e�
l �ellets �� �e�thi� i�verte'
�r
tes ��di�� the gr
i� si1e �� the s�r?�i
l sedi�e�ts.
4� s�ite �� the �
�t th
t h���(i
 see�s t� ���tr�l the

�rese��e �� the gr���i�gs �ith �4¼ 3 
�d th
t �rg
�i�
�
tter ���te�t is ver� i���rt
�t i� 
s�ri�i�g s
��les t�
the �4� e��t�(i��l�gi�
l e�e�ts 
��e
r t� �l
� ��l� 


se���d
r� r�le i� the 
�
l�ses, h��ever it �
� h
ve h
d

� e�e�t i� the l��ger ti�e� 
s �ited ��  �ai1' 
li�
s
�!""3� ��r the �il�
� Est�
r�.
4� �rder t� v
lid
te the derived �4� ��r ��re ge�er
l


��li�
ti��� ���r st
ti��s �r�� the *0 st
ti��s s
��led
h
ve �ee� sele�ted ��r ��re det
iled 
�
l�sis. &he ev�'
l�ti�� �� the �er�e�t
ge �� e��l�gi�
l gr���i�g� the �4

�d the �	� derived ��r �et�ee� !""5 
�d !""#� 
t these
st
ti��s is sh��� i� �ig. #.
�ithi� the �rd
i�
i est�
r� ��igs. ! 
�d #�
�� the

res�lts ��t
i�ed �r�� 
 si�gle st
ti��� i� the i��er �
rt
�� the est�
r�� sh��s 
 d��i�
��e �� e��l�gi�
l $r���
444. &his is �h
r
�teristi� �� est�
ri�e ������ities l�'
�
ted 
t sites �ith �rg
�i� �
tter i���ts. &he derived �4
sh��s th
t� i� !""5 
�d !""6� the site is slightl� ��ll�ted
��4¼ 2� d�e �
i�l� t� the 
��re�e�ti��ed �rg
�i�
�
tter e�ri�h�e�t. 4� !""3 
�d !""#� the �4 i��re
ses
�r�gressivel� ��4¼ * 
�d %�, 
s s��h �l
ssi��i�g this
st
ti�� 
s 5�e
�l� ��ll�ted7.  ��h 
 tre�d is �
�sed ��
the i��re
si�g d��i�
��e �� e��l�gi�
l $r��� �� �hi�h
i�di�
tes the �rese��e �� ����rt��isti� s�e�ies. �� the
�ther h
�d� the �	 i��re
ses gr
d�
ll� �ith ti�e� �hi�h
i�di�
tes 
 risi�g ���t
�i�
ti�� i� this site d�ri�g the
l
st �e
rs.
&he i��re
se i� the �4 ���ld �e the res�lt �� dredgi�g


�tivities ��dert
�e� 
l��g this �
rti��l
r est�
r��
�ithi� the l
st �e� �e
rs. At the s
�e ti�e� there 
re
�h
�ges i� the sedi�e�t �����siti��� the 
���d
��e ��
s�s�e�ded �
tter� et�. &hese �r�vide the �
sis ��r 
�
i��re
se i� the ����rt��isti� s�e�ies 
t this �
rti��l
r
l��
ti��.
4� �e�r�
r� !""5� the st
ti�� i� the �ri
 est�
r�

��igs. ! 
�d #����� �
s l��
ted s��e 500 � l
�d�
rd ��
the ���th. $r��� 4 �
s d��i�
�t 
�d the �4 �2� �r�'
vides 
 �l
ssi?�
ti�� �� the site 
s 5slightl� ��ll�ted7. 4�
!""5 
�d !""6� s��e �h
��elli�g ��r�s �ere ��der'

.��# < Ev�l�ti�� �� the �er�e�t
ge �� e��l�gi�
l gr���s �4:��� the �4

�d the �	� derived ��r �et�ee� !""5 
�d !""#� ��r the st
ti��s
sh��ed i� �ig. !+  t
ti�� !0,  t
ti�� 2!,  t
ti�� !*, 
�d  t
ti��
2%.

!!0#

�
ri�e �ll�ti�� ��lleti�



t
�e� i� this est�
r�� e(te�di�g the ���th �� the est�
r�
s��e 500 � ��sh�re. &his devel���e�t h
s led t� 
�
i��re
se i� the dist
��e �r�� the ���th �� the est�
r� t�
the s
��li�g st
ti��� �ith 
 s��se��e�t �h
�ge i� the
�h�si��'�he�i�
l ���diti��s ���r9
 �� ��.� !"""
�. &his
�h
�ge res�lted i� 
� i��re
se i� the ��d 
�d �rg
�i�
�
tter ���te�t� t�gether �ith 
 de�re
se i� diss�lved
�(�ge�. &his �h
�ge i� the �h�si�
l setti�g �r�vides 
�
e(�l
�
ti�� ��r the i��re
se i� the d��i�
��e �� e��'
l�gi�
l $r���s 444 
�d � ���re �h
r
�teristi� 
t the
i��er �
rt �� the est�
r��� ��di��i�g the �4 t� 5�e
�l�
��ll�ted7 �*�. &he �	 i��re
sed d�ri�g this �eri�d� �r��
!.% t� *.5.
&he Le
 is 
 s�
ll est�
r� �ithi� the �
s��e 	���tr�

��igs. ! 
�d #���� �hi�h� i� the �
st % �e
rs� h
s �ee�
s��9e�ted t� 
 se�er
ge �l
�� eli�i�
ti�g �r�
� 
�d
i�d�stri
l eH�e�t dis�h
rges i�t� the est�
ri�e �
ters.
&he est�
r� �
s d��i�
ted �� the ����rt��isti� $r���
� i� !""5� �ith 
 �4 �� * ��e
�l� ��ll�ted�. ��ll��i�g
the i�tr�d��ti�� �� the se�er
ge s�he�e� the e��l�gi�
l
$r��� 4� �����sed �� s�e�ies th
t 
re se�sitive t� ��l'
l�ti��� i��re
sed i� its d��i�
��e. &his re�rese�ted� i�
!""3 
�d !""#� �e
rl� !00@ �� the ������it�.
&hr��gh��t these t�� l
st �e
rs� the �4 is 0. &he �	
de�re
ses �r�� %.2 i� !""5 t� 0.% i� !""6 
�d �e
r 0 i�
!""3 
�d !""#.  �� i� the l
st t�� �e
rs this st
ti�� �
�
�e �l
ssi?ed 
s 
� ����ll�ted site.
�i�
ll�� �ithi� the ��
st
l 
re
 �� �����as� �e
r  
�

 e�
sti�a� ��igs. ! 
�d #�d��� there is 
� i���rt
�t
�h
�ge i� the e��l�gi�
l gr��� �����siti�� �et�ee�
!""5 
�d !""6. At the �egi��i�g �� this �eri�d� there is 

��'d��i�
��e �� $r���s �� 4 
�d 44. 8��ever� there is 

�le
r d��i�
��e �� $r��� � �r�� !""6 t� !""#. At the
s
�e ti�e� the �4 �h
�ges �r�� 2 �slightl� ��ll�ted� t�
5:6 �he
vil� ��ll�ted�. &he �	� �hi�h �
s *.0 i� !""5�
i��re
sed t� v
l�es �et�ee� 5.* 
�d 5." d�ri�g the l
st
three �e
rs. &his �
rti��l
r ��
st
l 
re
 h
s re�eived
l
rge 
����ts �� d��esti� 
�d i�d�stri
l �
ste �r�� the
 
�  e�
sti�a� 
re
 si��e the !"30s. ��rther� i� !""5 
�d
!""6� s��e se�er
ge ��r�s �ere ���str��ted 
�d 
�
i���rt
�t v�l��e �� �r�
� 
�d i�d�stri
l ��ll�ted �
'
ters� derived �r�� �e
r�� 
re
s s��h 
s 
s
9es �r
&(i�ist
rri� �ere diverted t� �����as. &he �
ste i�'
�l�des ���t
�i�
�ts �he
v� �et
ls 
�d �rg
�i� ���'
����ds� 
�d 
 high 
����t �� �rg
�i� �
tter
�rigi�
ti�g �r�� the �
�er �
���
�t�rers ��r
��� �� ��.�
!"""�.

�	������	��

&he �	� �r���sed here 
s 
 �4 t� est
�lish the e��'
l�gi�
l ��
lit� �� the s��t'��tt�� �e�th�s �ithi� the
E�r��e
� ��
st
l e�vir���e�ts� t
�es i�t� 
�����t the
�
��
l �����siti��. As s��h� it 
s�ri�es e
�h s�e�ies t�

� e��l�gi�
l gr���i�g� 
���rdi�g t� their se�sitivit� t�

� i��re
si�g stress gr
die�t.
&he di�ere�t �����siti��� i� ter�s �� the 
���d
��e

�� the v
ri��s e��l�gi�
l gr���s i� these s
��les �r�'

vides 
 ���ti����s �	 ��ith v
l�es �et�ee� 0 
�d 6�.
&his is re�ere��ed t� 
 �4� re�rese�ti�g ��
lit� �� ��t'
t�� ���diti��s i� 
 dis�reet r
�ge �r�� 0 �����ll�ted�
t� 3 �e(tre�el� ��ll�ted�. &his �����siti�� is g�ver�ed
�� the �h�si��'�he�i�
l �
�t�rs �ithi� the sedi�e�ts

�d the �verl�i�g �
ter ��l��� i� ter�s ��+ �rg
�i�
�
tter ���te�t, �er�e�t
ge �� ��d �ithi� the sedi�e�ts,
diss�lved �(�ge� ���te�t �ithi� the ��tt�� �
ters, 
�d
the ����e�tr
ti�� �� ��ll�t
�ts.
�i�l�gi�
l �
r
�eters �s��h 
���d
��e� ri�h�ess�

�i��
ss �r diversit�� �r�vide 
 �se��l �
�d ��re
�r�
dl� 
��li�
�le� des�ri�ti�� �� e
�h level �� the �4. 4t
is ���sidered �
s des�ri�ed �� )
�er� !""*� th
t �i�'
l�gi�
l �riteri
 �
� ����le�e�t t�(i�it� 
�d �he�i�
l

ssess�e�t �eth�ds� t� serve 
s i�de�e�de�t ev
l�
ti��s
�� the e��l�gi�
l ��
lit� �� �
ri�e 
�d est�
ri�e e��'
s�ste�s.
�
lid
ti�� �� the ��del devel��ed sh��s th
t di�er'

e�t 
�thr���ge�i�
ll� �h
�ges i� the e�vir���e�t �
�
�e dete�ted thr��gh the �se �� the �4� i��l�di�g 
lter
'
ti��s t� the �
t�r
l s�ste� s��h 
s dredgi�g� e�gi�eeri�g
��r�s� se�er
ge �l
�s 
�d the d���i�g �� ��ll�ted
�
ters. �� the �ther h
�d� the �	 �r�vides 
 ��re

���r
te vie� �� the ev�l�ti�� �� the e��l�gi�
l st
t�s ��

 �
rti��l
r l��
ti��. ��rther� the �
�t th
t this �
rti�'
�l
r ��e/�ie�t �
� derive ���ti����s v
l�es �
�es it
��re s�it
�le ��r 
��li�
ti�� t� st
tisti�
l 
�
l�sis th
�
the �4 �i.e. te���r
l tre�d 
�
l�sis�.
&he �4 �r���sed here is rel
tivel� si��le 
�d �
��

�e
�i�g��ll�� �e 
��lied �he� 
tte��ti�g t� deter�i�e
the e��l�gi�
l st
t�s �� E�r��e
� ��
stli�es. Alth��gh
this i�de( h
s �ee� devel��ed i� the �
� �� �is�
�� the
�eth�d�l�g� �
� �e 
��lied ��r �ther E�r��e
� ��
st
l

re
s� ��l� ���diti��ed �� the 
ssig�
ti�� �� the s�e�ies
t� the e��l�gi�
l gr���s des�ri�ed here. 4� �
�t� �
�� ��
the s�e�ies ����iled i� the A��e�di( A 
re �rese�t i�
��rth  e
 
�d �editerr
�e
�.  �� the i�de( �
� �e
i��r�ved �ith the ���tri��ti��s �� �e�l� 
ssig�ed
s�e�ies �r�� these se
s 
�d ��rther e(
��les �� its ��re
ge�er
l 
��li�
ti�� 
�d v
lid
ti��.
�i�
ll�� this i�de( �
�ilit
tes the ��derst
�di�g ��

����le( �e�thi� d
t
� s���
ri1i�g 
 ���sider
�le

����t �� e��l�gi�
l i���r�
ti�� i�t� 
 si�gle re�re'
se�t
tive v
l�e.

&his st�d� �
s s����rted �� di�ere�t ���tr
�ts ��dert
�e� �et�ee�
the )e�
rt�e�t �� L
�d A�ti��� 8��si�g 
�d E�vir���e�t �� the
�
s��e $�ver��e�t 
�d A�&4. ��e �� the 
�th�rs ��. �ere1� �
s
s����rted �� 
 gr
�t �r�� the )e�
rt�e�t �� Agri��lt�re 
�d �ishi�g
�� the �
s��e $�ver��e�t. �e th
�� the st
� �� the )e�
rt�e�t ��
��e
��gr
�h� �� A�&4 ��r their 
ssist
��e d�ri�g the ?eld s
��li�g

�d l
��r
t�r� 
�
l�ses 
�d the 4� �� $r��� th
t �
s �h
rged ��
the t
(����i�
l 
�
l�sis. �e �ish t� th
�� 
ls� r��ess�r �i�h
el
	�lli�s � �h��l �� ��e
� 
�d E
rth  �ie��e� ��iversit� ��  ��th'

��t��� �D� 
�d 
� 
�������s re�eree ��r �i�dl� 
dvisi�g �s ��
s��e det
ils �� this �
�er.

������� �

 ee &
�le *.
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The application of a Marine Biotic Index to different impact
sources affecting soft-bottom benthic communities along

European coasts

A. Borja *, I. Muxika, J. Franco

AZTI (Technological Institute for Fisheries and Food), Department of Oceanography and Marine Environment,
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Abstract

Following the European Water Framework Directive (2000/60/EC), the authors proposed, in a previous contribution, a Marine

Biotic Coefficient (BC) to establish the ecological quality of soft-bottom benthos within European estuarine and coastal environ-

ments. The present study examines the application of the BC to the Atlantic (North Sea; Bay of Biscay; South of Spain) and

Mediterranean (Spain and Greece) European coasts. The investigation assesses also the usefulness of the BC, in relation to different

impact sources (e.g. drilling cuts with ester-based mud, submarine outfalls, heavy metals, industrial and mining wastes, jetties and

sewerage works). The results obtained are consistent with those obtained using several methods and parameters, such as richness,

diversity, evenness, Abundance–Biomass comparison plots and univariate and multivariate statistical analyses. The BC values

provide a simple and clearly defined way to establish the ecological quality of soft-bottom benthos, complementary to the above

mentioned methods.

� 2003 Elsevier Science Ltd. All rights reserved.

Keywords: Biotic Index; Ecological quality; Impact; Benthos; Soft-bottom; European coastal environment

1. Introduction

The European Water Framework Directive (2000/60/

EC) emphasises the assessment and achievement of the

ecological quality status of coastal and estuarine waters.

This value will be based mainly upon the composition of
different biological compartments of the ecosystem (e.g.

phytoplankton, benthos, fishes, etc.), in relation to var-

ious reference sites. Other international organisations

(OSPAR-HELCOM Conventions; ICES), are identify-

ing increasingly the necessity to have new �tools� to assess

the anthropogenic impacts on marine habitats.

Several benthic groups, such as amphipods (G�oomez

Gesteira and Dauvin, 2000), cumaceans (Corbera and
Cardell, 1995) or polychaetes (Ros and Cardell, 1991;

Samuelson, 2001), have been used as indicators of stress

or pollution. Hence, most of the above mentioned tools

utilise soft-bottom benthic communities, as a proxy of

the impact at sea (Hily, 1984; Rygg, 1985; Majeed, 1987;

Dauer, 1993; Engle et al., 1994; Grall and Gl�eemarec,

1997; Weisberg et al., 1997; Roberts et al., 1998; Eaton,

2001).

Borja et al. (2000a) proposed a Marine Biotic Index
(BI) to establish the ecological quality of soft-bottom

benthos within the European estuarine and coastal en-

vironments. Some of the differences in this BI, in rela-

tion to those adopted previously, are based upon the use

of a formula to obtain a continuous value of an index,

called the Biotic Coefficient (BC). This is referenced to a

BI, representing the quality of the bottom conditions in

a discreet range from 0 (unpolluted) to 7 (extremely
polluted).

Although this index was based on the paradigm of

Pearson and Rosenberg (1978), which emphasises the

influence of organic matter enrichment on benthic

communities, it was shown to be useful for the assess-

ment of other anthropogenic impacts, such as physical

alterations in the habitat, heavy metal inputs, etc. (Borja

et al., 2000a).

*Corresponding author. Fax: +34-943004801.
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This latter method, developed for the Bay of Biscay,

could be applied for other European coastal areas; it is

conditioned only by the assignation of new species to the

ecological groups, in which the BC are based (Borja
et al., 2000a). The updated list, with more than 2000

taxa, including their assignment to the ecological groups

(following Rygg, 1985; Majeed, 1987; Dauer, 1993;

Corbera and Cardell, 1995; Weisberg et al., 1997; Grall

and Gl�eemarec, 1997; Hall et al., 1997; Roberts et al.,

1998; G�oomez Gesteira and Dauvin, 2000), an Excel tool

for the calculation of the BC and the AMBI program

(AZTI� Marine Biotic Index) to calculate and represent
the BC are available, upon request, to the first author or

are presented in AZTI�s web page (www.azti.es).

The main objectives of the present contribution are:

(1) to explore the application of the BC, to the Atlantic

and Mediterranean European coasts; and (2) to assess

its usefulness in relation to different impact sources.

2. Methods

For the comparison of different �case studies� along
the European coast, we have selected from the biblio-

graphy and our own data six sites with different pollu-

tion sources, environmental problems and geographical

setting. The identified species at each station, together

with their abundances, are provided. Selected environ-

mental and biological data from those sites are pre-

sented in Table 1.
At Site 1, a field monitoring programme was carried

out by Daan et al. (1995, 1996), to assess the environ-

mental effects associated with drill cutting discharges at

a drilling location in the Dutch North Sea, after drill-

ing with ester-based muds (Fig. 1). The study included

a baseline survey just before drilling started together

with three post-drilling surveys (1, 4 and 11 months,

respectively), after termination of the drilling. During
these surveys, ester concentrations and macrofauna

densities (in this particular case, there are no data

available from the first post-drilling survey) were de-

termined at distances between 75 and 3000 m from the

well (Fig. 1).

Site 2 is located in the northern part of the Bay of

Concarneau (French Atlantic coast) (Fig. 1); this re-

ceived, in 1981, untreated urban (5000 m3 day�1), in-
dustrial (3500 m3 day�1) and harbour sewage from the

town of Concarneau (Gl�eemarec and Hily, 1981). The

faunal changes, observed along the gradient of increas-

ing organic input, provide an effective indication of en-

vironmental disturbance. Firstly, successive stages of the

deterioration of the macrobenthic communities are de-

Table 1

Mean, maximum and minimum values of some environmental (water depth, sediment type, silt-clay) and biological (abundance, richness, Shannon-

Weaver diversity) parameters, from each of the sites (BA¼ before actuation; AA¼ after actuation)

Environmental data (mean (min, max)) Biological data (mean (min–max))

Water

depth (m)

Sediment

type

Silt–Clay (%) Organic matter

(%)

Abundance

(indm�2)

Richness

(no.)

Diversity

(bit ind�1)

SITE 1 Baseline 30 3137 (848–6285) 44 (41–49) 2.33 (0.98–4.09)

Second

post-drilling

30 976 (492–2165) 28 (13–39) 2.19 (1.17–2.78)

Third

post-drilling

30 3056 (1006–

5276)

47 (16–54) 3.22 (2.67–3.57)

SITE 2 1297 (50–6840) 9 (3–19) 2.09 (0.35–3.69)

SITE 3 1995 (BA) Intertidal Sand 17.44 303 13 2.17

(Lea) 1996–2001

(AA)

Intertidal Sand 0.79 (0.06–2.81) 2.94 (2.56–3.26) 28 (9–63) 4 (1–7) 1.09 (0.0–2.35)

SITE 3 1995–1996

(BA)

Intertidal Sand 0.98 (0.33–1.62) 3.31 (2.93–3.69) 4 (1–6) 3 (2–4) 1.34 (1.0–1.68)

(Oria) 1997–2001

(AA)

Intertidal Silty sand 22.78 (2.5–75.59) 3.60 (2.41–5.55) 229 (16–423) 8 (6–10) 2.05 (1.24–2.58)

SITE 4 23.6

(9–40)

Silty mud

to medium-

coarse

sand

67.09 (6.18–99.4) 4.18 (0.62–9.41) 165 (21–1124) 7 (2–16) 2.05 (0.08–3.7)

SITE 5 328

(50–1000)

Silty mud 76.6 (4.7–99.2) 9.22 (3.4–38) 1772 (58–5030) 28 (4–62) 3.76 (1.79–4.97)

SITE 6 75

(30–90)

Muddy silt

to muddy

sand

57.92 (29.3–94.5) 2381 (70–5275) 60 (1–107) 3.92 (0.0–5.99)
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fined. Secondly, geographic repartition of these different

zones, in relation to the scale of pollution, is indicated.

A schematic distribution of the macrobenthic species,

along a gradient of increasing organic input, has been

discussed elsewhere (Gl�eemarec and Hily, 1981).

Site 3 is situated on the Spanish Atlantic Basque coast
(Fig. 1) (Borja et al., 2000b, 2002), from where two

different examples have been selected for use in this

particular study. The first location (Site 3a), in the Lea

estuary, includes the evolution of benthic communities

following sewage input to the estuary; the second (Site

3b), the Oria estuary, relates to the engineering works

undertaken in the mouth of the river.

During December 1981, Cano and Garc�ııa (1987)
undertook sampling during a research cruise in the R�ııa
de Huelva (Site 4). Samples were obtained at 15 loca-

tions (Fig. 2). The infaunal benthic population was

studied, in relation to the sediment composition.

At Site 5, a study of the benthic communities was

undertaken in the soft bottom sediments of Almer�ııa and

Murcia (Mediterranean coast of Spain) by Alonso and

L�oopez-Jamar (1988). This is an area affected by the in-

puts of several wastewater sources, industries and min-

ing (Carboneras, Villaricos and Portman bay) and

diffuse nutrient inputs from intensive agriculture (Fig.

2). The study was based on samples undertaken at 21

stations, ranging from 50 to 1000 m water depth. The
aim of the study was to establish the effect of sediment

pollution on the species distribution.

Zenetos et al. (1994) sampled benthic fauna in Saro-

nikos Gulf, Site 6 (Fig. 2), during 1989 and 1990, along

three transects at increasing distance from the main

sewage outfall of the Greater Athens Area. The main

objective of this study was to examine the state of the

benthic communities, in order to determine the varia-
tions in the biological parameters and to evaluate

the degree of pollution. The underwater outfall of the

Central Sewage System, of the domestic wastes of the

city of Athens, is found near Station 1. The outfall

discharges, on average, 0.5� 106 t of untreated effluent

into the sea; and as such, it is considered to be the main

source of pollution of the Gulf (Theodorou, 1996).

Fig. 1. Location of the European sites and sampling stations at Sites 1, 2 and 3. White circle in site 2 shows the position of the drilling cuts discharge.
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All the selected studies have, in common, the aim to
explain the effect of different impact sources on soft-

bottom communities, based upon the study of structural

parameters, such as abundance, biomass, richness,

diversity, evenness, Abundance–Biomass comparison

(ABC) curves (Warwick, 1986), or multivariate meth-

ods: clustering (Sokal and Sneath, 1963); Principal

Component Analysis (PCA) or correspondence analysis.

Based upon the abundance of individuals, provided by
the authors in the above-mentioned papers, we have

calculated the corresponding BC and BI, sensu Borja

et al. (2000a). When the species composition by replicate

was available, the BC was calculated for each of the

replicates, then averaged for the entire station. These

values have been used to show, in a simple format: the

spatial pollution gradients; the evolution of the effect on
the communities; and the sensitivity of BC to different

impact sources. The classification was undertaken ac-

cording to Table 2, based upon Borja et al. (2000a) and

modified from Grall and Gl�eemarec (1997).

3. Results

In the North Sea, the baseline survey undertaken,

before the discharge of drill cuttings, shows BC values at

between 0.19 and 0.85 (Table 3). Hence, Site 1 can be

classified as unpolluted, with a normal (BI¼ 0 in station

75U) to impoverished (BI¼ 1) benthic community.

There is no presence in the area of Ecological Group V

Fig. 2. Location of the sampling stations at Sites 4, 5 and 6 (see Fig. 1). The white circle shows the position of an outfall mouth, when present.
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(first-order opportunistic species), except in 200R sta-

tion (1.1%), and the community is dominated (63.0–

91.3%) by Group I (sensitive species). After drill cutting

discharge, the BC in the second post-drilling survey in-

creases dramatically at all the stations (2.08–3.07), as

well as the Ecological Group V in stations near the
discharge point (up until 200 m, with values of 2.3–

8.4%), changing the composition of the community to

another dominated by Ecological Group III (tolerant to

the pollution, with values of 56.0–83.2%). There is a

gradient in the BC from the source point (Fig. 3), and

the area is now slightly polluted (BI¼ 2), presenting an

unbalanced benthic community. Eleven months after the

discharge, in the third post-drilling survey, there is no

increase in gradient, whilst the BC is lower than in

second one (0.67–1.03); however, it is slightly higher

than in the baseline survey. All the stations are now

unpolluted, but present an impoverished benthic com-
munity (BI¼ 1), due to the presence of a small per-

centage of species of Ecological Group V (0.0–0.1%),

and Group III (14.1–24.7%).

Fig. 4 shows that there is a polluted area in Site 2,

around Stations 36 (BC¼ 4.86; BI¼ 4), 37 (BC¼ 5.55;

BI¼ 6) and 38 (BC¼ 5.25; BI¼ 5) (Table 3), near the

Table 2

Summary of the BC and BI, modified from Grall and Gl�eemarec, 1997 (after Borja et al., 2000a,b)

Site pollution classification BC BI Dominating ecological

group

Benthic community health

Unpolluted 0.0 6 BC 6 0.2 0 I Normal

0.2 <BC 6 1.2 1 Impoverished

Slightly polluted 1.2 <BC 6 3.3 2 III Unbalanced

Meanly polluted 3.3 <BC 6 4.3 3 Transitional to pollution

4.3 <BC 6 5.0 4 IV–V Polluted

Heavily polluted 5.0 <BC 6 5.5 5 Transitional to heavy pollution

5.5 <BC 6 6.0 6 V Heavy polluted

Extremely polluted Azoic 7 Azoic Azoic

Table 3

Range of Ecological Group percentage, for Sites 2, 4, 5 and 6

Site Pollution classi-

fication

Stations Dominant ecological groups

1 II III IV V

Site 2 Unpolluted

(Bl¼ 0,1)

31, 39 33.3–52.4 18.3–66.7 0.0–29.3 0 0

Slightly polluted

(Bl¼ 2)

7, 8, 9, 10, 11,

12, 13, 14, 28,

29, 30, 33, 34,

35, 40

0.0–43.6 1.6–93.5 0.0–96.3 0.0–33.3 0.0–33.3

Meanly polluted

(Bl¼ 3,4)

32, 36 0.2–4.0 1.3–20.0 0.0–63.2 0.0–35.3 0.0–76.0

Heavily polluted

(Bl¼ 5,6)

37, 38 2.3–3.4 2.3–12.1 0.0–7.0 0 84.5–88.4

Site 4 Unpolluted

(Bl¼ 0,1)

6, 7, 9, 10, 11,

13,14

43.8–83.9 10.7–54.5 0.0–16.7 0.0–11.4 0

Slightly polluted

(Bl¼ 2)

1, 3, 4, 5, 8, 12,

15, 16

0.0–34.7 0.0–100.0 0.0–100.0 0.0–28.6 0

Site 5 Unpolluted

(Bl¼ 0,1)

16, 20, 22, 24 41.8–74.5 24.6–45.4 0.0–19.8 0.0–4.4 0

Slightly polluted

(Bl¼ 2)

5, 7, 8, 12, 15,

18, 21, 23, 27,

28, 29, 30, 31,

32, 34, 35, 36

17.3–67.1 0.0–59.3 0.0–37.9 0.0–56.0 0.0–32.9

Site 6 Slightly polluted

(Bl¼ 2)

3, 4, 5 13.1–20.2 33.7–47.2 12.7–21.2 19.9–28.0 0.0–0.1

Meanly polluted

(Bl¼ 3,4)

1, 2, 10 2.0–3.6 0.4–11.1 0.2–21.8 63.4–86.9 0.0–10.4

The stations are grouped according to their pollution classification.
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Concarneau sewage outfall; the first is meanly polluted

(see Table 2, for equivalences), whilst the two others are

heavily polluted. At these stations, first-order opportu-

nistic species are dominant, with values of 76%, 88.4%
and 84.5%, respectively. The remainder of the area is

slightly polluted (BC¼ 1.39–3.14; BI¼ 2), except at

Stations 31 (BC¼ 1.15; BI¼ 1) and 39 (BC¼ 1.00;

BI¼ 1), unpolluted and presenting an impoverished

benthic community, and 32 (BC¼ 3.50; BI¼ 3), meanly

polluted and presenting a �transitional to pollution�
benthic community. Opportunistic species (Ecological
Groups IV and V) are not dominant. Against this vari-

ability, it can be observed that the lowest BC are reached

in the stations located farthest from the channel.

Fig. 4. Representation of the pollution level in the Bay of Concarneau (Site 2), in terms of the BC at each station.

Fig. 3. Evolution of the percentage of Ecological Groups (I–V) and the BC, derived from the Baseline Survey (BL), second (2nd) and third (3rd) post-

drilling surveys, in the North Sea (for details of sampling times, see text).

840 A. Borja et al. / Marine Pollution Bulletin 46 (2003) 835–845



On the Basque coast (north Atlantic coast of

Spain), the estuary of Lea was polluted in 1995 (Fig. 5;

BC¼ 5.02), being dominated by first-order opportunis-

tic species (Ecological Group V: 67.9%). Following
sewerage works established in 1995, the BC becomes less

than 1; this shows a non-polluted community (BI¼ 0–1),

with a more important presence of sensitive species

(Group I). Only in 1999, the BC value increases to 1.83,

indicating the presence of a slightly polluted community

(BI¼ 2). On the other hand, the prolongation of a dike

in the mouth of the River Oria, in 1995–1996, has

changed the relative position of the sampling station and
increased the BC from less than 1, to values of between 3

and 4. Sensitive species from Ecological Group I have

been replaced progressively, by tolerant species from

Ecological Group III.

On the south Atlantic coast of Spain (Site 4), the

highest BCs are reached inside the estuary, at Stations 1

and 3 (3.02 and 3.00) (Table 3; Fig. 6), showing a gra-

dient from the river point source. These stations are
slightly polluted and present an unbalanced benthic

community, dominated by pollution-tolerant species of

Ecological Group III (98.9% and 100%, respectively).

Outside the estuary, the BCs are lower (0.32 at Station

13–2.14 at Station 8), but the BI remains at 2 at Stations

4, 5, 8, 12, 15 and 16 (slightly polluted stations; unbal-
anced benthic communities) or 1, at Stations 6, 7, 9, 10,

11, 13 and 14 (unpolluted stations; impoverished benthic

communities). At these stations, Ecological Groups I

(sensitive species) and II (indifferent species) become

more important.

On the Mediterranean coast of Spain (Site 5), in Al-

mer�ııa and Murcia, the BCs indicate slight or no pollu-

tion over the area (BC ranging from 0.38 to 2.9). The
highest values are reached at Stations 12, 29, 31 and 34

(BC¼ 2.35–2.90), in the areas near to the coastline, over

50–94 m water depth (Table 3; Fig. 7). All of these are

slightly polluted stations (BI¼ 2), with moderate per-

centages of the Ecological Groups IV and V, based upon

second and first-order opportunistic species, respec-

tively. The BC shows an offshore gradient, reaching

their lowest values at Stations 16, 20, 22 and 24
(BC¼ 0.38–1.16), situated over 200–1000 m water

depth; and present normal to impoverished benthic

Fig. 5. Evolution of the percentage of Ecological Groups (I–V), the BI and the BC, derived for between 1995 and 2001, for the Lea and Oria estuaries,

northern Spain.
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communities (BI¼ 1), dominated by species sensitive

and indifferent to organic enrichment (Ecological

Groups I and II: 41.8–74.5% and 24.6–45.4%, respec-

tively). Other BC southwestwards gradient pattern,

parallel to the coastline, is shown through Stations 12,

31 and 30 and 29, 28 and 27, reaching the highest BC

values at Stations 12 and 29 and the lowest values at

Stations 30 and 27.

On the Greek coast (Site 6), the highest BC is reached

at Station 1 (BC¼ 4.55) (Table 3), which is meanly

polluted and presents a polluted benthic community

(BI¼ 4); this is dominated by second-order opportu-
nistic species (86.9%) and first-order opportunistic spe-

cies (10.4%). Stations 2 and 10 are also meanly polluted

(BC¼ 3.96, 3.68), but they present a transitional to

pollution benthic community (BI¼ 3), dominated by

second-order opportunistic species (76.3% and 63.4%)

and tolerant species (14.2% and 21.8%). Stations 3, 4

and 5 are slightly polluted (BC¼ 2.45, 2.32, 1.99), with

an unbalanced benthic community (BI¼ 2) dominated
by indifferent species (38.1%, 33.7% and 47.2%).

4. Discussion

At Site 1, Daan et al. (1995, 1996) identified previ-

ously a natural gradient in a baseline survey; this was

explained as a response to a gradient in the sediment
composition. Nevertheless, the BC here does not show

any gradient. However, only limited differences can be

observed in the BC, between the various stations. In the

second post-drilling survey, four months after termina-

tion of the drilling, the BI had increased from 0 or 1, to

2, at all of the stations. Further, a smooth gradient in

the BC can be observed within 1000 m from the drilling

well location. These results are consistent with those
obtained by Daan et al. (1995, 1996), who found that:

(a) most of the species showed a reduced abundance up

to 200 m from the well location, in relation to anaerobic

sediments and high levels of ester concentrations (up to

4700 mgkg�1 of dry sediment); and (b) a few species

Fig. 6. Representation of the pollution level at Huelva (Site 4), in terms

of the BC at each station.

Fig. 7. Representation of the pollution level in Site 5 (Almer�ııa-Murcia), in terms of the BC at each station.
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occurred in reduced abundance, at between 500 and

1000 m (where ester values are below the determination

level). This pattern infers that the drilling caused stress,

within 1000 m of the location; this is indicated clearly
by the BC. In the third post-drilling survey, 11 months

after the drilling, the BC were reduced and the BI re-

turned to 1 at all of the stations; this is coincident with

the mean half-life of esters, of 133 days (Daan et al.,

1996). Recuperation is evident, since species included in

Ecological Groups I and II colonised, once again, the

zone. The BC values are still in exceed of those observed

in the baseline survey, except at station 200R. Further,
the abundances remained low.

The results obtained for Site 2 are consistent with

those obtained by Gl�eemarec and Hily (1981), for this

area, studying the combination of richness, density and

volumic index (Pearson and Rosenberg, 1978). In Fig. 4,

it can be observed that the most disturbed area is in the

east, near the coast. This zone is meanly or heavily

polluted and coincides with the area that Gl�eemarec and
Hily (1981) classified as polluted, and extended along

the channel to the port, being dominated by the annelids

Scolelepis fuliginosa and Capitella capitata. The re-

mainder of the area is slightly polluted except Stations

31 and 39, which are unpolluted, and 32, which is

meanly polluted. Nevertheless, a clear gradient of de-

creasing BC can be observed around the meanly and

heavily polluted area, reaching lowest coefficients in the
southwest, in the zone that Gl�eemarec and Hily (1981)

classified as Ecotone I. These investigators classified the

remainder of the area as unbalanced.

In the Lea estuary, the general positive trend is con-

sistent with that explained elsewhere by Borja et al.

(2002). A clear improvement is observed, since the sew-

erage works were established in 1995. Borja et al. (2002)

explain the peak, in 1999, as due to: (a) overflows; or, (b)
possible waste discharges, from an industrial area which

occurred in 1998. The negative trend in the indicators for

the Oria estuary is consistent also with that explained by

Borja et al. (2002); it is considered to be due to the

prolongation of a jetty, between 1995 and 1996, to im-

prove access to the harbour. Hence, the relative position

of the sampling station, changed and moved away from

the mouth of the estuary. Such a displacement would
involve a change in the physico-chemical conditions

(Borja et al., 2002), increasing the mud and organic

matter contents. These modifications would be associ-

ated with a decrease in dissolved oxygen, which changes

the structure of the benthic community, with sensitive

species being substituted by more tolerant species.

At Huelva (Site 4), the BC fits approximately with the

distribution of organic matter and granulometry, i.e. the
highest coefficients are reached inside the estuary and

outside, to the south, where the organic matter content

is also higher and the sediment is muddy (Cano and

Garc�ııa, 1987). Inside the estuary, adverse ecological

conditions explain the high BC; the large number of

industries and mining in the river basin cause heavy

metal values which are up to 500 times the background

levels of mercury, and 50 times for cadmium, zinc and
copper (Cano and Garc�ııa, 1987). The exclusive presence
of Nereis diversicolor (O. F. M€uuller, 1776), in the

inner part of the estuary, indicates variation in the

benthic population; these are related with the metal

levels, as in other locations (Bryan and Hummerstone,

1971). Conversely, outside the estuary, the highest BC

is reached at Station 15; this is in response to the

prevailing hydrodynamic conditions. The grain size
distribution is indicative of a zone of sedimentation,

leading to the accumulation of heavy metals carried by

the river. The BC gradient, from the mouth to the west

and east, could be related with the prevailing currents in

the area, associated with the tidal and wind regimes,

alternating to the east and west (Cano and Garc�ııa,
1987).

For Site 5, the BC distribution reflects a gradient
from the coastline, reaching the lowest values at highest

water depths. On the other hand, the highest BC values

are reached near the pollution sources: the industrial

area of Carboneras (Stations 28 and 29), a high-toxicity

phytosanitary products manufacturer in Villaricos

(Station 12), the mining location in Portman bay (Sta-

tion 34) and diffuse nutrient inputs from Almanzora

river (Costa and Pacheco, 1989). Consequently, the BC
values are lower farther away from these zones, both

offshore and southwestwards (in this case, parallel to the

coastline). The prevailing currents in this particular area

can explain this pattern of BC distribution: the pre-

dominant transport direction is southwesterly and off-

shore, in response to the mesoscale currents (Millot,

1999). The results fit well with those using different

methodologies in the area, such as: diversity and clus-
tering (Alonso and L�oopez-Jamar, 1988).

Zenetos et al. (1994) (Site 6), have classified Station 1

as polluted, Stations 2 and 10 as transitional polluted

and Stations 3, 4 and 5 as transitional, but less aggra-

vated, using clustering technique and ABC curves. These

investigators concluded also that there was a gradient

from Station 1 (in the inner Gulf) to Station 5 (towards

the outer Gulf). The BC result show, indeed, that Sta-
tions 3, 4 and 5 are slightly polluted, indicating a gra-

dient from the inner Gulf, towards the outer Gulf. The

benthic community is polluted at Station 1 (and ex-

tremely polluted in some periods, due to absence of

fauna in some replicates, as stated by Zenetos et al.,

1994), and transitional to polluted at Stations 2 and 10,

although they are all meanly polluted. The gradient

from Station 1, through 2, 10 and 3, could be explained
by the pollutant transport from the main sewage outfall

of Athens, as shown by Lascaratos et al. (1997).

Warwick and Clarke (1991) compare some univariate

and multivariate methods for analysing changes in the
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benthic community structure. They conclude that mul-

tivariate methods have the advantages of great sensi-

tivity and generality of response, but remark that they

can be difficult to interpret. The authors claim that re-
search for the development of community level stress

indices, which retain the multivariate information, is lost

in univariate methods. Many of the techniques used in

benthic ecology should be complementary but, as many

provide only part of the complete information, it is

necessary to use many methods together (Elliott, 1994).

Ecologists should use as many of methods as necessary,

to understand the functioning of the ecosystem; how-
ever, in some cases (e.g. environmental management,

environmental impact assessment studies, BACI studies,

etc.) environmental managers and policymakers demand

summaries such that complete information can be pre-

sented in terms of simple indices (Elliott, 1994; Engle

and Summers, 1999). The scientific challenge is to syn-

thesise this information, on the basis of ecological con-

cepts.
The usual methods for identifying pollution effects on

benthic communities are based upon the species re-

sponse to organic pollution and eutrophication (Pearson

and Rosenberg, 1978). Most of the impact sources

(outfalls, harbours, aquaculture, dredging, etc.) on ma-

rine habitats produce increasing levels of organic matter,

depletion of dissolved oxygen and spatial differences in

the faunal distribution (e.g. Pearson and Rosenberg,
1978; Gray and Pearson, 1982; Fagan et al., 1992; Diaz

and Rosenberg, 1995; Gray et al., 1992).

The BC used here shows an integrative potential for

several impact sources (Borja et al., 2000a) and sim-

plicity in synthesising the ecological information re-

quired to visualise the gradients, or changes in the effects

these impacts produce in the communities.

5. Conclusions

The results obtained with the BC are compatible with
those obtained using several methods and parameters,

such as richness, diversity, evenness, ABC plots and

univariate and multivariate statistical analyses. The BC

and BI values provide a single and clear way to establish

the ecological quality of soft-bottom benthos, comple-

mentary to the above mentioned methods.

The BC and BI would seem appropriate to use for all

European coastal environments, as it is independent of
longitude and latitude; in this contribution, they have

been used in the Atlantic (North Sea; Concarneau, on

the French coast; Basque Coast, northern Spain), a

transitional area between the Atlantic and the Medi-

terranean (Huelva, in the south of Spain), as well as in

the Mediterranean (Almer�ııa and Murcia, in the east

of Spain; Saronikos Gulf, in Greece). The BC and BI

are also independent of the pollution source, e.g. drill-

ing cuts with ester-based muds, outfalls (submarine or

otherwise), heavy metals, industrial and mining wastes,

and civil works (jetties, sewerage works, etc.).

The BC and BI are useful to apply to the comparison
of the ecological quality of the soft-bottom benthos,

before and after a stress (or others) episode takes place,

to investigate evolution over time. Such examples are

provided in the case of Site 3 (Lea estuary: ecological

quality improves after sewerage works; Oria estuary:

ecological quality worsens, following the construction of

a jetty) and Site 1 (ecological quality had improved, 11

months after the drilling cuts).
The BC and BI are useful also to identify spatial

trends and gradients, related to the hydrodynamic and

dilution processes, as it can be seen in the results ob-

tained for Sites 1, 2, 4 and 5. Here, the ecological quality

improved at an increased distance from the source of the

pollution.
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The biotic indices and the Water Framework Directive:

the required consensus in the new benthic monitoring tools

In recent years several benthic biotic indices have

been proposed for use in marine waters. One of them,

named AMBI (AZTI Marine Biotic Index), was created

by the authors of these comments and has been applied

to different geographical areas, under various impact

sources (Borja et al., 2000, 2003a).

Further, the European Water Framework Directive

(WFD; Directive 2000/60/EC) develops the concept of
Ecological Quality Status (EcoQ) for the assessment of

the biological quality of water masses.

Simboura (2003), replying to Borja et al. (2003a),

suggests that another index, named Bentix (Simboura

and Zenetos, 2002), could be more appropriate to use

than AMBI in assessing the EcoQ in Mediterranean

waters.

1. The origin of the AMBI

The AMBI was designed to establish the ecological

quality of European coasts, investigating the response of

soft-bottom communities to changes in water quality.

Hence, the AMBI offers a �pollution classification’ of a

particular site, representing the benthic community
�health’ (sensu Grall and Gl�emarec, 1997).

The theoretical basis of AMBI is that of the ecolog-

ical strategies of the r, k and T (Pianka, 1970) and the

progressive steps in stressed environments (Bellan, 1967;

Pearson and Rosenberg, 1978). Most of the concepts

developed within the AMBI are based upon previous

proposals: (i) the species should be classified into five

ecological groups (EG) (Gl�emarec and Hily, 1981; Grall
and Gl�emarec, 1997); and (ii) with a scale values from 0

to 7 (Hily, 1984; Majeed, 1987).

However, the most novel contribution of the AMBI

was the formula 1 permitting the derivation of a series of

continuous values, with several thresholds in the scale,

based upon the proportions amongst the five EG (see

Fig. 2, in Borja et al., 2000). These thresholds are

coincident with the benthic community health proposed

by Grall and Gl�emarec (1997) (see Table 1, in Borja

et al., 2000), whose sources can be found in Bellan

(1967).
Our early studies have never established equivalence

between the AMBI values and the �ecological status’

(ES) classification of the WFD, as in Simboura and

Zenetos (2002). Only recently has such equivalence been

proposed (Borja et al., 2003b); however, this is not

coincident with that used by Simboura (2003). Our

proposal has been based upon the interpretation of the

five ES level definitions in the WFD, as outlined below.

ii(i) High status: ‘‘The level of diversity and abun-

dance of invertebrate taxa is within the range

normally associated with undisturbed conditions.

All the disturbance-sensitive taxa associated with

undisturbed conditions are present’’. Hence, this

definition could be associated to �normal’ and

�impoverished’ benthic community health, domi-
nated by the EG I (species very sensitive to pollu-

tion). Thus, we proposed the same thresholds as in

the �unpolluted’ areas (0 <AMBI 6 1.2) (sensu

Borja et al., 2000).

i(ii) Good status: ‘‘The level . . . is slightly outside the

range associated with the type-specific conditions.

Most of the sensitive taxa of the type-specific com-

munities are present’’. This definition could be asso-
ciated with the �unbalanced’ benthic community

health, dominated by EG III (species tolerant to

an excess of organic matter). Thus, we proposed

the same thresholds as in the �slightly polluted’

areas (1.2 <AMBI 6 3.3) (sensu Borja et al.,

2000).

(iii) Moderate status: ‘‘The level . . . is moderately outside

the range associated with the type-specific condi-
tions. Taxa indicative of pollution are present. Many

of the sensitive taxa of the type-specific communities

are absent’’. This definition should not be interpreted

as being associated with polluted areas (as Simboura

proposes); rather it should be associated with transi-

tional conditions between �unbalanced’ and �pol-
luted’ benthic community health. Hence, we

consider it more correct to assign this status to a sit-
uation intermediate between the dominance of EG

III and EG IV and V (opportunistic species)

(3.3<AMBI 6 4.3) (sensu Borja et al., 2000).

(iv) Poor status: ‘‘Water showing evidence of major
alterations to the values of the biological quality

1 AMBI ¼ fð0 � %GIÞ þ ð1:5 � %GIIÞ þ ð3 � %GIIIÞ þ ð4:5 �
%GIVÞ þ ð6�%GVÞg=100.

0025-326X/$ - see front matter � 2003 Elsevier Ltd. All rights reserved.

doi:10.1016/j.marpolbul.2003.10.024

www.elsevier.com/locate/marpolbul
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elements for the surface water body type, in which

the relevant biological communities deviate sub-

stantially from those normally associated with the

surface water body type under undisturbed condi-

tions’’. This definition could be interpreted as being
associated with �polluted’ areas and those �transi-
tional towards heavy pollution’, dominated by EG

IV and V (opportunistic species) (4.3 < AMBI 6
5.5) (sensu Borja et al., 2000).

i(v) Bad status: ‘‘Water showing evidence of severe

alterations . . . in which large portions of the rele-

vant biological communities normally associated

with the surface water body type under undisturbed
conditions are absent’’. However, it is not possible

to associate exclusively this definition to azoic con-

ditions, as Simboura proposes. It should include

those areas of �heavily polluted’ health, dominated

by the EG V (first-order opportunistic species)

(5.5 < AMBI 6 7) (sensu Borja et al., 2000).

Hence, in using the AMBI, we advise the use of the
�site pollution classification’, when evaluating the health

of the community under the influence of a source of

impact, and the �ES’ classification when applying the

WFD (see Table 1, in Borja et al. (2003b)).

2. Advantages in using the AMBI

ii(i) The AMBI has been validated against a series of

chemical contaminants (Borja et al., 2000), both

in estuaries and coastal habitats.

i(ii) The AMBI has been verified successfully in relation

to a very large set of environmental impact sources,

including drill cutting discharges, submarine out-

falls, harbour and dyke construction, heavy metal

inputs, eutrophication processes, diffuse pollutant
inputs, recovery in polluted systems under the

impact of sewerage schemes, dredging processes,

mud disposal, sand extraction and oil spills (Borja

et al., 2000, 2003a,b; Casselli et al., 2003; Forni

and Occhipinti Ambrogi, 2003; Bonne et al., 2003;

Gorostiaga et al., in press).

(iii) The AMBI is very easy to use, having freely-avail-

able software, including a continuously updated

species list, incorporating more than 2700 taxa

(www.azti.es/ingles).

(iv) The AMBI is particularly efficient in detecting the
impact gradients, both temporal and spatial (Mux-

ika et al., 2003).

i(v) The AMBI has been verified in a very large number

of geographical areas, including both Atlantic (Bor-

ja et al., 2000, 2003a; Bonne et al., 2003; Gorostiaga

et al., in press; and the following personal commu-

nications: Mar�ıa Jos�e Gaudencio, Susan Smith,

Alison Miles, Mike Bailey, Mark Davison, Hocen
Bazairi, Antonio Rodr�ıguez-Mart�ın) and Mediter-

ranean (Borja, 2003a; Casselli et al., 2003; Forni

and Occhipinti Ambrogi, 2003; AZTI, various

unpublished reports; and further personal commu-

nications: Vivianne Sol�ıs-Weiss and Susana Pinedo)

coasts.

3. Some problems associated with the use of the AMBI

Even the advantages described above, in the use of

the AMBI as a �tool’ for detecting and evaluating im-

pacts, some problems have been identified by users:

ii(i) The robustness of this index is reduced when only a

very low number of taxa (1–3) and/or individuals
are found in a sample. In these cases, a more de-

tailed analysis and discussion of the results are

recommended.

i(ii) In order to avoid ambiguous results, it is preferable

to calculate the AMBI values for each of the repli-

cates, then to derive the mean value. This approach

is useful when some of the replicates do not contain

any taxa (Borja et al., 2003a).
(iii) When the percentage of taxa which are not assigned

is high (>20%), the results should be evaluated with

care.

(iv) As commented upon by Simboura (2003), the

assignation of a taxa to one of the five EG could

lead to misclassification problems (this applies even

Table 1

AMBI and Bentix indices values and the derived EcoQ, calculated using the same data of Saronikos Gulf (see Borja et al., 2003a)

Stations S1 S2 S10 S3 S4 S5

AMBI 4.55 3.96 3.68 2.45 2.32 1.99

Bentix 2.1 2.33 2.64 3.53 3.64 3.96

EcoQ-AMBI� M M M G G G

EcoQ-AMBI�� P M M G G G

EcoQ-Bentix P P M G G G

EcoQ old methods P M M G G G

Key:G––good ES; M––moderate ES; P––poor ES. �Results proposed by Simboura (2003); ��Results using the scale proposed by Borja et al. (2003b).
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if there only two EG, as in Simboura and Zenetos

(2002)).

i(v) The different thresholds in the site pollution classi-

fication, or even in the ES, depend upon the thres-
holds established in the AMBI scale values (these

thresholds are based upon ecological aspects of

the community health). Changing the thresholds

would alter the final classification.

For the last two observations, it is evident that a

consensus is needed between the scientific community.

Such consensus can be achieved readily with the accu-
mulated knowledge available on this subject, as used in

the AMBI (for details, see Borja et al. (2000, 2003a)).

4. Comparing the AMBI and the bentix index

The Bentix index (Simboura and Zenetos, 2002) is

based upon the AMBI. These authors propose that the
modification ‘‘lies in the reduction of the (five) EG in-

volved in the formula, in order to avoid errors in the

grouping of the species, and reduce effort in calculating

the index, without at the same time loosing its discrim-

inative power or sensitivity’’. Hence, the original five EG

are reduced to three: sensitive to disturbance; second-

order and first-order opportunistic.

Another change is related to the formula, 2 which
reduces the effective power of three EG to only two

(sensitive and opportunistic), and changes the range of

the scale (from 2 to 6 instead from 0 to 6). Finally, the

scale is inverted and changes the thresholds of the pol-

lution classification and the ES. These are, in fact,

similar for both of the concepts.

In our opinion all of these changes are not justified,

from an ecological perspective; likewise, the method is
not validated in an effective way. The authors do not

compare both approaches within the context of a series

of samples, sources of pollution, geographical areas, etc.

Further, the results are not analysed statistically, in

order to establish a series of justified conclusions.

Moreover, the consequences of misclassification of

the species, to the EG, could be more serious within the

context of a lower number of EG. Thus, the Bentix
index is sensitive to this particular problem, as the spe-

cies are assigned finally only to two EG, not having

accommodation of tolerant species. Hence, in the case of

communities dominated by tolerant species (e.g. Cor-

ophium sp. or Abra sp.), classified within EG III (AMBI)

or 2 (Bentix), the final assessment would be �good’ and
�poor’ status, respectively. This example suggests that

the Bentix tends towards extreme values in the ES, be-

cause only azoic sediments could be assessed as being

worse than this particular classification.

On the other hand, a similar erroneous assessment

occurs with the Bentix when a problem of misclassifi-
cation occurs; e.g. if the same above mentioned species

were assigned erroneously to EG II (AMBI) or 1 (Ben-

tix); this would result in �good ES’, according to the

AMBI (the same assessment as previously) and �high
ES’, according to Bentix (the opposite than that pro-

posed previously). This result demonstrates that mis-

classification in the Bentix leads to considerable

erroneous assessments.
Hence, it is considered that some of the problems in

the use of the AMBI, as outlined by Simboura (2003),

are only personal opinions; likewise, that they are based

upon incorrect concepts, as outlined below.

Considering benthic invertebrate data obtained from

the Saronikos Gulf, the latter author compares the

application of the AMBI and Bentix indices, with the

previous assessments undertaken by univariate and
multivariate analytical methods. Both indices detect the

pollution gradient over the area (Table 1), being the

results like mirror images, because of the inverted scale

used in the case of Bentix.

The most important difference among the three

methods (AMBI, Bentix and multivariate methods), in

this example, is the classification scale. Although

Simboura (2003) does not explain what is the method
in establishing the EcoQ, based upon univariate and

multivariate methods, this provides a comparative

basis for the remaining two methods (AMBI and

Bentix). Even though it is not mentioned by Simboura

(2003), each of the methods fails in the assessment of

one of the sampling stations: S1 (AMBI) and S2

(Bentix) (Table 1). However, this is based upon the

EcoQ proposed by Simboura (2003), but use of
the AMBI (Borja et al., 2003b) does not fail at any of

the sampling stations (Table 1).

Finally, when studying the potential of AMBI and

Bentix indices to discriminate differences amongst sam-

pling locations and along a known gradient, a critical

analysis should be undertaken. The analysis should

incorporate all the error components relevant to the

programme objectives; further, it should separate extra-
neous variability, to reveal the true environmental signal

in the indicator data (Jackson et al., 2000). Following

this analysis, the discriminatory ability should be eval-

uated against programme data quality objectives, dem-

onstrating how sample size, species assignation,

thresholds, etc., affect the precision and confidence levels

of the reported results. Similarly, how these variables

may be optimised to attain the specific objectives. This
concept can be undertaken on the basis of power analysis

in the hypothesis testing, to evaluate the probability of

failing to reject the �null hypothesis’ when the alternative

hypothesis is true (Jackson et al., 2000).2 Bentix ¼ fð6�%GIÞ þ 2� ð%GIIþ%GIIIÞg=100.

Correspondence / Marine Pollution Bulletin 48 (2004) 405–408 407



References

Bellan, G., 1967. Pollution et peuplements benthiques sur substrat

meuble dans la r�egion de Marseille. 1 Partie. Le secteur de

Cortiu. Revue Internationale d’Oc�eanographie Medicale VI–VII,

53–87.

Bonne, W., Rekecki, A., Vincx, M., 2003. Chapter IV: Impact

assessment of sand extraction on subtidal sandbanks using

macrobenthos. In: Benthic copepod communities in relation to

natural and anthopogenic influences in the North Sea. PhD thesis

of W. Bonne, Ghent University, Biology Department, Marine

Biology Section, Belgium, pp. 207–226.

Borja, A., Franco, J., P�erez, V., 2000. A marine biotic index to

establish the ecological quality of soft-bottom benthos within

European estuarine and coastal environments. Marine Pollution

Bulletin 40 (12), 1100–1114.

Borja, �A., Muxika, I., Franco, J., 2003a. The application of a marine

biotic index to different impact sources affecting soft-bottom

benthic communities along European coasts. Marine Pollution

Bulletin 46, 835–845.

Borja, �A., Franco, J., Muxika, I., 2003b. Classification tools for

marine ecological quality assessment: the usefulness of macro-

benthic communities in an area affected by a submarine outfall.

ICES CM2003/Session J-02, Tallinn (Estonia), 24–28 September

2003.

Casselli, C., Ponti, M., Abbiati, M., 2003. Valutazione della qualit�a

ambientale della laguna costiera Pialassa Baiona attraverso lo

studio dei suoi popolamenti bentonici. XIII Congresso Societ�a
Italiana de Ecolog�ıa, Como, Villa Olmo, 8–10 Settembre 2003,

poster.

Forni, G., Occhipinti Ambrogi, A., 2003. Applicazione del coefficiente

biotico (Borja et al., 2000) alla comunit�a macrobentonica del Nord

Adri�atico. Meeting of the Italian Society of Marine Biology,

Tunisia, June 2003.

Gl�emarec, M., Hily, C., 1981. Perturbations apport�ees �a la macrofaune

benthique de la baie de Concarneau par les effluents urbains et

portuaires. Acta Oecologica Oecologia Applicata 2, 139–150.

Gorostiaga, J.M., Borja, A., D�ıez, I., Franc�es, G., Pagola-Carte, S.,

S�aiz-Salinas, J.I. Recovery of benthic communities in polluted

systems. In: Borja, �A., Collins, M. (Eds.), Oceanography and

Marine Environment of the Basque Country, Elsevier Oceanogra-

phy Series, Elsevier, Amsterdam, pp. 549–578, in press.

Grall, J., Gl�emarec, M., 1997. Using biotic indices to estimate

macrobenthic community perturbations in the Bay of Brest.

Estuarine Coastal and Shelf Science 44 (Suppl. A), 43–53.

Hily, C., 1984. Variabilit�e de la macrofaune benthique dans les

milieux hypertrophiques de la Rade de Brest. Th�ese de

Doctorat d’Etat, Univ. Bretagne Occidentale. vol. 1, p. 359,

vol. 2, p. 337.

Jackson, L.E., Kurtz, J.C., Fisher, W.S., 2000. Evaluation guidelines

for ecological indicators. EPA/620/R-99/005. US Environmental

Protection Agency, Office of Research and Development, Research

Triangle Park, NC, p. 107.

Majeed, S.A., 1987. Organic matter and biotic indices on the beaches

of North Brittany. Marine Pollution Bulletin 18 (9), 490–495.

Muxika, I., Borja, �A., Franco, J., 2003. The use of a biotic index

(AMBI) to identify spatial and temporal impact gradients on

benthic communities in an estuarine area. ICES CM2003/Session

J-01, Tallinn (Estonia), 24–28 September 2003.

Pearson, T., Rosenberg, R., 1978. Macrobenthic succession in relation

to organic enrichment and pollution of the marine environment.

Oceanography and Marine Biology Annual Review 16, 229–311.

Pianka, E.R., 1970. On r- and K-selection. American Naturalist 104

(940), 592–597.

Simboura, N., 2003. Bentix index vs. Biotic Index in monitoring: an

answer to Borja et al. (2003). Marine Pollution Bulletin, this

volume.

Simboura, N., Zenetos, A., 2002. Benthic indicators to use in

ecological quality classification of Mediterranean soft bottom

marine ecosystems, including a new biotic index. Mediterranean

Marine Science 3, 77–111.

A. Borja

J. Franco

I. Muxika

Department of Oceanography and Marine Environment

Technological Institute for Fisheries and Food, AZTI

Herrera Kaia

Portualdea s/n

20110 Pasaia

Spain

E-mail address: aborja@pas.azti.es

408 Correspondence / Marine Pollution Bulletin 48 (2004) 405–408



Ecological Indicators 4 (2004) 215–225

Evaluation of the applicability of a marine biotic index to
characterize the status of estuarine ecosystems:

the case of Mondego estuary (Portugal)

F. Salas a,∗, J.M. Neto a, A. Borja b, J.C. Marques a

a Institute of Marine Research (IMAR), c/o Department of Zoology, University of Coimbra, 3004-517 Coimbra, Portugal
b AZTI, Departamento de Oceanografı́a y Medio Ambiente Marino, Herrera Kaia, Portualdea s/n, 20110 Pasaia (Gipuzkoa), Spain

Accepted 2 April 2004

Abstract

The need for new tools to assess the environmental status of coastal and estuarine systems encouraged Borja et al. [Mar.
Pollut. Bull. 40 (2000) 1100] to develop a new index, the AZTI’s Marine Biotic Index (AMBI), which needs to be tested as
much as possible in different geographical areas to assess its applicability. This index was applied in the Mondego estuary
(western coast of Portugal) together with the Shannon–Wiener, Margalef, Simpson, and W-statistic indices, which are widely
used in detecting the effects of marine pollution. Results show that, in some cases, the AMBI provides a more accurate
assessment of environmental conditions than the other indices, which were influenced by the dominance of certain species,
allowing us to consider it as a promising tool to characterize marine and estuarine environmental quality.
© 2004 Elsevier Ltd. All rights reserved.

Keywords: Benthos; Environmental quality; Estuaries; Marine biotic index; Soft-bottom; Water Framework Directive

1. Introduction

There is an increasing need for techniques capable
of evaluating changes in the coastal and estuarine en-
vironments. Application of the Water Framework Di-
rective (2000/60/EC) in European Union (EU) coun-
tries has required the development of new biological
indices capable of distinguishing different levels of
ecological quality and classifying coastal areas as very
good, good, moderate, poor or bad.

It was for this reason that Borja et al. (2000) de-
veloped the AZTI’s Marine Biotic Index (AMBI) that
assesses the response of soft-bottom communities to

∗ Corresponding author. Fax: +351 239823603.
E-mail address: fuen@ci.uc.pt (F. Salas).

natural and man-induced changes to the environment,
integrating long-term environmental conditions.

For the development of the AMBI, the soft-bottom
macrofauna is divided into five groups according to
their sensitivity to an increasing stress:

(I) Species very sensitive to organic enrichment and
present under unpolluted conditions;

(II) Species indifferent to enrichment, always in low
densities with non-significant variations with
time;

(III) Species tolerant to excess of organic matter en-
richment. These species may occur under normal
conditions, but their populations are stimulated
by organic enrichment;

(IV) Second-order opportunist species, mainly small
sized polychaetes; or

1470-160X/$ – see front matter © 2004 Elsevier Ltd. All rights reserved.
doi:10.1016/j.ecolind.2004.04.003
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(V) First-order opportunist species, essentially
deposit-feeders.

For the application of this index, nearly 2000 taxa
representative of the most important soft-bottom com-
munities present in European estuarine and coastal
systems have been classified.

Many authors have used indicator species as a tool
for evaluating marine systems. Limnological studies
were pioneer in using indicator species to determine
the quality of the aquatic environment. For instance,
the saprobies system (Kolkwitz and Marsson, 1902,
1908, 1909) constitutes the first approach to establish
a biological index able to show different status of de-
terioration and progressive recuperation of organisms
and communities as a response to the effects of organic
enrichment in the waters. The presence of a species
or a group of species is one of the most commonly
used parameters to detect marine pollution, especially
organic pollution (Pearson and Rosenberg, 1978). Au-
thors such as Warwick (1993) consider that the use
of indicator species is only applicable to organic pol-
lution studies, including in some cases, oil pollution.
Even so, there is no sound methodology to establish
the level to which a certain community must be dom-
inated by a particular indicator species to confirm that
it is affected by any given type of perturbation. This
implies an important exercise of subjectivity and the
impossibility of setting up fixed reference values.

Nevertheless, the design of the AMBI might al-
low establishing a set of values to achieve a system
classification. One of the requirements for an index
to be a useful ecological indicator is that it should
be applicable in any geographical area. So far, the
AMBI has been tested in a restricted number of cases
along the European coast (Borja et al., 2000, 2003a,
2004), so it should be used more often in other sys-
tems to test its applicability. Studies carried out in the
Mondego estuary (Portugal), a eutrophic system, dur-
ing the past decade provided a large data base, and
therefore, it can be considered an excellent test of
the AMBI in a new system. Additionally, the com-
parison between the AMBI and other more traditional
and widely used indices, such as the Shannon–Wiener,
Margalef, or Simpson indices as well as the ABC
method (by means of W-statistic) can evaluate in what
extent the use of the AMBI might be advantageous
in detecting environmental disturbance in coastal sys-

tems. Other indices such as the environmental condi-
tion index (Engle et al., 1994) or the Chesapeake Bay
B-IBI index (Weisberg et al., 1997), which combine
diversity measures, taxonomic, and trophic composi-
tion due to the fact that they were designed for very
specific geographic areas in North America, were not
taken into account in this study.

2. Materials and methods

2.1. Study site and data sets

The study site was the Mondego estuary in the
western coast of Portugal. This system is under severe
environmental stress, and an ongoing eutrophication
process has been monitored during the last decade.
Details about the system can be found in available
literature (e.g. Marques et al., 1993a,b, 1997; Flindt
et al., 1997; Lopes et al., 2000; Pardal et al., 2000;
Martins et al., 2001; Cardoso et al., 2002).

Two different data sets were chosen to estimate the
different indices. The first data set was provided by
study at 14 stations in 1998 and 2000 (Fig. 1) describ-
ing the subtidal soft-bottom communities, throughout
the whole system with regard to species composition
and abundance, taking into account spatial distri-
bution in relation to the physicochemical factors of
water and sediments. The second selected data set
was produced by a study (February 1993–February
1994) on the intertidal benthic communities in the
south arm of the estuary (Fig. 2). Samples of rooted
macrophytes, macroalgae, and associated macrofauna
as well as samples of water and sediments were taken
fortnightly at different sites, during low water, along
a spatial gradient of eutrophication symptoms. The
gradient ranged from a non-eutrophic zone (where
a rooted macrophyte community of Zostera noltii is
present), to a heavily eutrophic zone, in the inner
areas of the estuary (where the rooted macrophytes
disappeared and green macro algal blooms of Entero-
morpha spp. occurred during the last decade). In this
area, as a pattern, Enteromorpha spp. biomass nor-
mally increases from mid winter (February/March) to
July, when an algal crash usually occurs. A second, but
much less important, macro algal peak may sometimes
be observed in September, followed by a biomass
decrease up to the winter (Marques et al., 1997).
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Fig. 1. The Mondego estuary. Location of the subtidal sampling stations.
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Fig. 2. The Mondego estuary. Location of the intertidal sampling stations in the south arm.
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In both studies, organisms were identified to the
species level and their biomass was determined (g m−2

AFDW). Corresponding to each biological sample,
the following environmental factors were also mea-
sured: salinity, temperature, pH, dissolved oxygen,
silica, chlorophyll a, ammonia, nitrates, nitrites, and
phosphates in water, and organic matter content in sed-
iments.

2.2. Data analysis

2.2.1. Indices application
Besides the AMBI (Borja et al., 2000), the follow-

ing indices were applied: Shannon–Wiener, Margalef,
Simpson (e.g. Magurran, 1988), and the W-statistic
(Clarke, 1990), which is based on the ABC method
(Warwick, 1986). The marine biotic index was applied
using the AMBI© software (Borja et al., 2003a and
http://www.azti.es, where the software is freely avail-
able).

An increase in the values of the Shannon–Wiener
and Margalef indices is usually understood as an im-
provement in the state of the system, while it means
exactly the contrary in the case of AMBI and the Simp-
son index.

2.2.2. Data treatment
The chosen indices estimation was based on each

data set aiming to differentiate between sampling ar-
eas along the spatial gradient, and a one-way ANOVA
was applied to test if differences observed were sta-
tistically significant. The purpose was to compare the
performance of the different indices in distinguishing
between different well-known environmental scenar-
ios. Moreover, Pearson’s correlations were applied to
analyse the response of each index as a function of
different environmental variables, and to identify any
significant parallelisms between the patterns of varia-
tion of different indices.

3. Results

The data set from the subtidal communities of both
arms of the estuary showed that the indices estimated
for 1998 and 2000 were significantly correlated (P ≤
0.05), suggesting a similar evaluation of the system
(Table 1). None of the computed indices showed any

Table 1
Pearson correlations between the values of the different indices
estimated in 1998 and 2000 at the 14 sampling stations located in
the two arms of the Mondego

AMBI Shannon–Wiener Margalef Simpson

Shannon–
Wiener

−0.73∗∗

Margalef −0.69∗ +0.83∗∗
Simpson +0.74∗∗ −0.98∗∗ −0.84∗∗
W-statistic −0.45∗ +0.75∗∗ +0.72∗ −0.81∗∗

∗ P = 0.05.
∗∗ P = 0.01.

significant relation with the physicochemical environ-
mental variables. Some inconsistencies between the
assessments provided by the AMBI and the other in-
dices are described below:

(a) While the diversity indices and the W-statistic
show a worsening of the system at station A be-
tween 1998 and 2000 (Table 2), the AMBI sug-
gests, to the contrary, an improvement. In fact,
in 1998 the AMBI reveals co-dominance among
species of the group I (54.2%), group II (10.8%),
and group III (35.0%); while in 2000, only group
I (51.3%) and group II (48.7%) were represented.
The decrease in environmental quality described
by the other indices is basically due to the domi-
nance of Elminius spp. in station A during 2000.
Although this species does not indicate any kind
of pollution, its abundance caused a decrease
in diversity values as the Shannon–Wiener and
Simpson indices depend on species richness and
evenness. Also, the W-statistic was influenced by
the dominance of Elminius spp. because by co-
incidence, these species are very small in size.
AMBI indicated a reduction of pollution toler-
ant species (group III) and an increase in species
indifferent to organic enrichment (group II).

(b) According to the values of the diversity indices
and W-statistic, for stations B and C, the environ-
mental quality of the systems should be improv-
ing (Table 2), while AMBI shows a worsening.
For station B, the decline occurs drastically (from
1.98 in 1998 to 3.5 in 2000), changing from what
could be considered an unbalanced community,
in which species belonging to ecological group I
prevailed (42.9%) to a transitional pollution state
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Table 2
Values of the different indices estimated at the 14 sampling stations in the Mondego estuary (campaigns from 1998 to 2000)

Station Shannon–Wiener Margalef Simpson W-statistic AMBI

1998 2000 1998 2000 1998 2000 1998 2000 1998 2000

A 2.64 0.90 2.32 1.44 0.23 0.76 0.27 −0.19 1.21 0.73
B 2.45 3.44 1.08 4.01 0.18 0.14 0.40 0.20 1.90 3.50
C 1.36 2.40 0.89 1.52 0.50 0.24 0.21 0.23 3.10 3.90
D 2.77 1.84 1.99 0.89 0.15 0.28 0.59 0.39 2.70 2.30
E 2.14 0.65 1.26 0.27 0.26 0.71 0.30 −0.50 1.70 2.40
F 2.61 1.37 1.55 0.66 0.21 0.41 −0.05 0.20 1.60 0.75
G 0.87 2.03 0.60 1.23 0.67 0.33 0.18 0.19 3.00 3.00
H 0.00 2.55 0.00 1.73 1.00 0.18 −1.00 0.45 7.00 2.30
I 1.43 2.92 0.94 1.99 0.55 0.11 −0.15 0.50 2.00 2.60
J 2.03 2.51 1.07 1.34 0.39 0.22 −0.06 0.24 3.13 3.00
K 1.91 1.46 1.25 1.02 0.35 0.51 0.22 0.06 2.02 2.90
L 1.66 2.39 0.81 1.43 0.42 0.25 −0.04 0.11 3.00 3.00
M 1.32 1.68 0.98 1.14 0.52 0.38 −0.20 −0.09 2.94 2.80
N 0.63 1.38 0.72 0.79 0.74 0.51 −0.18 0.24 3.00 3.00

revealed by the dominance of species of ecolog-
ical group III (43.8%) and group IV (41.6%).
Station C changed also to a transitional pollution
state or even moderately polluted state (AMBI:
3.9) as a function of the dominance of ecological
group III (48.8%), group IV (41.5%), and group
V (9.7%).

Assuming that the environmental state in stations
B and C was accurately assessed by the AMBI as
moderately polluted, the observed increase in diver-
sity may result from the co-existence of multiple
species from polluted and unpolluted sites, which
often occurs in moderately disturbed areas. Results
from W-statistic, which is, in principle, efficient in
distinguishing moderate disturbance situations (i.e.
organic enrichment), are harder to interpret. Stations
B and C (B: W = +0.20; C: W = +0.23), based
on the W-statistic, should be considered unpolluted.
One explanation for this interpretation would be that
the environmental stress is not sufficient to reduce the
size of macrofaunal individuals such that it causes the
curves of abundance and biomass to cross.

By applying a one-way ANOVA to 1998 results
(Table 3), it can be verified that the indices, except the
AMBI, were efficient in distinguishing between sta-
tions from the north and south arms of the estuary:
values estimated in the south arm consistently indi-
cated a higher disturbance. Although values estimated
for AMBI in the south arm stations were also higher

indicating a degrading situation, the differences were
not statistically significant. On the other hand, with
regard to the year 2000 results, none of the indices
utilised revealed significant differences between the
stations of both arms of the estuary (Table 4).

In spite of their different behaviours, except the
AMBI, all indices were able to differentiate the three
sampling areas along the south arm (Table 5). How-
ever, contrary to expectations, the Shannon–Wiener

Table 3
Values obtained after the application of a one-way ANOVA test
considering the sampling stations located in the two arms of the
Mondego estuary in 1998

Arm n Mean F P

Shannon–Wiener
North 6 2.32 10.47 0.007
South 8 1.23

Margalef
North 6 1.51 8.40 0.013
South 8 0.79

Simpson
North 6 0.25 10.68 0.006
South 8 0.58

W-statistic
North 6 0.28 6.53 0.025
South 8 −0.15

AMBI
North 6 2.03 2.65 0.13
South 8 3.38
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Table 4
Values obtained after the application of a one-way ANOVA test
considering the sampling stations located in the two arms of the
Mondego estuary in 2000

Arm n Mean F P

Shannon–Wiener
North 6 1.76 0.65 0.43
South 8 2.15

Margalef
North 6 1.46 0.07 0.79
South 8 1.33

Simpson
North 6 0.42 1.06 0.32
South 8 0.31

W-statistic
North 6 0.05 1.23 0.28
South 8 0.21

AMBI
North 6 2.26 1.39 0.26
South 8 2.82

Table 5
Values obtained after the application of one-way ANOVA test
considering the three sampling areas located along the spatial
gradient of eutrophication symptoms in the south arm of the
Mondego estuary in 1993–1994

Area n Mean F P

Shannon–Wiener
Non-eutrophic 35 0.78 17.12 0.00003
Eutrophic 35 1.69
Intermediate eutrophic 35 1.14

Margalef
Non-eutrophic 35 2.17 13.78 0.00004
Eutrophic 35 1.52
Intermediate eutrophic 35 1.86

Simpson
Non-eutrophic 35 0.79 21.21 0.00001
Eutrophic 35 0.48
Intermediate eutrophic 35 0.68

W-statistic
Non-eutrophic 35 −0.01 6.27 0.002
Eutrophic 35 0.04
Intermediate eutrophic 35 −0.02

AMBI
Non-eutrophic 35 3.07 3.36 0.06
Eutrophic 35 3.07
Intermediate eutrophic 35 3.23

Table 6
Pearson correlations between the values of the different indices
estimated in 1993/1994 and the nutrient concentrations at the
three sampling areas along the spatial gradient of eutrophication
symptoms in the south arm of the Mondego estuary

[NO3
−] [NO2

−] [NH4
+] [PO4

−]

Shannon–Wiener +0.55∗ +0.51∗ +0.43∗ +0.16
Margalef +0.23 +0.17 +0.21 +0.58∗
Simpson +0.64∗ +0.52∗ +0.47∗ −0.18
W-statistics +0.48∗ +0.50∗ +0.42∗ −0.22
AMBI +0.18 −0.07 +0.15 −0.35∗

∗ P ≤ 0.05.

and Simpson indices as well as the W-statistic showed
higher values in the most heavily eutrophic zone (1.69;
0.48; and 0.04, respectively) than in the Z. noltii mead-
ows (0.78; 0.79; −0.01, respectively). As expected,
the Margalef index exhibited higher values at the Z.
noltii beds and lower values in the inner areas of the
south arm.

As shown by Pearson correlations (Table 6), the
Shannon–Wiener and Simpson indices as well as the
W-statistic showed significant positive correlations
with ammonium, nitrite, and nitrate concentrations in
the water column along this gradient, while the Mar-
galef index and the AMBI were significantly corre-
lated with phosphate concentration levels (r = +0.58,
P = 0.05; r = −0.34, P = 0.05).

In all three areas, estimated values of the AMBI
were close to 3, which indicate slightly polluted sce-
narios, sensu Borja et al. (2000), where species of the
ecological group III dominate. However, AMBI val-
ues between 4 and 5 were estimated from 22 July to
1 October in intermediate eutrophic zone (Fig. 4B),
which indicates a moderately polluted situation.

4. Discussion and conclusions

In general, from the results of this study, the AMBI
index worked satisfactorily. It is true that in some
cases responses and performances were different from
other indices, but such unlike responses appear to be
due to system-specific causes. For instance, depending
on the indices applied (e.g. Shannon–Wiener, Simp-
son), the dominance, for unclear reasons, of certain
species in given areas of the Mondego estuary pro-
duced low diversity estimates, although those species
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belonged to ecological groups usually related to
non-polluted environments. Besides diversity indices,
some inconsistencies were also found between the
AMBI and W-statistic responses. Again, results from
W-statistic were confusing due to the strong domi-
nance of species that are non-pollution indicators (e.g.
Hydrobia ulvae and Cerastoderma edule) (Warwick
and Clarke, 1994). A similar situation was observed
in a study performed by Beukema (1988), where the
dominance of Corophium volutator (Amphipoda) and
H. ulvae caused the use of ABC method, in which
the W-statistic is based to indicate non-polluted areas
as disturbed.

On the other hand, the AMBI was inefficient in
discriminating among areas with clearly different eu-
trophication symptoms along the spatial gradient in the
south arm of the estuary (e.g. dominance of Z. noltii or
Enteromorpha spp. as main primary producers). This
may perhaps be explained if we consider that eutroph-
ication effects at the primary producer level, which
are clearly visible, are still not as evident at the other
benthic trophic levels (Marques et al., 2003). In fact,
although a number of shifts in species composition are
already recognizable, the benthic community structure
in the three zones along the spatial gradient shows, to
a great extent, the same dominant groups (Marques
et al., 2003). With other impact sources, such as out-
falls, oil platforms, etc. it has been demonstrated that
AMBI shows clearly the stress gradient (Borja et al.,
2003a; Muxika et al., 2003). The AMBI values es-
timated in the Mondego estuary were similar at the
three sampling areas due to the common dominance
of H. ulvae, which belongs to the ecological group
III. The remainder of the indices are strongly affected
by the large abundance of H. ulvae and C. edule, the
dominant species, although such dominance does not
have anything to do with eutrophication symptoms,
being rather related to more food resources availabil-
ity (Pardal et al., 2000).

Unlike other indices (Figs. 3A–C and 4A), AMBI
does not vary with time (Fig. 4B), since it is not influ-
enced by changes in species abundance. This is impor-
tant because during the period of study, there were no
changes in pollution condition. AMBI appears, never-
theless, to be efficient in detecting changes related to
macroalgal dynamics. The increase in the AMBI val-
ues resulted from a strong dominance of polychaetes,
Capitella capitata (888 indv m−2) and Chaetozone se-

tosa (30,179 indv m−2). These two species have been
widely mentioned in the literature as indicators of or-
ganic pollution (i.e. Bellan, 1967, 1984; Glémarec and
Hily, 1981). Pardal (1998) observed that a strong in-
crease in polychaetes abundance at the intermediate
eutrophic zone occurred after heavy algal mortality
events (algal “crash”) in the innermost areas of the
south arm. However, the two observations might not
be directly related. Lopes et al. (2000) observed an
increase on the green macroalgal biomass in the inter-
mediate eutrophic zone during the same period, which
appeared to be clearly related with the substantial in-
crease in the abundance of C. capitata. Thus, although
the growth of polychaetes populations in the interme-
diate eutrophic zone appears to be related with algal
dynamics, it is not clear if there is any relation be-
tween the augmentation of algal density in this zone
and the algal crash in the inner areas of the estuary.

One of the most obvious advantages of using the
AMBI is that it provides a classification of the sys-
tem that matches satisfactorily the one established by
the European Water Framework Directive (WFD). Ac-
cording to the WFD, the biological quality elements
regarding benthic communities must account not only
for indicator species but also diversity and evenness.
A tentative correspondence between the categories es-
tablished based on the AMBI and the ones from the
WFD could be the following:

AMBI WFD (status)

Unpolluted High
Slightly polluted Good
Moderately polluted Moderate
Heavily polluted Poor
Extremely polluted Bad

but some advanced discussion about this particu-
lar subject can be consulted in Borja et al. (2003b,
2004).

Such correspondence cannot be established using
any of other tested diversity indices. In other words,
diversity indices allow the comparison of different
areas in terms of their diversity, but these indices
cannot classify a system regarding the environmental
quality. In general, low estimates of diversity indices
(e.g. Shannon–Wiener) are considered as an indica-
tion of environmental stress (e.g. pollution) (Anger,
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Fig. 3. Temporal and spatial variation of the Shannon–Wiener index (A), Margalef index (B), and Simpson index (C) in the south arm of
Mondego estuary.

1975; Pocklington et al., 1994; Engle et al., 1994;
Yokoyama, 1997). One of the practical problems when
using them is the lack of objectivity in setting the
threshold that indicates the effects of such stress. De-
tractors of diversity indices based their criticisms on
the lack of accuracy in detecting initial states of pollu-

tion (Leppäkoski, 1975; Pearson and Rosenberg, 1978;
Rygg, 1985). In our case study, we verified that even
in the case of Z. noltii beds, where the benthic commu-
nity is supposed to be better structured than in zones
depending on the dynamics of green macroalgae (En-
teromorpha spp.), the diversity values were low.



F. Salas et al. / Ecological Indicators 4 (2004) 215–225 223

-1
-0.8

-0.6
-0.4
-0.2

0

0.2
0.4
0.6

0.8
1

11
-J

an
-9

3
25

-J
an

-9
3

08
-F

ev
-9

3
24

-F
ev

-9
3

11
-M

ar
-9

3
24

-M
ar

-9
3

07
-A

br
-9

3
23

-A
br

-9
3

06
-M

ai
-9

3
24

-M
ai

-9
3

07
-J

un
-9

3
22

-J
un

-9
3

06
-J

ul
-9

3
22

-J
ul

-9
3

05
-A

go
-9

3
20

-A
go

-9
3

03
-S

et
-9

3
20

-S
et

-9
3

01
-O

ut
-9

3
18

-O
ut

-9
3

02
-N

ov
-9

3
17

-N
ov

-9
3

03
-D

ez
-9

3
17

-D
ez

-9
3

30
-D

ez
-9

3
12

-J
an

-9
4

27
-J

an
-9

4
10

-F
ev

-9
4

24
-F

ev
-9

4
10

-M
ar

-9
4

23
-M

ar
-9

4
5-

A
br

-9
4

20
-A

br
-9

4
3-

M
ai

-9
4

17
-M

ai
-9

4
01

-J
un

-9
4

15
-J

un
-9

4
29

-J
un

-9
4

W
 s

ta
tis

tic

0
0,5

1
1,5

2
2,5

3
3,5

4
4,5

5
5,5

6
6,5

7

1
1

-e
n

e
-9

3
2

5
-e

n
e

-9
3

0
8

-f
e

b
-9

3
2

4
-f

e
b

-9
3

1
1

-m
a

r-
9

3
2

4
-m

a
r-

9
3

0
7

-a
b

r-
9

3
2

3
-a

b
r-

9
3

0
6

-m
a

y
-9

3
2

4
-m

a
y

-9
3

0
7

-j
u

n
-9

3
2

2
-j

u
n

-9
3

0
6

-j
u

l-
9

3
2

2
-j

u
l-

9
3

0
5

-a
g

o
-9

3
2

0
-a

g
o

-9
3

0
3

-s
e

p
-9

3
2

0
-s

e
p

-9
3

0
1

-o
c

t-
9

3
1

8
-o

c
t-

9
3

0
2

-n
o

v
-9

3
1

7
-n

o
v

-9
3

0
3

-d
ic

-9
3

1
7

-d
ic

-9
3

3
0

-d
ic

-9
3

1
2

-e
n

e
-9

4
2

7
-e

n
e

-9
4

1
0

-f
e

b
-9

4
2

4
-f

e
b

-9
4

1
0

-m
a

r-
9

4
2

3
-m

a
r-

9
4

5
-A

b
r-

9
4

2
0

-A
b

r-
9

4
3

-M
a

i-
9

4
1

7
-M

a
i-

9
4

0
1

-j
u

n
-9

4
1

5
-j

u
n

-9
4

2
9

-j
u

n
-9

4

A
M

B
I i

nd
ex

Eutrophic area Non Eutrophicarea Intermediate Eutrophicarea

(A)

(B)

Fig. 4. Temporal and spatial variation of the W-statistic (A) and AMBI index (B) in the south arm of Mondego estuary.

The W-statistic is capable of distinguishing between
non-disturbed, slightly disturbed, and disturbed situa-
tions and does not depend on reference values. Never-
theless, the not unusual dominance of certain species
small in size and characteristic of non-polluted envi-
ronments will lead to erroneous evaluations, as illus-
trated by several case studies (Ibanez and Dauin, 1988;
Beukema, 1988; Weston, 1990; Craeymeersch, 1991).

Experience demonstrates that none of the available
measures regarding biological effects of pollution
should be considered ideal. The classification of
species as indicators of different degrees of pollution,
which constitutes the base of the AMBI, often con-
tains subjective elements; in fact, the interpretation
regarding the meaning of the presence of a given
species may be ambiguous. For instance, C. setosa,
depending on the authors, is considered indicator

of moderate pollution (Bellan, 1967; Solı́s-Weiss,
1982) or of intense pollution (Glémarec and Hily,
1981; Glémarec et al., 1982; Majeed, 1987). Also,
Spiochaetopterus costarum is considered by Bellan
(1967) as an indicator of slightly polluted environ-
ments and by López Jamar (1985) as characteristic
of highly polluted areas. Similarly, Nereis caudata is
considered indicator of intense pollution by Bellan
(1967), Zabala et al. (1983), and Lardicci et al. (1993)
and simply tolerant by Glémarec and Hily (1981),
Glémarec et al. (1982), and Majeed (1987).

As a general conclusion, the complementary use of
different indices or methods based on different eco-
logical principles is highly recommended in determin-
ing the environmental quality of a system, as already
stated by Dauer et al. (1993). Additionally, until now,
results of case studies in which the AMBI were applied
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have been very satisfactory, and therefore, it appears
to be a promising tool for assessing environmental
quality in coastal marine systems. One must obvi-
ously take into account that an index such as AMBI,
which is based on information on species response to
pollution, is under permanent actualisation in terms of
database. This can only be achieved through studies
that contribute to improve the existing species classi-
fication and through application in as many situations
as possible.
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I. Muxikaa, Á. Borjaa,*, W. Bonnea,b

aAZTI Foundation, Marine Research Division, Herrera Kaia, Portualdea s/n, 20110 Pasaia, Spain
bMarine Biology Section, Biology Department, Ghent University, Krijgslaan 281/S8, 9000 Ghent, Belgium

Accepted 19 August 2004

Abstract

In recent years, several benthic biotic indices have been proposed to be used as ecological indicators in estuarine and coastal

waters. One such indicator, the AZTIMarine Biotic Index (AMBI), was designed to establish the ecological quality of European

coasts. The index examined the response of soft-bottom benthic communities to natural and man-induced disturbances in coastal

and estuarine environments. It has been successfully applied to different geographical areas and under different impact sources,

with increasing user numbers in European marine waters (Baltic, North Sea, Atlantic and Mediterranean). The AMBI has been

used also for the determination of the ecological quality status (EcoQ) within the context of the European Water Framework

Directive (WFD).

In this contribution, 38 different applications including six new case studies (hypoxia processes, sand extraction, oil platform

impacts, engineering works, dredging and fish aquaculture) are presented. The results show the response of the benthic

communities to different disturbance sources in a simple way. Those communities act as ecological indicators of the ‘health’ of

the system, indicating clearly the gradient associated with the disturbance.

# 2004 Elsevier Ltd. All rights reserved.

Keywords: AMBI; Biotic indices; Environmental quality assessment; Coastal waters; Estuaries; Macrozoobenthos; Soft-bottom; Anoxia; Sand

extraction; Hydrocarbon pollution; Civil works; Aquaculture

1. Introduction

Recently, several benthic biotic indices have been

proposed as ecological indicators in estuarine and

coastal waters (Hily, 1984; Washington, 1984; Rygg,

1985; Majeed, 1987; Codling and Ashley, 1992;

Dauer, 1993; Engle et al., 1994; Grall and Glémarec,

1997; Weisberg et al., 1997; Roberts et al., 1998; Van

dolah et al., 1999; Smith and Rule, 2001; and Eaton,

2001), to determine natural and man-induced impacts.

One such indicator, the AZTI Marine Biotic Index

(AMBI), which was developed by Borja et al. (2000)

has been applied successfully to different geographi-
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www.elsevier.com/locate/ecolind
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cal areas and under different impact sources (Borja

et al., 2003a,b, 2004a), with increasing user numbers

within Europe (Table 1).

The AMBI was designed primarily to establish the

ecological quality of European coastal and estuarine

waters by examining the response of soft-bottom

benthic communities to natural and man-induced

disturbances in the environment. Hence, the AMBI

offers a ‘disturbance or pollution classification’ of a

site, representing the benthic community ‘health’

(sensu Grall and Glémarec, 1997). Secondarily, it has

been used for the determination of the ecological

quality status (EcoQ) within the context of the

European Water Framework Directive (WFD) (Borja

et al., 2003b, 2004a,b). The ultimate aim of the WFD

is to achieve, by 2015, a good EcoQ within all the

European waters, by the elimination of priority

hazardous substances, and contribute to achieving

I. Muxika et al. / Ecological Indicators 5 (2005) 19–3120

Table 1

Different impact sources and geographical areas for which AMBI has been applied, in recent years

Impact sources Locations (countries) Seas Author

Various sources along UK (United Kingdom) Atlantic A. Miles, A. Prior (p.c., 2003)

Outfall and harbour Brittany (France) Atlantic Borja et al. (2003a)

Engineering works (dyke) Basque Country (Spain) Atlantic Borja et al. (2000, 2003a)

Sewerage works Basque Country (Spain) Atlantic Borja et al. (2000, 2003a)

Harbour construction Basque Country (Spain) Atlantic This contribution

Submarine outfall Basque Country (Spain) Atlantic Borja et al. (2000, 2003b)

Harbour and river inputs Basque Country (Spain) Atlantic Muxika et al. (2003)

Various sources Tejo estuary (Portugal) Atlantic M.J. Gaudencio (p.c., 2003)

Eutrophy Mondego estuary (Portugal) Atlantic Salas et al. (2004)

River inputs Guadalquivir (Spain) Atlantic AZTI (unpublished data)

Heavy metals Huelva (Spain) Atlantic Borja et al. (2003a)

Estuarine inputs Cádiz (Spain) Atlantic A. Rodrı́guez-Martı́n (p.c., 2003)

Various sources (Morocco) Atlantic H. Bazairi (p.c., 2003)

Various sources Latvia Baltic V. Jermakovs (p.c., 2004)

Anoxia-hypoxia Sweden Baltic This contribution

Dredging mud disposal Sweden Baltic S. Smith (p.c., 2003)

Various sources along Sweden Sweden Baltic M. Blomqvist (p.c., 2003)

Various sources in a lagoon Smir (Morocco) Mediterranean A. Chaouti (p.c., 2003)

Dredging in harbour Ceuta (Spain) Mediterranean This contribution

Diffuse pollution (mines, agriculture, . . .) Almerı́a and Murcia (Spain) Mediterranean Borja et al. (2003a)

Aquaculture cages Murcia, Valencia (Spain) Mediterranean AZTI (unpublished data)

Mining debris Mar Menor (Spain) Mediterranean L. Marı́n (p.c., 2004)

Submarine outfall Catalonia (Spain) Mediterranean M.J. Cardell (p.c., 2003)

Marina Catalonia (Spain) Mediterranean S. Pinedo (p.c., 2003)

Wastewater discharge in a lagoon (France) Mediterranean G. Reimonenq (p.c., 2003)

Inputs to a coastal lagoon Adriatic Sea (Italy) Mediterranean Casselli et al. (2003)

Various sources Adriatic Sea (Italy) Mediterranean Forni and Occhipinti Ambrogi (2003)

Stagnation and industrial and urban pollution Port of Trieste (Italy) Mediterranean Solı́s-Weiss et al. (2004)

Submarine outfall Gulf of Trieste (Italy) Mediterranean Solı́s-Weiss (p.c., 2004)

Various sources Adriatic Sea (Italy) Mediterranean R. Simonini (p.c., 2004)

Submarine outfall Saronikos Gulf (Greece) Mediterranean Borja et al. (2003a)

Aquaculture cages Three locations (Greece) Mediterranean This contribution

River inputs Thames (United Kingdom) North Sea M. Davison (p.c., 2002)

Oil-based drilling muds (oil platforms) Eleven locations (United Kingdom) North Sea This contribution

Impacts on sandy shores (Netherlands) North Sea S. Mulder (p.c., 2003)

Ester-based drilling muds (oil platforms) North Sea (Netherlands) North Sea Borja et al. (2003a)

Re-opening of a brackish lake to sea influence Veerse Meer (Netherlands) North Sea V. Escaravage (p.c., 2004)

Sand extraction Belgium North Sea Bonne et al. (2003); this contribution

Key: p.c., personal communication.



concentrations in the marine environment near back-

ground values for naturally occurring substances.

EcoQ is established on the basis of physico-chemical

and biological variables (Borja et al., 2004a). In

coastal and estuarine waters, benthic community

measures are especially important, as they integrate

impacts over a wide period of time. In the benthic

EcoQ determination, three parameters are proposed by

the WFD: diversity, species abundance and the

presence/absence of indicator and stress-sensitive

species. The latter is represented by the AMBI (Borja

et al., 2003b, 2004a,b).

The AMBI is based upon ecological models, such

as those of Glémarec and Hily (1981) and Hily (1984)

(for the development of the model, see Borja et al.,

2000; for additional details, see Borja et al., 2004b).

The most novel contribution of AMBI has been a

formula (1) to allow the derivation of a series of

continuous values (firstly called the ‘Biotic Coeffi-

cient’, in Borja et al. (2000), and then AMBI, as

outlined above), based upon the proportions of five

ecological groups (EG) to which the benthic species

are allocated:

AMBI ¼ ½ð0�%EG IÞ þ ð1:5�%EG IIÞ
þ ð3�%EG IIIÞ þ ð4:5�%EG IVÞ
þ ð6�%EGVÞ�=100 (1)

with EG I being the disturbance-sensitive species, EG

II the disturbance-indifferent species, EG III the dis-

turbance-tolerant species, EG IV the second-order

opportunistic species and EG V the first-order oppor-

tunistic species (see Borja et al., 2000).

Several thresholds have been established over the

scale of the AMBI, based upon proportions amongst

the various ecological groups (see Fig. 2, in Borja

et al., 2000). These thresholds (Table 2) are coincident

with the benthic community health proposed by Grall

and Glémarec (1997) (based upon Reish, 1959,

Bellan, 1967 and Pearson and Rosenberg, 1976).

The AMBI is expected to be used to calculate the

EcoQ, but it would be only a part of a set of measures

and indices in the WFD, such as diversity, richness,

etc. The thresholds used for site pollution classifica-

tion are not the same as the thresholds proposed for the

EcoQ, to accomplish WFD specifications (Borja et al.,

2003b, 2004b) (Table 2).

The increasing use of this tool requires integration

of different applications and results obtained by

various authors (see, also, Table 1). Hence, the main

objectives of this contribution are to explore: (i) the

suitability of the AMBI to its use in the Atlantic,

Baltic, North Sea and Mediterranean European coasts;

and (ii) its usefulness in relation to different new

impact sources, not explored previously, i.e. sand

extraction, hypoxia processes, oil platform impacts,

dredging and fish aquaculture.

2. Methods

Six different ‘case studies’ along the European

coast are compared. These case studies are based on

data from the authors and other published sources

representing a variety of pollution types, environ-

mental problems and geographic settings.

Case study 1 is located in the Gullmarsfjord

(Swedish west coast; see Fig. 1). This fjord has a

maximum depth of 118 m. The bottom water is

usually renewed with oxygen-rich water, each spring.
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Table 2

Summary of the AMBI values and their equivalences (modified from Borja et al., 2000)

Biotic coefficient Dominating ecological group Benthic community health Site disturbance classification Ecological status

0.0 < AMBI � 0.2 I Normal Undisturbed High status

0.2 < AMBI � 1.2 Impoverished

1.2 < AMBI � 3.3 III Unbalanced Slightly disturbed Good status

3.3 < AMBI � 4.3 Transitional to pollution Moderately disturbed Moderate status

4.3 < AMBI � 5.0 IV–V Polluted Poor status

5.0 < AMBI � 5.5 Transitional to heavy pollution Heavily disturbed

5.5 < AMBI � 6.0 V Heavy polluted Bad status

6.0 < AMBI � 7.0 Azoic Azoic Extremely disturbed

The last column shows the proposed equivalent ecological status for the application of the WFD (Borja et al., 2003b).



In spring 1997, this water renewal did not occur and

the fauna were: more or less unaffected at 60 and 75 m

water depth (oxygen saturation > 15%); significantly

reduced at 85 and 95 m (saturation < 10%); and

eliminated below about 100 m water depth (Rosen-

berg et al., 2002). In spring 1998, the fjord was re-

oxygenated and the succession of benthic fauna was

studied at five sampling stations and over a 2-year

period by Rosenberg et al. (2002).

The Kwintebank (Case study 2) is an intensively

exploited sandbank, located in the southern North Sea

(Belgian coast; see Fig. 1). Three stations (1, 6 and 9)

were sampled for macrobenthos during three periods

(in the late 1970s, late 1990s and 2001, respectively),

within the framework of different projects (Bonne

et al., 2003). These data were used to assess the impact

of sand extraction on subtidal sandbanks. In the late

1970s about 310,000 m3 yr�1 sand was extracted on

the Kwintebank, whereas the extracted volume amo-

unted to about 1,360,000 m3 yr�1 in the late 1990s,

and 1,700,000 m3 in 2001 (Fund for Sand Extraction,

FPS Economy, S.M.E.s, Self-employed and Energy,

Brussels, Belgium). The sand extraction intensity, in

the late 1990s, was very high at Stations 1 and 6

(56,000 and 92,000 m3 0.5 km�2 yr�1, respectively);

and low at Station 9 (4,000 m3 0.5 km�2 yr�1) (Bonne

and Vincx, 2003).

Case study 3 is located in the central and northern

North Sea (Fig. 1), where numerous oilfields are

installed. Biological and physico-chemical data were

obtained from the Marine Environmental Surveys

Database on the UKCS-UK Benthos, provided by the

UK Offshore Operators Association (UKOOA). From

this database, the 11 piles sampled in 1988 were

selected for this contribution; five of these are situated

in the northern North Sea (Beryl A, Beryl B, Buchan,

Miller and Thistle), whilst six are located in the

southern/central North Sea (Audrey, Barque, Cleeton,

Cilpper, Ravenspurn and Sole). Moreover, comple-

mentary biological and chemical information was

obtained from Davies et al. (1984), Shimmield et al.

(2000), and Breuer et al. (1999, 2004).

Case study 4 is situated on the Spanish Basque

coast (Fig. 1). For the construction of a new dyke in

Bilbao harbour, a large area of the seabed was dred-

ged. These works commenced in 1993. An intensive

dredging period extended from 1995 to 1997,

changing the bathymetry of the area from �20 to

�30 m, in some places. As a result, all of the benthic

fauna disappeared (V. Valencia, AZTI, personal

communication, 2003). The works finished in 1999.

The zone was monitored before the construction (from

1989 to 1993) and three surveys were carried out (in

2000, 2001 and 2003) to monitor the impact of the

new structure.

The immediate recolonisation following a harbour

dredging in 1999 (Case study 5) was studied in the

Spanish Mediterranean (Ceuta, North Africa; see

Fig. 1). The impact on the benthic communities was

studied using a before–after control impacted (BACI)

approach, by Guerra-Garcı́a et al. (2003). These

authors undertook six samplings, at dredged and

control locations: before dredging and after 3, 15, 30,

90 and 180 days. Community structure data and MDS

ordination were used to analyse the results.

The impact of cage culturing of fish on benthic

communities was investigated at three commercial

fish farms with different types of sediment (ranging

from silt to coarse sand) at 20–30 m water depth in

Cephalonia, Ithaki and Sounion (Greece; Fig. 1), by

Karakassis et al. (2000) (Case study 6). A transect of

stations and a control station were sampled near each

farm, for macrofauna and geochemical variables in

July and October 1995 and April 1996.

Most of the selected studies have, in common, the

aim to explain the effect of different impact sources on

soft-bottom communities; this is based upon the study
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Fig. 1. Location of the six case studies, within the context of an

European framework. Note that there are two sites for Case 3

(northern and central North Sea) and two sites for Case 6 (western

and eastern Greece).



of structural parameters, such as abundance, biomass,

richness, diversity, evenness, abundance-biomass

comparison (ABC) curves (Warwick, 1986; Clarke,

1990), or multivariate methods. The latter include:

clustering (Sokal and Sneath, 1963); multi-dimen-

sional scaling (MDS) (Kruskal and Wish, 1977;

Schiffman et al., 1981; Field et al., 1982); principal

component analysis (PCA) (Kendall, 1975; Jolliffe,

1986); or correspondence analysis (CA) (Hill, 1974;

Fielding, 1992). Based upon the abundance of

individuals, as provided by the authors in the

above-mentioned papers, the corresponding Biotic

Coefficient (AMBI), sensu Borja et al. (2000), was

calculated using a freeware program available on

www.azti.es, which includes the EG of more than

2,700 taxa, updated continuously. Whenever the

species composition per replicate was available, the

AMBI was calculated for each of the replicates, then

averaged for the entire station, as recommended by

Borja et al. (2004b). These values have been used to

illustrate, in a simple format: (i) spatial disturbance or

pollution gradients; (ii) the evolution of the effect of

disturbance or pollution on the communities; (iii) and

the sensitivity of AMBI to different impact sources.

The assessment was undertaken according to the

classification listed in Table 2.

In this contribution, the term ‘disturbed’ has been

used with the same meaning as ‘polluted’ (which was

used in the original contribution of Borja et al., 2000).

Hence, ‘unpolluted’, ‘slightly polluted’, etc., are

presented here as ‘undisturbed’, ‘slightly disturbed’,

etc. The use of ‘disturbed’ is recommended when the

impact source is natural (e.g. the inner part of an

estuary, with high levels of natural stress and unlikely

to be classified as undisturbed), mechanical (e.g. high

exposure or dynamics, with changing characteristics

in the substrata) or physical (e.g. dredging or

engineering works). For comparison, the use of

‘polluted’ is recommended when the impact source

is chemical.

3. Results

3.1. Case study 1

Although the mean abundance was only available

for the dominant species in Rosenberg et al. (2002),

the AMBI values calculated with those data (based

throughout upon more than 80% of the total

abundance, for each station) show a clear increasing

gradient with water depth, during 1998 (Fig. 2). The

sampling stations at 75 and 85 m water depths were

classified as slightly disturbed (AMBI values < 3.3)

and dominated by the EG III (47–91% of total

abundance), which represents the tolerant species. The

station at 95 m water depth was classified as

moderately disturbed (AMBI values near 4.5), with

the EG III and V (first-order opportunistic) species

being co-dominant, at 54 and 46% of the total

abundance, respectively. The 105 and 118 m water

depth stations were classified as heavily disturbed

(AMBI values near 6), with the EG V species

representing more than 95% of the community

abundance.

In 1999 and 2000, a clear recovery was detected by

the AMBI at the 95, 105 and 118 m water depth

stations; these were classified as slightly disturbed or

undisturbed. The EG III became dominant and the EG

V disappeared within these communities. At the 75

and 85 m water depth stations a recovery was also

detected, but was not so important (Fig. 2). The EG I

(sensitive) species became more important as a

consequence of a decrease in the percentage of EG

IV (second-order opportunistic) species.

3.2. Case study 2

The three stations are classified as undisturbed or

slightly disturbed, during all the sampling periods
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Fig. 2. AMBI values in 1998, 1999 and 2000, for each sampling

station in Gullmarsfjiord (note that the label for each sampling

station coincides with the water depth). Key: UD = undisturbed;

SD = slightly disturbed; MD = moderately disturbed; HD = heavily

disturbed; and ED = extremely disturbed.



(Fig. 3). A two-way ANOVA was carried out to

compare the AMBI values between periods of low

(late 1970s and 1980s) and high sand extraction

intensity (late 1990s and 2001s) and between stations

(with Stations 1 and 6 being heavily exploited and

Station 9 only sporadically exploited). No significant

differences were found among the stations (d.f. = 2;

F = 3.31; p = 0.050), whereas the AMBI was sig-

nificantly lower during the periods of high sand

extraction intensity (d.f. = 1; F = 6.58; p = 0.013).

3.3. Case study 3

AMBI values show a clear decreasing gradient, as

one moves away from the stations located near the

platform wells in all the studied cases (Fig. 4) and in

the prevailing current direction: (i) from 0 to 100 m,

AMBI values lie between 5 and 6 (heavily polluted)

and the benthic community is dominated by first-order

opportunistic species; (ii) from 100 to 500 m, the

AMBI values lie between 3.3 and 5 (moderately

polluted), except at Audrey (Fig. 4a), with increasing

dominance of EG IVand III, and the presence of I and

II; and (iii) from 500 to 1,000 m, the AMBI values are
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Fig. 3. AMBI values, with standard error, for Stations 1, 6 and 9 on

the Kwintebank during different campaigns (yy/mm on x-axis).

Fig. 4. AMBI values for each sampling station at the Audrey (a), Beryl A (b), Beryl B (c and d) and Thistle (e and f) oil platforms. The stations

are labelled with the distance along the transect from the platform, which is located by an arrow. The transect orientations are: (a) and (e) 1358,
(b) 1688, (c) 1808, (d) 908 and (f) 458, relative to North. Key: UD = undisturbed; SD = slightly disturbed; MD = moderately disturbed;

HD = heavily disturbed; and ED = extremely disturbed.



normally <1.2 (unpolluted), with EG I and II

dominating. This gradient depends upon the regional

prevailing current direction. Hence, the regression

between the distance (from 0 to 1,200 m) and AMBI

relating to stations in the prevailing current direction

is: AMBI = �0.004 � distance + 5.354, with the

correlation being strong and highly significant

(F = 168.31; p = 0.000; r = 0.928). At greater dis-

tances, there was only a weak correlation (F = 0.389;

p = 0.000; r = 0.150).

Conversely, a strong and highly significant correla-

tion was found between the total hydrocarbons in the

sediment and the AMBI values, when data were

available (Beryl A and Beryl B), following a

logarithmic model (F = 157.02; p = 0.000;

r = 0.914) (Fig. 5a). Hence, at the furthest stations,

sensitive species are dominant in all cases. Approach-

ing the oil platforms, they are progressively sub-

stituted by indifferent, tolerant and second- and first-

order opportunistic species. These changes are related

to the high hydrocarbon values in the sediment.

Likewise, correlations between grain size and AMBI

values, together with those between organic matter

and AMBI, were only moderate (p = 0.000; r < 0.50).

3.4. Case study 4

Before the engineering works commenced (1989–

1993) in Bilbao harbour, the AMBI values were very

similar (except in 1990, with an AMBI = 2.1), with the

area being classified as undisturbed or slightly

disturbed and the EG I being dominant (Fig. 6).

When intensive dredging finished in 1997, the area

became totally azoic (AMBI = 7) as a result of the

elimination of a surficial sediment layer of about 10 m.

Over recent years, the area has improved in terms of its

classification, but with AMBI values higher than

previously, i.e. nearer to 3 (except in 2001,

AMBI = 2.3); these represent a moderately or slightly

disturbed situation.

3.5. Case study 5

At the dredged location, the proportion of first-

order opportunistic species (EG V) increased within 3

days after dredging (from 30 to 60%; Fig. 7b).

Between 15 and 90 days after dredging, the second-

order opportunistic species (EG IV) largely dominated

(90%). Only after 180 days had the proportion

returned to the situation before dredging (Fig. 7b).

Likewise, in the control location there was a decrease

in the sensitive species abundance (EG I), after 3 days

(Fig. 7a). Themost important change occurred after 15

days, when the second-order opportunistic (EG IV)

species increased in their proportion to 75%,

decreasing subsequently (Fig. 7a).
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Fig. 5. Regressions between (a) AMBI values and total hydrocar-

bons (THC) measured in mg kg�1, (b) percentage of organic matter

content in sediment and (c) mean grain diameter, in F units.

Fig. 6. Relative abundance of each ecological group for each

replicate and average AMBI values, with standard error bars for

each of the sampling occasions: 89, 90, 91, . . . represent the

sampling year.



This pattern is reflected in the AMBI values

(Fig. 8): hence, the dredged location increased from

4.05 to 5.07 (moderately disturbed to heavily dis-

turbed) after 3 days, decreasing to 4.54 after 15 days,

then fluctuated around 4.3 (always moderately

disturbed). Likewise, the control location improved

within 3 days after dredging; it worsened after 15 days

(reaching 4.09 values), then improved.

3.6. Case study 6

A comparison of the derived regression lines was

carried out between the sites (Fig. 9). The AMBI was

used as dependent variable, with the distance from the

cages as independent variable. The regression was

highly significant for the model (F = 10.38; d.f. = 5;

p = 0.002). No significant differences were detected

between the Cephalonia and Ithaki regression lines,

but significant differences were detected between

Cephalonia and Sounion and between Ithaki and

Sounion, both in terms of the intercept and the slope.

Hence, a clear gradient is detected by the AMBI, in

Cephalonia and Ithaki. The AMBI values decrease, as

the distance from the cages increases. In Sounion, the

AMBI is a little bit higher below the cages than at the

control site, but the gradient is not very clear. Under

the Cephalonia and Ithaki cages, benthic communities

should be considered as heavily disturbed: being: (a)

moderately disturbed at a distance of between 5 and

10 m; (b) slightly disturbed at a distance of 25 m; and

(c) undisturbed at 50 m.

4. Discussion

Even though the impact sources studied in this

contribution are different, the effects can be grouped

into three classes: (i) oxygen demand (Case 1:

dissolved oxygen depletion); (ii) physical disturbance

(Case 2: sand extraction; Case 4: engineering works;

and Case 5: dredging activities); and (iii) increasing

organic matter and associated pollutants (Case 3: drill

mud dumping; and Case 6: aquaculture).

In Case study 1, 1 year after the anoxic episode, the

deepest communities were still dominated by oppor-

tunistic species andwere classified as heavily disturbed,

the station at 95 m water depth was moderately

disturbed and the shallowest stations were slightly

disturbed. Two years after the anoxic episode, the

benthic community had already recovered, with the

area being classified as slightly disturbed or undis-
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Fig. 7. Relative abundances of the five ecological groups (EG I–EG

V), during each sampling (key: B = before dredging, A3 = 3 days

after dredging; A15 = 15 days after dredging; etc.; C = control

station; and D = dredged station) at the control station (a) and the

dredged station (b).

Fig. 8. Evolution of AMBI values throughout the BACI study, at the

control station and the dredged station. Note: 0 day corresponds to

the sampling undertaken before dredging commenced.

Fig. 9. Regression lines between AMBI values and the distance

from the aquaculture cages, for each of the sites. Key: (—) Cepha-

lonia; (- - -) Ithaki; (� � �) Sounion.



turbed. Such a rapid improvement was probably

possible because the only impact was a punctual

anoxic episode, rather than a chronic impact. This

conclusion agrees with that of Rosenberg et al. (2002),

i.e. following multivariate analysis, that the benthic

communities at all depths more or less returned to the

same faunal composition as during pre-disturbed

conditions, with such a return being slowest at the

deepest stations. These researchers stated that the

benthic fauna succession in this fjord followed the

Pearson–Rosenberg successional model, on which the

AMBI is based (Borja et al., 2000, 2004b).

There are no major changes in the AMBI values in

Case study 2, where all the stations are classified as

undisturbed or slightly disturbed. Increasing sand

extraction intensity, from the late 1970s onwards, did

not result in an increase in the AMBI. Rather, it was

lower during the period of high sand extraction

intensity, than in the period of low extraction. The

lower AMBI results from a decrease in the EG III.

Moreover, the AMBI did not differ between stations

characterised by different sand extraction intensities.

Therefore, in this case study, the AMBI is not a good

indicator for detecting the impacts of sand extraction.

This conclusion is in agreement with that of Bonne

et al. (2003), who did not detect an increased

abundance of opportunistic species as a result of the

extractions.

Elsewhere, it has been shown that the usefulness of

the AMBI is not only limited to organic pollution

assessment, but also reflects disturbances, for exam-

ple, by hydrocarbons, engineering works and harbour

dredging (see Table 1). Conversely, the reworking of

‘organic-poor’ sediments of subtidal sandbanks

(Vanosmael et al., 1979, 1982) does not appear to

favour typical opportunistic macrobenthic species.

The competitive ability of the species classified as

opportunistic species in the AMBI is probably not

advantageous in organically poor and naturally–

physically stressed environments, such as offshore

subtidal sandbanks or the inner part of estuaries (as

outlined by Borja et al., 2004b). Pearson and

Rosenberg (1978) pointed out that the use of any

indicator schemes must be accompanied by a detailed

knowledge of both the abundance and range of species

in the area concerned, together with complementary

community structure information (as outlined by

Borja et al. (2004b)).

Case study 4 is related also with physical

disturbance. Before the engineering works com-

menced, the area was classified as unpolluted or

slightly polluted. The pollutants carried by the

Nervión river did not cause any detectable effect,

due to dilution (Gorostiaga et al., 2004). Following the

dredging period, a recovery was expected in the

AMBI, from 7 to values close to those before the

works. No data were available from 1997 to 1999, but

from 2000 to 2003 AMBI values lie between 2 and 3.5;

this indicates partial recovery in the macrozoobenthic

community. The monitoring should be continued, to

confirm this trend and ensure that the impact of the

works, on the benthic community, was only transient.

However, it is not expected to reach those values

before the works due to the enclosure, which: (i) slows

water renewal; (ii) causes important pollutant reten-

tion; and (iii) increases organic matter levels, as

observed in other harbours (Muxika et al., 2003).

The pattern of recovery following dredging in

Ceuta, as detected by the AMBI, is more evident than

through the use of other tools (total abundance,

diversity, evenness and Margalef’s index), as shown

by Guerra-Garcı́a et al. (2003). By means of AMBI, it

is possible to deduce two different impact effects: (i)

in the dredged area, there is an immediate effect due to

the physical disturbance (detected within 3 days), with

a posterior gradual recolonisation (occuring in the

same period as mentioned by Dernie et al. (2003a));

and (ii) an effect on the ‘near-control’ area (due

probably to the deposition of suspended materials,

after several days), as detected by the AMBI after 15

days. The general pattern is similar to that shown by:

(a) Sánchez-Moyano et al. (2004), in dredging works

in the south of Spain; and (b) Case study 4, where the

recovery is nearly total after 3 months.

Oil platforms can produce several environmental

impacts, in response to the platform itself and to the

discharge of drilling muds and cuttings (Frascari et al.,

1992): (i) physical impacts, such as the generation of

turbulence, erosion, changes in grain size, etc.; and (ii)

biological, such as community changes and pollutant

incorporation. For example, the amount of diesel oil

discharged (associated with drill cuttings used in

drilling operations), in 1981, into UK continental shelf

waters, was estimated as 7,000 t (Davies et al., 1984).

Drilling chemicals discharged in the same area up to

1989 were 39,902 t yr�1 (Breuer et al., 2004).
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In Case study 3, the highest AMBI values

(therefore, the highest disturbance) are reached near

the oil platforms, in all situations. Clear gradients are

shown in all directions, but preferential currents are

shown by the smoothest gradients (Fig. 4). The impact

of the oil platforms reached up to 500–1,000 m, as

detected by AMBI (in the northern North Sea, some of

the stations located at 10,000 m from the platform are

still slightly disturbed). The same pattern has been

detected by Davies et al. (1984), for the same oilfields,

using community structure parameters: likewise, by

Borja et al. (2003a,b) using AMBI on ester-based

muds in the Dutch area of the North Sea. Davies et al.

(1984) detected oil concentrations between 1,000 and

10,000 times the background levels, within 250 m of

the platforms; this explains the high correlation

obtained, in this contribution, between the AMBI

values and the total hydrocarbons. The pattern of

distribution of the pollutants (together with its impact

on the benthic community, detected by means of the

AMBI) coincides with the axis of the most persistent

current, often producing an ellipsoidal distribution

(Davies et al., 1984). Further, Shimmield et al. (2000)

found high disturbances in cores obtained from

sediments retrieved at a distance of 65 m from the

drilling cutting piles. Higher depletion of interstitial

dissolved oxygen concentrations were found in these

cores, in comparison with those obtained at 165 m and

300 m; likewise, higher heavy metal concentrations in

the superficial layer and higher Ba concentrations.

The same distributional impact pattern is shown in

Case study 6, in which AMBI values decrease as the

distance from the cages increases. All the stations are

moderately or heavily polluted, up to 25 m from the

edge of the cages (the same pattern has been detected

in fish-farms elsewhere (Mazzola et al., 2000). At

Sounion, this gradient is not detected; this can be

explained by the high current velocities at this site,

which are 6.3 cm s�1 (compared with only 3.5 and

2.8 cm s�1 at Cephalonia and Ithaki, respectively).

Hence, high current velocities could spread the

pollutants (organic carbon and nitrogen content of

the sediment), avoiding a localised impact on the bed

near the farm. This interpretation agrees with the

conclusions of Karakassis et al. (2000), except that

these authors detect also an impact on the macrofaunal

community at Sounion. However, the faunal composi-

tion of Sounion differed from that at the other sites: for

example, Capitella cf. capitata dominated the

macrofauna over distances of up to 10 m at

Cephalonia and Ithaki, whereas the dominant species

at Sounion was Protodorvillea kefersteini. This parti-

cular study concluded that ‘impacts of fish farming

on benthos in the Mediterranean vary considerably

depending on site characteristics’ (Karakassis et al.,

2000). These conclusions, which are similar to those

using the AMBI, were obtained using ABC curves and

MDS ordination plot approaches (Karakassis et al.,

2000).

Benthic communities, affected by different impact

sources, react similarly; essentially, they change from

sensitive groups (I and II) to lower successional stages

(the opportunistic IVand V groups). The percentage of

each EG in the community depends upon: (i) the

intensity of the impact; (ii) the duration of the impact;

and (iii) the distance from the source (as shown in this

contribution). In the case of sand extraction, the

community behaves in a different way, not detected by

the AMBI as disturbance in this contribution. As

mentioned by Rosenberg et al. (2002), benthic

communities show great resilience and elasticity.

Hence, the resilience of these communities following

the cessation of the impact source is dependent upon

the species composition, their different life-cycles,

reproduction periods and larval dispersal patterns

(Rosenberg et al., 2002). However, the AMBI appears

to be independent of these controlling factors in most

cases, because the case studies shown in this

contribution, together with others presented pre-

viously (Borja et al., 2000, 2003a; Gorostiaga et al.,

2004; Salas et al., 2004), include different settings,

species and time-scales. The proportion between the

different EGs appears to control the final result.

Conversely, elasticity (rapid recovery) is promoted

by the presence of undisturbed communities in the

vicinity of a particular site, as demonstrated when local

impacts are produced (such as local hypoxia, dredging

works, dumping, etc.). On this basis, Dernie et al.

(2003b) suggest that physical and biological recovery

rates are mediated by a combination of physical,

chemical and biological factors; these, in turn, differ in

their relative importance in different habitats. Hence,

the AMBI could integrate, simply and usefully, these

different factors into an unique number; this incorpo-

rates an equilibrium between the five EGs, connecting

with the classical ecological theories on disturbance

I. Muxika et al. / Ecological Indicators 5 (2005) 19–3128



models and recovery of impacted, or stressed, com-

munities (Bellan, 1967; McArthur and Wilson, 1967;

Pianka, 1970; Pearson and Rosenberg, 1978; Gray,

1979). This feature explains how the AMBI is able to

respond successfully to very different environmental

impact sources, including: drill cutting discharges;

submarine outfalls; harbour and dyke construction;

heavy metal inputs; eutrophication processes; diffuse

pollutant inputs; recovery in polluted systems, under the

impact of sewerage schemes; dredging processes; mud

disposal; and oil spills (see Table 1, together with the

associated references). That is why, combined with

other metrics, it can also be a successful tool in

implementing the WFD (Borja et al., 2004a,b).

5. Conclusions

This contribution has demonstrated the usefulness

of the AMBI in detecting different and new impact

sources and disturbance gradients. The results

obtained with the AMBI are comparable with those

obtained using other methods and parameters (includ-

ing univariate and multivariate statistical analyses); as

such, they are appropriate to what physico-chemical

data show. The AMBI values provide a single and

clear way (useful in terms of environmental advice)

to establish the ecological quality of soft-bottom

benthos, which is complementary to the above-

mentioned methods.

The AMBI is appropriate to use for all European

coastal environments, as it is independent of longitude

and latitude, because it is based upon general

ecological principles and paradigms. In this contribu-

tion, it has been used for the Atlantic Ocean region

(Baltic Sea, North Sea and Bay of Biscay), as well as

in the Mediterranean Sea (Gibraltar Strait and

Greece). Results from 38 case studies, from all the

European seas, have been collated. The AMBI reacts

in the same way to different disturbance sources, e.g.

anoxic episodes, hydrocarbon pollution, engineering

works, dredging or fish farming cages.

The AMBI is useful to compare the ecological

quality of the soft-bottom benthos in BACI experi-

ments, environmental impact studies and in determin-

ing the ecological status (as in WFD).

However, the AMBI has not been shown to be

useful in naturally-stressed and poor communities,

e.g. high hydrodynamic energy areas, subtidal

sandbanks, and the inner parts of the estuaries, etc.
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del Nord Adriático. Meeting of the Italian Society of Marine

Biology, Tunisia, June 2003.

Frascari, F., Rosso, G., Bortoluzzi, G., Barbanti, A., Bonvicini,

A.M., Pagliai, R., Crema, A., Castelli, M., Mauri, R., Zunarelli,

E., Orlando, D., Prevedelli, L., Ceffa, Ratti, S., 1992. Environ-

mental impact of water based drilling muds and cuttings in a

northern Adriatic Sea site. Bull. Inst. Océanogr., Monaco, no
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Guidelines for the use of AMBI (AZTI�s Marine Biotic

Index) in the assessment of the benthic ecological quality

1. Introduction

Recently, interest on benthic indicators has increased

dramatically, with a long list of new indicators proposed

(see Diaz et al., 2004, for a revision). One such indicator,

the AMBI, was designed to establish the ecological qual-

ity of European coasts, analysing the response of soft-
bottom communities to natural and man-induced

changes in water and sediment quality (Borja et al.,

2000, 2003a). The increasing use of this tool has led to a

public debate about some of the doubts encountered in

using such indices (Simboura, 2004; Borja et al., 2004b;

Dauvin, 2005); and has caused us to receive a large num-

ber of e-mails trying to adapt AMBI to their own require-

ments. This has led us to develop the present guidelines, in
order to make any AMBI results comparable.

2. AMBI basis and applications

The AMBI offers a �pollution or disturbance classifi-

cation� of a particular site, representing the benthic com-

munity �health� (sensu Grall and Glémarec, 1997). The
AMBI is based upon previous ecological models, such

as those of Glémarec and Hily (1981) and Hily (1984).

The theoretical basis is that of the ecological adaptative

strategies of the r, k and T (McArthur and Wilson, 1967;

Pianka, 1970; and Gray, 1979) and the ecological succes-

sion in stressed environments (Bellan, 1967; Pearson and

Rosenberg, 1978; and Salen-Picard, 1983).

Most of the concepts within the AMBI are based
upon previous proposals, for example: (i) the species

should be classified into five ecological groups (EG)

(following several authors, such as Leppäkoski, 1975;

Glémarec and Hily, 1981 and Grall and Glémarec,

1997); and (ii) with a scale introduced, from 0 to 7,

based upon Hily (1984), Hily et al. (1986) and Majeed

(1987). However, the most novel contribution of the

AMBI was the formula permitting the derivation of a
series of continuous values (Borja et al., 2000). Hence,

taking into account the final objective of the proposal,

several thresholds in the scale of the AMBI were estab-

lished; those were based upon the proportions amongst

the five EG (see Fig. 2, in Borja et al., 2000). These

thresholds are coincident with the �benthic community

health� proposed by Grall and Glémarec (1997) (see

Table 1, in Borja et al., 2000), whose sources can be

found in Reish (1959), Bellan (1967) and Pearson and

Rosenberg (1976).
Further, the AMBI has been applied in the assess-

ment of the �Ecological Status�, under the European

Water Framework Directive (see Borja et al., 2003b,

2004a,b). In this particular case, these authors recom-

mend the use of AMBI only as a part of a set of mea-

sures and indices (a multimetric approach), such as

diversity and richness, in order to minimise misclassifi-

cation problems in the assessment of the �Ecological Sta-
tus� (Borja et al., 2004a).

The AMBI has been verified successfully in relation

to a very large set of environmental impact sources,

including drill cutting discharges, submarine outfalls,

harbour and dyke construction, heavy metal inputs,

eutrophication, engineering works, diffuse pollutant in-

puts, recovery in polluted systems under the impact of

sewerage schemes, dredging processes, mud disposal,
sand extraction, oil spills, fish farming, etc (Muxika

et al., 2005). The geographical areas where it has been

applied extend over the Atlantic Ocean, Baltic Sea,

Mediterranean Sea, North Sea, and Norwegian Sea,

all in Europe; similarly, also in Hong Kong, Uruguay

and Brazil (Muxika et al., 2005; Muniz et al., in press).

3. Guidelines in using AMBI

Although the AMBI is particularly useful in detecting

temporal and spatial impact gradients, its robustness

could be reduced when only a very low number of taxa

(1–3) and/or individuals (<3 per replicate) are found in a

sample. The same could occur when studying low-sali-

nity locations (e.g. the inner parts of estuaries), some
naturally-stressed locations (e.g. naturally organic mat-

ter enriched bottoms; Zostera beds producing dead

leaves; etc.), or some particular impacts (e.g. sand

extraction, for some locations under dredged sediment

dumping, or some physical impacts, such as fish

trawling). For problems associated with the use of
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AMBI, see Borja et al. (2004b) and Muxika et al. (2005).

Some of these problems can lead to a natural increase in

opportunistic species and, subsequently, to an increase

in the AMBI values, providing �wrong� classifications
(the opposite situation also can be obtained). In order

to minimise these problems, we recommend the use of
AMBI together with other metrics; such an approach

obtains a more comprehensive view of the benthic com-

munity. In these particular cases, also recommended, is

a more detailed analysis and discussion of the results,

by the experts involved in the assessment, i.e. never

applying AMBI automatically.

In order to facilitate the work with AMBI, free soft-

ware is available at AZTI�s web page (http://www.
azti.es). However, when using this tool some precautions

should be taken into account, in order to avoid errors

and misinterpretations.

Authors using and publishing investigations based

upon this software should always check the last avail-

able species list, containing the EG of each of the

species; further, they should mention, in their contribu-

tions, the version of the software and the species list ver-
sion used. This observation is made because, in some

cases, the EG for a particular species could be changed,

following the indications of the experts or newly avail-

able information.

Hence, when using AMBI, some data truncation

rules should be utilised, as outlined below.

• Never use the AMBI software with hard-bottom
substrata data; it is designed only for use with soft-

bottom communities.

• Remove, from your initial file, all non-benthic inver-

tebrate taxa (e.g. fish, algae).

• Remove all freshwater taxa (e.g. Cladocera).

• In salinity >10, remove insecta.

• Remove juveniles, when the species are not identified.

• Remove non-soft sediment taxa (e.g. Nudibranchia).
• Remove epifaunal taxa (e.g. Bryozoa).

• Remove planktonic taxa (e.g. Crangonidae).

• Certain taxa should be grouped together (e.g. genus

types a–d).

• Never use high taxonomic levels (e.g. Bivalvia, Gas-

tropoda), except those included in the species list

(e.g. Nemertea, etc.).

Normally, we have found that less than 10% (usually

less than 5%) of the individuals per sample are not

assigned. When the percentage of taxa that are not

assigned is high (>20%), the results should be evaluated

with care, because there may be subsequent problems in

the interpretation. When the percentage of taxa not as-

signed is >50%, the AMBI should not be used.

In order to avoid ambiguous results, it is preferable to
calculate the AMBI values for each of the replicates,

then to derive the mean value. The absence of fauna in

some of the replicates (following confirmation that it is

not a sampling artefact) should be considered as a sign

of high disturbance; consequently, this is much better

accounted for, through the use of the mean value of

AMBI from the replicates. Hence, all of the replicates
should be included in the initial data file.

The assignation of a taxa to one of the five EG,

together with problems associated with taxonomy

(synonyms, etc.), could lead to misclassification.

Some authors attempt to adapt the EG to their own

listings, in order to obtain better assessments. We do

not support the idea of building specific EG lists for dif-

ferent geographical areas or different impact sources, as
this can lead to an unmanageable tool use; it does not

allow any comparison of the results between different

areas, or impacts. The assignation of the species to EG

requires some consensus between the scientific commu-

nity (Borja et al., 2004b). As such, we attempt to

improve and update continuously the species list, work-

ing together with benthic experts from the UK Environ-

ment Agency and others; similarly, responding to the
suggestions of several authors, requesting changes in

some species EG or including new species, when it is

justified. Hence, it is necessary to use always the latest

version of the species list.

The different thresholds in the site pollution classifi-

cation, or even in the ecological status, depend upon

the thresholds established within the AMBI scale values.

Changing the thresholds would alter the final classifica-
tion (as in other methods). Probably, in some of the

cases, the range of values applicable to different habitats

(estuaries, coastal areas, etc.) should be changed. For

example, in some estuaries it is very difficult to reach

AMBI values <2, because of the presence of species clas-

sified in EG III, which are species structuring the com-

munity. In these particular cases, we consider that it is

better to work by changing the boundaries of the distur-
bance levels (or comparing the results with reference

conditions for these particular areas (see Borja et al.,

2004a), rather than modify the EG assignations. Hence,

the AMBI values, calculated using the same EG assigna-

tion, will be comparable in relation to different geo-

graphical areas and impact sources. Nonetheless,

authors could try to adapt their own thresholds (if nec-

essary), in order to produce more accurate assessments
for their particular cases.

The advantage in using AMBI is the possibility of

demonstrating simply to politicians, stakeholders and

public, the evolution of an impact or the recovery

processes. The AMBI, combined with other metrics

and analyses (such as multivariate), can establish a

good overview of the benthic community health. How-

ever, it must be always studied and discussed by an
expert.
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Abstract

Recently, several monitoring programmes have been undertaken to evaluate the impact of different anthropogenic activities,

upon a range of coastal ecosystems located in the South-western Atlantic. In the present contribution, the applicability of the

AZTI�s Marine Biotic Index (AMBI) is tested, to establish the benthic health of the ecosystem using these data sets. As the AMBI

was created previously for use in European estuarine and coastal environments, its general applicability to new geographical loca-

tions is discussed. In general, the results are in agreement with those obtained using traditional univariate and multivariate methods.

Some inconsistent results are observed, when low abundances and/or number of taxa are recorded in the samples. Moreover, when

the macrofauna samples are dominated by large nematodes, the classification of the benthic ecosystem health using AMBI is not

consistent with previous results achieved applying other statistical techniques. Thus, parallel to the application of this index to a

wider extend, the complementary use of different indices and/or methods is recommended to assess confidently the environmental

quality of a coastal area.

� 2005 Elsevier Ltd. All rights reserved.

Keywords: Benthic communities; Pollution; AMBI index; Ecosystem health; Soft-bottom; South Atlantic coastal region

1. Introduction

A major problem in coastal areas is the anthropogen-

ically-induced disturbance of the marine environment.

Sediments accumulate natural and anthropogenic com-
pounds from the overlying water. As such, heavy metals,

hydrocarbons and other pollutants derived from human

activities, produce perturbations in the ecosystem; these

change its abiotic conditions and affect its biota. The

study of marine communities, in such environments,

permits the assessment of ecological and environmental

status. Various studies have demonstrated that benthic
organisms are useful indicators of environmental status,

as they respond predictably to various natural and man-

induced disturbances (Thouzeau et al., 1991; Dauer,

1993; Ritter and Montagna, 1999). Moreover, macro-

benthos can be used to understand the dominance of

certain ecological factors, responsible for the structure

and productivity of benthic communities (Saiz-Salinas,

1997).

0025-326X/$ - see front matter � 2005 Elsevier Ltd. All rights reserved.
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Several anthropogenic activities (industrial effluents

and domestic sewage disposal, shellfish farming, oil pro-

duction and transportation) promote the organic matter

accumulation in bottom sediments. Organic matter con-

tent in the sediments is believed to play an important

role on benthic communities, amongst other important
characteristics influencing their trophic structure and

biomass (Grebmeier et al., 1988). Spatial and temporal

variations in populations and communities are relevant

to several aspects of ecology, including the maintenance

of species diversity and community stability, in that they

can be associated also with different pollution sources

(Koenig, 1999).

The analysis of changes in benthic communities, using
various univariate and multivariate methods, have

become an important tool in the assessment and moni-

toring of the biological effects of marine pollution. Uni-

variate measures, such as diversity, evenness and other

related metrics, have the disadvantage of reducing a

great amount of information into a single summary in-

dex.Moreover, it is possible that an undisturbed commu-

nity at a particular locality, together with a disturbed one
in another, would have the same diversity; this makes dif-

ficult the distinction between the changes produced by

�natural�, from those produced by �anthropogenic� fac-
tors (Warwick and Clarke, 1993). Conversely, multivar-

iate methods (e.g. canonical correspondence analysis,

principal components analysis, non-metric multidimen-

sional scaling, etc.) are more sensitive than univariate

ones in detecting community changes (Warwick and
Clarke, 1991). However, the results obtained are gener-

ally difficult to be interpreted by non-scientists i.e.

environmental impact studies, marine quality monitor-

ing, which are addressed to policymakers, stakeholders,

etc.

A conceptual framework, which has been the basic

reference in the literature concerning the effects of or-

ganic enrichment on benthic communities, has been
established by Pearson and Rosenberg (1978). Within

this context, several investigators have developed biotic

indices to estimate macrobenthic community distur-

bance level and to establish the ecological status of

soft-bottom benthos (Hilly et al., 1986; Grall and

Glémarec, 1997). All such studies have emphasised the

importance of biological indicators, to measure the eco-

logical quality of a marine environment (Engle et al.,
1994; Grall and Glémarec, 1997; Weisberg et al.,

1997). Recent approaches have developed a biocriteria-

based predefined reference condition and, upon this,

several deviations (disturbance classes) were established

(Dauer and Alden, 1995; Weisberg et al., 1997; Van Do-

lah et al., 1999). Recently, Borja et al. (2000) have pro-

posed the adoption of AZTI�s Marine Biotic Index

(AMBI), using macrobenthic organisms as bio-indica-
tors. These authors have explored the response of soft-

bottom communities, to natural and man-induced

changes in water quality. Such approach has integrated

the long-term environmental conditions in several Euro-

pean estuarine and coastal environments. This index is

based essentially upon the distribution of five ecological

groups, of soft-bottom macrofauna (Grall and Gléma-

rec, 1997); these are in relation to their sensitivity to
an increasing stress gradient. Such an approach has

the advantage of being simple, in terms of calculation,

compared to those adopted previously; it is based upon

a formula which permits the derivation of a coefficient

(referred previously to the biotic coefficient, now AMBI,

Borja et al., 2003, 2004), allowing statistical analysis of

the results. Further, Borja et al. (2003) have established

that benthic samples subjected to different impact
sources e.g. organic enrichment, physical alterations of

the habitat, heavy metal inputs, etc., along the European

coast, were classified correctly according to the Marine

Biotic Index (see Muxika et al., 2005, for a review of

the increasing use of this index, within Europe).

Tropical and subtropical coastal ecosystems comprise

more than one third of the continental shelf area of the

world. Despite their significance, they are less under-
stood than those in temperate and high latitude regions.

In particular, the coastal areas of some countries are

subjected to intense and unplanned anthropogenic activ-

ities, being under the influence of several kind of pollu-

tants and environmental impacts. In this paper, the

suitability of the application of AMBI, as proposed by

Borja et al. (2000), has been examined; this is in relation

to the classification of benthic samples, subjected to dif-
ferent impact sources along the Brazilian and the Uru-

guayan coast. The objective of this work is to test the

applicability of this Index, on data obtained at latitudes

and within environments which differ from those in

which it was developed originally. The purpose of this

approach is to extend its use to other areas of the World

i.e. South America Atlantic region.

2. Material and methods

Five �case studies� were selected to test the applicabil-

ity of the Index, with three locations from the Brazilian

coast and two from the Uruguayan coast (Fig. 1). These

locations are subjected to different sources of dis-

turbance and their degree of impact has been well estab-
lished by the authors. The classification of the identified

species, into the five ecological categories, was based

upon the updated list of the AMBI program (available

in AZTI�s web page; http://www.azti.es) (see Table 1).

Species not considered in the list were classified accord-

ing to the literature, the authors knowledge on their

ecological distribution and the expertise of AZTI�s scien-
tists. These species are now included in the AMBI list,
available to any South American researcher at the above

mentioned web page.
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Fig. 1. Location of the South America study areas and sampling stations (numbers and letters in the figures): (a) Todos os Santos Bay (RLAM = oil

refinery); (b) São Sebasitão Channel (DTCS = oil terminal, Araça = sewage pipe); (c) Ubatuba Bay; (d) Solı́s Grande Stream estuary; and (e)

Montevideo Bay and adjacent coastal zone. Note: Study areas (a), (b) and (c) are located on the South-eastern Brazilian coast, whilst (d) and (e) are

in the Uruguayan coastal zone.
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2.1. Location A

Todos os Santos Bay, North-eastern Brazil (Fig. 1a).

An environmental assessment programme was carried

out in the north-eastern part of Todos os Santos Bay

(BTS), by Venturini (2002), Venturini and Tommasi

(2004) and Venturini et al. (2004a). The area is affected

directly by the largest oil refinery of the petroleum Bra-
zilian company PETROBRAS S.A. Since 1950, the area

around Todos os Santos Bay has been subjected to

increasing industrialisation and exploitation of its natu-

ral resources. Nowadays, effluents from 29 industries

drain into the bay contributing, together with urban

and port activities, to the pollution of several areas

within the bay (Venturini et al., 2004a). The oil refinery

is located adjacent to the study area (Fig. 1a), into which
the resulting effluents are discharged. In 2000, a sam-

pling survey (austral winter) was carried out at 32

stations (Fig. 1a). Three replicate samples were taken

at each station, with a 0.05 m2 van Veen grab; besides

the analyses of benthic macrofauna, they were analysed

for granulometric characteristics, total organic carbon,

total nitrogen, sulphur, PAHs and aliphatic hydrocar-

bon concentrations.

2.2. Location B

São Sebastião Channel, South-eastern Brazil (Fig.

1b). In order to understand the structure and function-

ing of this ecosystem, an interdisciplinary program was

performed in 1993 and 1994. During one year, 15 sta-

tions were sampled seasonally with a 0.1 m2 van Veen
grab (Fig. 1b). The area is influenced by anthropogenic

impacts related to the installation and operating activi-

ties of a commercial harbour and the most important

Brazilian oil terminal (Ductos e Terminais Centro Sul,

DTCS), through which up to 55% of the country�s oil

is passed (Zanardi et al., 1999). The structure of these

benthic communities was studied intensively by Arasaki

(1997), Arasaki et al. (2004), Pires-Vanin et al. (1997),
and Muniz and Pires (1999, 2000). It has been well

established that sediment heterogeneity, organic matter

and hydrocarbon concentrations were the principal

influential factors in the distribution of benthic

assemblages.

2.3. Location C

Ubatuba Bay, South-eastern Brazil (Fig. 1c). An
environmental assessment, using macrobenthic commu-

nities as indicators of ecosystem health, was carried out

between December 1999 and February 2001 (Muniz,

2003). A total of nine stations, seven in Ubatuba Bay

and two in nearby Picinguaba Bay (considered as a con-

trol area) were sampled seasonally during one year (Fig.

1c). At each sampling station, five replicates were taken

using a van Veen grab of 0.05 m2, for the analyses of
benthic organisms. The area is located in the northern

littoral of São Paulo State, a region that has been

increasing its tourism potential since the last decade.

Four rivers flow into the bay; these influence greatly

its water quality, especially during rainy periods when

large amounts of untreated sewage are introduced from

Ubatuba City. According to Burone et al. (2003), the

origin and distribution of organic matter in the bottom
sediments are related to river inputs and the predomi-

nant pattern of water circulation, which is generally

clockwise.

2.4. Location D

Solı́s Grande Stream estuary, Southeastern-Uruguay

(Fig. 1d). A study concerning the structure of the ben-
thic communities, in relation to the surrounding physi-

cal environment, was carried out in October 1995 (at

24 stations distributed in 8 transversal transects along

the main axis of the Solı́s Grande Stream estuary)

(Fig. 1d). The aim of the study was to establish the effect

of the sedimentological characteristics and salinity gra-

dient on species distribution (Muniz and Venturini,

2001). At each station, three replicates were taken with
a 0.052 m2 Petersen grab, for macrofaunal analysis; an

Table 1

Summary of the AMBI values and their equivalences (modified from Borja et al., 2000, and Muxika et al., 2005)

AMBI values Biotic index Dominating ecological group Benthic community health Site disturbance classification

0.0 < AMBI 6 0.2 0 I Normal Undisturbed

0.2 < AMBI 6 1.2 1 Impoverished

1.2 < AMBI 6 3.3 2 III Unbalanced Slightly disturbed

3.3 < AMBI 6 4.3 3 Transitional to pollution Moderately disturbed

4.3 < AMBI 6 5.0 4 IV–V Polluted

5.0 < AMBI 6 5.5 5 Transitional to heavy pollution Heavily disturbed

5.5 < AMBI 6 6.0 6 V Heavy polluted

Azoic 7 Azoic Azoic Extremely disturbed

The ecological groups correspond to: I, sensitive to pollution; II, indifferent to pollution; III, tolerant to organic matter; IV, opportunistic of second

order; V, opportunistic of first order (for details, see Borja et al., 2000, 2003).
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additional one for the determination of granulometric

parameters and organic matter content.

The Solı́s Grande estuary is an important component

of a permanently flowing system of Uruguay, the �Ver-
tiente del Rı́o de la Plata� (Jackson, 1984). From its

source to its mouth, it extends over 90 km, receiving in-
puts of very permanent and non-permanent water-

courses. Nowadays, human influence in this area is

still very incipient.

2.5. Location E

Montevideo Bay and the adjacent coastal zone, lo-

cated in the middle Rı́o de la Plata Basin in Uruguay
(Fig. 1e). An environmental assessment programme

was carried out in January 1998. Benthic macrofaunal

samples (three replicates) were taken with an Ekman

grab of 0.053 m2 at 24 stations (Fig. 1e). Within the

Montevideo coastal zone, Montevideo Bay (10 km2

and mean depth of 5 m) is an important region; it har-

bours the ANCAP refinery of the Uruguayan petroleum

company, the Batlle stream water plant (UTE, Electri-
cian Uruguayan Company) and the Port of Montevideo

(Fig. 1e). Three streams flow into Montevideo Bay, car-

rying wastes from many different industries and urban

centres, as well as from a great number of sewage

sources.

For the quality classification of the locations, the

equivalences proposed by Borja et al. (2000) and Muxika

et al. (2005) have been used (Table 1). Although Borja
et al. (2004) proposed a change in the classification of

the benthic quality, this related only to its use within

the European Water Framework Directive, being the

boundaries in Borja et al. (2000) be used when the ben-

thic health should be assessed (see Muxika et al., 2005).

3. Results

The following 20 species, found typically in the South

Atlantic coastal region, were assigned to one of the five

ecological groups and added to the AMBI list: Acteocina

bullata (I), Amigdalum sp. (III), Corbula caribaea (IV),

Crepidula aculeata (III), Ctena pectinella (I), Dasybran-

chus platyceps (IV), Erodona mactroides (I), Exogone

arenosa (II), Heleobia australis (IV), Heteromastus simi-
lis (IV), Kalliapseudes schubarti (II), Laeonereis acuta (or

culveri, IV), Mediomastus capensis (IV), Nephtys fluvia-

tilis (II), Nucula semiornata (I), Spiochaetopterus nonatoi

(III), Spiophanes missionensis (III), Tagelus plebeius

(III), Tellina versicolor (I) and Tiburonella viscana (I).

3.1. Location A

In Todos os Santos Bay, AMBI values ranged from 0

(Stations 1 and 30) to 5 (Station 14), with Station 5 lo-

cated near the oil refinery being azoic (AMBI value: 7)

(Fig. 2 and Table 2). The mean percentage of organisms

without assignment to an ecological group was 6.9%.

According to the BI values, two stations (those with

BI: 0) showed a normal benthic community and two

(BI: 5) were transitional to heavy pollution community
health (Table 2). Most of the stations showed an unbal-

anced community health, with the predominance of the
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Fig. 2. Perturbation level in Todos os Santos Bay (location B), in terms of the AMBI values at each of the stations.
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ecological group (EG) III (tolerant species). Opportunis-

tic species (EG IV and V) dominated only at those sta-

tions where high values of TOC and mud were noted;

these were situated in the central and the northeast por-

tion of the study area. It is important to highlight that

the total macrofauna abundance was very low (around

10 individuals, per 0.05 m2). In general, high PAH con-

centrations were recorded at these stations (Table 2).
The lowest AMBI values were recorded at those stations

where sand was the predominant sediment type and,

consequently, a low organic load were presented. AMBI

values correlate positively with the percentage of TOC

and PAH concentrations (Table 2). Not a significant

correlation was observed between the AMBI values

and the biological parameters considered.

3.2. Location B

The mean percentage of organisms without assign-

ment to an EG was 3.9%. The AMBI values varied be-

tween 0.6 and 2.6 (Table 3), indicating that most of

the sampling stations were classified as undisturbed

and slightly disturbed sites with an impoverished and

an unbalanced benthic community health. High AMBI

values corresponded to the group of stations with a pre-

dominance of muddy sediments and high values of or-

ganic carbon (A). Low AMBI values were recorded at

those stations where the sediment consisted mainly of
sand (Groups B and C, Table 3). AMBI was correlated

positively (p < 0.05) with total organic carbon, organic

nitrogen and the sediment mean diameter and negatively

with the percentage of coarse sand; this indicates a trend

towards high AMBI values, with an increase in the or-

ganic load in the sediments (Fig. 3). Although the tem-

poral variation in the AMBI for some sampling

stations was considerable, the mean AMBI values for
the whole area were almost constant throughout the

year (spring = 1.72 ± 0.53; summer = 1.65 ± 0.46; au-

tumn = 1.64 ± 0.45; winter = 1.64 ± 0.46). Based upon

these results, this location can be classified as slightly

Table 2

Biological parameters (AMBI, BI, abundance, species richness, diversity) and water depth, sediment type, TOC and PAHs content from each station

in Todos os Santos Bay (Location A)

Station BI AMBI Abund. (ind./0.05 m2) S (no. spp.) H 0 (nats/ind.) Depth (m) Sediment type TOC (%)
P

PAHs (ng/g)

St. 1 0 0.2 25 4 0.92 2.1 Sand 0.1 310.0

St. 30 0 0.0 2 2 0.69 1.1 Silty-clay 3.4 773.4

St. 3 1 0.5 232 2 0.21 1.8 Sand 0.2 18.3

St. 9 1 1.0 12 7 1.85 4.3 Silty-clay 0.9 293.4

St. 23 1 1.0 168 31 2.86 4 Sand n.a. n.a.

St. 2 2 1.5 4 1 n.c. 2.5 Sand 0.1 304.5

St. 4 2 2.6 61 3 0.63 1.7 Sand 0.3 107.5

St. 6 2 3.0 293 6 1.61 2.7 Silty-clay 0.7 283.4

St. 7 2 2.8 49 6 1.75 1.9 Sand 0.5 94.9

St. 8 2 1.5 1 1 n.c. 3 Silty-clay 2.5 1355.0

St. 10 2 2.1 42 12 2.27 2.3 Sand 0.2 11.6

St. 11 2 2.5 10 5 1.5 1.6 Silty-clay 0.3 38.6

St. 13 2 1.5 4 3 1.04 4.8 Silty-clay 2.0 779.9

St. 15 2 2.6 119 8 1.4 0.7 Sand 0.2 547.1

St. 17 2 1.9 37 13 2.39 1.1 Sand 0.2 32.3

St. 19 2 3.0 6 4 1.33 5.7 Silty-clay 1.3 403.5

St. 20 2 2.8 8 6 1.73 7.5 Silty-clay 1.5 381.5

St. 21 2 2.6 44 5 1.56 9 Silty-clay 2.1 523.8

St. 22 2 2.2 105 13 2.2 2.3 Sand 0.2 149.3

St. 24 2 2.0 13 7 1.71 4 Sand n.a. n.a.

St. 26 2 3.1 30 1 n.c. 4.7 Sand n.a. n.a.

St. 27 2 2.5 76 10 1.92 1.3 Sand 0.3 22.5

St. 28 2 2.3 8 4 1.32 1.2 Sand 0.2 8.3

St. E1 2 2.4 16 3 0.96 n.a. Silty-clay 1.7 1470.0

St. E2 2 2.1 44 8 1.68 n.a. Sand 0.3 685.9

St. 12 3 3.4 4 2 0.56 4.5 Silty-clay 2.1 727.1

St. 16 3 3.8 4 3 1.04 3 Silty-clay 1.4 888.1

St. 25 3 3.8 19 6 1.61 10 Silt n.a. n.a.

St. 29 3 3.8 5 2 0.64 3.3 Silty-clay 1.5 1043.0

St. 18 3 4.2 6 3 1.04 2.2 Silty-clay 1.5 2969.0

St. 14 5 5.0 3 2 0.64 3 Silty-clay 2.9 1614.0

St. 5 7 7.0 0 0 n.c. 2 Silty-clay 3.5 4163.0

Significant correlations between AMBI and biological and environmental parameters are indicated.

Pearson correlation between AMBI and PAHs = 0.69, p 6 0.05; TOC = 0.41, p 6 0.05.

n.c. = not calculated; n.a. = not available.
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disturbed during the period of study. The prevalent EG

in the area were II and III. The first order opportunistic

species (EG V) were absent from the area, except during

the winter survey, when this group reached only 3.4% at

Station 5. The abundance of EG IV was also low; it was

higher in the group of stations characterised by the pres-
ence of muddy and organically enriched sediments, than

in the other groups (B and C). These stations are located

in the central part of the São Sebastião Channel, where

anthropogenic activities are developed.

3.3. Location C

In Ubatuba Bay, the mean percentage of organisms

without assignment to an EG was 5.8%. AMBI values

ranged between 0.82 and 3.92 (Table 4). High AMBI

values at the Ubatuba stations were observed in sum-

mer. Control stations located in Picinguaba Bay showed

slightly lower values than the others, during this season.
This observation is in agreement with the hypothesis

highlighted by Muniz (2003), that Picinguaba�s benthic

communities are structured mainly by natural factors.

In contrast, in Ubatuba Bay anthropogenic factors

would be more important in determining the structure

of the benthic communities. Spatially, the Ubatuba sta-

tions always presented higher AMBI values, than the

Picinguaba stations. The AMBI classification showed
that, in summer, some areas in Ubatuba Bay showed a

transitional to polluted benthic community health, dom-

inated by EG IV and V. In winter and in autumn

(April), Ubatuba was dominated by EG III; this corre-

sponded to an unbalanced community, being classified

as slightly disturbed. Only the control stations at

Picinguaba showed an undisturbed status, with the

dominance of EG I and II. Station 9, located also at Pic-
inguaba, presented a decrease in its benthic community

Table 3

Maximum and minimum values of AMBI, abundance and percentages of each ecological group in the São Sebastião Channel (Location B)

Stations AMBI Ecological group (%) Abundance (ind./0.1 m2)

I II III IV V

1 0.7–2.3 12.0–55.5 27.2–52.1 1.6–57.6 0–3.3 0 59–119

2 1.7–2.0 6.7–10.7 48.8–75 0–42.9 0–14.3 0 28–101

3 0.8–1.6 13.7–57.7 22.9–63.5 9.8–38.1 0–3.3 0 105–233

4 0.7–1.3 36.2–59.2 34.3–45.4 5.6–14.5 0.8–3.9 0 132–213

5 1.7–2.5 4.7–25 37.5–51.1 23.4–46.2 0–5.9 0–3.4 32–236

6 1.3–1.7 21.3–32.8 33.0–55.6 14.2–38.8 0–9.0 0–1.6 58–366

7 1.9–2.5 0–21.7 16.7–47.8 52.9–63.6 0–17.4 0 17–227

8 0.9–2.2 3.2–58.4 29.8–59.5 7.5–53.9 0–4.2 0 82–861

9 1.1–1.7 0.2–43.7 44.9–86.7 5.7–16.5 0–4.5 0–0.9 150–1954

10 1.2–2.2 21.1–58.1 12.4–35.7 21.9–48.9 7.1–10.5 0 19–105

11 1.3–1.8 32.5–0 54.6–81.8 8.1–22.5 0–4.7 0 44–659

12 1.5–2.6 9.2–15.9 9.2–69.8 13.2–81.5 0–1.1 0 59–202

13 1.5–2.1 9.6–32.0 32.6–42.3 22.8–48.4 0–4.3 0 52–654

14 1.0–1.9 7.5–50.7 44.3–61.3 10.9–35.2 0–2.4 0–1.1 398–748

15 1.2–1.9 2.8–34.9 44.7–75.0 11.9–18.9 0–2.9 0 36–455

Station groups A B C

Stations AMBI Stations AMBI Stations AMBI

Spring 2, 6, 7, 10, 13 2.02 1, 4, 5, 12 1.52 3, 9, 11, 14, 15 1.32

Summer 2, 7, 10, 15 1.9 1, 4, 5, 6, 12 1.57 3, 9, 11, 13, 14 1.51

Autumn 2, 7, 10 1.72 1, 5, 6, 12 1.34 3, 4, 9, 11, 13, 14, 15 1.7

Winter 2, 7, 10 2 1, 3, 4, 5, 6 1.7 9, 11, 12, 13, 14, 15 1.36

Mean AMBI 1.91 1.53 1.47

AMBI values are given for each station group (according to Arasaki et al., 2004), together with their AMBI values in each seasonal survey and mean

AMBI value for each one of the three groups of stations. Significant correlations between the AMBI values and environmental parameters are

indicated.

Pearson correlation between annual AMBI mean and TOC = 0.71, p 6 0.05; ON = 0.70, p 6 0.05; mean grain diameter = 0.61, p 6 0.05; % coarse

sand = �0.61, p 6 0.05.
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Fig. 3. AMBI values and total organic carbon (TOC) content of the

surface sediments, for the 15 sampling stations studied within the São

Sebastião Channel (Location C).
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health in April (unbalanced community); this was re-

lated to an increase in polycyclic aromatic hydrocarbons

in the sediments of this station (Muniz, 2003). AMBI

values were correlated positively with heavy metals, fae-

cal steroids, organic matter and chlorophyll a content

within the surface sediments.

3.4. Location D

In the Solı́s Grande estuary, within the only one spe-

cies was not assigned to an EG, the brachyuran Cyrto-

grapsus angulata; this was represented only by a single

individual at Station 10 and another at Station 12.

AMBI values varied from zero (Stations 16 to 24) to

5.2 (Station 14) (Table 5). The remaining stations pre-

sented AMBI values of between 1.2 and 4.2, showing a

range of slightly disturbed to moderately disturbed con-

ditions. Only one station (14) showed characteristics of a

heavily disturbed site, being dominated by organisms of

EG V (71%) and IV (17%); these were constituted by
first- and second-order opportunistic species such as

Ficopomatus enigmaticus, Heleobia australis and Hetero-

mastus similis. Stations 4, 5, 6, 8 and 9 are also moder-

ately disturbed, corresponding to the transitional to

Table 4

AMBI, BI and percentages of each ecological group for the four surveys undertaken in Ubatuba (Stations 1 to 7) and Picinguaba (Stations 8 and 9)

Bays (Location C)

Station AMBI BI Ecological group (%)

I II III IV V

April

St. 1 2.20 2 12.28 32.34 51.59 3.79 0

St. 2 2.32 2 13.30 21.79 61.77 3.14 0

St. 3 2.65 2 7.61 18.78 63.20 10.41 0

St. 4 2.93 2 6.31 6.02 73.77 13.91 0

St. 5 2.93 2 5.20 9.05 70.79 14.96 0

St. 6 2.47 2 9.81 16.05 73.52 0.62 0

St. 7 0.84 1 65.00 13.70 21.30 0 0

St. 8 0.95 1 61.26 16.84 19.16 2.74 0

St. 9 2.01 2 23.13 24.24 48.35 4.28 0

August

St. 1 2.48 2 6.92 21.15 71.78 0.15 0

St. 2 2.57 2 5.83 17.54 76.16 0.48 0

St. 3 2.81 2 4.70 5.39 87.64 2.28 0

St. 4 2.85 2 10.79 13.85 50.18 25.18 0

St. 5 2.89 2 8.93 4.98 70.86 15.23 0

St. 6 2.49 2 7.86 19.53 71.66 0.95 0

St. 7 1.27 2 38.30 39.36 21.99 0.35 0

St. 8 1.06 1 55.65 23.99 14.11 6.25 0

St. 9 2.09 2 20.15 33.97 32.19 13.69 0

December

St. 1 2.64 2 9.16 6.54 83.60 0.70 0

St. 2 2.40 2 18.27 23.35 38.38 20 0

St. 3 2.48 2 17.78 5.04 71.38 5.80 0

St. 4 2.98 2 5.75 3.01 78.04 13.20 0

St. 5 2.60 2 26.73 4.59 37.10 31.58 0

St. 6 2.59 2 6.87 15.86 75.28 1.98 0

St. 7 0.82 1 60.00 25.33 14.67 0 0

St. 8 1.38 2 41.79 26.09 30.68 1.45 0

St. 9 1.55 2 27.84 55.09 2.69 14.37 0

February

St. 1 2.07 2 10.01 42.99 45.94 1.07 0

St. 2 3.34 3 2.86 21.49 35.83 29.80 10.02

St. 3 3.92 3 3.91 10.42 21.20 49.23 15.24

St. 4 3.67 3 3.85 4.90 46.60 31.98 12.67

St. 5 3.34 3 15.64 8.74 33.38 21.79 20.45

St. 6 2.96 2 2.33 10.36 74.98 12.34 0

St. 7 1.30 2 37.25 41.61 18.46 2.68 0

St. 8 1.00 1 59.32 18.24 18.64 3.81 0

St. 9 1.18 1 55.52 27.44 0 17.03 0

Significant correlations between AMBI values and environmental parameters are indicated.

Pearson correlation between AMBI and Chlor a = 0.84, p 6 0.05; TOM = 0.87, p 6 0.05; faecal steroids = 0.59, p 6 0.05; Cu = 0.85, p 6 0.05;

Zn = 0.88, p 6 0.05; Cr = 0.71, p 6 0.05.
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Table 5

AMBI, BI values and percentages of each ecological group for the 24 stations in the Solı́s Grande Stream estuary (Location D)

Station BI AMBI Ecological group (%) Abundance (ind./0.053 m2)

I II III IV V

1 2 2.3 45.1 3.8 3.8 47.3 0.0 18.4

2 2 2.1 16.6 51.2 6.7 25.5 0.0 40.4

3 2 2.4 27.7 28.9 1.2 42.3 0.0 25.3

4 3 3.5 0.0 32.9 0.0 67.1 0.0 34.3

5 3 3.7 0.0 27.0 0.8 72.2 0.0 86.4

6 3 3.5 2.7 29.2 0.0 68.2 0.0 26.4

7 2 3.2 0.0 34.7 19.6 45.6 0.0 152.7

8 3 4.2 0.0 11.7 0.0 88.5 0.0 200

9 3 3.4 0.0 35.8 2.4 61.8 0.0 137.6

10 2 2.1 19.7 47.7 0.0 30.7 0.0 37.1

11 2 2.5 30.3 21.3 0.0 48.4 0.0 22.1

12 2 2.3 25.8 30.7 0.0 39.9 0.0 28.3

13 1 1.2 27.3 70.0 0.0 2.7 0.0 11

14 5 5.2 4.6 6.5 0.0 17.2 71.3 81.3

15 2 1.5 0.0 100.0 0.0 0.0 0.0 295.3

16 0 0.2 88.2 4.1 5.9 0.0 0.0 17

17 0 0.0 100.0 0.0 0.0 0.0 0.0 12

18 0 0.0 100.0 0.0 0.0 0.0 0.0 19

19 0 0.0 100.0 0.0 0.0 0.0 0.0 16.7

20 0 0.0 100.0 0.0 0.0 0.0 0.0 20

21 0 0.0 100.0 0.0 0.0 0.0 0.0 17.7

22 0 0.0 100.0 0.0 0.0 0.0 0.0 62.7

23 0 0.0 100.0 0.0 0.0 0.0 0.0 32.3

24 0 0.0 100.0 0.0 0.0 0.0 0.0 84.7

Significant correlations between AMBI values and environmental parameters are indicated.

Pearson correlation between AMBI and TOM = 0.57, p 6 0.05.

Table 6

AMBI, BI values, percentages of each ecological group, total abundance, total organic mater content, chlorophyll a content, chromium and lead

content of the sediments in the 24 stations of the Montevideo coastal zone (Location E)

Station AMBI BI Ecological group (%) Abundance (ind./0.053 m2) TOM (%) Chl a (lg/g) Cr (mg/kg) Pb (mg/kg)

I II III IV

A 4.4 4 0.0 0.5 3.0 96.5 396 6.6 6.2 131.5 215.1

B 4.5 4 0.0 0.0 0.0 100.0 3 11.3 11.6 81.1 246.7

C 4.5 4 0.0 0.0 0.0 100.0 1 8.3 3.5 91.5 369.6

D 4.5 4 0.0 0.0 0.0 100.0 1 12.0 8.8 657.1 352.2

E 4.3 3 4.5 0.0 2.2 93.3 134 12.8 0.8 368.1 64.9

F 4.2 3 4.2 2.1 0.7 93.1 144 3.5 0.5 43.7 44.7

G 3.9 3 3.1 12.5 3.1 81.3 32 7.2 0.3 30.9 39.1

H 4.2 3 4.6 1.5 1.5 92.3 65 9.4 0.5 83.7 65.4

I 3.6 3 11.8 11.8 0.0 76.5 17 6.2 0.2 42.1 38.5

J 4.1 3 5.9 5.9 0.0 88.2 17 9.5 0.3 56.2 41.7

K 4.4 4 2.5 0.0 0.0 96.9 3091 6.8 0.1 38.9 56.4

L 4.3 3 5.3 0.1 0.0 94.4 3375 6.9 0.5 42.5 57.9

M 3.2 2 3.9 0.5 0.0 95.2 388 4.8 0.5 40.1 58.5

N 3.8 3 15.7 0.0 0.0 84.3 153 4.5 0.5 40.3 58.9

O 3.9 4 1.5 0.0 0.0 98.1 867 6.1 0.8 39.3 57.9

P 3.7 3 18.3 0.0 0.0 81.7 338 4.6 0.4 36.7 55.1

Q 3.8 4 2.9 0.0 0.0 97.1 305 5.9 0.2 39.3 55.2

R 2.7 2 39.8 0.1 0.0 59.3 2412 6.1 0.3 38.8 54.5

S 2.3 2 49.3 0.4 0.0 50.1 1804 5.6 0.3 36.9 55.4

T 2.6 2 18.5 0.1 0.0 80.9 1679 5.2 0.2 37.4 55.1

U 3.1 2 18.5 0.5 0.0 77.6 537 5.5 0.4 38.3 56.2

V 2.9 2 60.9 0.3 0.0 37.4 2267 6.6 0.6 38.9 56.7

W 3.2 2 21.9 0.0 0.0 78.1 49 6.5 0.1 42.1 54.8

X 3.2 2 8.1 0.6 0.0 91.2 322 5.4 0.3 38.1 54.9

Significant correlations between AMBI values and environmental parameters are indicated.

Pearson correlation between AMBI and TOM = 0.53, p 6 0.05; Chl a = 0.49, p 6 0.05; Cr = 0.39, p 6 0.05; Pb = 0.50, p 6 0.05.
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pollution benthic community health (BI = 3) and domi-

nated by second-order opportunistic and tolerant spe-

cies. The AMBI values correlate positively with the

organic matter content of the sediments (p < 0.05).

3.5. Location E

The mean percentage of organisms without assign-

ment to an EG in the Montevideo Coastal Zone was

0.6%. The AMBI values varied between 2.3 and 4.5 (Ta-

ble 6). In Montevideo Bay (Stations A to J), most of the

sampling stations were classified as moderately dis-

turbed, with a transitional to pollution and polluted

benthic community health, with the highest AMBI val-
ues recorded in the most inner stations of Montevideo

Bay, while the lowest AMBI values corresponded to

the stations of the Punta Yeguas coastal zone. In the

adjacent coastal zone, some AMBI values were lower

than in Montevideo Bay indicating an unbalanced ben-

thic community. At this location, the highest AMBI val-

ues were associated with an high dominance of the

gastropod Heleobia australis, a second-order opportu-
nistic species. There were not first-order opportunistic

species (EG V) in this area. AMBI was correlated posi-

tively (p < 0.05) with total organic matter, total polycy-

clic aromatic hydrocarbons, lead and chromium content

in the sediments; it was correlated negatively with the

dissolved oxygen content of the bottom waters.

4. Discussion

The findings outlined above are consistent with those

identified in previous contributions (see below) with,

amongst others, the more traditional and widely used

techniques such as evenness, diversity, species richness

and dominance indices, PCA, MDS and cluster analysis.

In general, the AMBI index could be used satisfactorily
with the data sets; however, in some cases, the responses

were different. When a very low number of individuals/

taxa were present in a sample, or a great number of indi-

viduals was without assignment to an ecological group,

the results were doubtful. Sometimes, the results were

opposite to those obtained using other methods or indi-

ces; this deserves some comments, as pointed out else-

where by the authors of the method (Borja et al., 2004).
In Todos os Santos Bay, the results obtained apply-

ing the AMBI were consistent, in general, with those ob-

tained by Venturini (2002) and Venturini et al. (2004b),

on the basis of diversity, species richness and PCA anal-

ysis. The occurrence of petrogenic contamination, with

some pyrolytic input and the presence of degraded or

weathered petroleum in the sediments were verified by

Venturini et al. (2004a). In addition, macrobenthic
assemblages showed some indications of deterioration

(Venturini and Tommasi, 2004). The most disturbed sta-

tion (Station 5) was that located adjacent to the oil refin-

ery, which was azoic (Fig. 2); this was followed by

Stations 14 and 18. These stations, which are extremely

and heavily disturbed, correspond to the part of Todos

os Santos Bay which was defined by Venturini (2002)

as the most polluted. Stations 14 and 18 were dominated
by the polychaetes Laeonereis culveri, Dasybranchus

platyceps and large nematodes (retained in the 0.5 mm

sieve mesh). Station 1, with high percentage of sand

and low organic content in the sediments, presented a

normal condition i.e. with the predominance of species

of the EG I (Armandia agilis, Ophelina sp. and Anomalo-

cardia brasiliana). According to the AMBI values ob-

tained, the remainder of the embayment is slightly
disturbed; such results are in agreement with those

achieved in previous studies (Venturini, 2002; Venturini

et al., 2004a). The AMBI value was zero at Stations 1

and 30. However, it should be noted that only a maxi-

mum of four organisms were recorded at these stations

(three of EG 0 and one of EG I); as such, this could

be the reason for why the AMBI did not work very well.

This latter station, together with Stations 5, 14 and 18
situated in the central and eastern part of Todos os San-

tos Bay, presented a high degree of organic enrichment,

a tendency to anoxic conditions (as indicated by the low

C/S ratios) and petroleum contamination that was re-

lated directly to the impoverishment of benthic macrofa-

una (Venturini, 2002; Venturini and Tommasi, 2004).

It is known that the accumulation of organic matter

and petroleum hydrocarbons, within muddy sediments,
could promote the establishment of anoxic conditions

in bottom sediments; consequently, opportunistic and/

or resistant species could become dominant (Pearson

and Rosenberg, 1978; Cardell et al., 1999). The AMBI

showed this trend in the central and eastern part of To-

dos os Santos Bay, classifying this region as �heavily dis-

turbed� and correlating positively (p < 0.05) with

polycyclic aromatic hydrocarbon concentrations and to-
tal organic carbon. Similar results have been obtained

by Muxika et al. (2005), applying the AMBI methodol-

ogy to drill cuttings in oil platforms in the North Sea. In

this particular case, the AMBI correlates positively (and

significantly) with the total hydrocarbon values; how-

ever, no correlation was found with the organic matter

content.

In general, for location B (São Sebastião Channel),
the AMBI results were in accordance with those

reported previously (Muniz and Pires, 2000; Arasaki

et al., 2004). In these previous studies, three groups of

stations were well defined through the use of PCA,

according to sediment distribution, organic matter

enrichment and macrobenthic communities. The lowest

benthic community health occurred for the group of sta-

tions where the sediments consisted mainly of mud and
the organic carbon and nitrogen concentrations were the

highest within the studied area. Stations included in
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Group A are located in the central-continental margin

of the channel, where the harbour, the DTCS (oil termi-

nal) and the Araça sewage pipe are situated. As previous

studies have shown, the poor environmental quality, to-

gether with the unbalanced benthic fauna observed at

these stations, are related to the impact of the activities
developed in this area of the São Sebastião Channel

(Muniz and Pires, 2000; Arasaki et al., 2004). Although,

the whole channel area was classified as slightly dis-

turbed AMBI values showed a slight differentiation

among the three groups of stations defined with the

PCA analysis (based upon environmental variables,

Arasaki et al., 2004); this demonstrates that the organic

load and muddy sediments promote an increase in the
AMBI. It should be noted here that finer sediments re-

tained much organic matter than the coarser ones due

to the granulometric and physicochemical characteris-

tics of muds. Thus, the muddy sediments are naturally

stressed habitats, where many tolerant species occur.

This fact should be co-evaluated with pollution sources

when estimating community health and anthropogenic

effects on these habitats. The general trend observed pre-
viously by Muniz and Pires (2000), considering poly-

chaetes species only, showed a low species richness,

diversity and abundance values at those stations located

nearest to the pollution sources; this is consistent with

the results obtained using the AMBI. On the other hand,

as was supported by the negative correlation of the

AMBI values with the percentage of coarse sand; areas

within the channel, with a predominance of this sedi-
ment fraction, presented the lowest AMBI values and

a diverse and rich fauna (Muniz and Pires, 1999,

2000). These �unpolluted zones�, still slightly disturbed

according to the AMBI, were characterised by the pres-

ence of low organic matter content in the sediments,

with no dominance of any particular species and a high

diversity; they were located in the northern and southern

continental margins of the São Sebastião Channel. In
addition, previous studies undertaken in this area re-

ported low temporal variation in the macrobenthic com-

munities structure; this is consistent with the pattern

showed by the AMBI index (Table 3).

Spatially within Ubatuba Bay (Location C), high

AMBI values were recorded at those stations situated

near the rivers� mouth, where heavy metals, faecal ste-

roids, organic matter and chlorophyll a contents in
the sediments were high. These results agree with those

found elsewhere using univariate (diversity, species

richness, Q index, ABC-curves) and multivariate tech-

niques (PCA, MDS analysis, BIO-ENV) (Muniz,

2003). In this area of the bay, domestic effluents from

Ubatuba City produce an organic enrichment of the

sediments; this, in turn, induces changes in the macro-

benthic communities structure (Muniz, 2003). This
changes were also reflected in the AMBI and BI values;

they corresponded to an unbalanced and transitional to

pollution benthic community health. Temporally, in the

summer period, tourism increases considerably in this

area and, consequently, sewage discharges also in-

crease. The increment in the AMBI values in Ubatuba

Bay corresponds with the dominance of EG IV and V,

constituted by small second-order opportunistic poly-
chaete species, such as Mediomastus capensis, together

with several spionid species. Due to their high abun-

dance and sensitivity to different concentrations of or-

ganic matter in the sediments, polychaetes have been

found to be indicators of organic pollution (Reish,

1959). Other studies have demonstrated that Spionidae

and Capitellidae species are good indicators of organic

pollution, produced mainly by domestic sewage dis-
posal (Méndez et al., 1998). As was highlighted by Bur-

one et al. (2003), the prevailing clockwise currents in

Ubatuba Bay, promote high organic enrichment to-

wards the Grande River. The general pattern observed,

which consists of higher AMBI values in Ubatuba Bay

than in Picinguaba Bay, could be related with the input

and transport of organic matter by water circulation in

the former. The influence of water circulation in the
AMBI values gradient has been detected in other areas

and under different impact sources (Borja et al., 2003;

Muxika et al., 2005) and related to the dilution of the

contaminants.

In comparison, the �control stations� (Picinguaba

Bay) were dominated by EG I and II, showing an undis-

turbed status. The slight decrease in species richness and

diversity observed at these stations, during the April and
August surveys (Muniz, 2003) and which was consistent

with the increment in AMBI values, could be related

with the disturbance effect produced by frontal systems;

these occur more frequently in the austral winter, than

in summer (Mahiques, 1995). Moreover, in the shallow

coastal areas resuspension and destabilisation of bottom

sediments represent an important disturbance to the

benthic fauna. As mentioned previously, the results ob-
tained using the AMBI index were in agreement with the

hypothesis highlighted by Muniz (2003) i.e. that Pic-

inguaba�s benthic communities are structured mainly

by natural factors, whereas, in Ubatuba Bay anthropo-

genic factors would be more important in determining

the structure of the benthic communities.

In the Solı́s Grande Estuary, the observed positive

correlation between the AMBI values and the organic
matter content in the sediments should not be inter-

preted as a effect of pollution: the organic content of

the sediment reached its maximum at Station 4

(3.77%) and was not proved to be the main variable

explaining species distribution (Muniz and Venturini,

2001). The low number of species (10, throughout the

whole area), together with the diversity values, could

be related to the stressful conditions in estuarine envi-
ronments. In particular, those related with high salinity

fluctuations, not only seasonally but also within a tidal
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cycle. Estuarine waters with stable salinities support a

higher number of macrofaunal species, than estuaries

with extreme salinity fluctuations (Wolff, 1983). At Sta-

tions 16 to 24, the AMBI values varied from 0.02 to 0,

due to the presence of only one species, the bivalve Ero-

dona mactroides (corresponding to EG I). These stations
are located towards the upper portion of the estuary

where, in addition, to low salinity values, the sediment

type (silt, with a considerable abundance of molluscs

valves) could favour the occurrence of this species only

(Muniz and Venturini, 2001). Borges da Costa (1971)

has argued that this type of sediment, with calcareous

elements and organic matter debris, is characteristic of

estuarine environments in which Erodona mactroides

is dominant. Station 14, with the highest AMBI value

(AMBI = 5.2; BI = 5) was dominated by the first-

order opportunistic polychaete Ficopomatus enigmaticus

(71%) and by second-order opportunistic species such as

Heteromastus similis and Heleobia australis (17%).

According to the AMBI and BI values, this station

showed characteristics of a heavily disturbed one, with

a transitional to heavy pollution benthic ecosystem
health. Although, there is not any consistent reason to

consider that this part of the Solı́s Grande Estuary is un-

der heavy disturbance due to anthropogenic factors.

Likewise, it is important to observe that Ficopomatus

enigmaticus is an exotic reef-builder species, which, in

general, has modified strongly estuarine ecosystems in

the South-western Atlantic region, between the Rı́o La

Plata estuary and the central Patagonia (Orensanz
et al., 2002). This observation provides probably one

more case of biological contamination in Uruguay

which, together with those recently recorded in conti-

nental waters (Brugnoli and Clemente, 2002; Clemente

and Brugnoli, 2002), leads us to consider that many

areas in the country perceived as �pristine� may be actu-

ally perturbed by the biological contamination pro-

moted by non-indigenous species.
For Montevideo Bay and the adjacent coastal zone,

Muniz et al. (2002) and Venturini et al. (2004b) had

classified the innermost stations of the bay (B, C and

D) as grossly polluted, Stations A and E to J as pol-

luted and the remainder as moderately polluted. The

inner part of Montevideo Bay: (a) was associated with

high concentrations of chromium, lead and polycyclic

aromatic hydrocarbons in the sediments; (b) presented
anoxic conditions, with negative values of redox poten-

tial; and (c) the benthic communities were dominated

by large-sized nematodes, which were not considered

in the AMBI calculations (see discussion below).

Although, the dominance of the second-order opportu-

nistic species Heleobia australis was apparent over the

whole area, in most of the outer stations of Montevideo

Bay and in the adjacent coastal zone, the benthic com-
munities were richer, more diverse and the bottom con-

ditions were less severe. This general trend was

observed clearly with high AMBI values in the inner-

most stations of Montevideo Bay; these decreased

throughout the outermost part of the bay and the adja-

cent coastal zone. Based upon the AMBI (without con-

sidering the nematodes), the innermost stations were

classified as moderately disturbed. These stations were
dominated, both in terms of abundance and biomass,

by large nematodes (retained in 0.5 mm sieve mesh).

For this reason, in a previous study when data were

analysed with the phylum-level meta-analysis approach,

they presented the status of grossly polluted (Venturini

et al., 2004b). According to the ecological group assign-

ment followed to the calculation of AMBI and BI val-

ues, nematodes belong to EG III (Borja et al., 2000);
this will result in the final classification of these inner

stations as being slightly disturbed, instead of grossly

polluted, sites. Perhaps, these large nematodes, proba-

bly oncholaimid, should be assigned to ecological

group V, since their dominance could be a symptom

of polluted conditions (Warwick, 1986). This observa-

tion reflects the necessity to have consensus in the assig-

nation of the different species to the ecological groups,
as outlined by Borja et al. (2004). Such problems may

intensify, as the use of the AMBI increases. Hence, in

such cases, the use of other complementary methods

is recommended strongly by the AMBI developers

(Borja et al., 2004). Conversely, Stations K and L,

which were classified previously as moderately polluted

(based upon chemical data, Muniz et al., 2002), re-

vealed AMBI values which are similar to those pre-
sented by the innermost stations of Montevideo Bay.

Along this sector of the coastline, there is an important

sewage outfall that carries also the city runoff and other

untreated industrial effluents (Moyano et al., 1993); this

promotes, probably, adverse effects on the benthic fau-

na, reflected in AMBI values. Venturini et al. (2004b)

did not identify any difference in the macrobenthic

communities between the two coastal zones adjacent
to Montevideo Bay. However, these investigators ar-

gued that Punta Carretas should be more perturbed

than Punta Yeguas, due to the effluents released by

the largest and most important sewage outfall of Uru-

guay, situated in this area. In the present contribution,

with the use of the AMBI and BI, it was possible to de-

tect differences between these two zones. Punta Yeguas

was classified as an area with an unbalanced benthic
community health (slightly disturbed) and Punta Carr-

etas as moderately disturbed, with a transitional to

pollution benthic community health. Although the

dominance of Heleobia australis was evident in the

two zones, the crustacean species in Punta Yeguas

(mainly EG I) had an important contribution, in terms

of abundance (between 25% and 49% of the total abun-

dance); this suggests that the AMBI appeared to be
more sensitive in this respect, than the meta-analysis

approach previously applied to this data set.
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5. Conclusions

The use of benthic indices has limitations, especially

within the coastal areas of developing countries, where

the knowledge of ecological and environmental charac-

teristics of the major ecosystems is still scarce. When sci-
entific information has been available, the indices have

proven to be valuable tools for assessing environmental

quality, in a great variety of estuarine and coastal habi-

tats (Majeed, 1987; Engle et al., 1994; Roberts et al.,

1998; Van Dolah et al., 1999, among others). However,

some of these investigations have been unsuccessful, in

the sense that they were site-specific and/or impact-spe-

cific. The recently developed AMBI index, as described
by Borja et al. (2000), has wide applicability in relation

to impact type (Borja et al., 2003; Muxika et al., 2005)

and in a variety of habitats in the European coastal re-

gion, including estuarine habitats. In the present contri-

bution, the range of habitats has been extended, by

applying the Index to a variety of coastal and/or estua-

rine South-western Atlantic areas, subjected to several

types and degrees of disturbances (organic enrichment,
petroleum contamination, heavy metal pollution and

also biological contamination). Also, 20 new species

have been added to the species database of AZTI�s
web page; these are more frequently observed, or exclu-

sive to, this South American region. Since the world-

wide application of these types of biocriteria or indices

are difficult to establish (with discrepancies among re-

sults obtained with different indices), is recommended
the complementary use of various indices and/or meth-

ods to assess confidently the environmental quality of

a coastal area, contributing to a better evaluation of

the benthic community health.
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Instituto Oceanográfico, São Paulo, 121 pp.

Venturini, N., Tommasi, L.R., 2004. Polycyclic aromatic hydrocar-

bons and changes in the trophic structure of polychaete assem-

blages in sediments of Todos os Santos Bay, Northeastern, Brazil.

Marine Pollution Bulletin 48, 97–107.

Venturini, N., Tommasi, L.R., Bı́cego, M.C., Martins, C.C., 2004a.

Characterisation of the benthic environment of a coastal area

adjacent to an oil refinery, Todos os Santos bay (NE-Brazil).

Brazilian Journal of Oceanography 52, 123–134.

Venturini, N., Muniz, P., Rodriguez, M., 2004b. Macrobenthic

subtidal communities in relation to sediment pollution: the

phylum-level meta-analysis approach in a south-eastern coastal

region of South America. Marine Biology 14, 119–126.

Warwick, R.M., 1986. A new method for detecting pollution effects

on marine macrobenthic communities. Marine Biology 92, 557–

562.

Warwick, R.M., Clarke, K.R., 1991. A comparison of some methods

for analyzing changes in benthic community structure. Journal of

the Marine Biology Association of the UK 71, 225–244.

Warwick, R.M., Clarke, K.R., 1993. Comparing the severity of

disturbance: a meta-analysis of marine macrobenthic community

data. Marine Ecology Progress Series 92, 221–231.

Weisberg, S.B., Ranasinghe, J.A., Dauer, D.M., Schaffner, L.C., Diaz,

R.J., Frithsen, J.B., 1997. An estuarine benthic index of biotic

integrity (B-IBI) for Chesapeake bay. Estuaries 20, 149–158.

Wolff, W.J., 1983. Estuarine benthos. In: Ketchum, B.H. (Ed.),

Estuaries and Enclosed Seas. Elsevier, Amsterdam.

Zanardi, E., Bı́cego, M.C., Weber, R.R., 1999. Dissolved/dispersed

petroleum hydrocarbons in São Sebastião Channel, SP, Brazil.

Marine Pollution Bulletin 38, 410–413.

P. Muniz et al. / Marine Pollution Bulletin 50 (2005) 624–637 637



Minimal sampling requirements for a precise assessment of
soft-bottom macrobenthic communities, using AMBI

Iñigo Muxika a,⁎, Leire Ibaibarriaga a, José Ignacio Sáiz b, Ángel Borja a

a AZTI-Tecnalia, Marine Research Division, Herrera kaia, Portualdea, z/g, 20110 Pasaia, Spain
b University of the Basque Country, P.O. Box 644, 48080 Bilbao, Spain

Received 2 October 2006; accepted 28 May 2007

Abstract

Since AMBI was published originally in 2000, it has been used in an increasing number of investigations with monitoring
purposes, or to analyse impacts on soft-bottom macrobenthic communities. Some guidelines for its correct use were published in
2005; however, a main issue remained without an answer — which are the minimal area and number of replicates necessary, to
obtain a precise estimate for AMBI? In this study, new methodologies such as bootstrap techniques have been applied to this
particular problem.

Data were obtained from sampling carried out in 1995, within the framework of the Littoral Water Quality Monitoring and
Control Network of the Basque Country (northern Spain). The sampling strategy consisted of 11 intertidal estuarine sampling
stations (0.25m2, sampled for each of six replicates) and 17 subtidal estuarine and coastal sampling stations (0.125m2, sampled for
each of six replicates).

Two replicates have been established as being sufficient, both for intertidal and subtidal sampling stations, to classify 80% of
the pseudosamples into the same disturbance level, in terms of AMBI, for 64% of the stations.

For the minimal area, it has been determined also (for both intertidal and subtidal sampling stations) that 0.25m2 is sufficient to
classify 80% of the iterations into the same disturbance level, for 64% of the stations.
© 2007 Elsevier B.V. All rights reserved.

Keywords: AMBI index; Bootstrap method; Minimal area; Minimal replicate number; Sampling efficiency

1. Introduction

Since AZTI's Marine Biotic Index (AMBI) was
published in 2000 (Borja et al., 2000), it has been used
in an increasing number of investigations either for
monitoring purposes and/or to analyse the impacts on
soft-bottom benthic communities produced by different
human pressures (Borja et al., 2003, 2006; Salas et al.,
2004; Marín-Guirao et al., 2005; Muniz et al., 2005;

Muxika et al., 2005; Reiss and Kröncke, 2005; Labrune
et al., 2006; Albayrak et al., 2006; Borja and Muxika, in
press; Carvalho et al., 2006; Flåten et al., 2007, amongst
others).

Kaandorp (1986) underlined that “a reproducible
description of marine communities is an essential
prerequisite for understanding the ecological effects of
marine pollution and other human activities. Only when
identical sampling procedures of different investigators
deliver reproducible results, does it become possible to
use these methods for ecological monitoring”. Hence,
when a tool such as AMBI is used widely, it requires

Journal of Experimental Marine Biology and Ecology 349 (2007) 323–333
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some guidelines to prevent misuse and to ensure repro-
ducibility and comparability between different investi-
gations; in the case of AMBI, these were published
recently by Borja and Muxika (2005). However, within
these guidelines a main issue remained without answer:
which are the minimal area and number of replicates
necessary to obtain a precise estimate for AMBI?

Many authors have attempted, throughout the 20th
century, to determine a minimal sampling area, suitable
for adequate estimations of the natural variability of
benthic communities. However, most of the studies were
related to phytobenthic communities (Boudouresque,
1971, 1974; Niell, 1974, 1977; Boudouresque and
Belsher, 1979; Panayotidis, 1979; Fernández, 1980;
Fernández and Niell, 1981; Fuentes and Niell, 1981;
Pringle, 1984; Sierra and Fernández, 1984; de Wreede,
1985; Kaandorp, 1986; di Martino et al., 2000; Vives and
Salicrú, 2005; etc.), being influenced mainly by land
phytosociologists. Some papers were published also
about the minimal sampling area for hard-bottom
macrobenthic fauna communities (Clausade, 1969;Wein-
berg, 1978; Beckley andMcLachlan, 1979; Acuña, 1980;
Anadón, 1980; Castany et al., 1982;Monteiro et al., 1982;
Pihl and Rosenberg, 1982; Borja, 1986; Eleftheriou and
McIntyre, 2005; etc.). In the case of soft-bottom
macrobenthic communities, for which the AMBI is
used, there is a long tradition of studies, following the
examination of species recruitment to the total sample,
from each successive haul (Holme, 1953). Posterior
studies carried out in this particular substrate encompass

those of Ursin (1960), Monteiro (1984) and Eleftheriou
and McIntyre (2005), amongst others. These studies used
the graphical determination, based upon the additive
property of species richness, density and/or biomass.

In recent years, due to increased computer power, the
so-called computer-intensive methods have developed
rapidly. Based upon the observed data, these techniques
attempt to generate the statistical distribution of a
parameter estimator, by means of randomisation (Efron
and Tibshirani, 1994; Manly, 1997). As a result, the
properties of the estimator (in terms of bias and
precision) can be studied easily, being especially helpful
when the theory does not provide closed-form solutions.
Furthermore, in general, these estimators require fewer
assumptions (such as the linearity, normality and
independence assumptions needed often in classical
statistics); as such, they can be applied to situations of
greater complexity (such as missing data). Bootstrap,
jacknife, Markov chain Monte Carlo, permutation and
randomisation tests are all amongst this type of method;
their application can be found in multiple fields, such as
finance, medicine or biology (Efron and Tibshirani,
1994; Manly, 1997; Sullivan et al., 1999). For instance,
regarding ecological studies for monitoring purposes,
Hellman and Fowler (1999) compare the bias and
precision of bootstrap and jacknife estimators of species
richness, with respect to classical estimators. However,
up until now, applications to estimators for monitoring
of soft-bottom benthic communities, such as AMBI, are
scarce (Alden et al., 2002).

Fig. 1. Location of the sampling stations for the Littoral Water Quality Monitoring and Control Network, within an European framework.
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Hence, new methodologies have been used in this
study to solve old problems. The main objective of this
paper is to present the use of bootstrap techniques, in order
to determine the minimal sampling area and number of
replicates, in order to obtain a precise estimate of AMBI
for monitoring the health of soft-bottom macrobenthic
community.

2. Materials and methods

The Department of Land Action and Environment of
the Basque Government, by means of the Littoral Water
Quality Monitoring and Control Network, has monitored
the Basque coastal and estuarine water quality since 1994
(Borja et al., 2004). Within this monitoring network, 11
estuarine intertidal (0–2m height) sampling stations and
17 coastal (31–39m water depth) and estuarine (3–24m
water depth) subtidal sampling stations were studied,
during the winter of 1995 (Fig. 1). At each sampling
station, 6 replicates were obtained for benthic analysis
(Borja et al., 1996).

At intertidal stations a 0.25m2 surface area was
sampled for each replicate, by means of a spade, down
to 0.15m. In contrast, a 0.125m2 Van Veen grab was
used for subtidal sampling stations. In this way, a total
surface of 1.5m2 at each intertidal sampling station and
0.75m2 at each subtidal sampling station, were sampled.

A 200g sediment sample was dried at 80°C for 24h,
then washed with freshwater on a mesh of 63μm. The
dried residue was sieved on a column of eight sieves (over
a size range of 31μm to 4mm). The percentages of gravel,
sand and mud were calculated as: N2mm fraction, 63μm–
2mm and b63μm, respectively (Holme and McIntyre,
1971). The organic matter content was calculated by the
loss on ignition method: drying at 105°C, 24h, then
combusting at 520°C, for 6h (Holme andMcIntyre, 1971).

Macrobenthic fauna were sieved (1mm mesh) and
identified, to species level, whenever possible. Species
were assigned to one of the five ecological groups (EG)
defined by Grall and Glémarec (1997) and used by Borja
et al. (2000) in the AMBI calculation: (i) EG I— species
very sensitive to disturbance; (ii) EG II — species
indifferent to disturbance; (iii) EG III — species tolerant
to disturbance; (iv) EG IV — second-order opportunistic
species; and (v) EG V— first-order opportunistic species.
Let pi, denote the percentage of individuals assigned to
each EG, n being the total number of individuals. Then,
following Borja et al. (2000), AMBI is defined as:

AMBI ¼
0� pI þ 1:5� pII þ 3� pIII þ 4:5� pIV þ 6� pV

100
if n N 0

7 if n ¼ 0

:

8
><

>:

AMBI was calculated by means of AMBI 4.0 (www.
azti.es), using the species-list of July 2006, on the basis
of the AMBI guidelines (Borja and Muxika, 2005).
Following Borja et al. (2000) and from the AMBI values,
the samples could be classified into five disturbance
levels as follows: AMBI≤1.2, undisturbed communi-
ties; 1.2bAMBI≤3.3, slightly disturbed communities;
3.3bAMBI≤5.0, moderately disturbed communities;
5.0bAMBI≤6.0, heavily disturbed communities; and
6.0bAMBI≤7, extremely disturbed communities.

Previous methods have examined the sampling area
at which the asymptotisation is reached, for the area/
species (or density, or biomass) curve. This was the case
for methods used for, for example, Molinier Point,
which considered that stabilisation was reached when
increasing by 20% the sampling area, the number of
species increased by 2% or 1% (Molinier Points 20/2 or
20/1, respectively); or the approach of Cain and Castro
(1959), who stated that increasing the sampling area by
10%, the species number should increase also by 10%.

Table 1
Type of sampling station (estuarine or coastal), water depth, grain size
(% of gravel, sand and silt/clay) and organic matter content (% OM),
for each of the sampling stations

Sampling
station

Environment Water
depth (m)

Gravel
(%)

Sand
(%)

Silt/clay
(%)

OM

1 Estuarine 0 0.4 99.4 0.2 5.06
2 Estuarine −3 3.3 57.4 39.3 5.72
3 Estuarine −11 0.2 15.4 84.4 12.77
4 Estuarine −24 0.6 92.7 6.8 3.70
5 Coastal −35 0.0 98.5 1.5 2.43
6 Coastal −32 41.4 58.5 0.1 26.53
7 Estuarine 0 10.1 87.7 2.2 3.36
8 Coastal −39 41.5 58.4 0.1 2.69
9 Coastal −33 0.0 99.2 0.8 2.35
10 Estuarine 0 7.8 18.8 73.3 9.47
11 Coastal −31 0.4 98.2 1.4 3.02
12 Estuarine 0 4.5 82.6 12.9 4.50
13 Coastal −32 0.1 97.2 2.7 2.33
14 Estuarine 0 35.3 64.4 0.3 3.18
15 Estuarine 0 1.1 77.0 21.9 4.40
16 Coastal −31 0.0 92.0 8.0 3.67
17 Estuarine 0 0.1 31.4 68.5 9.96
18 Coastal −32 11.5 88.5 0.1 3.94
19 Estuarine 0 0.3 99.7 0.1 3.69
20 Coastal −32 0.0 80.1 19.9 3.07
21 Estuarine 0 22.9 77.2 0.0 2.62
22 Coastal −34 0.1 94.6 5.3 2.84
23 Estuarine −9 cellulose mucilaginous

matrix
31.63

24 Estuarine −12 7.3 82.5 10.2 4.38
25 Coastal −32 0.7 97.1 2.2 2.34
26 Estuarine 0 3.8 96.1 0.0 1.89
27 Estuarine 0 2.7 96.8 0.5 1.95
28 Coastal −32 0.6 98.5 0.9 3.27
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Some of these methods can be consulted in Boudour-
esque and Belsher (1979) and Borja (1986).

For this particular study, non-parametric bootstrap
techniques (Efron and Tibshirani, 1994; Manly, 1997)
were used to study the effect of the number of replicates
taken, on the precision of the AMBI. For the case of k
replicates, an iteration of the bootstrap consisted of sam-
pling, with replacement, k times the value of AMBI from
each of the 6 replicates sampled at each sampling station.
Subsequently, the AMBI estimate for the bootstrap iter-
ation was computed, as the average of the k AMBI repli-
cates. Overall, 5000 bootstrap iterations were performed.

Similarly, the precision of AMBI, depending upon the
total area sampled at each station, was estimated also
using non-parametric bootstrap methods (Efron and
Tibshirani, 1994; Manly, 1997). In this case, each
bootstrap iteration consisted on sampling, with replace-
ment, k times the number of individuals per EG from the 6
replicates taken at each sampling station. Assuming that

both the number of species found at each replicate and the
area sampled were additive (with a being the sampled
area), AMBI for the total sampled area (k×a) was
calculated from the sum of the number of individuals, for
each ecological group of the replicates. As previously,
5000 bootstrap iterations were performed.

In both cases, an estimate of AMBI was obtained for
each of the bootstrap samples. Then, the average, the
standard deviation (S) and the coefficient of variation
(CV) of the AMBI were estimated, for every k replicates
and k×a sampled areas.

Further, the number of different disturbance levels,
according to the AMBI, was calculated also for everyone
of the k replicates and k×a sampled areas. The minimal
number of replicates, together with the minimal sampling
area, was defined as those for which 80% of the
pseudosamples (samples generated during each of the
bootstrap iterations) were classified into the same dis-
turbance level for each of the sampling stations. The

Table 2
Sampled area for each replicate (Area) at each sampling station, together with the results from the 5000 bootstrap iterations

Station Area AMBI S CV #
classes

Minimal number of
replicates

Minimal number of
area units

n1 n2 n3 n1 n2 n3

1 0.25 0.674 1.542 228.8 2 3 80 1 3 N5000 1
2 0.125 7.000 0.000 0.0 1 1 1 1 1 1 1
3 0.125 4.233 0.571 13.5 3 1 1 2 1 1 2
4 0.125 2.330 0.402 17.3 1 1 1 1 1 1 1
5 0.125 1.540 0.277 17.9 2 1 1 1 1 1 1
6 0.125 3.061 2.780 90.8 3 8 13 N5000 4 6 N5000
7 0.25 3.448 2.162 62.7 4 5 7 N5000 4 5 N5000
8 0.125 4.645 3.258 70.1 2 11 8 75 10 N5000 5
9 0.125 0.443 0.346 78.0 1 1 10 1 1 5 1
10 0.25 2.982 0.040 1.3 1 1 1 1 1 1 1
11 0.125 1.766 2.353 133.2 3 6 28 14 3 8 10
12 0.25 4.820 0.551 55.2 2 1 1 8 1 1 N5000
13 0.125 1.062 0.586 11.4 2 1 5 14 1 5 N5000
14 0.25 5.090 0.709 13.9 2 1 1 36 1 1 2
15 0.25 3.000 0.000 0.0 1 1 1 1 1 1 1
16 0.125 1.718 0.381 22.1 2 1 1 1 1 1 1
17 0.25 3.031 0.050 1.6 1 1 1 1 1 1 1
18 0.125 0.938 0.568 60.5 2 1 6 4 1 7 3
19 0.25 3.086 2.952 95.7 3 9 15 N5000 5 N5000 9
20 0.125 1.799 0.672 37.3 2 1 3 1 1 3 1
21 0.25 5.587 0.348 6.2 2 1 1 1 1 1 1
22 0.125 2.666 0.811 30.4 2 1 2 2 1 2 2
23 0.125 7.000 0.000 0.0 1 1 1 1 1 1 1
24 0.125 4.209 0.175 4.2 1 1 1 1 1 1 1
25 0.125 1.861 2.297 123.4 3 6 25 11 3 8 3
26 0.25 2.728 0.358 13.1 1 1 1 1 1 1 1
27 0.25 2.965 1.894 63.9 2 4 7 1 2 4 1
28 0.125 1.067 0.534 50.0 2 1 4 1 1 4 1

Listed are the estimates for AMBI, variance (S) and the coefficient of variation (CV), together with the number of disturbance levels (sensu Borja
et al., 2000) into which the replicates are classified (# classes); and the minimal number of replicates and minimal number of area units necessary to
get Sb1 (n1), CVb25% (n2) and 80% of pseudosamples, classified at the same disturbance level (n3).
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minimal number of replicates and the minimal sampling
area, for which Sb1 and CVb25%, were also calculated.

In order to group the sampling stations according to the
properties of the AMBI estimator, a Principal Component
Analysis (PCA) was carried out, including, for each
station: the estimated average, S and CV for AMBI; the
number of disturbance levels in which the pseudosamples
were classified; and the minimal number of replicates or
sampling area, necessary to establish Sb1, to obtain
CVb25% and to classify 80% of pseudosamples in one
class, denoted hereafter as n1, n2 and n3 respectively.

3. Results

The sampling stations analysed are located in
different environments, both estuarine and coastal,
ranging from intertidal flats to a water depth of 39m.
The percentages of gravels in the sediments range from
0% to 42%, whereas the percentage of sand ranges from
15% to almost 100%; the silt/clay content ranges from
0%, to more than 84%. The organic matter content
ranges from 1.9% to 31.6% (Table 1).

Table 2 lists the average value of the AMBI, together
with: the corresponding S and CV; and the number of

disturbance classes in which AMBI was classified for
each station, as resulted from the bootstrap (on the basis of
only one replicate per station). Average AMBI values
range from 0.44, at sampling Station 9, to 7.00, at Stations
2 and 23. Conversely, S ranges from 0.00 at Stations 2 and
23, where all the replicates were azoic, and Station 15
where a unique individual, assigned to the EG III, was
found at each of the replicates, to 3.26 at Station 8. CV
ranges from 0%, at sampling Stations 2, 15 and 23, to
229%, at Station 1. Finally, the number of classes inwhich
each of the stations is classified ranges from 1 (sampling
Stations 2, 4, 9, 10, 15, 17, 23, 24 and 26) to 4 (Station 7).

The results of the bootstrap analysis illustrate how S,
CVand the number of disturbance levels decrease, as the
number of replicates increases (Fig. 2). Table 2
summarises the minimal number of replicates to obtain
Sb1, CVb25% and the probability to fall into a unique
disturbance level of 80%. Overall, one replicate was
sufficient to fulfil n1, at 71% of the sampling stations.
However, all the replicates were necessary to accom-
plish n2 at 70% of the samples. On the other hand, one
replicate was sufficient to fulfil n3 at 57% of the sam-
pling stations; two replicates were sufficient to increase
this particular percentage, to 64%.

Fig. 2. (a) Standard deviation (S), (b) coefficient of variation (CV) and (c) number of disturbance levels (NClass), depending upon the number of
replicates. For the standard deviation and the coefficient of variation, each line corresponds to a different station. For the number of disturbance levels,
the size of the circles represents the percentage of stations classified within each number of disturbance levels.
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In the PCA undertaken on the bootstrap results for
the number of replicates (Fig. 3), the first two principal
components explained 78% of the variability. The first
component was mainly related negatively to S, CV, the
number of disturbance levels in which the replicates are

classified, n1, n2 and n3. The second component was
mainly related positively to the average AMBI. In
addition, it should be noted that the average AMBI and
CV are correlated negatively. The sampling stations
were classified firstly into two main groups, according

Fig. 3. PCA carried out, based upon standard deviation (S), coefficient of variation (CV), number of disturbance levels (NClass), the minimal number of
replicates necessary to obtain Sb1 (n1) and CVb25% (n2), and the minimal number of replicates to classify 80% of the pseudosamples, within the same
disturbance level Sb1 (n3). Left and down axis correspond to sampling stations (numbers), and right and top axis correspond to variables (arrows).

Fig. 4. (a) Standard deviation (S), (b) coefficient of variation (CV) and (c) number of disturbance levels (NClass), depending upon the sampling area.
For the standard deviation and the coefficient of variation, each line corresponds to a different station. For the number of disturbance levels, the size of
the circles represents the percentage of stations classified into each number of disturbance levels.
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to the first component; subsequently, by the second, as
described below.

(i) Stations with a negative first component (1, 6, 7, 8,
11, 19 and 25). Amongst these stations, two
subgroups can be distinguished: (a) with a positive
second component (6, 7, 8 and 19); and (b) with
negative second component (1, 11 and 25).

(ii) Stations with a positive first component (2, 3, 4, 5,
9, 10, 12, 13, 14, 15, 16, 17, 18, 20, 21, 22, 23, 24,
26, 27 and 28).

In the case of the estimation of the minimal sampling
area, the results of the bootstrap analysis are shown in
Fig. 4 and summarised in Table 2. One area unit was
enough to accomplish n1, at 71% of the sampling
stations. In contrast, up to four sampling area units were
necessary to fulfil n2, at 65% of the sampling stations.
Finally, a single replicate was sufficient to accomplish
n3 at 57% of the sampling stations; this increased to
68%, if two area units were taken.

These results were used to undertake a PCA (Fig. 5), in
which the first two principal components explained 68%
of the variability. The first component was mainly
negatively related to AMBI, but positively related to S,
CV, the number of disturbance levels in which the
replicates are classified, n1 and n2. The second component
was mainly negatively related to n3. Therefore, the
sampling stations were classified initially into two main
groups; then by the second, as described below.

(i') Stations with a positive first component (1, 6, 7, 8,
11, 19 and 25). Amongst these stations, two

subgroups can be distinguished: (a) with a positive
second component: (1, 8 and 19); and (b) with
negative second component (6, 7, 11 and 25).

(ii') Stations with a negative first component (2, 3, 4,
5, 9, 10, 12, 13, 14, 15, 16, 17, 18, 20, 21, 22, 23,
24, 26, 27 and 28).

4. Discussion

Two different minimal areas have been defined
elsewhere, according to sampling objectives: (i) to
analyse the complexity of a system, wide areas should
be sampled in order to detect almost all the species in the
area (Pereira, 1981; Borja, 1986), with this minimal area
being defined as the qualitative minimal area (Bou-
douresque, 1971; Niell, 1977); and (ii) when the
objective is to analyse the relationships between the
species, trophic groups, ecological groups, etc., smaller
areas are sufficient — as most important species or
groups will be detected easily and more intensive
sampling efforts would not lead to significant changes in
the relationships amongst the groups (Niell, 1977;
Borja, 1986) — with this kind of minimal area being
referred to as the structural minimal area (Niell, 1977).

The minimal area which is intended to be established
in this study could be considered as a structural minimal
area. The species are grouped into five EG, whilst the
relationships between these five groups produce the
AMBI values (Borja et al., 2000, 2003; Muxika et al.,
2005). Hence, dominant species/EG are the most
important in the final result of the AMBI, whereas the
species/EG with low relative densities, which have hardly
been sampled, do not affect extensively to the final result.

Fig. 5. PCA carried out based upon standard deviation (S), coefficient of variation (CV), number of disturbance levels (NClass), the minimal number
of area units necessary to obtain Sb1 (n1) and CVb25% (n2), and the minimal number of area units, to classify 80% of pseudosamples into the same
disturbance level Sb1 (n3). Left and down axis correspond to sampling stations (numbers), and right and top axis correspond to variables (arrows).
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In contrast, the minimal number of replicates is one
of the main issues in the consideration of any sampling
process, or experiment design (Cochran, 1977; Thomp-
son, 1992). It is well known that the larger the number of
replicates, the larger the precision of the estimate.
Therefore, it is always desirable to obtain as many
samples as possible. However, due to the constraints in
the sampling effort (limited amount of time or budget), a
‘trade-off’ between the minimal precision required and
the available sampling effort must be attained.

Most of the authors establish the minimal area and
number of replicates based upon the asymptotisation of
the species/area curves (Cain and Castro, 1959;
Boudouresque and Belsher, 1979; Eleftheriou and
McIntyre, 2005). This type of calculation is possible
when the parameter being analysed is additive, i.e.
species richness, abundance and diversity. However,
when the sampling area increases, the AMBI could
either increase or decrease. Hence, a different method-
ology should be adopted. Following the most recent
practice used in other fields, this study makes use of one
of the most common resampling techniques; namely, the
non-parametric bootstrap. This technique provides a
flexible and powerful framework that, as stated in its
name, does not require any distributional assumptions.
In particular, two different resampling algorithms are
utilised in this study: the first for the minimal number of
replicates, that samples (with replacement) from the
AMBI values of the replicates, to simulate the statistical
distribution of the average AMBI value; and the second
for the minimal area, that samples (from the number of
individuals in each EG) and assumes that the number of
individuals in each EG and the area units are additive,
for the calculation of the AMBI.

The minimal sampling area and number of replicates
are determined usually in terms of the precision of the
estimates, which is measured usually by means of the
variance or the coefficient of variation. In this case,
given that once AMBI is calculated, it is transformed
into a categorical variable indicating the disturbance
level, in addition to the usual dispersion estimates, a new
measure is introduced: the probability to classify AMBI
into a unique disturbance level. Taking advantage of this
approach, the minimal sampling area/number of repli-
cates have been established, as those necessary to
classify at least 80% of pseudosamples, within the same
disturbance level. Hence, it has been determined that,
overall, in 64% of the sampling stations, two replicates
are sufficient, whereas the same number of area units are
sufficient, in 68% of the sampling stations.

Even though intertidal and subtidal samples were
collected using a different methodology, the results are

very similar for both types of sampling. Hence, one
replicate was sufficient to fulfil the requirement in 64%
of the intertidal stations and 53% of the subtidal
sampling stations. If two replicates were taken, the
percentage did not improve for the intertidal stations;
however, it did for the subtidal stations, up to 65%. In
relation to the number of area units, the results were the
same except that the percentage of stations which
fulfilled the requirement increased to 73%, if two area
units were taken in intertidal areas.

Some authors argue that minimal sampling area
depends upon the geographical region and on which
kind of community is analysed (Boudouresque, 1974).
Moreover, Niell (1977) has stated, for benthic macro-
phytes, that minimal area values are higher at hetero-
geneous areas than for homogeneous or stressed
communities. Hence, the minimal area should be
estimated whenever a study is commenced (Niell,
1977), i.e. before obtaining the data.

However, in the case of the AMBI, although the
sampling stations analysed for this study cover a wide
range of soft-bottom environments (from muddy to
sandy sediments, both from the intertidal and subtidal
and extremely disturbed to undisturbed sites), the results
are very similar for all of these environments.

In relation to the number of replicates, Group (ia)
obtained from the PCA is characterised by moderate to
high S and CV (2.16–3.26 and 63–96%, respectively)
and moderate AMBI (2.2–3.3) (Table 2); it contains
stations located in polluted areas (see Borja et al., 1996,
2004), with low species richness and density (Stations 7,
8 and 19). Likewise, a single station (Station 6) located
near a historical slag dumping site, with a high content
of heavy metals, had been disposed (Borja et al., 1996,
2004). In these stations, up to 75 replicates (Station 8) or
more than 5000 (the remainder of the sediments) would
be necessary to accomplish the n3.

Group (ib) is characterised by moderate to high S and
CV (1.5–2.4 and 123–229%, respectively) and low
AMBI (0.7–1.9); it contains stations located in
undisturbed or slightly disturbed sites (see Borja et al.,
1996, 2004), with very heterogeneous sediments (Sta-
tions 11 and 25). Here, it is almost impossible to take
replicates with similar grain size even in the same
sampling and, in an area characterised by the high
hydrodynamism (Station 1), where a complex benthic
community cannot be established (Borja et al., 1996,
2004). At these stations, up to 14 replicates would be
necessary to fulfil n3 (Table 2).

Group (ii) is composed by stations with low to
moderate S and CV (0.0–1.9 and 0–78%, respectively)
and AMBI ranging from 0.4 to 7. Amongst these
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sampling stations, for 75% of the intertidal stations, one
replicate would be sufficient to accomplish n3, whereas,
at the subtidal stations, 69% of stations would fulfil n3
with one replicate and 85% would with two replicates.
Overall, one replicate would be enough to accomplish
n3 at 71% of the sampling stations; two replicates would
be sufficient to increase this percentage to 81%. Note
that there are some sampling stations which, taking two
replicates, do not accomplish n3; this is because the
estimate for AMBI is close to the threshold between two
disturbance levels, i.e. Stations 12, 13 and 14 (Table 2).
Besides, n1 and n2 are equivalent to two replicates, for
95% and 72% of the sampling stations, respectively
(Table 2).

In relation to the number of area units, Group (i′a)
obtained from the PCA is composed of stations with
high n2 (N5000 area units); it encompass stations with
low density and species richness, influenced both by
natural (high hydrodynamism at Station 1) and anthro-
pogenic factors (organic pollution at Stations 8 and 19)
(Borja et al., 1996, 2004). For this group, up to nine area
units would be necessary to fulfil n3 (Table 2).

Group (i′b) encompasses stations with moderate to
high S and CV (2.2–2.8 and 63–133%), located in
polluted areas (Stations 6 and 7) or areas with hetero-
geneous grain size (Stations 11 and 25) (Borja et al.,
1996, 2004). For Stations 6 and 7, more than 5000
sample units would be necessary to fulfil n3, whereas up
to 10 area units would be necessary at Stations 11 and 25
(Table 2).

Group (ii′) is represented by the same stations as
Group (ii). For these stations, two area units are suffi-
cient to accomplish n3, in almost all cases. The only
station for which more area units are necessary (Station
18) presents an AMBI which is close to the limit
between two disturbance levels (0.9) (Table 2).

Summarising, there are some problematic areas
in which AMBI does not appear sufficiently precise:
(i) those with low density and/or species richness; and
(ii) those in which the heterogeneity between replicates
is high, such as those related to a high heterogeneity in
sediments. Some of these problems have been high-
lighted previously within the AMBI guidelines, by
Borja and Muxika (2005).

Although, the results are very similar both for the
number of replicates and for the sampling area, it is
considered best to calculate AMBI from replicates, in
order to obtain information about the heterogeneity and
estimate a scale parameter. Hence, it could be
established when to have confidence with the results
and when not. Likewise, statistical comparisons can be
made between sampling stations, sampling times, etc.

5. Conclusions

At 64–68% of the sampling stations two replicates or
sampling areas provide a precise enough estimate for
AMBI, in terms of disturbance level.

The minimal sampling area/replicate number for a
precise estimate of AMBI is independent from the ana-
lysed environment, in terms of water depth, grain size of
the sediment and organic matter content.

Problems in reaching good precision have been
detected in some areas, such as those with low density
and/or species richness, or those with high heterogeneity
between replicates and related to patchiness. However,
these problems have been highlighted already, within
the AMBI guidelines.

This study demonstrates that the use of bootstrap
techniques for estimating the properties of AMBI are
adequate and perform well, permitting the establishment
of the minimal area (at least 0.25m2 both at intertidal
and subtidal sampling stations) and number of replicates
(at least two replicates), that fulfil the requirements
for a precise assessment of soft-bottom macrobenthic
communities.
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Using historical data, expert judgement and multivariate analysis
in assessing reference conditions and benthic ecological status,
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Abstract

The European Water Framework Directive (WFD) establishes a framework for the protection and improvement of estuarine and
coastal waters, trying to achieve ‘good surface water status at the latest 15 years after the date of entry into force of this Directive’.
One of the biological elements that should be analysed is the benthos and, as such, the WFD normative definitions describe the aspects
of the benthic communities that must be included in the ecological status assessment of a water body. Therefore, it is essential to include,
in the assessment, the different metrics that address those parameters identified in the normative definitions for each of the ecological
status classes. In this contribution the use of the AMBI, richness and diversity, combined with the use, in a further development, of factor
analysis together with discriminant analysis, is presented as an objective tool (named here M-AMBI) in assessing ecological quality sta-
tus. This assessment requires previous classification of water bodies and typologies, together with the definition of reference conditions;
this is undertaken in this contribution using historical data, expert judgement and multivariate analysis. The study has been undertaken
by examining changes in benthic communities in the Basque Country, over the last decade, as a case-study, to demonstrate the accuracy
and potential of these methodologies.
� 2006 Elsevier Ltd. All rights reserved.
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1. Introduction

The European Water Framework Directive (WFD;
2000/60/EC) establishes a framework for the protection
and improvement, amongst others, of estuarine and coastal
waters; its final objective is to achieve at least ‘Good water
status’ for all waters, by 2015. The WFD requires member
states to assess the ecological quality status (EcoQS) of
water bodies, with a ‘water body’ being ‘a discrete and sig-
nificant element of surface water such as a lake, a river, a
transitional water or a stretch of coastal water’. The
suggested hierarchical approach to the identification of sur-

face water bodies includes: (i) the definition of the River
Basin District (including freshwater, estuarine and coastal
waters); (ii) the division of surface waters into one of six
surface water categories (i.e. rivers, lakes, transitional
waters, coastal waters, artificial and heavily modified water
bodies); (iii) the sub-division of surface water categories
into types, then assigning the surface waters to one type;
and (iv) the sub-division of a water body of one type into
smaller water bodies, according to pressures and resulting
impacts (for details, see Vincent et al., 2002; Borja et al.,
2004a,b, 2006a; Heiskanen et al., 2004; Borja, 2005). After-
wards, it is necessary to determine reference conditions for
each of the typologies and, likewise, to assess the EcoQS
for each of the water bodies. This assessment will be based
upon the status of the biological, hydromorphological and
physico-chemical quality elements, by comparing data
obtained from monitoring networks with the reference
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(undisturbed) conditions, then deriving an Ecological
Quality Ratio (EQR). The ratio shall be expressed as a
numerical value between zero and one, with ‘High status’
represented by values close to one and ‘Bad status’ by val-
ues close to zero. In coastal and transitional (which include
the estuaries) waters, the biological elements to be consid-
ered are phytoplankton, macroalgae, benthos and fishes
(with the latter only in transitional waters).

Recently, some methodological approaches in imple-
menting such a complex Directive have been undertaken
in Europe, including integrative methodologies (Henocque
and Andral, 2003; Borja et al., 2004b; Casazza et al., 2004),
with others focused upon some of the elements, such as the
physico-chemical elements (Casazza et al., 2002; Nielsen
et al., 2003; Andersen et al., 2004; Bald et al., 2005), phyto-
plankton (Ifremer, in Vincent et al., 2002; Borja et al.,
2004b), or macroalgae (Orfanidis et al., 2001, 2003; Swed-
ish method, in Vincent et al., 2002; Panayotidis et al., 2004;
Borja et al., 2004b).

In the particular case of benthos, the WFD normative
definitions describe the aspects of the benthic community
that must be included in the EcoQS assessment of a water
body. Therefore, it is essential that any proposed classifi-
cation scheme for WFD assessment include indices (met-
rics) that address those parameters identified in the
normative definitions for each of the five ecological status
classes i.e. ‘High’, ‘Good’, ‘Moderate’, ‘Poor’ and ‘Bad’
(see Vincent et al., 2002; Borja et al., 2004b). Hence, the
main terms to be addressed by a benthic invertebrate clas-
sification scheme for WFD are: ‘the level of diversity and
abundance of invertebrate taxa’; and the proportion of
‘disturbance-sensitive taxa’. Following these criteria, sev-
eral indices and approaches have been proposed in assess-
ing WFD EcoQS for the benthic component (Borja et al.,
2000, 2003a, 2004b,d; Simboura and Zenetos, 2002;
Rosenberg et al., 2004). All of these have focused upon
the proportion of disturbance-sensitive taxa, being cur-
rently the AMBI index (Borja et al., 2000) one of the
most widely used in European countries and WFD meth-
odologies Intercalibration Working Groups (Borja et al.,
2006c). These methodologies have been compared else-
where (Chainho et al., 2006; Labrune et al., 2006; Quin-
tino et al., 2006).

However, the use of these indices, together with the
remainder of the community structural parameters deter-
mined by the WFD, is less extended. Hence, in a first
approach, Borja et al. (2003b) proposed the use of AMBI,
richness and diversity. In a further development, Borja
et al. (2004b) suggested the use of multivariate analysis
techniques such as the factor analysis (FA) with the princi-
pal component analysis as extraction method (see Meglen,
1992; Vega et al., 1998; Hair et al., 1999) as an objective
tool in assessing the EQR. The use of FA, for environmen-
tal impact assessment studies, was developed initially by
Algarra and Niell (1985) and Niell et al. (1988). Similar
methodologies have been developed by Smith et al. (1993,
1999, 2001), Bald et al. (1999, 2001) and Gibson et al.

(2000) in the determination of human impact on benthic
and fish communities.

Recently, Bald et al. (2005) applied the FA in the assess-
ment of physico-chemical status, according to the WFD,
solving some of the problems underlined by Borja et al.
(2004b) when using this particular methodology. However,
Bald et al. (2005) proposed the study of the response of the
FA when new data, or sampling stations, are incorporated
into a WFD monitoring network. This study was suggested
because the position of the sampling stations, within the
new three-dimensional space (as defined by the FA), can
change when new data are incorporated. Consequently,
the biological status of these sampling stations could be dif-
ferent, in comparison with the assessment obtained without
new data in the FA. In order to avoid this effect, Bald
(2005) and Bald et al. (2005) propose the use of statistical
multivariate methods, such as discriminant analysis (DA),
together with FA. This methodology has been used also
in assessing benthic quality by Paul et al. (2001). Although
FA analysis is used broadly in water quality assessment,
this is not the case for DA. One of the few applications
can be found in Alberto et al. (2001).

The main objective of this contribution is to demon-
strate the usefulness of DA techniques, together with FA,
and the accuracy and potential of these methodologies, in
determining the benthic status, according to the WFD.
Likewise, to solve the problems outlined above and, as
an improvement of previous contributions of our research
team, this study utilises the changes in benthic communities
in the Basque Country, over the last decade, as a case-
study.

2. Material and methods

2.1. Selection of structural parameters

The Department of Land Action and Environment of
the Basque Government, by means of the Littoral Water
Quality Monitoring and Control Network (hereafter,
LQM), has monitored Basque coastal and estuarine water
quality since 1995 (Borja et al., 2005). This network com-
prises the analyses of both physico-chemical (in water, sed-
iment and biota) and biological elements (phytoplankton,
macroalgae, benthos and fishes). The LQM series data
includes 32 coastal and estuarine stations, sampled from
1995 to 2004, with 19 more since 2002 (Fig. 1). These data
have been used in the case-study presented in this
contribution.

Soft-bottom macrobenthic communities are sampled
annually, always in winter (see sampling methods in Borja
et al., 2003b). The parameters which are determined in the
abovementioned framework include density, biomass, spe-
cies richness (number of taxa), Shannon Wiener diversity
index, Pielou’s evenness, maximum diversity and AMBI
(Borja et al., 2000). Guidelines derived from Borja and
Muxika (2005) are used in the calculation of the AMBI,
using the species list of October 2005.

I. Muxika et al. / Marine Pollution Bulletin 55 (2007) 16–29 17



As mentioned above, the main terms to be addressed by
a benthic invertebrate classification scheme for WFD are:
diversity; abundance of invertebrate taxa (it is not clear if
WFD refers to density or/and richness); and the propor-
tion of ‘disturbance-sensitive taxa’. In this contribution,
density, biomass, richness, Shannon Wiener index and
AMBI (as an index which determines the proportion of dis-
turbance-sensitive taxa) have been selected; this is in order
to determine the parameters which better define the EcoQS
of the water bodies studied. Of course, the selection and use
of other metrics and indices are also valid (see Prior et al.,
2004 or Rosenberg et al., 2004), if they are intercalibrated
with other methodologies (see Borja et al., 2006c).

2.2. Water bodies and typologies

The Basque coastal and transitional water typologies
have been established by Borja et al. (2004a,b) as: (i) small
river-dominated estuaries (Type I); (ii) estuaries with exten-
sive intertidal flats (Type II); (iii) estuaries with extensive
sub-tidal areas (Type III); and (iv) full marine exposed
coasts (Type IV) (see Fig. 1). At present, 14 transitional
and 4 coastal water bodies have been determined in the
Basque Country, following the study of pressures and
impacts, sensu WFD (Borja et al., 2004a, 2006a).

The approach developed by Borja et al. (2004b) consid-
ers a water body (e.g. an estuary) as an entity; however, this
produces some problems in establishing reference condi-
tions for the whole of the water body (Borja et al.,

2003b). In order to fit the classification of the various water
bodies to their hydrographical properties, each of the water
bodies was split into different stretches, using the salinity
gradient as a characterisation factor (see Bald et al., 2005).

2.3. Deriving reference conditions

The reference condition for a water body type is a
description of the biological elements which corresponds
totally, or nearly totally, to undisturbed (= pristine) condi-
tions, i.e. with no, or with only a very minor, impact from
human activities (as mentioned by the WFD). The objec-
tive of setting reference condition standards is to enable
the assessment of the biological quality, against these stan-
dards. Type-specific reference conditions must summarise
the range of possibilities and values for the biological qual-
ity elements, over periods of time and across the geograph-
ical extent of the type (Vincent et al., 2002).

The WFD identifies four options for deriving reference
conditions: (i) comparison with an existing ‘pristine’/undis-
turbed site (or a site with very minor disturbance); (ii) his-
torical data and information; (iii) models; or (iv) expert
judgement. Jonge et al. (2006) discuss the adequacy of data
and information for purposes other than trend analysis and
compliance. Besides, Borja et al. (2004b) have stated that
one of the problems in deriving reference conditions in
some European regions arises from the absence of unim-
pacted areas. This is the case for the Basque Country, in
which all the estuaries have been historically impacted by

0° E 15° E

30° N

45° N 

60° N 

CANTABRIAN SEA

BILBAO

0 10 20km

SAN SEBASTIÁN

N

Oligo/Mesohaline sampling station

Polyhaline sampling station

Euhalin

Coastal sampling station

Barbad

Nerbioi

Butroi

Oka Lea

Artibai

Deba
Urola Oria

Urumea
Oiartzun

Bidasoa2

3

6

12

17

28 35

42
44

50

NN

Euhaline sampling station

2

3

6

12

17

28 35

42
44

50

Fig. 1. LQM sampling stations and typologies. The stations selected to analyse trends are shown with the same numbers as in Bald et al. (2005). The Deba
and Urumea estuaries are assigned to Type I (small river-dominated estuaries). The Barbadun, Butroi, Oka, Lea, Artibai, Urola and Oria estuaries are
assigned to Type II (estuaries with wide intertidal flats). The Nerbioi, Oiartzun and Bidasoa are assigned to Type III (estuaries with wide subtidal areas).
The coastal stations are assigned to Type IV (full marine exposed coast).
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human activities, especially over the last 150 years (Cear-
reta et al., 2004; Borja et al., 2004b, 2006a). Moreover, this
region does not have any pre-industrial historical data;
hence, the use of ‘virtual’ reference locations (as defined
and proposed in Borja et al., 2004b), as an ‘expert judge-
ment’ approach, requires consideration. The use of ‘virtual’
reference locations has been used successfully in the case of
physico-chemical elements (Bald et al., 2005).

Each of the defined typologies has a main associated
benthic community (see a similar approach in Perus
et al., 2004), depending also upon the salinity stretches
determined and the associated habitats (Table 1). These
benthic communities have been described in detail by Borja
et al. (2004c).

Following the approach described in Bald et al. (2005),
two levels of reference conditions were constructed for each
stretch, i.e. those representatives of ‘High’ and ‘Bad
EcoQS’. ‘High’ reference values for each of the structural
parameters and communities were selected from Borja
et al. (2004c). In the case of AMBI, the index is equal to zero
when all the species in a sampling station are assigned to
Ecological Group I (EG I), i.e. only sensitive species are
present (for details, see Borja et al., 2000, 2003a, Muxika
et al., 2005). In some naturally-enriched areas, such as
estuaries, other EGs are present, i.e. EG II (composed by
indifferent species) and EG III (tolerant species). In this
particular case, the value for ‘High’ biological status cannot
be zero, because it never will be reached within the estuary.
Besides, the WFD states that all sensitive species, but any
indicator species (EG IV and V), should be present in a
water body to reach a ‘High EcoQS’. Hence, in order to
determine high reference AMBI values, average densities
of species, for the period 1995–2003, were obtained for each
of the typologies monitored in the LQM. Subsequently,
opportunistic species (EG IV and V) were removed from
the species list and the AMBI was derived for each typol-
ogy, following the guidelines in Borja and Muxika (2005).

Conversely, ‘Bad’ reference conditions were selected
from azoic sediments. Hence, all the structural parameters
are considered as zero value and the AMBI is equal to
seven.

2.4. Biological status assessment

Using data from the 1995–2003 series, a FA was used
for the determination of the EQR for each of the typolo-
gies, with their corresponding references grouped in the dif-

ferent stretches (Borja et al., 2003b). Data were
standardised, by subtracting the mean and dividing by
the standard deviation in order to achieve a normal distri-
bution of the data. The FA solution was rotated (using the
Varimax rotation method) in order to make easier the
interpretation of the analysis results (see Hair et al.,
1999). The application of such methodology, including
the derivation of the EQR and EcoQS, can be consulted
in Bald et al. (2005).

The threshold values for the EcoQS classification (EQR
determination), based upon the REFCOND (2003), were:
‘High’, >0.82; ‘Good’, 0.62–0.82; ‘Moderate’, 0.41–0.61;
‘Poor’, 0.20–0.40; and ‘Bad’, <0.20. These values accom-
plished the WFD requirements and the recommendations
of Borja et al. (2004b), and were selected until further
intercalibration of the methodology (see Borja et al.,
2006c).

Based upon the FA, the 1995–2003 period was used for
the determination of the discriminant functions, by means
of a DA for each of the salinity stretches; then, those func-
tions were applied to the 2004 data set. DA is considered
appropriate when data can be classified into two or more
groups and when one or more functions of quantitative
measurements, which can help in discriminating among
the known groups, are required (Paul et al., 2001).

The objective of this analysis is to provide a method for
predicting which group a new case is most likely to fall
into, depending upon the different quantitative values of
the selected structural parameters (Bald, 2005). The main
properties of these discriminant functions are: (i) they are
constant; (ii) they do not change over time; and (iii) they
do not change with new data addition (Bald, 2005; Bald
et al., 2005). It is considered one of most appropriate statis-
tical methods when the dependent variable is qualitative,
such as the EcoQS, and the independent variables are
quantitative, such as the selected structural parameters
(Hair et al., 1999). The concept of DA involves forming
linear combinations of independent (predictor) variables,
named discriminant functions, which become the basis
for group classifications. These functions are as shown
below:

Zjk ¼ aþ W 1X 1k þ W 2X 2k þ W 3X 3k þ � � �W nX nk

where Zjk = discriminant score of the discriminant func-
tion j for the object k, a = constant, Wi = discriminant
weight for the independent variable i, Xik = independent
variable i for the object k.

Table 1
Main benthic communities associated to each of the water body typologies, in the Basque Country

Salinity stretches Type I Type II Type III Type IV

Oligo-/mesohaline C. edule–S. plana C. edule–S. plana C. edule–S. plana –
Polyhaline – V. fasciata V. fasciata –
Euhaline – A. alba A. alba T. tenuis–V. fasciata

Note that only two of the estuaries classified as Type II (Butroi and Oka) maintain an Abra alba community. Key: Type I = small river-dominated
estuaries; Type II = estuaries with extensive intertidal flats; Type III = estuaries with extensive subtidal areas; and Type IV = full marine exposed coast.
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DA is appropriate for testing the hypothesis that the
group means, for two or more groups, are equal. Each
independent variable is multiplied by its corresponding
weight, then the products are added together; this results
in a single composite discriminant score for each individual
in the analysis. Averaging the scores derives a centroid
group. If the analysis involves two groups, there are two
centroids; in three groups, there are three centroids; and
so on. Comparing the centroids shows the distance of the
groups along the dimension that is being tested. The objec-
tives for applying DA include:

• determining if there are statistically significant differ-
ences among two or more groups;

• establishing procedures for classifying stations into
groups; and

• determining which independent variables account for
most of the difference in two or more groups.

The outputs of the DA are as many discriminant func-
tions as groups have been established. These functions
are used to calculate a ‘probability’ for a given station of
belonging to each of the groups.

Some of the sampling stations were selected to look for
possible trends, or temporal changes, in the biological sta-
tus assessment and to compare these changes with those
detected by Bald et al. (2005). Trends were analysed by
means of Spearman rank correlations between the EQRs
and time (in years). Distinct changes were analysed by
‘before–after’ comparisons (two-sample comparison of
means), when any change in pressures was known in the
water body to which the sampling station was allocated.

The statistical analyses were carried out using Stat-
graphics� Plus 5.0.

2.5. Validation of the method

Whatever method is used, there will always be problems
in establishing the EcoQS of some stations, as outlined
below:

• Stations with high hydrodynamism (i.e. in highly
exposed coasts) present usually low structural parameter
values (such as richness and diversity) and, sometimes,
high AMBI. These stations can be classified in terms
of ‘Poor’ or ‘Bad EcoQS’, although they are not sub-
jected to anthropogenic impacts, but to natural stress.

• In some locations where recolonisation processes are
occurring, there could be many differences among the
structural parameter values, misclassifying the station
i.e. sudden increases in richness, diversity or/and abun-
dance (Borja et al., 2006b).

In order to avoid such misclassifications, different inves-
tigators assessed the stations EcoQS on the basis of expert
judgement (see Prior et al., 2004). In this contribution, the
composition of each of the sampling stations, together with

the structural parameters, was sent to three experts; these
assessed the quality of each of the samples, into the five
WFD levels, based upon their own experience. This was
a subjective process in which each of the experts evaluated
the general quality of the area, based upon their knowledge
of the locations and the knowledge of the benthic commu-
nities’ composition and structure. In order to determine a
unique EcoQS for each of the samples, a relative rating
(5, 4, 3, 2, and 1, respectively) has been allocated to each
of the abovementioned five levels. Subsequently, a mean
value was calculated: (i) ‘Bad status’ (values <1.5); (ii)
‘Poor status’ (1.6–2.5); (iii) ‘Moderate status’ (2.6–3.5);
(iv) ‘Good status’ (3.6–4.5); and (v) ‘High status’ (>4.6).
To analyse the agreement, in assessing the quality status
both by DA and by expert judgement, a Kappa analysis
was undertaken (Cohen, 1960; Landis and Koch, 1977).
The level of agreement between both methods was estab-
lished, based upon the equivalence table from Monserud
and Leemans (1992). As the importance of misclassification
is not the same between close categories (e.g. between
‘High’ and ‘Good’, or ‘Poor’ and ‘Bad’) as between further
categories (e.g. between ‘High’ and ‘Moderate’, or ‘High’
and ‘Bad’), Fleiss-Cohen weights were applied to the anal-
ysis (Fleiss and Cohen, 1973).

3. Results

3.1. Selection of structural parameters

The results of the FA (Fig. 2), carried out with the five
structural parameters and all the sampling stations, showed
that the first three factors explained 87% of total variance.
The first factor presented an eigenvalue of 2.1. The eigen-
value for the second factor was 1.2 and it was 1.0 for the
third factor. The first factor was positively related mainly
to richness and Shannon Wiener diversity, with the second
factor being negatively related mainly to AMBI, with the
third one to density (positively).

Following the FA, it was determined that some struc-
tural parameters, such as biomass and density, show many
inconsistencies in relation to environmental quality,
although they explain much of the overall variability. In
order to avoid this problem, richness, diversity and AMBI,
were selected in the subsequent analysis. This grouping was
considered the best combination of metrics, as they were
the most important parameters in the first two factors of
the factor analysis. In this particular case, relative abun-
dances of sensitive and opportunistic species are included
already within the AMBI formula, accomplishing the
WFD requirements.

Hence, a new FA was carried out only with Shannon
Wiener diversity, richness and AMBI (Fig. 2); this showed
an eigenvalue of 2.1 for the first factor, 0.7 for the second
factor and 0.2 for the third one. The first factor was posi-
tively related mainly to richness; the second one was nega-
tively related to AMBI, with the third being positively
related to Shannon Wiener diversity.
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3.2. Deriving reference conditions

The Scrobicularia plana–Cerastoderma edule community
is found in the inner and middle part of all of the estuaries
(Table 1), normally in muddy sand flat bottoms and well
oxygenated waters (Borja et al., 2004c). This community
involves a higher abundance of S. plana and C. edule, being
composed by euryhaline species, such as the polychaetes
Nereis diversicolor, Streblospio shrubsolii, S. benedicti and
Heteromastus filiformis, the Oligochaeta, the prosobranch
Hydrobia ulvae, the bivalve Ruditapes decussatus and the
crustaceans Cyathura carinata, Carcinus maenas, Coroph-
ium sp., Pachygrapsus marmoratus and Ampelisca brevicor-

nis, amongst others. The reference values for this
community, together with associated water body stretches
(oligo-/mesohaline), are shown in Table 2.

The Venus fasciata community is typical of sandy bot-
toms, in water depths of 20–40 m (Borja et al., 2004c)
(Table 1). The most characteristic species are V. fasciata,
Venus casina, Chamelea striatula; Nephtys cirrosa, Urothoe

brevicornis, Bathyporeia elegans, Prionospio steenstrupi,
Echinocardium cordatum, Branchiostoma lanceolatum,
Spisula subtruncata, etc. The reference values for this
community, together with the associated water body
stretches (estuarine euhaline), are listed in Table 2.

The Abra alba community appears in permanently sub-
merged estuarine areas (Borja et al., 2004c) (Table 1), in
sediments of high organic matter and mud content; gener-
ally, it occurs within the middle part of the estuaries. The
most common species within this community are the mol-
luscs A. alba, Abra prismatica, Corbula gibba and Thyasira

flexuosa. Other accompanying species are Lagis (= Pectina-

ria) koreni, Mysella bidentata, Cerianthus membranaceus,
Polydora polybranchia, etc. The reference values for this
community, together with associated water body stretches
(polyhaline), are listed in Table 2.

The Tellina tenuis community appears both in deep estu-
aries and in the circalittoral area, in mixed sediments dom-
inated by sand and mud (Borja et al., 2004c) (Table 1). The
core of the community is represented habitually by Tellina

fabula, and T. tenuis, together with Nephthys hombergii,
Spiophanes bombyx, Gouldia minima, Nucula sp., Dentalium

dentalis, E. cordatum, Dispio uncinata, N. cirrosa, Cumopsis

fagei, Diogenes pugilator, Glycera sp., etc. The reference
values for this community, together with associated water
body stretches, are listed in Table 2.

3.3. Assessing the EcoQS

The distribution of the LQM samples in the new three-
dimensional space defined by the FA, corresponding to
1995–2003, is shown in Fig. 2. Based upon the same data
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Fig. 2. Distribution of the LQM sampling stations (1995–2003 sampling period), within the new three-dimensional space defined by the FA, relating to the
first and second factors (left) and to the first and third factors (right). Based upon: (a) AMBI, richness and ShannonWiener diversity index; and (b) AMBI,
biomass, density, richness and Shannon Wiener diversity index, calculated both with biomass and density data. Key: (s) ‘High EcoQS’ reference stations;
(h) ‘Bad EcoQS’ reference stations; (d) real stations.

Table 2
Reference conditions of ‘High EcoQS’ for each of the saline stretches

Oligo-/mesohaline Polyhaline Euhaline Coastal
area

S (no. sp.) 13 32 40 42
H0 (bit Æ ind�1) 2.5 3.8 3.5 4.0
AMBI 2.8 2.0 2.1 1.0

S = species richness; H 0 = Shannon Wiener diversity index.
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series, and the three biological parameters selected previ-
ously, a FA was carried out for each of the stretches
(Fig. 3). The eigenvalues and the main parameters included
into each factor are shown in Table 3. Richness is the main

factor explaining the variability of the first factor within the
oligo-/mesohaline stretch and the coastal area, whilst the
AMBI is the main factor in the polyhaline and euhaline
stretches. The second factor is related with AMBI in the
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Fig. 3. Distribution of the LQM sampling stations (1995–2003 sampling period) within the new three-dimensional space defined by the FA, relating to the
first and second factors (left) and to the first and third factors (right). (a) Oligo- and mesohaline sampling stations; (b) polyhaline sampling stations; (c)
euhaline sampling stations; and (d) coastal sampling stations. Key: (s) ‘High EcoQS’ reference stations; (h) ‘Bad EcoQS’ reference stations; (d) real
stations.
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oligo-/mesohaline stretch and the coastal area, being
related to richness in polyhaline and euhaline stretches.
The third factor is always related to Shannon’s diversity
(Table 3).

Among the 300 samples analysed, 156 (52%) were clas-
sified in ‘High’ or ‘Good EcoQS’, and 144 samples did
not accomplish the objective of the WFD (Table 5). The
highest percentage accomplishing the objective of attaining
at least ‘Good EcoQS’ is reached by the coastal samples
(81%). The lowest percentage corresponds to those estua-
rine samples obtained from stations located in polyhaline
stretches (6%).

From the whole of the data set, 10 sampling stations,
coinciding with Stations 2, 3, 6, 12, 17, 28, 35, 42, 44 and
50 shown in Bald et al. (2005), have been used in the study
of the EQR evolution (Fig. 4).

A general quality improvement has been detected at Sta-
tions 3, 28, 42 and 50, from the beginning of the data series
(Fig. 4a). Stations 3 and 42 show a progressive, and signif-
icant, for a = 0.1, improvement (Spearman rank correlation
p = 0.04 and 0.01, respectively). On the other hand, Station
28 presents significantly higher EQR after 1999, than before
(except in 1996) (t-test p = 0.01). Station 50 presents higher
EQR after 2000, than before (t-test p = 0.02).

Conversely, a negative trend is detected at Stations 2, 35
and 44 (Fig. 4b). Stations 2 and 44 show a progressive and
slow negative trend (Spearman rank correlation p = 0.08
and p = 0.07, respectively), whereas Station 35 presents
lower EQR after 2000, than before (t-test p = 0.07).

Stations 6, 12 and 17 did not show any clear trends
throughout the period (Fig. 4c), with minor EQR fluctua-
tions; Station 6 was the most constant (Spearman rank cor-
relation p > 0.03).

On the other hand, the DA undertaken for each of the
saline stretches (according to the results obtained by means
of the FA) resulted in the discriminant function below (1),
where a, b, c and K should be replaced by the discriminant
coefficients presented in Table 4.

EcoQS ¼ K þ a �AMBIþ b � H 0 þ c � S ð1Þ
The EcoQS evaluation for 2004, according to those

functions, shows that 63% of sampling stations attained
at least ‘Good EcoQS’. The maximum accomplishment
percentage was reached by coastal stations (88%), whereas
the minimum percentage was reached, once again, by those
sampling stations located in polyhaline stretches (27%)
(Table 5).

After applying expert judgement, only 5 of 49 sampling
stations (10%) changed their classification. Kappa analysis
showed an almost perfect agreement (K = 0.86) (see
Monserud and Leemans, 1992, for terminology). In terms
of typologies, almost perfect agreement was reached for
polyhaline (K = 0.89) and oligo/meso- and euhaline
stretches (K = 0.90), whereas the agreement was only mod-
erate for the coastal area (K = 0.46) (Table 6).

Expert judgment did not substantially change the num-
ber of sampling stations which did not accomplish the
WFD objectives (65%); however, it did change the relative
proportions between the different stretches. Amongst the
coastal sampling stations, up to 94% reached at least ‘Good

Table 3
Eigenvalues for each of the factors and stretches, derived from FA,
together with the main parameter included in of each of the factors (into
brackets)

Stretches 1st Factor 2nd Factor 3rd Factor

Oligo/mesohaline 1.9 (richness) 0.9 (AMBI) 0.2 (diversity)
Polyhaline 1.5 (AMBI) 1.1 (richness) 0.5 (diversity)
Euhaline (estuarine) 2.4 (AMBI) 0.5 (richness) 0.1 (diversity)
Euhaline (coastal) 1.8 (richness) 0.9 (AMBI) 0.3 (diversity)
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Fig. 4. Trends for some of the sampling stations analysed in this
contribution. Note that the selected stations coincide with those in Bald
et al. (2005); these are represented in Fig. 1. Key: H = ‘High EcoQS’;
G = ‘Good EcoQS’; M = ‘Moderate EcoQS’; P = ‘Poor EcoQS’;
B = ‘Bad EcoQS’.
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EcoQS’, whereas over 36% of the polyhaline sampling sta-
tions achieved the objective of reaching ‘Good EcoQS’.

The WFD states that EcoQS has to be assessed for every
three year period. For this assessment, average species rich-
ness, diversity and AMBI were calculated for the 2002–
2004 period. These average values were used in the discrim-
inant functions. For this period, 65.3% of sampling stations
reached at least ‘Good EcoQS’. All the coastal stations

accomplished the WFD, but only 18.2% of the polyhaline
stations.

4. Discussion

Macrobenthic communities are considered good indica-
tors of ecosystem health because of their strong link with
sediments, which, at the same time, are linked to the water
column (Dauer et al., 2000). Hence, benthos shows the real
effects of pollution over the communities, being an integra-
tor of the recent pollution history in the sediment and of
different kinds of pollutants, which can act synergically:
as such, they are a good indicator (Occhipinti-Ambrogi
and Forni, 2004).

In the WFD marine quality assessment, based upon
benthic communities, there are several key steps for an
acceptable approach: (i) an accurate classification of water
bodies and typologies; (ii) the selection of reference condi-
tions, for each of the typologies, representative of the
absence of anthropogenic influence; (iii) the availability
of good classification tools or metrics; and (iv) the suitabil-
ity of suggested ecological class boundaries. All of these
steps are discussed below.

The typology pattern proposed by Borja et al. (2004a)
for the Basque Country, together with the approach used
in their definition, accomplished with the WFD criteria,
and is similar to that defined by other countries (Perus
et al., 2004). The Basque estuaries differ in size, morphol-
ogy or hydrodynamics (Valencia and Franco, 2004); how-
ever, they also differ in anthropogenic pressure (Borja
et al., 2004a, 2006a), and salinity (Bald et al., 2005), provid-
ing a good basis for the final typology and saline stretch
determination used in this contribution (this approach is
very similar to that of Dauer et al., 2000 and Llansó
et al., 2002a, in the US).

Table 4
Discriminant coefficients obtained from DA, carried out on the 1995–2003
data series, for each of saline stretches and EcoQS

EcoQS a b z K

Oligo- and mesohaline stretches

High �0.915 15.706 3.155 �39.254
Good 3.396 8.678 1.123 �19.542
Moderate 7.103 1.219 �0.151 �15.863
Poor 13.191 �5.237 �1.361 �36.679
Bad 19.105 �13.722 �3.192 �66.911

Polyhaline stretches

High �6.093 11.430 2.820 �63.746
Good �2.107 10.015 0.895 �19.786
Moderate �0.310 5.571 0.430 �7.198
Poor 2.517 1.795 �0.065 �7.573
Bad 6.573 �4.713 �0.920 �21.491

Euhaline stretches

High 0.937 8.827 0.158 �22.365
Good 2.559 6.199 0.019 �14.334
Moderate 3.948 3.901 �0.086 �12.137
Poor 5.772 1.750 �0.216 �15.931
Bad 7.804 0.783 �0.342 �26.139

Coastal area

High �2.140 6.883 0.050 �13.943
Good 1.699 3.816 �0.063 �6.772
Moderate 8.230 �0.937 �0.073 �12.380
Poor 17.751 �3.497 �0.226 �45.856
Bad 24.221 �7.440 �0.289 �80.593

Table 5
Number and percentage of samples with ‘Bad’, ‘Poor’, ‘Moderate’, ‘Good’ and ‘High EcoQS’, for the 1995–2003, 2004 and 2002–2004 periods

EcoQS Oligo-/mesohaline Polyhaline Euhaline Coastal area

N % N % N % N %

1995–2003 period

High 13 22 0 0 12 33 62 51
Good 14 24 5 6 14 39 36 30
Moderate 16 28 32 38 7 19 18 15
Poor 5 9 41 48 1 3 4 3
Bad 10 17 7 8 2 6 1 1

2004

High 2 13 1 9 2 33 11 65
Good 7 47 2 18 2 33 4 24
Moderate 4 27 6 55 1 17 1 6
Poor 2 13 2 18 0 0 1 6
Bad 0 0 0 0 1 17 0 0

2002–2004 period

High 3 20 1 9 1 17 10 59
Good 5 33 1 9 4 67 7 41
Moderate 4 27 7 64 0 0 0 0
Poor 3 20 2 18 0 0 0 0
Bad 0 0 0 0 1 17 0 0
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There are different approaches in the definition of refer-
ence conditions. Hence, Nielsen et al. (2003) combined the
use of historical data and modelling, in Denmark. In the
UK, the EUNIS habitat classification is used in developing
specific biotope complex reference conditions (Prior et al.,
2004). This approach is close to that used in this contribu-
tion, in which the association of benthic communities to
saline stretches allows the determination of reference values

of ‘High’ and ‘Bad biological status’, based upon historical
data and expert judgement (Borja et al., 2004b). The selec-
tion of reference conditions, within the WFD, is a dynamic
process: in this, all the member states (MS) should propose
and select their own reference conditions for each of the
typologies. However, by changing reference conditions
the final result can be very different. In this contribution,
the reference values are based upon structural parameter
values, representative of the corresponding benthic com-
munities associated to each of the typologies and habitats
within these typologies. These conditions and results can
be revised and modified, during the intercalibration pro-
cess, in which the other MS can provide further data for
validation of these reference values (see Borja et al., 2006c).

Conversely, seasonal changes in benthic communities
could affect the results obtained, when comparing with ref-
erence values. However, in the reference values selection,
seasonal variability was taken into account, as data are
derived from samplings that were carried out in different
seasons (Borja et al., 2004c). Moreover, it should be taken
into account that WFD looks for human-induced changes
in the EcoQS, assuming natural variability in the method-
ology used and the reference conditions. Hence, the use of
an index such as AMBI, within the WFD, reduces this
problem; this is because it has been demonstrated that this
index is very stable throughout the year (in absence of
anthropogenic impacts) and is not subjected to seasonality
(Salas et al., 2004; Reiss and Kröncke, 2005).

As well as their central role in marine ecosystem func-
tioning, the benthic invertebrates are a well-established
‘target’ in evaluations of environmental quality status. Var-
ious studies have demonstrated that the macrobenthos
responds relatively rapidly to anthropogenic and natural
stress (Pearson and Rosenberg, 1978; Dauer, 1993). Hence,
the use of different univariate and multivariate methodolo-
gies, metrics and indices, in measuring such response, has
increased dramatically over recent years (see, for a useful
summary of biotic indices, Diaz et al., 2004). Many authors
(e.g. Washington, 1984) accept that a biotic index is
unlikely to be universally applicable, as organisms are
not equally sensitive to all types of anthropogenic distur-
bance; as such, they are likely to respond differently to dif-
ferent types of perturbation. Similarly, they may provide a
way to establish a multimetric bioassessment method that,
in turn, can be modified for different geographical regions
(Borja et al., 2004b,d). Several indices have been proposed
for use in marine waters, some of which attempt to include
the five-step environmental model of the WFD (Borja
et al., 2000, 2003a, 2004b; Simboura and Zenetos, 2002;
Rosenberg et al., 2004).

Diaz et al. (2004) state that the ‘tautological develop-
ment of new indices appears to be endemic, self-propagat-
ing and rarely justified’, recommending that investigators
place greater emphasis on evaluating the suitability of indi-
ces that already exist, prior to the development of new
ones. In this way, the use of existing indices, together with
multimetric approaches, could be the most promising way

Table 6
EcoQS of the 49 sampling stations sampled in 2004, classified both by DA
and by expert judgment (for station locations, see Fig. 1)

Saline stretch Sampling
station

Discriminant
analysis

Expert
judgment

Oligo-/mesohaline
stations

1 Good Good
3 Moderate Poor
10 Good Good
16 Moderate Poor
21 High High
24 Poor Poor
27 Moderate Moderate
28 Good Good
30 Good Good
31 Good Good
34 Good Good
39 Poor Poor
40 Moderate Moderate
48 Good Good
49 High High

Polyhaline stations 2 Moderate Moderate
4 Moderate Moderate
5 High High
12 Good Good
17 Moderate Moderate
22 Moderate Good
25 Moderate Moderate
32 Moderate Moderate
35 Moderate Moderate
42 Poor Poor
50 Good Good

Euhaline stations 6 High High
7 High High
11 Moderate Moderate
18 Good Good
43 Bad Bad
44 Good Moderate

Coastal area 8 Poor Good
9 Good Good
13 Moderate Moderate
15 High High
19 High High
20 High High
23 High High
26 High High
29 High High
33 High High
36 High High
37 High High
41 High High
45 Good Good
46 High High
47 Good Good
51 Good Good
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in accomplishing the WFD (Borja et al., 2004b). The
research undertaken into indicator and sensitive species,
together with their responses to different impact sources
(see Hiscock et al., 2004), can lead to an improved under-
standing of ecosystem functioning, with regard to the
assessment of ecological status.

In the case of the typologies determined in the Basque
Country, density and biomass are not suitable in determin-
ing the biological status, based upon benthic communities.
This limitation is because they show a bimodal (non-linear)
distribution, in relation to a source of disturbance, with
peaks of abundance and biomass both in disturbed
and undisturbed locations, making difficult its application
in the global benthic health assessment (Pearson and
Rosenberg, 1978; Weisberg et al., 1997). The selection of
Shannon’s diversity, richness and AMBI, into a FA multi-
variate approach (we propose to call this method as
‘Multivariate AMBI’ or ‘M-AMBI’), appears to be a suit-
able method in assessing status, which is similar to those
used in the US (Engle et al., 1994; Weisberg et al., 1997;
Engle and Summers, 1999; Dauer et al., 2000; Llansó
et al., 2002b) and UK (Prior et al., 2004).

Conversely, the use of multivariate analysis, such as FA
and DA, in assessing benthic quality, has increased in
recent years (Gibson et al., 2000; Paul et al., 2001; Smith
et al., 2001). These analyses permit the reduction of a large
number of variables into a few new parameters explaining
most of the variability of the system; this makes it more
understandable for stakeholders, in environmental assess-
ment and management (Bald et al., 2005).

In relation to the DA, 87% of the sampling stations, on
average, were classified correctly by the discriminant func-
tions (Table 7). Taking into account that WFD establishes
that water bodies should be at least in ‘Good’ status, by
2015, there would be two type of misclassifications with
practical consequences: (i) stations at least in ‘Good’ status
that are classified in ‘Moderate’ status at the most (referred
to as a Type A misclassification, in Table 7); and (ii) sta-
tions which do not achieve the WFD requirements (in
‘Bad’, ‘Poor’ or ‘Moderate’ status), but are classified at
least in ‘Good’ status by the DA (referred to as a Type B
misclassification, in Table 7). In this study, 3% of the loca-

tions were misclassified as Type A and 4% of the locations
were misclassified as Type B (Table 7).

When studying benthic communities, the selected tools
do not always work in the ‘expected’ way. Hence, there
are some concerns in the use of diversity (Heip and Engels,
1974; Zaret, 1982) and AMBI. In the case of AMBI, Sim-
boura (2004), Marı́n-Guirao et al. (2005), Muxika et al.
(2005), and Gómez-Gesteira and Dauvin (2005), have
detected some inconsistencies, when using it in isolation
i.e. not significant correlations between AMBI and some
environmental parameters related to pollution. This is the
reason why Borja et al. (2003a, 2004b) and Muxika et al.
(2005) advise on the use of the AMBI together with other
structural parameters (as in the M-AMBI we propose
here). A universal index that works in all systems is unreal-
istic, because benthic communities are complex and geo-
graphically diverse (Engle and Summers, 1999).

In this contribution, some of the stations (3 and 42) show
the same increasing trend in benthic and physico-chemical
EQR, from ‘Bad’ or ‘Poor’, to ‘Moderate’ or ‘Good EcoQS’.
Most of these cases are in response to the ‘clean-up’ of
waters, which has produced a continuous increase in bottom
water dissolved oxygen and a decrease in the nutrient loads
(Franco et al., 2002; Gorostiaga et al., 2004; Borja et al.,
2005, 2006b). On the other hand, some other stations (28
and 50) which have also improved their macrobenthic
EcoQS, do not show the same trend in the physico-chemical
EcoQS. This pattern can be explained because the physico-
chemical EcoQS is ‘High’, throughout the time-series.

Station 28 is located within the Deba estuary, which has
been highly polluted due to waste-water inputs from the
metallurgical industry (Belzunce et al., 2004). Heavy metals
are not taken into account in the physico-chemical EcoQS
assessment; this is why physico-chemical EQR was ‘High’
along all the time series. However, the metallurgical indus-
try incorporated waste-water recovery schemes and the
heavy metal load in the waters has decreased since 1996,
reaching very low values after 1998–1999 (Belzunce et al.,
2004). This evolution can explain the improvement
detected in the benthic EQR.

Station 50 is located within the Bidasoa estuary, which
supported heavy pressure from urban waste-waters until
1999, when all the discharges were diverted to a submarine
outfall outside the estuary (Borja et al., 2005). Such diver-
sion can explain the improvement in the benthic EQR after
1999.

Conversely, some other stations (2, 35 and 44) show
decreasing trends in the benthic EQR, from ‘High’ or
‘Good’ to ‘Moderate’ or ‘Bad EcoQS’. In these particular
cases, the stress on the biological communities can be
explained in terms of an excess of nutrients, heavy metals,
hydrocarbons and some organic compounds associated
with waste-water (both industrial and urban), etc. (Balls,
1992; Windom, 1992; Bock et al., 1999; Lee and Arega,
1999; White et al., 2004). Such a decrease in ecological
quality may affect even public health (Herut et al., 1999;
Cave et al., 2003; Belzunce et al., 2004).

Table 7
Percentage of cases classified correctly by the DA, percentage of Type A
misclassification (sampling stations classified by DA as non-accomplishing
with the WFD, when in fact they do) and percentage of Type B
misclassification (sampling stations classified by DA as accomplishing
with the WFD when in fact the do not) for each of the stretches and in
average

Stretches Correctly classified Type A Type B

Oligo- and mesohaline 95.00 0.00 5.00
Polyhaline 91.95 0.00 5.75
Euhaline (estuarine) 92.31 2.56 0.00
Euhaline (coastal) 67.64 9.39 5.83

Average 86.72 2.99 4.14
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However, physico-chemical variables, such as dissolved
oxygen, nutrients and turbidity are used in the WFD only
as supporting elements of the biological elements (Borja
et al., 2004b; Bald et al., 2005). Hence, in some cases,
benthic communities can show different EcoQS pattern,
than the physico-chemical water status. This difference is
because most of the factors affecting benthic health can
impact through the sediment quality (i.e. metals, organic
compounds, etc.); hence, it is necessary to integrate this
element into the benthic assessment (Engle et al., 1994;
Weisberg et al., 1997; Dauer et al., 2000; Borja et al.,
2004e; Borja and Heinrich, 2005). Moreover, the pressures
impacting over benthic communities can be not only pro-
duced by chemical discharges, but also by biological
impacts (i.e. fisheries), morphological alterations (i.e.
dredging), etc. (Borja et al., 2006a), even in the presence
of ‘High physico-chemical EcoQs’.

Finally, FA and DA methodology requires a sufficient
amount of data for EcoQS assessment; this can reduce its
applicability within those countries where long-time data
series are not available. However, taking into account that,
by 2006, all the MS will have their own monitoring net-
works, they should have enough sampling stations to apply
this methodology, in the future. Moreover, this methodol-
ogy could be applied to the new European Marine Strategy
Directive (Borja, 2006), which has the same approach than
the WFD, in assessing the ecological status of continental
shelf and oceanic water bodies.

5. Conclusions

This contribution uses different metrics (species abun-
dance, Shannon Wiener diversity and AMBI), which fulfil
the WFD requirements, in assessing EcoQS; multivariate
analyses (such as FA and DA) being an objective tool
(named here M-AMBI) in such an assessment. Although
the results obtained lie close to those obtained by expert
judgement, this approach should be intercalibrated with
other proposed methodologies, within the European mem-
ber states, in order to obtain an accurate application.

The classification of water bodies, typologies and the
definition of reference conditions are key elements for a
successful assessment of the EcoQS. Once these elements
have been well established, an appropriate set of metrics
is essential for the success of the assessment. This contribu-
tion demonstrates the usefulness of both the classification
of water bodies into smaller water bodies based upon saline
stretches, together with the selection of species richness, the
Shannon Wiener diversity index and the AMBI, in deter-
mining the benthic status, according to the WFD (and,
probably, for the European Marine Strategy).

The EcoQS have improved during recent years along the
Basque coast and estuaries, due to the development of
many sewerage schemes. In general, the coastal area has
achieved a ‘Good EcoQS’, whereas some estuaries proba-
bly would not achieve the ‘Good EcoQS’ status for 2015,
as required in the WFD.
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Muxika, I., Borja, Á., Bonne, W., 2005. The suitability of the marine
biotic index (AMBI) to new impact sources along European coasts.
Ecological Indicators 5, 19–31.

Niell, X., Guevara, J.M., Clavero, V., 1988. Informe sobre el valor
ecológico y evaluación de impactos en el delta del Guadalhorce.
Unpublished Report, Excmo. Ayuntamiento de Málaga, 50 pp.

Nielsen, K., Somod, B., Ellegaard, C., Krause-Jensen, D., 2003. Assessing
reference conditions according to the European Water Framework
Directive using modelling and analysis of historical data: an example
from Randers Fjord, Denmark. Ambio 32 (4), 287–294.

Occhipinti-Ambrogi, A., Forni, G., 2004. Biotic indices. Biologia Marina
Mediterranea 11 (Suppl. 1), 545–572.

Orfanidis, S., Panayotidis, P., Stamatis, N., 2001. Ecological evaluation of
transitional and coastal waters: a marine benthic macrophytes-based
model. Mediterranean Marine Science 2 (2), 45–65.

Orfanidis, S., Panayotidis, P., Stamatis, N., 2003. An insight to the
ecological evaluation index (EEI). Ecological Indicators 3 (1), 27–33.

Panayotidis, P., Montesanto, B., Orfanidis, S., 2004. Use of low-budget
monitoring of macroalgae to implement the European Water Frame-
work Directive. Journal of Applied Phycology 16 (1), 49–59.

Paul, J.F., Scott, K.J., Campbell, D.E., Gentile, J.H., Strobel, C.S.,
Valente, R.M., Weisberg, S.B., Holland, A.F., Ranasinghe, J.A., 2001.
Developing and applying a benthic index of estuarine condition for the
Virginian biogeographic province. Ecological Indicators 1, 83–99.

Pearson, T.H., Rosenberg, R., 1978. Macrobenthic succession in relation
to organic enrichment and pollution of the marine environment. In:
Barnes, H. (Ed.), Oceanography and Marine Biology. Annual Review.
Aberdeen University Press, Aberdeen, pp. 229–311.
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1. Introduction

The European Water Framework Directive (WFD) implies the

definition of water typologies and the choice ofmethodologies

to evaluate their ecological status. After this first step, the

reference conditions for each type need to be determined and

further applied to each of the water bodies (WFD, 2000;

Vincent et al., 2003; Bettencourt et al., 2004). For transitional

waters this procedure cannot be effectively implemented just

by followingWFD’s guidelines (Vincent et al., 2003). According

to this Directive, reference conditions should remain type-

specific. But in transitional waters, due to strong salinity

gradients, a single water body can show different physical–

chemical conditions through its extension (Bald et al., 2005).

Hence, estuaries are critical examples where conditions at the

mouth, areas with higher marine influence, are different from

those at the inner parts, essentially polyhaline and mesoha-

line sections, and both of these from the ones at the head,

under oligohaline conditions and fresh tide influence

(McLusky, 1971; Elliot and McLusky, 2002). So, if only a single

set of reference values was to be defined for each type, in

transitional waters, such as estuaries, one would most
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In transitional waters the process of defining reference conditions (in the scope of theWFD)

must account for the natural great variability of such environments. Therefore, stretches

reflecting different physical–chemical and biological conditions throughout the system

should be defined in order to correctly establish benthic specific reference conditions. Both

salinity and sediment structure are major factors controlling physical–chemical conditions

and therefore organisms’ distribution within an estuary. These environmental variables

(salinity, sediment grain size composition and organic matter content) patterns were

studied in the Mondego estuary and some clear gradients emerged. Also, ecological indices

(AMBI, Margalef and Shannon-Wiener) were applied to subtidal benthic communities of the

Mondego estuary and, generally, therewas not only evidence of a decrease in diversity in the

estuary from the downstream section towards its inner parts, but also differences were

found between areas of distinct sediment composition. After comparing environmental

patterns with biodiversity trends, the information was used to define homogeneous sectors

along a temperate estuary in Portugal. In the Mondego estuary six zones, covering the main

physical gradients affecting benthic communities, were defined: four in the northern arm

and two in southern arm. Zones established will allow future determination of benthic

reference conditions adjusted for each of the sectors, according to their characteristics, and

consequently the conditions they provide for benthic assemblages settlement.
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probably use conditions at the mouth and lower reaches. This

choice would condemn naturally impoverished inner reaches

of estuarine systems to very low ecological classifications. On

the contrary, it could lead to estuarine downstream parts to be

classified always as in an excellent ecological condition,

regardless possible existence of impacts, if reference values

for that type had been based upon upstream biological

communities.

Since transitional waters are more complex than other

categories of surface waters, they must be dealt with in a

special manner when implementing the scheme of quality

assessment of the WFD. Therefore, prior to the use of

environmental quality assessment tools, the existence of

different sections within a system should be evaluated. If

individual partitions of a single water body have particular

characteristics that reflect onto biological communities, then

specific reference conditions should be considered for each

stretch of an estuary (Bald et al., 2005; Muxika et al., 2007).

This issue was recently addressed in other works, which

have proposed a division of systems in water bodies according

to their specificities (Prior et al., 2004; Bald et al., 2005; Ferreira

et al., 2006). Morphological characteristics; physical–chemical

features, such as salinity; humanpressures and other impacts,

were some of the criteria used to define homogeneous water

bodies within some systems (Borja, 2005; Borja et al., 2006;

Ferreira et al., 2006).

In some systems of the Iberian Peninsula (Basque Country,

Spain), in order to reflect water bodies’ specific hydrographical

properties, estuaries were split into different water stretches,

using salinity gradient as a characterization factor and

following the Venice Symposium system for classes definition

(Table 1) (Anon., 1959; Bald et al., 2005; Muxika et al., 2007). In a

similar way, Ferreira et al. (2006) developed a stepwise

methodology which was applied to some Portuguese water

bodies. In this methodology water bodies’ delimitation was

dependent on physical–chemical aspects such as morphology

and salinity, and also on pressure and state indicators, such as

nutrient loading, dissolved oxygen and chlorophyll a levels.

It is widely accepted that, one of the main factors

influencing species distribution in estuaries is salinity (Bulger

et al., 1993; McLusky and Elliot, 2004). The Venice Symposium

salinity system has been widely applied and accepted but,

from the biological point of view, its compliance with species

distribution does not always gather consensus (Bulger et al.,

1993; Attrill and Rundle, 2002; Chainho et al., 2006).

Apart from salinity, other features such as sediments

particles size, organic matter content, dissolved oxygen,

depth, hydrodynamic conditions and vegetation cover, may

also determine species’ distribution in estuaries (Marques

et al., 1993; Schlacher and Wooldridge, 1996; Ysebaert et al.,

2003; Houte-Howes et al., 2004). Therefore, in some systems,

assigning benthic reference conditions to stretches based

solely on this parametermight result difficult. In the Mondego

estuary (Portugal) distinct benthic communities occur in zones

which have similar salinity but are different whether to

habitat (e.g. sediment grain size or presence of vegetation

cover) or to hydrological regime (Marques et al., 1993; Dolbeth

et al., 2003; Rodrigues, 2004).

The descriptive definitions within European Nature Iden-

tification System (EUNIS) have been used to suggest qualita-

tive reference conditions for the coastal and transitional

waters of United Kingdom (UK) and Republic of Ireland (RoI)

(Prior et al., 2004). As several habitats can be present within a

given water body type, qualitative reference conditions are

described for the suggested predominant habitats and

associated communities within it (Prior et al., 2004; Muxika

et al., 2007). Nevertheless, to establish quantitative reference

conditions for transitional waters, UK and RoI also considered

the salinity regime since habitats in lower salinity areas

naturally support less diverse faunal assemblages compared

to higher salinity areas. Borja et al. (2004) and Muxika et al.

(2007) used a mixture of historical data, expert judgment and

modelling in assessing benthic reference conditions in north-

ern Spain.

Despite the numerous definitions of estuary found in the

literature (see review by Elliot and McLusky, 2002), it is

consensual that the spatial salinity gradient and its temporal

variability is an intrinsic characteristic to such systems.

Hence, whether or not the Venice classification applies, from

the WFD perspective, those natural fluctuations cannot

prevent systems from management, while they must be

accounted for when developing assessment tools. And since

the biological quality elements are the most important ones

when defining the Ecological Quality Status (EQS) of a water

body (WFD, 2000), these procedures must not be concluded

without regarding their compliance with biological commu-

nities.

This paper explores extensive data on salinity, sediment

grain size and organic matter content and on benthic commu-

nities from the Mondego estuary. These features where

regarded as major factors driving subtidal benthic commu-

nities’ distribution within this estuary (Marques et al., 1993;

Rodrigues, 2004), and therefore selected for this study. The

objective of this paper is to distinguish zoneswithin theestuary

froma benthic perspective, in order to correctly define sections

where distinct benthic reference conditions should prevail.

Table 1 – Salinity classes from the Venice Symposium classification system (Anon., 1959), adapted by Bald et al. (2005)

Salinity ranges Venice classification System’s classes Mondego estuary’s stations

<0.5 Freshwater –

0.5–5 Oligohaline 20, 21, 22, 23, 24, 25

5–18 Mesohaline 17, 18, 19

18–30 Polyhaline 6, 7, 8, 9, 11, 12, 13, 14, 15, 16

30–34 Euhaline estuarinea 1, 2, 10, 3, 4, 5

>34 Euhaline seaa –

a For Atlantic coasts. Classification of the 25 sampling stations of the Mondego estuary, according to Venice Symposium system.

e c o l o g i c a l i n d i c a t o r s 8 ( 2 0 0 8 ) 4 0 4 – 4 1 6 405



2. Materials and methods

2.1. Study area

Within the WFD implementation procedure, the Mondego

estuary (Fig. 1) was assigned to Portuguese Transitional

Waters of the Type A2. This type includes mesotidal (tidal

range 1–3 m) polyhaline estuaries of well-mixed waters and

under irregular river discharges (Bettencourt et al., 2004). The

Mondego estuary is located on the Atlantic coast of Portugal

(408080N, 88500W) and is influenced by a warm-temperate

climate.

TheMondego River, which drains a 6670 km2 basin, ends in

front of the city of Figueira da Foz. Its estuary is approximately

8.6 km2 and its upstream limit, defined as a function of the

tidal influence, was settled 21 km upstream from the mouth.

This estuary has a mean water flow of 79 m3 s�1, which in

rainy years can reach above 140 m3 s�1, dropping to 27 m3 s�1

in dry years. The tidal range resembles that of other

Portuguese estuaries, varying between 0.35 and 3 m. The last

7 km, near themouth, consist of two arms separated by a river

island, the Murraceira, formed by the deposition of detrital

materials transported by the river. The northern arm is deeper

(4–10 m during high tide), and constitutes themain navigation

channel and the location of the Figueira da Foz harbour. The

southern arm is shallower (2–4 m during high tide) and up to

very recently (May, 2006) almost silted up in the upper zones;

hence, freshwater outflow moves mainly via the northern

arm. Hydraulic circulation in the southern arm has been

mostly dependent on tides and on the freshwater input from

the Pranto River, a small tributary. Discharges from the Pranto

are controlled by a sluice and regulated in accordance to the

water needs of rice fields placed on the LowerMondegoValley.

Due to agricultural lands’ drainage, apart from being N-

enriched (NO3-N, NO2-N and NH4-N), the Pranto water

discharge contains several pollutants, including suspended

solids and pesticides (Marques et al., 1999; Martins et al., 2001;

Lillebø et al., 2005).

In the 1980s, Zostera noltii beds extended along the down-

stream half part of the southern arm (with an estimated

surface of 15 ha). By the mid-1990s, Z. noltii had become

restricted to a small patch (0.02 ha) located downstream,

having been replaced elsewhere by fast-growing green

macroalgal blooms (Marques et al., 2003; Cardoso et al.,

2004). Such shift in the benthic primary producers had effects

on the structure and functioning of the biological commu-

nities, including the species composition, inducing the

emergence of a new selected trophic structure (Marques

et al., 1997, 2003; Patrı́cio and Marques, 2006). More recently

(from 2000 onwards), these meadows have shown a recovery

and latest data point to an area increase up to 4.2 ha (in 2005),

within the downstream zone of southern arm.

2.2. Data series

2.2.1. Biological data
In spring 2002, the subtidal soft-bottom communities were

sampled along 14 sampling sites, covering the last 8 km of the

estuary, located approximately 1 km apart from each other,

along both arms of the Mondego River. From 2003 onwards 11

new sampling sites were added covering the upper parts of

this system (Fig. 1). These 25 stationswere seasonally sampled

in the winter, spring, summer and autumn until spring 2005

(except summer 2004).

Samples with five replicates were taken using a Van Veen

grab LMG model with an area of 0.078 m2 (except 2002, grab

area of 0.0496 m2). Samples were sieved in situ through a 1 mm

mesh sieve bag and preserved with 4% buffered formalin

solution. Specimens collected were later counted and identi-

fied at species level, whenever possible.

2.2.2. Physical–chemical data
In situ salinity values, at surface and bottom,were registered at

high tide conditions. Monthly measurements took place at 25

stations in the years 2003, 2004 and until May of 2005 (except

the period from August to December 2004). In 2002, only

bottom waters salinity was measured, and just in the first 14

stations, in spring.

Although complete tidal cycle salinity measurements

would be the ideal data set to treat for this purpose, there

was no such data available for this estuary.

Sediment sampleswere also taken seasonally at each of the

25 stations, using a Van Veen grab LMG model, according to

the procedures described above. As for salinity data in 2002,

only spring samples were taken and at the first 14 stations.

Sediment organic matter content was quantified by weight

Fig. 1 – Location of sampling stations 1–25 in the Mondego estuary.
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difference between sediment after oven drying at 60 8C for

72 h and after combustion at 450 8C for 8 h, and expressed as

a percentage of total sample weight. Grain size analysis was

carried out by mechanical separation through a column of

sieves with different mesh sizes. Sediments were classified

as coarse sand (�0.5 mm), fine + medium sand (>0.063 and

<0.5 mm), silt (>0.038 and<0.063 mm) and clay (�0.038 mm),

adapted scale from Brown and McLachland (1990). Grain

composition was expressed in percentage of total sample

weight.

2.2.3. Data analysis
Salinity data of all seasons were used, thus all seasonal

variability could be embraced. These data were used to

calculate salinity features of sampling stations such as mean,

median, maxima, minima, 25 and 75% quartiles (Q25 and Q75)

and standard deviation, which were then used in a cluster

analysis (CA) to compare similarity among the 25 sampling

stations. The cluster analysis was applied in order to group

sites with similar salinity features that consequently will

characterise water bodies with similar physical–chemical

properties (Bald et al., 2005). The CA was performed with

PRIMER 5.2.6# software (Software package from Plymouth

Marine Laboratory, UK), similarity distance between groups

was calculated by normalised Euclidean distance, using Group

Average as clustering method.

These data (mean, median, maxima, minima, Q25 and Q75

and standard deviation) were also used to performnon-metric

multidimensional scaling (n-MDS) to verify how stations were

distributed relatively to each other (normalised Euclidean

distance was used as similarity measure for similarity matrix

calculation, without any transformation or standardization).

These salinity descriptors were chosen because it produces a

more clear output than if salinity values registered through

time are used. Moreover, by using these descriptors more

importance is given to stations showing typical conditions

than to isolated or extreme values that might have occurred

during the study period. Afterwards, sampling sites were

labelled according to salinity classes and an analysis of

similarity (ANOSIM) was applied to see whether the proposed

groups were significantly dissimilar. PRIMER 5.2.6# software

(Software package from PlymouthMarine Laboratory, UK) was

used for n-MDS and ANOSIM.

After estuarine characterization according to salinity

features, the other environmental variables (sediment grain

size and OM content) were added to stations’ description. The

previous procedure was followed for these environmental

variables (sediment grain size and organic matter content,

OM). Sediment parameters were treated as four separated

variables (% of coarse sand, % of fine + medium sand, % of silt

and % of clay). A n-MDS was performed with the descriptors

(mean, median, maxima, minima, Q25, Q75 and standard

deviation) of each of the four sediment parameters and the %

of OM.

A principal components analysis (PCA) was applied to the

most determinant environmental variables (salinity, grain

size, OM content) in benthic communities’ distribution

according to literature for this estuary. In this analysis, full

samples datawas used, not descriptors of the parameters as in

previous statistical analysis above mentioned. To avoid PCA

ordination to vary with variables’ scale changes, a correlation-

based PCA was performed, i.e. normalise all axes, so that they

have comparable, dimensionless scales. Therefore, and

although grain size categories and organic mater content

were expressed in percentage, no data transformation was

done before running PCA (Clarke andWarwick, 2001). The PCA

was performed with PRIMER 5.2.6# software (Software

package from Plymouth Marine Laboratory, UK), data normal-

ised before calculation.

Some ecological indicators, at use in Portuguese WFD

benthic assessment tools, were calculated for biological data:

Margalef index (d) (Margalef, 1968), Shannon-Wiener index (H0)
(Shannon andWeaver, 1963) and the AZTI marine biotic index

(AMBI) (Borja et al., 2000). The AMBI was calculated by using

the software available at http://www.azti.es and the species-

list of July 2006, following the guidelines of Borja and Muxika

(2005).

An attemptwasmade to search for correlation of ecological

indices results with the summary provided by each of the first

three axes of the PCA of environmental variables. A regression

analysis (using Statgraphics Plus 5.0) was used to see whether

these could explain some of the variability found in the

indices. An ANOVA was previously applied to test for the

significance of the relationship between each of the indices

and three principal components information (scores). Then a

linear model approach was used to describe the relationships

found.

A BIOENV analysis was applied to link environmental

variables selected to biotic data (performed with PRIMER

5.2.6# software, software package from Plymouth Marine

Laboratory, UK). For the biotic data, the same similaritymatrix

used for the n-MDS procedure was used. For abiotic para-

meters, normalised Euclidean distance was used as similarity

measure for similarity matrix calculation, without any

transformation or standardization. The Spearman rank

correlation (r)methodwas chosen, and themaximumnumber

of trials was 6, to allow all parameters to be tested together.

The best overall combinations were selected.

Density data of benthic communities (after square root

transformation and Bray-Curtis similarity calculation) were

used to perform a n-MDS ordination of biotic assemblages

during the studied period along the estuary. An ANOSIM was

applied in order to see whether the communities in each

sector of the estuary were significantly dissimilar. The n-MDS

and ANOSIM analysis were performed using PRIMER 5.2.6#

software.

3. Results

As it happens for most of the temperate estuaries, the surface

and bottom water’s salinity patterns were different (Fig. 2).

Since benthos is more influenced by bottom salinity values,

these were adopted in this study.

Some stations could be clearly assigned to a salinity range,

while others presented a high variability that made it difficult

to assign them to a specific class (Fig. 2b). Stations like those in

the inner part of the southern arm (7–9) or some stations in the

upper part of the estuary (16–19) registered salinity values

across several classes of the Venice Symposium classification.
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Such large ranges indicate that these stations sometimes

presented conditions that do not fit the characteristics

described for a single salinity class. The cluster of sites based

on bottom salinity values indicated five distinct groups: the

group of stations at the head of the estuary (21–25), the sites

near the mouth of the estuary (1, 2, 10, 3, 4 and 5); sites in the

northern and southern arms of theMondego (11–15 and 6–9); a

fourth group of stations located upstream in the northern arm

(16 and 17) and another group comprising stations in the inner

parts (18–20). An approximate correspondence of the groups

formedwith the Venice salinity classes is proposed in Table 1.

Stations 16 and 17, showed a wide range of salinity

variation, resulting more difficult to be assigned to a class.

Thus, since station 16 presented typical average polyhaline

conditions, while station 17 presented lower mean salinity

values, just in the transition between polyhaline andmesoha-

line classes, they were split and classified as polyhaline and

mesohaline, respectively. Also, station 20, despite being

grouped close to stations 18 and 19, presented typical

oligohaline salinity values, and was therefore included in this

class (Table 1).

During the study period, euhaline (E) stations presented a

mean bottom salinity of 33.8; polyhaline (P) stations of 27;

mesohaline (M) stations of 14 and oligohaline (O) stations of 1.7

(see Table 1 for stations in each category).

The n-MDS plot clearly reflects the spatial distribution of

the sampling stations along the estuarine gradient

(stress = 0.01) (Fig. 3). In fact, the ordination plot of sampling

stations based on bottom salinity data, after cluster analysis

classification, almost overlaps their real spatial distribution

along the estuary from the mouth towards upstream areas

(see Fig. 1).

ANOSIM analysis of bottom salinity features indicated a

clear separation of the groups defined according to Venice

Symposium salinity classes (R = 0.957; p = 0.001). Regarding

pairwise differences, all zones were significantly different

( p < 0.05) and all presented a high R-value, indicating a good

segregation of groups (E/P: R = 0.989; p = 0.001; E/M: R = 1;

p = 0.012; E/O: R = 1; p = 0.002; P/M: R = 0.829; p = 0.003; P/O:

R = 0.998; p = 0.001; M/O: R = 0.870; p = 0.012).

Regarding sediment parameters, evidence of a downstream

to upstream stations gradient was also found (Fig. 4) (n-MDS

stress = 0.07), yet less evident than the one presented by

salinity. Four groups can be identified in this n-MDS plot.

Station 1, in the estuary’s mouth, setting the limits to marine

environment, appears isolated in the n-MDS plot. Also, south-

ernarminnerstations (6–9)are locatedquiteapart fromtherest,

indicating distinct sediment composition. Then northern arm

stations (2, 10–15) and southern arm stations locatednearer the

mouth and with higher marine influence (3–5) are also

Fig. 2 – Variation of surface (a) and bottom (b) salinity values at each of the sampling stations from 2003 to 2005 (mean: cross;

median: horizontal line; Q25 and Q75: box; maximum andminimum: whiskers extending from box; and when present also

signed outliers: squares; and far outliers: crossed squares). Venice Symposium salinity classes on grey scale as shown in

Table 1 (from light to dark grey: 0.5–5, 5–18, 18–30, 30–34, 34–40).
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aggregated in the n-MDS representation, indicating similar

sediment composition.Near this last group, ina continuum,are

stationsbeyond15, grouped together andapart fromboth those

at the mouth (1) and inner south arm (6–9).

Taking information fromprevious environmental variables

into a PC analysis, some patterns regarding these features

could be observed among the 25 sampling stations. Fig. 5a

displays the first two axes (PC1 and PC2) of the PCA ordination

on the six environmental variables selected for this estuarine

characterization (salinity; % OM, % of coarse sand, %

fine + medium sand, % silt and % of clay in the sediments).

The first component accounts for 54.1% of the variability in the

data set and the first two components account for 82.2%, so the

2-D plot provides a good summary of the sample relationships.

In the PCA plot (Fig. 5a) two distinct groups of stations can be

identified, which represent two gradients, both from the

mouth and into the inner parts (stations) of each of the

estuarine arms: north and south. In Fig. 5b–g some patterns

were observed, when superimposed the value of the studied

parameters as a bubble plot on the PCA points (stations).

PC1 represents an axis of increasing grain size since, except

for coarse sand percentage (r = 0.493) (Fig. 5c), all coefficients

related to sediment grain size are negative (% fine + medium

sand: r = �0.421; % silt: r = �0.438 and % clay: r = �0.363)

(Fig. 5e, b and d). Also, % of organic matter in the sediment

(r = �0.420) and salinity (r = �0.281) showed an opposite trend

(Fig. 5f and g).

In the second axis both salinity (r = �0.499) and % of

fine + medium sand (r = �0.449) have negative coefficients

indicating a decrease of both parameters from stations near

the mouth to inner estuarine stations. Roughly equally

weighted, but showing an opposite trend, are finer particles

(% silt: r = 0.388 and % clay: r = 0.424), increasing along PC2

and towards inner stations of the south arm (Fig. 5b and d).

As for the % OM in the sediment (r = 0.362) and % coarse

sand (r = 0.298), although weaker, they share the trend of

parameters previously analyzed to increase along this

second axis.

Still, almost 20% of the variability in our samples remains

unexplained and is only understood when information from

PC3 (8.1%) and PC4 6.8%) is regarded. PC3 is dominated mostly

by salinity (r = �0.797) and PC4 by % of clay (r = �0.727).

The regression results between the summary (PCA scores)

provided by each of the first three axes of the PCA of

environmental variables and the ecological indices applied

to biotic data revealed trends that can be observed in Fig. 6.

Regression analysis of the three indices with PC1 points to a

decrease in terms of ecological quality with increasing grain

size of the sediment, towards upstream areas of the estuary.

AMBI has a positive slope (b = 0.16) due to its logarithmic,

where an increase reflects a worse condition. On the contrary,

an increase in H0 and d values points to higher diversity levels.

All three relationships are significant ( p � 0.01) but only

Shannon-Wiener presented moderately strong correlation

with this axis (AMBI: r = 0.34; H0: r = �0.56; d: r = �0.45). This

first axis explains approximately 11, 32 and 23% of the

variability (R2) found in the AMBI, H0 and d indices, respec-

tively. Regarding the second axis, driven by a decrease in

salinity and % of fine + medium sand and an increase in finer

particles in the sediment (% silt and clay), the same trend was

observed as in PC1. All three indices show a decreasing

ecological quality (AMBI: b = 0.36; H0: b = �0.17; d: r = �0.21)

towards inner stations of both arms of the estuary, and an

increase as we get closer to the marine limits of the system.

Yet, only AMBI presents a moderately strong relationship to

PC2 axis (r = 0.53) with 28% of its variability explained. Both H0

and d indices are only weakly, though significantly (p � 0.01),

related (H0: r = �0.25; d: r = �0.34) to the second PC. Above it

was mentioned that the third component broadly represents

an axis of decreasing salinity. Regressions show that AMBI has

a positive slope while the other two indices have a negative

slope. For all indices this means that ecological quality/

diversity tends to decreasewith salinity, along this axis. Only a

small% of the variability in these indices could be explained by

PC3 (see Fig. 6 for R2 values). These relationships found are

relatively weak (AMBI: r = 0.19; H0: r = �0.21; d: r = �0.27)

though significant (p � 0.01).

From the combination of the previous environmental

parameters matrix with benthic communities density matrix,

Fig. 3 – n-MDS ordination based on the following variables

obtained from bottom salinity data: mean, median,

maxima, minima, Q25, Q75 and standard deviation

(stress: 0.01). Stations are labelled as a function of salinity

characteristics in accordance with the Venice

classification classes: E, euhaline; P, polyhaline; M,

mesohaline; O, oligohaline.

Fig. 4 – n-MDS ordination based on the following variables

obtained from sediment grain size and organic matter

content data: mean, median, maxima, minima, Q25, Q75

and standard deviation (stress: 0.07). Stations are grouped

as a function of their location in the estuary.
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through BIOENV procedure, it was found that the best

match between the two matrices is achieved with the

combination of two variables, explaining 48% of the

variability (r = 0.483) within macrobenthos. The variables

that best group the stations in a manner consistent with

faunal patterns are salinity and % of fine + medium sand in

the sediment.

Since these environmental factors reasonably captured

biotic communities’ patterns, a division of the 25 stations in

sectors based on salinity and sediment features is proposed

in Fig. 7. North and South arms where regarded as distinct

subsystems. In each of them, accounting for salinity, grain

size and organic matter content of the sediment, zones were

established, which reflect gradually different physical

Fig. 5 – (a) Two-dimensional PCA ordination of the six environmental variables (salinity, % coarse sand, % fine + medium

sand; % silt and % clay in the sediment, and % of organic matter in the sediment) for the stations (1–25) along the estuary

(%variance explained = 82.2%). (b–g) The same PCA ordination but with superimposed circles of increasing size with

increasing value of each of the six variables mentioned.
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environments for benthic communities to settle. In the

northern arm four sectors were defined: sector I (I-N) with

typically euhaline estuarine salinities and sediment mostly

composed by fine and medium sand particles; polyhaline

sector II (II-N) with sediments composed by fine andmedium

sand particles but with an increment of the percentage of

coarse sand towards inner stations; sector III (III-N) mesoha-

line with coarse sand dominating sediment composition;

and sector IV (IV-N), where sediments are mostly composed

by coarse sand. This is a transition area with oligohaline

salinities registers and a considerable influence of fresh-

waters, most upstream stations sometimes register salinity

values of 0 and are affected mostly by tidal regime. In the

southern arm two sectors where defined: sector I (I-S) with

higher marine influence, registering euhaline salinities and

with a mixture of fine + medium sand and coarse sand

particles in the sediment; and sector II (II-S) with polyhaline

salinity and with fine + medium sand particles in the

sediment along with an increase of silt and clay contribution

towards inner stations. This last sector is the only sector

whose organic matter content in the sediments is signifi-

cant.

A n-MDS ordination was performed with benthic commu-

nities densities’, during the whole 2002–2005 period. As

expected, it reflected a spatial gradient from the estuary’s

mouth towards its inner parts, with communities from

stations 1 to 25 distributed in a continuum (stress = 0.15).

When stations were grouped in sectors (I-N to IV-N and I-S to

Fig. 6 – Linear regression of the ecological indices AMBI, Margalef (d) and Shannon-Wiener (H0) at the 25 sampling stations,

against the first three PC axes scores from the environmental PCA of Fig. 5. R-squared values are indicated for each

regression analysis (R2).

Fig. 7 – Sectors defined in Mondego estuary’s North (I–IV) and South (I–II) arms, based upon variation of the six

environmental variables along the 25 sampling stations. Decreasing salinity from station 1 to 25 (dark to light circles

coloration). Sediment related parameters trends in each arm indicated (grain size and % organic matter, OM).
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II-S), the bidimensional representation obtained was that of

Fig. 8. An ANOSIM analysis, of subtidal benthic communities

densities, showed that these six groups were significantly

different (R = 0.557; p = 0.001). Pairwise comparisons among

those groups indicated that despite significance of their

segregation, not all of them were strongly dissimilar from

each other (see R-values). While some groups were signifi-

cantly (p = 0.001) more strongly dissimilar (I-N/II-N: R = 0.338;

I-N/III-N: R = 0.782; I-N/IV-N: R = 0.918; I-S/II-S: R = 0.618; I-S/

III-N: R = 0.607; I-S/IV-N: R = 0.942; II-S/III-N: R = 0.726; II-S/IV-

N: R = 0.958; II-N/IV-N: R = 0.693), communities from some of

the adjacent sectors, though significantly different, did not

show the same degree of segregation (lower R-values) (I-N/I-S:

R = 0.278; p = 0.001; II-S/II-N: R = 0.225; p = 0.001; II-N/III-N:

R = 0.235; p = 0.001; III-N/IV-N: R = 0.248). In Fig. 8 it is clear

that these communities from adjacent areas follow a gradient

and partially overlap. Also, this pairwise analysis of similarity

showed no significant differences between benthic commu-

nities of sectors I-S and II-N (p = 0.294). In Fig. 8 is observed

that northern arm II-N community overlaps the range of

communities that extend through out thewhole southern arm

(both I-S and II-S sectors).

SinceWFD’s reference conditions conceptmust account for

all range of natural variability, for the purpose of this paper all

seasons were treated together. Yet, regarding benthic commu-

nities’ data, group segregations by seasonwere in generalmore

evident. ANOSIM results for the six estuary zones by season

were: winter R = 0.613, p = 0.001; spring R = 0.626, p = 0.01;

summer R = 0.642, p = 0.01 and autumn R = 0.471, p = 0.01.

4. Discussion

Splitting a biological continuum is a difficult task, but to deal

with quality assessment and management issues (e.g. in the

scope of recent and new coming Directives, such as WFD or

European Marine Strategy) defining homogeneous units is

essential. These units, referred as water bodies within WFD,

must be studied at thewhole ecosystem level: water, sediment

and biological elements from phytoplankton to fishes (not

only benthos).

The WFD methodology for biological elements quality

assessment states that one must report to reference condi-

tions. Thus, reference values for the parameters to be assessed

must be established. An approach to this issue in transitional

waters (TW) must account for the strong gradients and

constraints that individuals face within estuarine limits and

so, in this water category (TW), reference conditions should

not be equal through out a system but should accompany

natural trends. As alreadymentioned, this paper objectivewas

to understand and define those trends and propose what

might be homogeneous zones for benthos in this estuary (see

Borja, 2005, for issues relating to research needs within the

WFD).

The environmental variables chosen explained satisfacto-

rily the trends within the estuary and also associated biotic

assemblage’s patterns. Other variables of sum importance for

benthos, such as dissolved oxygen, pollutants, nutrients; were

not treated though. During the studied period, there were no

registers of limiting dissolved oxygen values for the benthic

compartment. Also, nutrient and chemical pollutants levels

were not considered, because our objective was to account for

natural features responsible for benthic distribution and to

what extent they were responsible for it. Since, for the

definition of reference conditions, natural variability range is

what matters, the six parameters treated were selected from

the whole data available.

In this way, one of the most important features affecting

both physical–chemical variables and biology within an

estuary is salinity. Diversity trends in estuaries have long

been associated to this factor and several hypotheses

suggested.

As a consequence of physiological limits, the benthic

macroinvertebrates compartment here studied, due to its low

mobility, is directly influenced by salinity (McLusky and Elliot,

2004; Bulger et al., 1993). But, rather than absolute salinity

tolerance, Attrill (2002) found evidence that the major factor

influencing the distribution of organisms in estuaries is

salinity variation (tidal range). Fluctuating salinity conditions

add in fact a level of stress that prevents organisms

maximizing their potential distribution. So that species

minimum (artenminimum) was registered at points of

maximum salinity range. Also, in systems with high seasonal

variability in river flow rate and therefore salinity, the upper-

middle estuarine fauna may switch each year between

oligohaline and mesohaline, resulting in communities that

seldom progress beyond early benthic community succession

(Santos et al., 1996; Ysebaert et al., 2005).

So, both tidal and seasonal salinity ranges should be

accounted for when distribution patterns of benthic commu-

nity are evaluated. For this paper only seasonal salinity

fluctuations could be studied, yet future research on tidal

changes in all extension of the Mondego estuary should be

considered.

Salinity trends in theMondego estuary follow those ofmost

temperate estuaries with significant freshwater contribute

during winter. Strong salinity fluctuations between seasons

are observed, with significant salinity decreases occurring in

rainy periods, which affectmostly themiddle-upper estuarine

areas (inner southern arm: stations 7–9; and middle-upper

northern arm: stations 16–19).

Differences found regarding salinity patterns in the

Mondego estuary’s north and south arms can be explained

Fig. 8 – n-MDS ordination plot based on benthos densities

(individuals mS2) observed in the 25 sampling stations in

the period of 2002 to 2005 (stress: 0.15). Stations are

labelled according to sectors defined in Fig. 7.
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namely by the interventions that occurred in this system

through the last two decades, altering its hydromorphology.

The south arm’s hydrological regime is mostly dependent on

tidal influence and on small tributary irregular inputs, whose

discharges are controlled upon water needs on upstream rice

fields and flood related measures. Most of the time it behaves

as a coastal lagoon, with a higher residence time than the

north arm, andwhenever a freshwater discharge occurs, since

it is much shallower (4–5 m maximum) than northern one

(through the Pranto sluice, Fig. 1) its inner polyhaline stations’

(7–9) bottom salinity drops. Northern arm’s depth was

increased (until 10 m in downstream areas) and therefore

bottom salinity in its downstream zone is less affected by

freshwater inputs on the system, even in rainy seasons. This

explains the n-MDS ordination (Fig. 3), which separates

stations 6–9, located in the south arm, from the north arm

polyhaline stations (11–16). Thenorth armmiddle stations (17–

19) are not as deep and freshwater influence increases, so that

salinity ranges are higher. Finally, upper estuarine stations

range from typically oligohaline to freshwater, in the rainiest

seasons, when tidal influence is just perceived on water level

variation.

Alongwith salinity, sediment type is recognized as another

very important factor influencing macrobenthic species

composition and abundance patterns within salinity zones

(Holland et al., 1987). Like salinity, sediment structure also

presented a gradient along the estuary, and differences aswell

were observed between both arms at the lower estuary. Two

general patterns can be described for this estuary: one of

increasing grain size from the mouth along the northern arm

and towards its upstream stations (sediments clearly domi-

nated by coarse sand); and another, inverse, of decreasing

grain size from the mouth to southern arm most inner

stations. Yet, at the first stations of both arms (2–14 in I-N and

II-N compared with 3–5 in I-S and II-S), closer to the mouth,

due to marine influence, differences in sediment composition

become less apparent. Sediments are composed by a mixture

of fine to coarse sands. Nevertheless, four sectorswere defined

here (I-S, II-S, I-N and II-N) because different conditions prevail

at each one of them. Current velocities are higher along the

north arm of the estuary, due to both river discharge and fast

tidal penetration, which can explain bottom characteristics.

Additionally, the north arm downstream stations’ (1–11, I-N)

bottom is regularly disturbed by dredging activities, leading to

direct habitat loss and frequent sediment structure alteration.

Therefore, evidence of biological communities less structured

and characterized by epibenthic fauna were found in these

stations (Marques et al., 1993; Rodrigues, 2004). The south arm,

except for sporadic interventions (e.g. construction of a small

fishermen dock in 2004, near station 3), is not under such

continuous pressure and so the sediment structure is more

stable. Moreover, water circulation depends mostly on tides,

which favours finer particles and organic matter deposition

(McLusky and Elliot, 2004), and in fact the south arm stations

present considerable organic matter content in the sediment.

On previous reports (Marques et al., 2004), based on Molvær

et al. (1997) classification of organic matter content in the

sediments, almost all the estuarine area was described as in

very good condition, expect for some inner parts of the south

arm whose organic matter content was considered too high

and led to bad classifications. Nevertheless, the existence of

finer sandy sediments and mud flats in this arm allows for

important infaunal assemblages to settle (Marques et al., 1993;

Rodrigues, 2004).

Studies carried out in the Mondego estuary have always

emphasized its relative peculiarity with regard to the

biological communities (Marques et al., 1993, 2003; Cardoso

et al., 2004; Chainho et al., 2006), pointing namely to clear

differences between both arms.

The diversity indices tested, which will be used for quality

assessmentwithinWFDmonitoring, showed some correlation

with the environmental gradients found within the estuary

(Fig. 6). This shows that benthic communities are changing

along the system. Thus, the abiotic influence on ecological

indices results should be accounted for when defining

reference values, for the parameters to be assessed, on the

different sectors. Reference conditions must reflect a gradual

change, which in estuaries is expected to be a naturally lower

species richness and evenness towards their inner parts

(McLusky and Elliot, 2004). Linear regressions of the indices

and PC axes are in agreement with this general trend. All three

(H0, d and AMBI) revealed less diverse communities with

increase of coarse sand and also with increase of silt and clay

in the sediments. As mentioned in the results, these gradients

were identified from downstream (near the mouth) to inner

areas in each of the two arms, respectively. Tagged along with

these is salinity decrease, most evident in the north arm

subsystem where mesohaline and oligohaline characteristics

are also encountered.

Salinity and % of fine/medium sand in the sediment,

together explain 48% of the variability found within the whole

estuarine subtidal benthic community (from the mouth to the

upstream limit of the estuary). This result is rather acceptable,

taking into account that a 4-year seasonal biotic data set was

used and only six variables were selected for attempting to

describe its general distribution patterns. Salinity and sedi-

ment related parameters are therefore important factors that

must be accounted for when sector specific reference

conditions are defined within WFD procedures.

In this paper, we attempted to account just for natural

patterns responsible for general trends regarding diversity

variation in the Mondego estuary. Nevertheless, not all

differences found among the south arm communities are

due to natural habitat diversity. In fact, a number of studies

have shown that some of the ecological quality differences

observed between downstream and upstream areas in the

south arm are mainly due to anthropogenic related pressures

that harassed it in the last two decades, for instance nutrient

loading (Marques et al., 1997, 2003; Pardal et al., 2000; Martins

et al., 2001; Dolbeth et al., 2003; Cardoso et al., 2004). From1998,

experimental mitigation measures were applied to test

conditions susceptible to reverse eutrophication symptoms

in this subsystem (Neto, 2004). The main action then was the

limited re-establishment of the communication between the

two arms, which led to a reduction on the water residence

time in the south arm, and a diminution in the freshwater

discharge proceeding from the Pranto River sluice, being

instead diverted to a channel discharging into the north arm

through another sluice locatedmore upstream. The north arm

presents in fact a greater water flow and a lower water
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residence time than the southern one, and therefore the

effects of extra nutrient loading are less harmful. Lastly, as a

complementary measure, the existent macrophyte beds were

physically protected against stepping on. These mitigation

measures implemented in the south arm improved transpar-

ency of thewater and decreased nutrient loading. In parallel, it

allowed some recovery of the Z. noltii meadows, which spread

again up to stations 5 and 6 (personal field observation).

Moreover, improvements have been observed with regard to

the benthic communities along the southern arm of the

estuary (Teixeira et al., in press). All this suggests that

amelioration may proceed into inner areas. In case the entire

south arm undergoes a gradual environmental improvement

following the application of extensive mitigation measures

(May, 2006), we must conclude that diversity might have been

constrained not only by salinity/sediment related factors but

also by environmental conditions related to human impacts.

These two aspects contributed to the distinction found

between the south arm communities. On the other hand,

benthic communities along the north arm, from themouth up

to mesohaline areas, appear to follow a continuum (Chainho

et al., 2006), and therefore the strong segregation found

between stations regarding salinity factors, also evident in the

sediment, may not reflect directly on them.

As expected, and similarly to other estuarine systems,

separation of assemblages between salinity zones and sedi-

mentwas not discrete (Holland et al., 1987). These authors also

observed that a continuum of slightly different assemblages

occurred along salinity and sediment gradients. From our

data, despite the weak segregation (low R values), the biotic

assemblages grouped are significant (Fig. 8), which points

towards a change in communities along the north arm

gradient. Remind that data from all seasons were used

together in our analysis, but if a seasonal displacement occurs

within the north arm communities as observed by Chainho

et al. (2006), this might have contributed to a weaker

community distinction between adjacent areas. Our results

showed evidence that treating benthic assemblages by season

a better segregation between stretches is found.

Thus, the six sectors (Fig. 7) that arose from the results are

areas where environmental differences encountered reflected

in biological communities and so each of them might justify

different sets of reference values. Nonetheless, the splitting of

these communities by zones will always be, at some extent,

artificial.

To avoid treating the south arm as two artificial water

bodies, Ferreira et al. (2006) argued that a division between the

estuary’s mouth and southern arm should settle mainly on

human (pressure and state indicators) criteria instead of on

natural ones (morphology and salinity). As showed, according

to Bald et al. (2005) approach, the downstream section of the

southern arm presents euhaline estuarine conditions, with

the average salinities at stations 3 and 4, located in this area,

reaching the value of 32 during our study period. Also,

sediment characteristics do not differ much from those at the

mouth. Diversity in this highly marine influenced section (I-S)

is therefore comparatively stronger than in lower salinity

muddy sediment stations located upstream in the south arm

(during the study period, average salinity in stations 8 and 9

was 22.5). As a result, for management issues and indepen-

dently of the water bodies that will be proposed within this

estuary, in these two areas of the south arm distinct

conditions prevail and, for benthic condition correct assess-

ment, there is a need of splitting this arm in two sections

where different reference conditions should rule.

By dividing the Mondego estuary into six sectors the entire

natural benthic diversity within this system should be

covered. See that the sectors here proposed with regard to

establishing benthic communities’ reference conditions are

not to be regarded as different water bodies as in the WFD.

These sectors are just a tool to guide through benthic

condition assessment, meaning, zones where different and

adjusted reference conditions should be used when applying

European WFD tools (multimetric indices) (Borja et al., 2004;

Muxika et al., 2007).

From themanagement point of view it would be ineffective

to consider these six sectors as requiring distinctmanagement

plans, since a water body should be functional in biological

and physical–chemical terms. And, at this point, from a

management perspective, we agree with Ferreira et al. (2006)

when they argue for the non-splitting of the south arm unit.

For this specific estuary, whatever water bodies are consid-

ered, a special look is necessary upon the north arm last

kilometres (downstreamarea), where the commercial harbour

and a recreational marina operate. Actually, the regular

physical disturbance of the bottoms related to these infra-

structures’ activities are a pressure continuously affecting

biotic assemblages.
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a b s t r a c t

The implementation of the European Water Framework Directive (WFD) requires evaluation of the eco-
logical status (ES) of benthic communities in coastal and transitional water systems, and the intercalibra-
tion of assessment methodologies therefore becomes a research challenge. Our aim was to test the
suitability of applying the M-AMBI index to assess the status of the Eo estuary (northern coast of Spain).
Our results showed that M-AMBI was influenced by the natural variability of benthic communities, and
presented an apparent dependence on habitat characteristics. Consequently, the definition of homoge-
neous areas in transitional water systems should be based on the salinity gradient combined with other
factors. To achieve an accurate ES assessment, habitat-specific reference conditions should then be
defined prior to the application of M-AMBI; this necessitates dividing an estuary into several sections,
which may be classified as different ESs. From this perspective, a novel approach to integrate habitat het-
erogeneity in a global ES assessment was tested.

� 2008 Elsevier Ltd. All rights reserved.

1. Introduction

The European Water Framework Directive (WFD; EC, 2000)
establishes a framework for the protection and improvement of
all European surface and ground waters, with the final objective
being to achieve at least ‘‘Good” Ecological Status (ES) for all waters
by 2015. The WFD implementation requires the division of surface
waters into water bodies, which will then be monitored in order to
establish their ESs. This is carried out by assessing the status of hy-
dro-morphological, physicochemical and biological quality ele-
ments, through the comparison of data acquired from monitoring
networks with reference conditions representing ‘‘the period with-
out anthropogenic influence”, or the best achievable conditions
(for details, see Borja, 2005).

Benthic invertebrate fauna constitute one of the biological qual-
ity elements to be considered in surface water bodies, which in-
clude coastal and transitional water systems. The main
parameters to be addressed by a benthic invertebrate classification
scheme are ‘the level of diversity and abundance of invertebrate
taxa’, and the proportion of ‘disturbance sensitive taxa’. In recent
years, numerous benthic indices have been developed or adapted
to fulfil the WFD requirements, following the criteria of distur-
bance sensitive taxa (e.g., Borja et al., 2000; Simboura and Zenetos,

2002; Rosenberg et al., 2004; Dauvin and Ruellet, 2007). These
indices have been tested and compared elsewhere, alone or to-
gether with other community structural parameters (e.g., Salas
et al., 2004; Reiss and Kröncke, 2005; Quintino et al., 2006; Blan-
chet et al., 2008). However, the development and use of integrative
metrics that combine disturbance sensitive taxa and diversity indi-
ces in order to fulfil the WFD requirements is less extensive. For
this reason, Borja et al. (2004a) and Muxika et al. (2007) proposed
a new multivariate index, named M-AMBI, which integrates differ-
ent metrics (species abundance, Shannon diversity index and AZ-
TI’s Marine Biotic Index (AMBI) (Borja et al., 2000)). This benthic
tool constitutes the Spanish proposal to assess the ES of benthic
assemblages within the North Atlantic Eco-region, which has been
intercalibrated with other European methodologies (although only
for coastal water bodies) (Borja et al., 2007), and also with other
methods utilised in the transitional waters of the USA (Borja
et al., 2008). However, only small advances have been made for
European transitional waters. Therefore, the intercalibration of
benthic methodologies in transitional waters will be a major re-
search challenge in the near future (Borja, 2005; Dauvin, 2007).

The M-AMBI application to assess the ES in transitional water
bodies should be carefully considered due to the ontogenic natural
characteristics of this kind of system. The similarity between the
features of organisms and assemblages in natural estuaries com-
pared to anthropogenically stressed estuarine areas makes it diffi-
cult to distinguish the effects of human-induced stress in estuaries.
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This was termed as the Estuarine Quality Paradox (Elliott and Qui-
tino, 2007; Dauvin, 2007), and must be taken seriously when
establishing the reference conditions for this type of water body
(Borja et al., 2003).

Prior to the establishment of reference conditions, it is neces-
sary to assign each water body to a specific typology, since refer-
ence conditions should remain type-specific (Vincent et al.,
2002). However, transitional waters, which are characterised by
highly variable physicochemical and hydro-morphological condi-
tions, typically result in a mosaic of different habitats (Escavarage
et al., 2004), and a single water body can show very different nat-
ural conditions. Therefore, the low salinity areas of the inner estu-
ary naturally support less diverse faunal assemblages compared to
the higher salinity areas of the estuarine mouth. If only one set of
reference values is used for each type, i.e., the same reference con-
ditions are used for downstream and upstream areas of an estuary,
the naturally impoverished biological communities of the inner
estuary would always be classified as having a worse ES than the
estuary mouth areas, independent of the existence of any potential
impacts. Therefore, in transitional waters, specific reference condi-
tions for each stretch of a water body should be considered (Bald
et al., 2005; Muxika et al., 2007; Teixeira et al., 2007; Borja et al.,
2008).

It is widely accepted that salinity is one of the main factors
influencing species distributions in estuaries (McLusky and Elliott,
2004). Consequently, in the Basque Country (Spain), in order to re-
flect ‘water bodies’ specific hydrographical properties, estuaries
were split into different water sections, using salinity gradient as
the characterisation factor and the Venice Symposium system for
class definitions (Bald et al., 2005; Muxika et al., 2007). This ap-
proach is also being used to establish quantitative reference condi-
tions for transitional waters in the United Kingdom and in the
Republic of Ireland (Prior et al., 2004). However, in addition to
salinity, other factors such as sediment grain size, organic matter
content, dissolved oxygen, depth, hydrodynamic conditions and
vegetation cover may also control species distributions in estuaries
(Ysebaert et al., 2003; Blanchet et al., 2004). Therefore, in some
estuarine systems, assigning benthic reference conditions to sec-
tions based exclusively on salinity may be difficult and potentially
inaccurate (Teixeira et al., 2008).

The importance of establishing habitat-specific reference condi-
tions within transitional water bodies in final ecological assess-
ments has been suggested by several authors in order to avoid
misclassification (e.g., Bald et al., 2005; Muxika et al., 2007; Borja
et al., 2007; Blanchet et al., 2008; Teixeira et al., 2008). However,
following the WFD principles, such a differentiation would neces-
sitate dividing the estuary into several water bodies. This may
cause difficulties in managing small estuaries (Borja et al., 2004a;
Ferreira et al., 2006). For this reason, the habitat level assessment
needs to be integrated in a large-scale estimation of the ecological
status of the entire water body (Borja et al., 2005; Puente et al.,
2008).

The Eo estuary is a shallow system, on the northern coast of
Spain, within the North Atlantic Eco-region (Fig. 1). In the last fif-
teen years, three extensive surveys have been carried out in the
outer part of this estuary to examine long-term changes in its mac-
robenthic communities, relating to such changes as the increase in
human pressure observed during this period (de Paz et al., in
press). The objective of this work, using data sets from the Eo estu-
ary, was to test the suitability of methodological procedures pro-
posed in the Basque Country for benthic assessment within the
scope of the WFD (Bald et al., 2005; Muxika et al., 2007; Borja
et al., 2007). This system belongs to the same biogeographical re-
gion and presents similar hydrological and geomorphological fea-
tures as estuaries in the Basque Country (Fig. 1) in which the
reference conditions used in this contribution were developed.

The sampling strategy focused on habitat variability (characteris-
tics, location and temporal modification). Consequently, our data
set allowed the development of a novel approach to integrating
habitat heterogeneity (single station or habitat type) in the global
ES assessment of the outer Eo estuary, thus contributing to the new
intercalibration phase for transitional waters.

2. Materials and methods

2.1. Study area

The Eo estuary, located on the northern Cantabrian coast of
Spain (43�280, 330N; 7�000, 030W), constitutes a shallow mesotidal
system (tidal range varies from 1.20 m during neap tides to
4.80 m during spring tides (Encinar and Rodríguez, 1983)) (Fig. 1)
with a total area of 9.6 km2, 10 km in length, and an average width
of 800 m. Water depth varies between 2 and 7 m. According to the
WFD typology established for the Basque Country (Borja et al.,
2004a), the Eo estuary may be assigned to type TW II. This type in-
cludes mesotidal (tidal range 1–3 m) polyhaline–euhaline estuar-
ies with extensive intertidal areas and permanent stratification.

The sampling area (Fig. 1) in the lower part of the estuary is
comprised of two sectors: (a) a sheltered inlet, the Linera inlet, lo-
cated on the western side of the estuary; and (b) a sandy bare bot-
tom area, consisting of sand banks, located in the main channel.
The Linera inlet represents a flat area of 1.5 km2, mainly covered
by Zostera noltii and Zostera marina seagrass beds. Z. noltii occurred
on muddy areas located at higher tidal levels in the inner part of
Linera inlet, while a mixed meadow of both species could be found
in muddy-sand habitats from lower tidal levels near the mouth of
the inlet. Over time, both the shape and the area of the sand banks
have been continuously changing and increasing in size (Encinar
and Rodríguez, 1983). As is the case for other systems along the
northern coast of Spain, a gradual process of being filled up bymar-
ine and estuarine deposits has been taking place at the Eo estuary
(Currás and Mora, 1991).

The major human pressure at the Eo estuary is shellfish farming,
which began in the 1970s with Ostrea edulis aquaculture. However,
after the catastrophic introduction of a parasite (Bonamia ostreae),
the culture of the species collapsed in 1978. In the late 1980s and
early 1990s, shellfish farming in the estuary got a new stimulus fol-
lowing the introduction of the Pacific oyster (Crassostrea gigas) and
the Manila clam (Ruditapes philippinarum) (Cigarría et al., 1995),
which are cultivated in culture bags placed onto racks. Farming
areas are located at the Linera inlet (Fig. 1) (occupying 37% of the
total inlet area since 2000) and at the Fontela banks (where an area
of 30 ha was established by the end of 2005). Both culture zones
are situated on intertidal Zostera seagrass beds. The increase in this
activity is probably the main reason for eutrophication of the area;
this has been observed in the estuary since 2000 (e.g., a consider-
able development of green macroalgae) (de Paz et al., 2008). Other
anthropogenic pressures in the estuary are related to hydrody-
namic changes caused by harbour construction, mainly from
1994 (Fig. 1), and by regular dredging for maintenance of the ship-
ping channels. In fact, the Eo catchment area is poorly urbanized,
and does not support intensive agriculture or significant industrial
activities. The only industry located in the estuary is a shipyard
(Fig. 1), which started activities in 1965.

2.2. Sampling and laboratory procedure

An extensive survey was carried out in 1990 to determine the
different habitats present in the Eo estuary (de Paz et al., 2008
and references therein). Three different habitat types were identi-
fied based on sediment granulometry, organic matter content, sea-
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grass cover and macrobenthic community distribution (Fig. 1): (a)
bare sand area, corresponding to sand banks and beaches (BS
zone); (b) mudflats covered by Z. noltii, located in the inner part
of the Linera inlet (MZ zone); and (c) mixed meadows of Z. noltii
and Z. marina, on sandy and sandy-mud sediments, located in the
outer part of the Linera inlet (SMZ zone).

Based on macrobenthic communities and physicochemical
parameters, different zones were recognised within each habitat
and characterised in 1990. Therefore, in 2000 and 2005, the sam-
pling stations were selected to represent all habitat variability
present in the study area. A total of nine stations overlapped the
points sampled in 1990 (Fig. 1): three stations on the bare sand
habitat (BS1, BS2 and BS3), two stations on the Z. noltii–Z. marina
mixed meadows (SMZ1, SMZ2), and four stations on the mudflats
covered by Z. noltii (MZ1, MZ2, MZ3, MZ4). These habitats were
distributed almost as a continuum along the study area, from the
inner sections of the Linera inlet to the outer part of the main chan-
nel (Fig. 1), and consequently transition areas were recognised be-
tween them. Thus, station MZ4 was located on the transition area
between the mudflats covered by Z. noltii and the Z. noltii–Z. marina
mixed meadows, and station BS1 was located on the transition
area between this last habitat and the bare sand area, which was
limited by a Z. marina subtidal seagrass bed (de Paz et al., 2008).

In 1990, 2000 and 2005, samples were collected during low
spring tides, in February (winter), May (spring), August (summer)

and October (autumn). However, since the references values used
in this study were derived from winter samples (Muxika et al.,
2007), only winter samples were used to assess the ecological sta-
tus in order to reduce seasonal variability, whichmay have affected
the results of comparisons.

In 1990, the minimum sampling area for the study zone was
determined, and a single sample (0.16 m2 and 0.35 m depth) was
collected at each site using a spade. No true replicates were done,
and for that reason the sampled area was reduced and the number
of replicates increased in the next surveys (2000 and 2005). In
2000 and 2005, eight replicates (0.0123 m2 and 0.2 m depth) were
taken at each sampling station using a manual corer. A test demon-
strated that results obtained by these two different sampling ap-
proaches were comparable, since differences with regard to the
number of species and their abundances were not significant (de
Paz et al., 2008). Samples were sieved in the field through a
0.5 mmmesh, and preserved in 4% buffered formalin. After sorting,
benthic macroinvertebrates were identified to the species level,
counted and stocked in 70% alcohol.

Bottom salinity values were seasonally recorded in situ at each
of the nine sampling stations, at low tide. Sediment samples were
also taken seasonally at each station using a spade (in 1990), or a
manual corer (in 2000 and 2005). The sediment organic matter
content was determined by loss on ignition (24 h at 450 �C). Sedi-
ment grain size was determined using the standard mechanic

Fig. 1. Eo estuary (northern Cantabric coast of Spain): location of the sampling stations and habitat types.
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sieved procedure (Buchanan, 1984). According to the Wentworth
scale, seven granulometric fractions were taken into account:
graves (Ø > 2 mm), very coarse sand (2 mm > Ø > 1 mm), coarse
sand (1 mm > Ø > 0.5 mm), medium sand (0.500 mm >
Ø > 0.250 mm), fine sand (0.250 mm > Ø > 0.125 mm), very fine
sand (0.125 mm > Ø > 0.062 mm) and silt (Ø < 0.062 mm). Grain
composition was expressed in percentage of total sample weight.

2.3. Data analysis

Each station was assigned to a salinity category, according to
the Venice Symposium (Anon., 1959) (oligohaline: 0.5–5; mesoha-
line: 5–18; polyhaline: 18–30 and euhaline: >30) by means of a
cluster analysis (CA), which was based upon the maxima, minima,
median and standard deviation of salinity data for all seasons, from
1990, 2000 and 2005. Data were standardised by subtracting the
mean value and dividing by the standard deviation to achieve a
normal distribution. The Euclidean distance between groups, a dis-
similarity measure, and the Ward’s minimum variance method
were used (see Bald et al., 2005 and references therein).

The ecological quality ratio (EQR) of each sampling station was
calculated using the multivariate approach called M-AMBI pro-
posed by Borja et al. (2004a) and Muxika et al. (2007). This multi-
variate index is composed of three different metrics: number of
species (S), Shannon diversity index (H0) and the AMBI index (Borja
et al., 2000). The method is based on a factor analysis including two
virtual samples, which represent ‘High’ and ‘Bad’ ecological quality
status. The EQR (M-AMBI value) of each sampling station is deter-
mined by calculating the Euclidean distance between the projec-
tion of the station to the line connecting both reference stations,
and the ‘Bad’ reference station (see Bald et al., 2005). ‘High’ and
‘Bad’ specific reference values for the structural parameters were
selected according to those proposed by Muxika et al. (2007). Once
the M-AMBI is calculated, an ES is assigned according to the class
boundaries defined specifically for Spain (Borja et al., 2007). These
analyses were carried out using the AMBI software (Borja and
Muxika, 2005 and http://www.azti.es).

The statistical significance of differences in M-AMBI values
among sampling years was further examined using one-way ANO-
VA. Prior to the analysis, Levene’s test for homogeneity of variance
was used, as well as the Kolmorogov–Smirnov test for normality.
Tukey’s Honestly Significant Difference post hoc test was used fol-
lowing a significant ANOVA result (p < 0.05). The purpose was to

compare the M-AMBI index values to distinguish between three
different environmental scenarios: (a) prior to intensive oyster cul-
tivation (1990), (b) during a new extensive oyster rack installation
(2000), and (c) after some years of shellfish farming (2005). To as-
sess the possible influence of natural habitat characteristics in
establishing ES according to the M-AMBI method, one-way ANOVA
was applied to test if differences observed in M-AMBI values
among habitats were statistically significant. Additionally, Spear-
man’s correlations between M-AMBI values and sediment parame-
ters (grain size fractions and organic matter content) were applied.
All statistical analyses were performed using SPSS software.

2.4. Final integrative ES assessment of lower part of the Eo estuary

The EQR of each habitat was estimated as a mean M-AMBI value
calculated for all the stations in that habitat. To assess the final ES
of the lower part of the Eo estuary we accounted for the relative
importance of the habitat area to the area of the entire water body.
Only the intertidal area (approximately 65% of the total) was taken
into account when calculating the area of the lower part of the
estuary. Since macrobenthic community data from the farming
area after the rack assessment was not available, these data were
not taken into account. The area occupied by the different habitats
during the different years was calculated using GPS field data and
through the analysis of aerial and satellite photographs (with
OziExplorer GPS mapping software and ArcGIS software). The low-
er estuary final ES was calculated for each of the three years (1990,
2000 and 2005).

3. Results

3.1. Salinity category and reference conditions

All stations could be clearly assigned to a euhaline salinity class
in accordance with the Venice symposium (Fig. 2). Salinity values
recorded in the mudflats covered by the Z. noltii seagrass corre-
sponded to the euhaline estuarine salinity class, while at stations
in the Z. noltii–Z. marina mixed meadows and at the sand banks,
values were assigned to a euhaline sea salinity class. Consequently,
we selected the reference conditions established by Borja et al.
(2005) and Muxika et al. (2007) for euhaline estuarine areas
(S = 40 species, H0 = 3.5 bits ind�1, AMBI = 2.1) and euhaline sea
areas (S = 42 species, H0 = 4 bits ind�1, AMBI = 1).
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Fig. 2. Variation in bottom salinity values at each of the sampling stations from 1990, 2000 and 2005 (mean: cross; median: horizontal line; Q25 and Q75: box; maximum
and minimum: whiskers extending from box). Stations in bare sediment (BS1, BS2, BS3); stations in Z. noltii–Z. marina mixed meadows (SMZ1, SMZ2); and stations in the
mudflats covered by Z. noltii (MZ1, MZ2, MZ3, MZ4).
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3.2. Ecological quality status assessment

The sample distribution in the three-dimensional space defined
by the factor analysis, corresponding to 1990, 2000 and 2005, is
shown in Fig. 3. Independent of year, the poorest EQR values were
found at stations on the mudflats covered by Z. noltii, and the high-
est values at stations in the Z. marina–Z. noltii mixed meadow,
while stations on the bare sand area had intermediate values.
Through a one-way ANOVA we verified, within each sampling per-
iod, that the M-AMBI values differed significantly between the
three habitats (Table 1). Both in 1990 and 2000, a Tukey’s test
showed that M-AMBI values were significantly lower in the sta-
tions on mudflats covered by Z. noltii than in those located on
the Z. marina–Z. noltii mixed meadows (Table 1). However,
although M-AMBI values were lower in the bare sand area than
in the Z. marina–Z. noltii mixed meadows, differences were not sig-
nificant. On the other hand, in 2005, despite the fact that the sta-
tions on the Z. marina–Z. noltii mixed meadows also showed the
highest M-AMBI values, differences found from habitat pairwise
comparisons were not significant (Table 1).

With the exception of coarse sand and sedimentary organic
matter, all grain fractions showed strong Spearman correlations
with M-AMBI, as well as amongst themselves. Therefore, these
variables appear to influence the ES in the different habitats pres-
ent in the lower part of the Eo estuary. There was a significant neg-
ative linear correlation between M-AMBI values and silt-clay
(r = �0.512; p < 0.01) and very fine sand (r = �0.656; p < 0.05);
and a positive correlation with the proportion of fine (r = 0.631;
p < 0.05) and medium grained sand (r = 0.693; p < 0.05).

Temporal trends in EQR values and the corresponding ES ob-
tained by applying the M-AMBI method are shown in Fig. 4. De-
spite the general quality degradation detected at all stations
since 1990, the ES at stations located in the Z. noltii–Z. marina
mixed meadow, at the bare sand area, and at the transitional mud-
flat (MZ4) was classified as ‘High’ or ‘Good’ during the whole study
period (Fig. 4A). On the other hand, the ES was classified as ‘Mod-
erate’ or ‘Poor’ at stations MZ2 in all years, at MZ1 in 1990 and
2005, and at MZ3 in 2000 and 2005, and therefore did not comply
with the WFD objective. Taking into account the mean values per
habitat (Fig. 4B), the habitats also showed ecological quality degra-
dation from 1990 to 2000, and a slight recovery from 2000 to 2005
(higher EQR at SMZ, followed by BS and then by MZ). Nevertheless,
differences in the mean M-AMBI values between years were not
significant (F = 0.467; p > 0.05).

3.3. Euhaline final integrative ES assessment

The estuarine intertidal area increased over the study period,
from 193 ha in 1990 to 212 ha in 2005. This was mainly caused by
an increase in sand deposition, and thus the enlargement of the bare
sand area (from 53 ha in 1990 to 70 ha in 2005). However, we ob-
served an important reduction in the extension of the Zostera sea-
grass beds (from 140 ha in 1990 to 102 ha in 2005), namely for the
mixed Z. noltii–Z. marina meadow (from 40 ha in 1990 to 8 ha in
2005). This is actually the area wheremost of the culture racks have
been installed, and before their placement, seagrass was removed,
leaving the sediments beneath the farms without vegetation.

The final EQR values for the euhaline stretch and its correspond-
ing ES in each year were calculated. Although in all years the Eo
estuary euhaline stretch was classified as ‘Good’ (EQR90 = 0.705;
EQR00 = 0.550 and EQR05 = 0.609), deterioration in the system’s
ecological quality has been observed since 1990, and especially
in 2000. Results also suggest that a slight recovery occurred in
2005 compared to the situation in 2000.

4. Discussion

Temporal changes regarding anthropogenic pressures in the Eo
estuary have been detected with the M-AMBI index at each of the
three habitats, and results were consistent with the existing

Fig. 3. Sample distribution in three-dimensional space defined by factor analysis,
corresponding to 1990, 2000 and 2005. (A) Euhaline estuarine and (B) euhaline sea.
Grey circles: stations in the mudflats covered by Z. noltii (MZ1, MZ2, MZ3, MZ4);
white circles: stations in bare sediment (BS1, BS2, BS3); and black circles: stations
in Z. noltii–Z. marina mixed meadows (SMZ1, SMZ2).

Table 1
Comparison of M-AMBI index values at each habitat in every sampling year

n Mean F p Significant Tukey post hoc test

1990 9 0.154 7.324 0.025* MZ < SMZ*
MZ < BSns

BS < SMZns

2000 9 0.097 7.204 0.025* MZ < SMZ*
MZ < BSns

BS < SMZns

2005 9 0.116 6.524 0.031* MZ < SMZns

MZ < BSns

BS < SMZns

Values from ANOVA with Tukey’s pairwise comparison test.
nsp > 0.05; *p < 0.05.
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knowledge of the system alteration though time (de Paz et al., in
press). The lowest pressure from shellfish farming was in 1990.
Since then, anthropogenic pressure resulting from bivalve farming
in the area has been increasing, and this activity probably became
the major driving force behind the organic enrichment observed at
the Linera inlet (de Paz et al., 2008). This may explain the degrada-
tion of the benthic ES observed in habitats located at the Linera in-
let from 1990 to 2000. On the other hand, the degradation of
macrobenthic ecological quality observed at the bare sand area
may be related to an increase in physical disturbance, as the Eo
estuary, like other systems along the northern coast of Spain, has
been going through a gradual process of being filled up by marine
and estuarine deposits (Currás and Mora, 1991). Furthermore, sed-
iment deposition became more rapid after the construction of a
new harbour in the western part of the Eo estuary in 1994, and
an increase of 17 ha in the sand banks took place from 1990 to
2005.

However, differences observed between sampling years were
not statistically significant, which may be due to the fact that all
our sampling stations were located outside the farms (see Fig. 1).
In fact, some studies show strong gradients of impact from oyster
farms out to a certain distance (Stenton-Dozey et al., 1999; Mirto
et al., 2000; Hartstein and Rowden, 2004). Therefore, it is expected
that higher impacts, corresponding to lower M-AMBI values,
should be detected within the farms. On the other hand, the strong
spatial variability across samples may be sufficient to mask small
changes in macrobenthic communities over the study period.

It is clear that habitat characteristics had a strong influence in
the Eo estuary ES assessment, since the M-AMBI values showed
dependence on sediment parameters and on the presence/absence
of seagrass beds. For this reason, stations at the mudflats had the

poorest ES values, independent of year, while the best ES values
were found at the Z. noltii–Z. marinameadows over the entire study
period.

The AMBI development was based on the relationship between
macrofaunal communities and gradients of increasing organic mat-
ter input related to either urban effluents or eutrophication pro-
cesses (Pearson and Rosenberg, 1978; Grall and Glémarec, 1997;
Borja et al., 2000). Therefore, in muddy environments (which are
common in estuaries) where sediment organic matter is naturally
high, this index generally expresses lower quality, despite the ab-
sence of impacts (Blanchet et al., 2008; de Paz et al., 2008). As a
possible solution to these index limitations, Borja et al. (2003,
2004a) and Muxika et al. (2005) recommended that AMBI should
be used together with other structural parameters, such as the
M-AMBI index (Muxika et al., 2007). However, community struc-
tural parameters, such as species number and the Shannon diver-
sity index are also affected by estuarine natural gradients. It is
generally accepted that the presence of seagrass beds enhances
diversity and species richness (Edgar et al., 1994; Boström and
Bonsdorff, 1997). Conversely, high organic matter content, as is
found in muddy environments, may cause a decrease in species
richness and an increase in abundance. Therefore, a multivariate
index based on a combination of these three parameters (i.e., M-
AMBI) may also be influenced by natural stressors. Our results
show that an increase in the proportion of fine particles in the sed-
iment corresponds to a reduction in M-AMBI values, which is re-
lated to an increase in AMBI values and a decrease in diversity
and species richness. Consequently, in 1990, despite the smaller
anthropogenic impacts as compared to subsequent years, the ES
at stations MZ1 and MZ2, located in the mudflat covered by Z. nol-
tii, was classified as ‘‘Poor” and ‘‘Moderate”, respectively. Our re-
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Fig. 4. Trends for (A) nine sampling stations of the Eo estuary and (B) three different habitats sampled in the Eo estuary. MZ – stations in the mudflats covered by Z. noltii
(MZ1, MZ2, MZ3, MZ4). BS – stations in bare sediment (BS1, BS2, BS3). SMZ – stations in Z. noltii–Z. marina mixed meadows (SMZ1, SMZ2).
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sults therefore show that by using M-AMBI, the natural variability
at the Eo estuary influences the ES assessment, which illustrates
the problems of distinguishing between natural and human-in-
duced gradients in transitional water systems.

These limitations could be removed by the determination of
appropriate type-specific reference conditions, according to the
specific natural characteristics of each water body type. The Span-
ish methodological approach used in this study establishes differ-
ent reference conditions for each salinity category (Muxika et al.,
2007), and is based on the association of benthic communities
and saline categories (Borja et al., 2004b; Muxika et al., 2007).
However, our results showed that the division of the Eo estuary
into smaller homogeneous water bodies based upon salinity gradi-
ents is not sufficient to reflect natural benthic gradients.

Salinity is recognised as a very important factor influencing
macrobenthic community distribution in estuaries (McLusky and
Elliott, 2004). Moreover, the estuarine salinity gradient is often
associated with sedimentary changes, from coarse sediment out-
side the estuaries to fine sediments within them (Elliott and McLu-
sky, 2002). Thus, in most estuarine systems, the oligohaline and
polyhaline areas are associated with fine sediments rich in organic
matter, and, in contrast, the euhaline areas are often associated
with coarser sediments with low organic matter content. This is
the pattern found along the main channel of the Eo estuary (Currás,
1990). However, the morphological characteristics of the lower Eo
estuary determine the existence of a sediment gradient, which is
closely related to the macrobenthic assemblages, but does not
match the salinity gradient (de Paz et al., 2008). In fact, the pres-
ence of the Linera inlet causes a reduction in current velocity and
a concomitant deposition of fine sediment particles, mainly in
the inner Linera inlet (Encinar and Rodríguez, 1983; Currás,
1990; de Paz et al., 2008). For this reason, despite the fact that
salinity values at the inner and middle parts of the Linera inlet cor-
respond to a euhaline stretch, the macrobenthic assemblages cor-
respond to a Scrobicularia plana–Cerastoderma edule community,
sensu Borja et al. (2004b). However, according to Spanish method-
ology (Muxika et al., 2007), this community may be associated
with oligohaline and mesohaline areas of a water body.

Consequently, the Eo estuary case study illustrates that in
establishing appropriate reference conditions in estuarine systems,
the definition of water bodies as a function of only the salinity gra-
dient may not accurately reflect the entire natural benthic diver-
sity. In some Portuguese systems, Ferreira et al. (2006) proposed
another methodology, in which water body delineation was based
on physical–chemical aspects such as morphology and salinity, and
also on pressure and state indicators. In a similar way, Teixeira
et al. (2008) divided the Mondego estuary (Portugal) into six sec-
tors based on salinity, sedimentary parameters and human pres-
sures. These approaches seem to be more suitable for estuaries
with complex morphologies, such as the Eo estuary.

On the other hand, from the management point of view, it
would be ineffective to split transitional waters systems into too
many small water bodies and thereby too many management units
(Ferreira et al., 2006; Teixeira et al., 2008; Puente et al., 2008). In
small systems, such as the Eo estuary, an effective management
plan should include the whole system. For this reason, in the
WFD implementation process, it is preferable to develop an inte-
grative methodology to assess the ES of the whole water body
(Puente et al., 2008); the present study intends to be a valuable
contribution to this process.

The ES of the entire water body should not be established as the
mean value of all stations in the system (Borja et al., 2005). If we
assume that the habitat level assessment is the most suitable
methodology (for benthos) in transitional water systems (Blanchet
et al., 2008; Puente et al., 2008), then any integrative assessment
should take into account the relative contribution of the different

habitats present. In addition, taking into consideration the spatial
variation of the relative area of each habitat in the global assess-
ment allows the identification of habitat changes. These perturba-
tions have not yet received much attention despite their
importance, particularly in transitional water ecosystems (Dauvin,
2007; Blanchet et al., 2008).

For example, in the Eo estuary, organic enrichment is not the
only impact associated with shellfish farming. The destruction of
seagrass beds, especially those of the Z. noltii and Z. marina mixed
meadows for the purpose of installing oyster racks, constitutes an-
other important impact in the estuary (de Paz et al., 2008). By con-
sidering the relative area of each habitat in the calculation of the
total EQR, these changes in the Z. marina–Z. noltii mixed meadow
influence the final ES, mainly because the macrobenthic communi-
ties linked to this habitat have the highest species numbers and
diversity values. Despite the lack of data for the culture area after
rack installation, it seems that the elimination of the Zostera bed
may involve the replacement of the associated macrobenthic com-
munity by a less diverse one. Therefore, a reduction in the area of
this habitat may involve degradation in ecological quality.

Despite this, a method accounting for the relative area of each
habitat has some limitations for a final integrative ES assessment.
It requires implementing a monitoring program to capture the full
habitat diversity that exists in the estuary, and it is therefore first
necessary to have a well-founded knowledge about these habitats
(Llansó et al., 2002; Diaz et al., 2004; Caeiro et al., 2005). In addi-
tion, another factor limiting the application of this method is the
absence of an accurate habitat classification system. In fact, the
implementation of various European Directives (Habitats Directive
(Council Directive 92/43/EEC, 1992), OSPAR Convention (OSPAR,
1992), WFD) has promoted the development of various habitat
classification systems (e.g., Connor et al., 1995, 2004; Davies and
Moss, 1999, 2004; EUNIS, 2002), but the European scientific com-
munity has not yet reached a consensus, on either the benthic ecol-
ogy terminology (namely, biotope, ecotope, assemblage,
biocoenosis or natural habitats sensu Habitats Directive, etc.) (Dau-
vin et al., 2007b), or on the habitat definitions (Dauvin et al.,
2007c).

A possibility could be the use of EU-validated EUNIS (EUNIS,
2002) and BIOMAR (Connor et al., 2004) habitat classification sys-
tems, or the development of a new system that harmonises these
and other systems of marine classification (Glémarec and Bellan-
Santini, 2005). As an example, in this work we have distinguished
three different habitats: (a) mudflats covered by Z. noltii seagrass
bed, (b) Z. noltii–Z. marina mixed meadow, and (c) bare sand. The
EUNIS (EUNIS, 2002) and the BIOMAR (Connor et al., 2004) systems
only recognise one type of habitat of littoral seagrass beds: ‘‘Z. nol-
tii beds in littoral muddy-sand”. This category may correspond to
the habitat defined by us as the ‘‘mudflat covered by Z. noltii sea-
grass”, but not to the Z. noltii–Z. marina mixed meadow. However,
regarding our results, these two types of seagrass beds show very
different characteristics, especially with respect to their macroben-
thic assemblages. Therefore, further work is required to develop
and harmonise different European habitat classification systems.

5. Conclusions

In general, the benthic ES has degraded in the outer part of the
Eo estuary since 1990. Nevertheless, at the present time, the hu-
man pressures on the system have apparently not exceeded the
resilience of macrobenthic communities, and the outer part of
the estuary consequently achieved a ‘‘Good ES” over the study per-
iod. However, the ES of the Eo estuary could be improved if there
was more effective management of the bivalve aquaculture indus-
try. This should include introducing changes in oyster culture
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practices to avoid mechanical destruction of the seagrass beds, and
shellfish farming should be maintained below the ecological carry-
ing capacity.

This study highlighted some limitations for establishing ESs in
transitional water systems, which had already been recognized in
other studies (e.g., Blanchet et al., 2008). Transitional systems pres-
ent extreme habitat complexity, characterised by the presence of
strong natural gradients that act as natural stressors affecting ben-
thic communities in an analogous way to anthropogenic impacts.
This has been termed ‘‘Estuarine Quality Paradox” (Dauvin, 2007;
Elliott and Quitino, 2007). These characteristics of estuaries reduce
the ability of the existing indicators and indices to distinguish be-
tween degraded versus non-degraded benthic ecological condi-
tions. The M-AMBI index is no exception. Therefore, one of the
most important challenges in the implementation of the WFD is
to calibrate the methodologies for transitional water systems, with
the aim of providing a reliable tool for assessing benthic ES (Dau-
vin, 2007; Puente et al., 2008; Blanchet et al., 2008; Borja et al.,
2008).

The establishment of appropriate reference conditions is a key
process within this new intercalibration exercise. The reference
conditions may assume natural variability and stress in the system
and separate this from the anthropogenic stress. This may be one
possible way to detect anthropogenic stress, i.e., to distinguish it
from the background of natural stress. As other studies are carried
out in transitional water systems (Blanchet et al., 2008; Dauvin
et al., 2007a; Puente et al., 2008) we suggest that these reference
conditions should be habitat-specific, to properly reflect natural
benthic gradients.

Therefore, it is necessary to develop an accurate habitat classi-
fication system for marine habitats, which may be a useful tool
in WFD implementation for transitional water systems, as well as
for the implementation of other European directives (e.g., Habitats
Directive). This habitat classification system should be common to
all European countries, or at least to countries belonging to the
same Eco-region.

Nevertheless, from a management perspective, it would be inef-
fective to apply distinct management plans for each habitat. There-
fore, it is necessary to generate a suitable methodology to integrate
habitat level assessment in an estimation of ecological status of the
entire water body, such as that proposed by Borja et al. (2005) or
the methodology proposed in this contribution.
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Using M-AMBI in assessing benthic quality within

the Water Framework Directive: Some remarks and

recommendations

1. Antecedents

The European Water Framework Directive (WFD) in-
cludes several Biological Quality Elements in the assess-
ment of the ecological status, with one of them being
benthic macroinvertebrates. Some methodologies to assess
benthic quality have been developed recently in Europe,
with several of them being based upon the AMBI index
(Borja et al., 2000), such as M-AMBI (Borja et al., 2004;
Muxika et al., 2007a). This method relies upon a statistical
multivariate tool, the Factor Analysis (FA), which includes
richness, Shannon’s diversity and AMBI.

Ruellet and Dauvin (this issue) have expressed some
concerns on the application of this method, which can be
summarised into: (i) ‘‘the M-AMBI values depend � � � of
the dispersion of the values for these parameters (standard
deviation for example) in the dataset analyzed due to the
use of a factor analysis together with discriminant analysis.
For this reason, M-AMBI can change over time and is sen-
sible (sic) to new data additions”; and (ii) ‘‘the software
proposed. . . uses an excel sheet to enter data. This last is
limited in number of columns and consequently the soft-
ware cannot treat more than 255 samples”.

The first of these concerns was identified elsewhere by
Bald et al. (2005), who proposed the study of the response
of the FA when new data, or sampling stations, are incor-
porated into a WFD monitoring network. This approach
was suggested because the factor scores (given by the
FA), can change when new data are incorporated. Conse-
quently, the biological status of these sampling stations
could be different, in comparison with previous results, as
mentioned also by Muxika et al. (2007a). In order to avoid
this particular effect, Bald et al. (2005) propose the use of
Discriminant Analysis (DA), together with FA. This meth-
odology has been used also in assessing benthic quality by
Paul et al. (2001) and Alberto et al. (2001). However, as the
DA does not provide a numerical value, but a classification
in terms of High, Good, Moderate, Poor or Bad status
(sensu the WFD), it is not possible to intercalibrate meth-

odologies, using DA, among the European Member States
(Borja et al., 2007).

Hence, although in the Basque Country the DA is used
in assessing the ecological status, the FA, calculated with
M-AMBI, is used when comparing results with other
countries. Free software, which enables the calculation
of the Ecological Quality Ratio (EQR) is offered to other
scientists involved in the WFD implementation, within
www.azti.es (for details in terminology, see Borja, 2005).

Ruellet and Dauvin (this issue), using 9 samples, show
that M-AMBI changes their values in the third decimal
place. However, how significant is the change? and what
are its implications in terms of the WFD implementation?
This contribution attempts to answer these questions.

2. Methods

Until now, very few of the methodologies used in the
WFD present information on the robustness of their met-
rics, together with the consideration of uncertainty and
variation. In the case of AMBI, a recent study has shown
the number of replicates or the surface area needed to ob-
tain a precise estimate of AMBI (Muxika et al., 2007b).
For M-AMBI, Muxika et al. (2007a) showed the percent-
age of cases in which the method is able to classify a sam-
ple, in the same way as that of expert judgment. However,
as far as the authors are aware, nothing has been published
on the changes in the results obtained, when adding new
samples into the analysis.

To respond to Ruellet and Dauvin (this issue), we have
used the dataset from the European intercalibration exer-
cise (Borja et al., 2007), which was increased further, until
there were 710 benthic samples within the working group,
from the North East Atlantic. This dataset was used in
the comparison of different methodologies, to obtain the fi-
nal EQRs calculated in the intercalibration exercise; there
have been used here as the ‘true’ values, in the study of
the variation of M-AMBI results when adding new data.

For the calculation, we have used a new version of AMBI
software (AMBI 4.1), in which we have solved the previous
limitation of 255 samples; hence, it is possible now to use
any dataset, without limit. This new version of the software
is available at www.azti.es, and addresses directly the second
concern expressed by Ruellet and Dauvin. In addition,
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M-AMBI can be calculated also using other statistical soft-
ware, following the procedure detailed in Muxika et al.
(2007a).

For the 710 benthic samples available, M-AMBI values
have been calculated, using different subsets with an
additional sample, from 1 to 709. Replicates of these sub-
sets were derived randomly 20 times, from the total data-
base, obtaining a total of 14,220 M-AMBI values, for
each sample. Finally, differences between each subset of
M-AMBI values (e.g. by randomly adding two samples,
three samples, four samples, etc.), together with the refer-
ence values, were calculated.

After a recent (8–9 October, 2007) meeting in Brussels,
ECOSTAT, which is the group in charge of the implemen-
tation of the WFD, has stated that a range of 0.05 EQR-
units is a reasonable acceptable deviation from the mean,
to be considered as an agreement in a ecological quality
class. For this contribution, we have adopted this criterion
as a reference when determining the M-AMBI variation in
adding new samples to the analysis, in comparison with the
final M-AMBI values.

3. Results and discussion

When adding new samples to the FA, the percentage
of samples with an absolute deviation value of the
EQR < 0.05 (see above) is 94.9% with four samples, reach-
ing 95.9% with 20 samples, 98.6% with 50 samples, and
99.8% with 100 samples (Fig. 1). Hence, nearly 100% of
the samples accomplish such recommendation over 50 sam-
ples. Even using more restricted ranges, the change is neg-
ligible over 100 samples (Fig. 1).

Ruellet and Dauvin (this issue) have demonstrated that
the M-AMBI values vary in the third decimal place,
although all European Member States give EQR values
and boundaries of the status classes with only two deci-
mals (see Borja et al., 2007). It is well known that FA re-
sults could change when adding new samples and, as such,
Hair et al. (1999) recommend a sample size of at least 50
samples when using this method. This sample size coin-
cides with our findings in this contribution, with the var-
iation being very small and negligible, as demonstrated in
Fig. 1.
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Fig. 1. Percentage of samples with an absolute deviation value of the EQR < b.
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Fig. 2. Percentage of samples in which the quality status changes, when adding new samples: (a) considering all levels of quality; and (b) considering only
Good and Moderate.
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One problem can arise when this small change creates a
change in the status classification pattern, e.g. from High to
Good, or from Poor to Moderate, status. On the basis of
analysis of data obtained from Fig. 1, there exists only
the possibility to change one status level. The maximum
percentage of samples in which the quality status changes,
when adding new samples, occurs with small sample num-
bers. Hence, with 2 samples the probability of change is
8.8%; it is 7% with 20 samples, 5% with 50 samples, and
3.5% with 100 samples (Fig. 2).

However, the most important change in classification is
between Moderate and Good status; this could lead to the
application, or not, of management measures. In this anal-
ysis, the percentage of change between these two levels is
3.3% with 20 samples, 2.2% with 50 samples, and 1.4% with
100 samples (Fig. 2).

Hence, this is one of the first methods in the implemen-
tation of the WFD, which determines the robustness of
their metrics, together with the considerations of uncer-
tainty and variation, when assessing the ecological status.

4. Conclusions

Although M-AMBI values change with the addition of
new data, we have demonstrated that these changes are
<0.05 in theEQR, in nearly 95%of the total, when using only
four samples. These changes lie within the range recom-
mended by the ECOSTAT Group, for the implementation
of the WFD. However, we recommend to use M-AMBI at
least with a sampling dataset of 50 locations, in order tomin-
imize changes (98.6% of the samples show changes <0.05 in
the EQR values). Using this recommendation, only 5% of
the samples could change their classification, with only
2.2% being the change between Moderate and Good status.
If the number of samples is 100, these changes can be consid-
ered as being negligible (1.4% of the samples). Finally, as
Muxika et al. (2007a) suggest, we recommend strongly the
use of DA in classifying the ecological status, in order to
avoid these problems. FA should be used as a way of deriv-
ing EQR values, for further comparisons.

Acknowledgements

We wish to thank Professor Michael Collins (School of
Ocean and Earth Science, University of Southampton, UK,
and AZTI-Tecnalia) for kindly advising us on some details
of this contribution. This is contribution number 386 of
AZTI-Tecnalia.

References
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ORIGINAL ARTICLE

Paradigmatic responses of marine benthic communities to
different anthropogenic pressures, using M-AMBI, within
the European Water Framework Directive
Angel Borja, Iñigo Muxika & José Germán Rodrı́guez

AZTI-Tecnalia, Marine Research Division, Herrera Kaia, Pasaia, Spain

Introduction

The European Water Framework Directive (WFD;

2000 ⁄ 60 ⁄EC) establishes a basis for the protection and

improvement, amongst other systems, for estuarine and

coastal waters; its final objective is to achieve, at the least,

‘good ecological status’ for all waters by 2015 (Borja

2005). The assessment is based upon the status of biologi-

cal, hydro-morphological and physico-chemical quality

elements, through comparable data obtained from moni-

toring networks, with the reference (undisturbed) condi-

tions, then deriving an Ecological Quality Ratio (EQR).

The EQR can be expressed as a numerical value lying

between zero and one: ‘High status’ is represented by val-

ues close to one, and ‘Bad status’ by values close to zero.

The range is divided into five ecological status (ES) clas-

ses: ‘High,’ ‘Good,’ ‘Moderate,’ ‘Poor’ and ‘Bad’. For

coastal and transitional (=estuarine) waters, the biological

elements to be considered are phytoplankton, macroalgae,

phanerogams, benthos and fishes (the latter only in tran-

sitional waters).

In relation to benthic communities, the WFD norma-

tive definitions describe the metrics of the community

that must be included in the ES assessment of a water

body. Such metrics include the level of diversity and

abundance of invertebrate taxa, and the proportion of
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Abstract

The use of AMBI and M-AMBI in benthic quality assessments, within the

European Water Framework Directive (WFD), has increased dramatically in

recent years. M-AMBI is a multivariate tool, which incorporates AMBI, rich-

ness and Shannon diversity within the assessment. The response of this

approach to different human pressures in coastal and estuarine waters has been

investigated for the Basque Country (Northern Spain). In this contribution,

several paradigmatic examples of these applications to different water bodies

are presented. The time-series extend to samples collected between 1995 and

2007, showing the evolution of M-AMBI values under different pressures, i.e.

urban and industrial discharges, dredging and disposal of sediments, and engi-

neering works (such as land reclamation or marina construction), and, in addi-

tion, for illustrating the benthic quality recovery after positive actions have

been undertaken, i.e. the removal of point-source discharges or water treatment

programmes. In most cases, M-AMBI responds to these pressures as expected,

with decreases in the ecological status immediately following the pressure. Con-

versely, when a pressure is removed, the recovery takes between 2 and 15 years,

depending upon the intensity of the pressure and the characteristics of the

water body. M-AMBI has been intercalibrated previously in coastal waters.

After intercalibration in transitional waters, M-AMBI will be able to be used in

the integrative quality assessment of European water bodies.

Marine Ecology. ISSN 0173-9565
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disturbance-sensitive taxa. Following these criteria, sev-

eral indices and approaches have been proposed for

assessing the benthic ES (Borja et al. 2000, 2004a;

Simboura & Zenetos 2002; Rosenberg et al. 2004; Dau-

vin & Ruellet 2007; Muxika et al. 2007). If they are

going to be used as classification systems for the ES,

these approaches should be able to reflect changes in

the structure of the benthic communities as a response

to anthropogenic pressures (Solimini et al. 2006); how-

ever, they should also be independent of natural vari-

ability of the benthic communities.

Hence, the use of these indices requires validation of

their response to human pressures, together with calibra-

tion (and intercalibration), with other indices (Borja et al.

2007a, 2008a; Borja & Dauer 2008). One of the indices

utilized in determining the proportion of disturbance-sen-

sitive taxa is AMBI (AZTI’s Marine Biotic Index) (Borja

et al. 2000). Recently, this index was combined with rich-

ness and Shannon’s diversity into a multivariate approach

called M-AMBI (Borja et al. 2004a; Muxika et al. 2007);

this is equivalent to EQR in assessing benthic quality.

AMBI has been validated using many different anthro-

pogenic pressures on a world-wide basis (e.g. Borja et al.

2003a; Chenery & Mudge 2005; Muxika et al. 2005;

Muniz et al. 2005; Carvalho et al. 2006; Quintino et al.

2006; Dauvin et al. 2007; Fleischer et al. 2007). Following

these investigations, AMBI has been found to respond to

different pressures, such as hypoxia and eutrophication

processes, oil platform discharges, engineering works,

dredging and fish aquaculture. However, it has been

found not to respond to some hydro-morphological

pressures such as sand extraction (Muxika et al. 2005).

M-AMBI has been validated against several pressures

(Muxika et al. 2007; Bigot et al. 2008) and has been inter-

calibrated with other methodologies (Borja et al. 2007a,

2008a).

However, as M-AMBI is being used increasingly in ES

assessments within the WFD, a clear response to human

pressures must be demonstrated, as well as actions taken

to achieve good ES by 2015. Hence, the objective of this

contribution is to determine the relationships between

different physical and chemical pressures and biological

responses, assessing the benthic status by using M-AMBI

according to the WFD. This study utilizes the changes in

coastal and transitional benthic communities in the Bas-

que Country since 1995 as a case study.

Material and Methods

Monitoring network

The Department of Environment and Land Action of the

Basque Government, by means of the Littoral Water

Quality Monitoring and Control Network (hereafter,

LQM), has monitored Basque coastal and transitional

water quality since 1994 (Fig. 1) (Borja et al. 2007b,

2008e). This network comprises the analyses of both

physico-chemical (in water, sediment and biota) and bio-

logical elements (phytoplankton, macroalgae, benthos and

fishes). The LQM series data include 32 coastal and tran-

sitional stations sampled from 1995 to 2007, together

with 19 additional locations sampled since 2002. These 51

stations are distributed between the 18 water bodies of

the Basque Country (14 transitional and four coastal); as

such, they constitute the WFD surveillance and opera-

tional monitoring networks (Borja et al. 2008c). Within

this contribution, five coastal and 20 transitional stations

were selected as paradigmatic examples of M-AMBI

response to anthropogenic pressures.

The 18 water bodies are distributed amongst four ty-

pologies (see ‘delimitation criteria’, in Borja et al. 2004a):

Type I – small river-dominated estuaries; Type II – estu-

Fig. 1. Sampling stations and water bodies within the Littoral Water Quality Monitoring and Control Network of the Basque Country. Typologies:

Type I – small river-dominated estuaries; Type II – estuaries with extensive intertidal flats; Type III – estuaries with extensive subtidal areas; Type IV

– full marine soft-bottom exposed coast; and Offshore – stations used within the European Marine Strategy Framework Directive. Vertical dashed

lines represent the limits between coastal water bodies.
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aries with extensive intertidal flats; Type III – estuaries

with extensive subtidal areas; and Type IV – full marine

soft-bottom exposed coast.

Benthos

Soft-bottom macrobenthic communities are sampled

annually in winter, using a van Veen grab in sublittoral

locations, combined with squares (0.5 · 0.5 m) sampled

by hand at intertidal locations (see Sampling Methods, in

Borja et al. 2003b, 2007b). Benthos was identified at spe-

cies level. Then the density, species richness (number of

taxa), Shannon–Wiener diversity index, and AMBI (Borja

et al. 2000) were determined. Guidelines derived from

Borja & Muxika (2005) were used in the calculation of

the AMBI. Subsequently, the M-AMBI (Borja et al. 2004a,

2008b; Muxika et al. 2007) was calculated using AMBI

4.1 software (http://www.azti.es), on the basis of the

December 2007 species list. Such an approach has been

intercalibrated and compared with other indices, as used

elsewhere (Borja et al. 2007a, 2008a). The boundaries

between the quality status levels, determined within the

WFD, have been used in this contribution.

Reference conditions

The reference condition for a water body type is a

description of the biological elements, which corresponds

totally, or almost totally, to undisturbed (pristine) condi-

tions, i.e. with no, or with only a very minimal, impact

from human activities (Borja 2005; Muxika et al. 2007).

Each of the defined typologies within the Basque Country

has several associated benthic communities, depending

upon sediment characteristics and salinity ranges (Borja

et al. 2004a; Muxika et al. 2007; de Paz et al. 2008; Teixe-

ira et al. 2008). The benthic communities within the Bas-

que Country have been described elsewhere in detail by

Borja et al. (2004b).

Following the approach described in Bald et al. (2005),

two levels of reference conditions were established for

each salinity stretch, i.e. representative of ‘High’ or ‘Bad

Ecological Status’ (see Muxika et al. 2007). ‘High’ refer-

ence values for each of the structural parameters and

communities were selected from Borja et al. (2004b). The

reference conditions used in this investigation are those

determined by Muxika et al. (2007), with the addition of

a new community associated to a habitat not previously

assessed (Table 1). This community is that of Pontocrates

arenarius-Eurydice pulchra, present in polyhaline-euhaline

intertidal habitats, associated with sands (Borja et al.

2004b). It must be highlighted that tidal freshwater

stretches do not exist within the Basque transitional

waters, hence only oligohaline, mesohaline, polyhaline

and euhaline stretches are taken into account in the eco-

logical quality assessment.

Pressures identified

The estuaries and coasts of the Basque Country were

investigated to identify relevant and significant human

pressures (Borja et al. 2006b). Such information,

together with new information obtained after this study,

is summarized in Table 2. The most significant pres-

sures identified for the Basque Country include urban

and industrial discharges (affecting increases in organic

matter inputs and consumption of oxygen), and hydro-

morphological pressures (dykes and port construction,

dredging, sediment disposal and land reclamation).

Table 1. Reference conditions of ‘High Ecological Status’ for each of the typologies, salinity stretches and associated benthic communities,

together with the sampling stations from each typology.

typologies Types I, II, III Types II, III Type II Type II, III Type IV

salinity stretches oligo- ⁄mesohaline polyhaline polyhaline ⁄ euhaline euhaline euhaline

associated

communities

Cerastoderma edule–

Scrobicularia plana

Venus fasciata Pontocrates arenarius–

Eurydice pulchra

Abra alba Tellina tenuis–

Venus fasciata

associated sampling

stations

1, 3, 10, 16, 21, 22, 24,

27, 28, 30, 31, 34, 39,

40, 48, 49

4, 17, 25, 32,

35, 42, 50

2 5, 6, 11, 12,

18, 43, 44

7, 8, 9, 13, 14,

15, 19, 20, 23, 26,

29, 33, 36, 37, 38,

41, 45, 46, 47, 51

reference conditions

S (no. sp.) 13 32 9 40 42

H¢ (bitÆind)1) 2.5 3.8 2.0 3.5 4.0

AMBI 2.8 2.0 1.0 2.1 1.0

Type I = small river-dominated estuaries; Type II = estuaries with extensive intertidal flats; Type III = estuaries with extensive subtidal areas; Type

IV = full marine exposed coast; S = species richness; H¢ = Shannon–Wiener diversity index (modified and adapted from Muxika et al. 2007). For

sampling locations, see Fig. 1.
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Conversely, positive actions include removal of dis-

charges and water treatment programmes (at catchment

and estuarine levels, including wastewater treatment

plants).

Statistical analyses

To study the effect of pressures and actions taken to

remove them, two analyses were performed: (i) when

pressures or actions were progressive along time (e.g. a

water clean-up programme during a long period), time-

series trends were analysed using Spearman Rank Correla-

tions, and (ii) when assessing the impacts associated to

one-off pressures or actions taken within a limited space

of time, descriptive measures such as mean and standard

deviations and Student’s t-test for comparison of the

group data were undertaken.

Pearson correlation coefficients were derived between

biological data and physico-chemical variables for some

of the sampling stations.

Multiple linear regression analysis was performed in a

stepwise manner, using as independent variables the water

oxygen saturation and measures taken in the sediment

[percentage of organic content, percentage of mud, con-

centration of Cd, Cr, Cu, Fe, Hg, Mn, Ni, Pb, Zn, poly-

chlorinated biphenyls (
P

PCB, eight congeners),
P

DDT,

hexachlorocyclohexane, dieldrin, hexachlorobenzene and

polycyclic aromatic hydrocarbons (
P

PAH, 16 congeners);

see Borja et al. 2008c, for methodology], M-AMBI being

the response variable. Variance inflation factors were cal-

culated to diagnose co-linearity. When two variables pre-

sented co-linearity, only the variable which explained the

highest variability was introduced into the model. Partial

regression (added variable) plots were generated repre-

senting the response variable (M-AMBI) against each of

the independent variables (i.e. taking into account the

effect of the other independent variables in the model)

from the multiple linear regression analysis.

STATGRAPHICS PLUS 5.0 and S-PLUS 2000 were

used to perform the statistical analyses.

Table 2. Total number and main significant pressures (producing negative effects on the benthos) and any actions taken (positive effects on the

benthos) detected for each water body, within the Basque Country.

water body stations (No.) (number) pressures (main significant) actions (main)

Barbadún 1, 2 52 oil refinery, urban discharge oil refinery effluent deviation (1999)

Inner Nervión 3, 4, 5 499 changes in morphology,

pollutants

water treatment plant (1990–2001)

Outer Nervión 6, 7 499 dredging (2001), port

construction (1993–1997)

water treatment plant (1990–2001)

Butroe 10, 11, 12 78 small urban discharges,

dredging (2001)

water treatment plant (1997)

Inner Oka 16 137 urban discharge

Outer Oka 17, 18 137 shipyard, dredging (1995,

1998, 1999, 2003)

urban discharge deviation

Lea 21, 22 45 water treatment plant (1995, 2005)

Artibai 24, 25 83 urban and industrial discharges basin water treatment

Deba 27, 28 198 urban and industrial discharges basin pollutants removal

Urola 30, 31, 32 144 dredging (2000–2005),

port construction (1997–1998)

basin and estuarine water

treatment (2007)

Oria 34, 35 149 land-claim (2001), port

construction (2005)

basin water treatment

Urumea 39, 40 145 urban and industrial discharges water treatment plant

Oiartzun 42, 43, 44 144 morphology, pollutants,

dredging (decreasing since 1995)

water treatment plant (1996, 2001)

Bidasoa 48, 49, 50 270 urban discharges (1995),

port construction (1998–2000)

water treatment plant (2000, 2003)

Cantabria–Matxitxako 8, 9, 13, 15 53 small urban discharges,

sediment disposal

basin water treatment

Matxitxako–Getaria 19, 20, 23, 26, 29, 33 125 small urban discharges basin water treatment

Getaria–Higer 36, 37, 45, 47, 51 99 sediment disposal (2000, 2002),

urban discharges (2000)

water treatment plant (2000, 2003)

Mompás–Pasaia 41 3 outfalls (1970, 1996) submarine pipeline (2001) and

water treatment plant (2006)

The years of the pressure or action are shown in brackets (data updated from Borja et al. (2006b)). For station locations, see Fig. 1.
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Results

Coastal waters

Some examples of the M-AMBI evolution within coastal

waters are shown in Fig. 2. In the Figure, the coastal

waters of the catchment of the Lea lie far from any signif-

icant pressure, showing little variation with time at either

of the locations studied (Fig. 2A); these are classified,

over most of the time, as high quality status.

Conversely, the station located within the Mompás–Pa-

saia coastal water body shows an increase, from bad-poor

quality status, in 1996–1999, to high quality status after

2003 (Fig. 2B). The decrease in quality from 1995 to 1996

coincides with an increase of urban and industrial dis-

charges (Table 2). Such discharges were eliminated from

the area in 2001 (Table 2), producing a significant

(P < 0.005) improvement in benthic quality, with mean

M-AMBI values of 0.34 before the discharge removal to

0.85 after (see Table 3). This particular time-series

shows a significant and positive trend through the period

1995–2007 (Spearman r = 0.73, P = 0.01).

Two of the stations in the Getaria–Higer coastal water

body show good quality status throughout almost all of

the studied period (Fig. 2C). In spite of this pattern,

Station 45 drops from high to moderate status in 2001;

this coincides with dredged sediment disposal in the

surrounding waters near to the port of Pasaia (Table 2).

A similar pattern is detected in 2002–2003 for Station 47,

following a new dredging disposal (Table 2). Although

Station 47 is located near an authorized disposal area,

dredged sediments were sometimes discharged outside

this area, such as in 2000–2001 near to Station 45, as

detected by M-AMBI. Hence, differences in M-AMBI

values before and after the disposal are significant

(P < 0.005), dropping from 0.8 to 0.53 (Table 3).

Transitional waters

In relation to transitional waters, Fig. 3 presents examples

of different water treatment levels, together with addi-

tional pressures. Hence, the Butroe water body completed

their water treatment plan by 1997 (Table 2); subse-

quently, the benthic quality began to improve, from good

to high, in Station 12 (Fig. 3A). The differences in M-

AMBI values before and after the discharge removal are

significant (P < 0.005), increasing from 0.66 to 0.79

(Table 3).

In 2002, the quality of this water body was reduced

between good and moderate (Station 12), with Station 11

being of moderate quality, and Station 10 high quality

(Fig. 3A). Stations 11 and 12 were affected by the channel

dredging undertaken in 2001 (Table 2), which improved

the quality (to good status) at both locations following

this date. Station 10 was not affected by this particular

pressure, because it is located far from the external part

of the water body. Hence, differences in M-AMBI values

before and after the channel dredging are significant

(P < 0.005), decreasing from 0.81 to 0.50 (Table 3).

The benthic ES at the inner Oka water body (Station

16) oscillates around poor quality, due to the absence of

any water treatment within the area (Fig. 3B). In the

Outer Oka, Station 17 shows a moderate status for most

of the time; however, the quality sometimes drops

because of periodic dredges undertaken near a shipyard,

such as in 1995, 1998–1999 and 2003 (Fig. 3B, Table 2).

In this case, differences in M-AMBI values before and

after dredging are significant (P < 0.005), decreasing from

0.55 to 0.39 (Table 3). In turn, there is little pressure on

the external part of this water body; the benthic quality

A

B

C

Fig. 2. Evolution of benthic ecological quality ratios, calculated as M-

AMBI values, from coastal locations: (A) within the Matxitxako–Getar-

ia water body (Stations 20 and 23); (B) within the Mompás–Pasaia

water body; (C) within the Getaria–Higer water body (Stations 45 and

47). For locations, see Fig. 1. H, high status; G, good status; M, mod-

erate status; P, poor status; B, bad status.
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improvement identified in recent years (Fig. 3B) might be

related to the removal of small urban discharges.

The Artibai transitional water body does not have any

water treatment plant, but waters in its catchment area

began to be treated in the late 1990s. This could be the

cause of the gradual improvement in benthic quality

within the estuary since 1998 (Fig. 3C).

Figure 4 shows two examples of large water treatment

programmes undertaken in recent years. The Oiartzun

water body was azoic in its inner part, such as at Station

42 (Fig. 4A), before the diversion of the majority of the

urban and industrial discharges in 1996 (Table 2). How-

ever, some locations within the estuary still receive

important polluted discharges, such as near Station 43

(Fig. 4A). Conversely, the external part of the system

(Station 44) always showed a good quality, which

improved after 2003 (as at Station 42), some time after

the Water Treatment Plant started to function (Table 2).

The M-AMBI time-series from Station 42 shows a signifi-

cant and positive trend (Spearman r = 0.93, P = 0.001).

A similar pattern is observed in the Bidasoa water body

(Fig. 4B), which undertook several water treatment pro-

grammes between 1995 and 2003 (Table 2). The quality

in the external part of the water body (Station 50) has

improved, over time, from poor to good (Fig. 4B),

showing a significant positive trend (Spearman r = 0.67,

P = 0.019). This station achieved a good status when the

water treatment programme was completed in 2003

(Table 2). Conversely, Station 49, which has had a high

status throughout almost all of the study period, experi-

enced some reductions in quality associated with periodic

wastewater discharges (1996 and, probably, 2004–2005)

(Fig. 4B).

Figure 5 shows the response of M-AMBI to several

engineering works. The Outer Nervión water body shows

some stability in benthic quality (at Stations 6 and 7)

throughout the study period. However, in 2001–2002, the

status of Station 7 changed from good to poor (Fig. 5A),

associated with extensive dredging activities within the

area (Table 2). Hence, differences in M-AMBI values

before and after dredging are significant (P < 0.05),

decreasing from 0.84 to 0.38 (Table 3). It took 3 years for

this station to recover its previous benthic quality, defined

on the basis of M-AMBI values.

Conversely, the transitional water body at Orio experi-

enced a succession of engineering works which decreased

the benthic quality at Station 35 (Fig. 5B). In 2001,

some land reclamation took place in the area, and in

2005–2006, a marina was built near this station (Table 2).

Differences in M-AMBI values before and after land

reclamation are significant (P < 0.005), decreasing from

0.48 to 0.32, whereas the decrease in quality after the

marina construction was not significant (Table 3).

Station 34, within the same water body, which was not

affected negatively by these pressures, benefited from the

water treatment activities, both in the catchment and

Table 3. Comparison, using a Student’s t-test, of mean M-AMBI values before and after pressures or actions taken to remove them for a limited

space of time.

water

body stations

pressure ⁄
action

before pressure or action after pressure or action

Student’s

t

P

significanceyears mean M-AMBI ± SD years mean M-AMBI ± SD

Mompás–Pasaia 41 discharge

removal

1996–2001 0.34 ± 0.13 2002–2007 0.85 ± 0.13 )6.56 <0.005

Getaria–Higer 45 dredging

disposal

1995, 1997–2000 0.80 ± 0.04 1996, 2001–2003 0.53 ± 0.11 5.53 <0.005

47 dredging

disposal

2002 0.80 ± 0.04 2003 and 2004 0.53 ± 0.11 5.53 <0.005

Butroe 12 discharge

removal

1995–1997 0.66 ± 0.02 1998–2001 0.79 ± 0.03 )7.84 <0.005

Butroe 12 dredging 1999–2001 0.81 ± 0.02 2002 0.50 ± 0.06 8.50 <0.005

11 dredging 0.81 ± 0.02 2002 and 2003 0.50 ± 0.06 8.50 <0.005

Oka 17 dredging 1997, 1998, 2001,

2002, 2005

0.55 ± 0.07 1995, 1999, 2000,

2003, 2004

0.39 ± 0.04 4.28 <0.005

Outer Nervión 7 dredging 1998–2001 0.84 ± 0.16 2002 and 2003 0.38 ± 0.16 3.44 <0.05

Orio 35 land

reclamation

1999–2001 0.48 ± 0.02 2002 and 2003 0.32 ± 0.06 3.93 <0.005

35 marina

construction

2004 and 2005 0.59 ± 0.07 2006 and 2007 0.48 ± 0.07 1.63 n.s.

The years used within the analysis are shown for each station and water body.

SD, standard deviation; n.s., correlation not significant (P > 0.05).
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within the estuary; these increased the quality from mod-

erate to high status within the study period (Fig. 5B). The

M-AMBI time-series from this station shows a significant

and positive trend (Spearman r = 0.90, P = 0.04).

In 1999, oil refinery effluent ceased to be discharged

into an area near Station 1 within the Barbadún water

body (Table 2). Although sampling at this station com-

menced in 2002, the improvement in benthic quality here

might be associated with the removal of this particular

pressure (Fig. 6). The changes in benthic quality observed

at Station 2 (Fig. 6), within the same estuary, are associ-

ated with the malfunctioning of a water treatment plant

within the water body.

On the basis of the time-series analysis, none of the sta-

tions showed any significant negative trends (at P < 0.05)

throughout the 51 sampling locations. Stations with posi-

tive trends (those mentioned above and others, such as

Stations 3 and 26) are located within water bodies with

water treatment programmes extending over most of the

study period. This progressive improvement in water qual-

ity has led to increasing levels of dissolved oxygen and,

A

B

C

Fig. 3. Evolution of benthic ecological quality ratios, calculated as M-

AMBI values, from transitional locations: (A) within the Butroe water

body (Stations 10, 11 and 12); (B) within the inner and outer Oka

water bodies (Stations 16, 17 and 18); (C) within the Artibai water

body (Stations 24 and 25). For locations, see Fig. 1. H, high status; G,

good status; M, moderate status; P, poor status; B, bad status.

A

B

Fig. 4. Evolution of benthic ecological quality ratios, calculated as M-

AMBI values, from transitional locations: (A) within the Oiartzun water

body (Stations 42, 43 and 44); (B) within the Bidasoa water body (Sta-

tions 48, 49 and 50). For locations, see Fig. 1. H, high status; G, good

status; M, moderate status; P, poor status; B, bad status.

A

B

Fig. 5. Evolution of benthic ecological quality ratios, calculated as M-

AMBI values, from transitional locations: (A) within the Outer Nervión

water body (Stations 6 and 7); (B) within the Orio water body (Sta-

tions 34 and 35). For locations, see Fig. 1. H, high status; G, good sta-

tus; M, moderate status; P, poor status; B, bad status.
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ultimately, in progressively higher M-AMBI values. This

pattern can be observed when comparing M-AMBI and

mean annual oxygen saturation values in bottom layers of

the water column for stations from several of the water

bodies (Inner Nervión, Oiartzun, Bidasoa) (Fig. 7A).

Hence, a positive and significant relationship (r = 0.85,

P < 0.0001) was established between oxygen saturation

and M-AMBI. The results of the multiple linear regression

analysis are summarized in Table 4. Oxygen saturation

and mud content were the environmental variables which

best explained the variability in M-AMBI (Table 4). The

final model showed a positive relationship between

M-AMBI and oxygen saturation, and a negative relation-

ship between M-AMBI and mud content, as summarized

in the partial regression plots (Fig. 7B,C).

Discussion

Using adequate reference conditions (i.e. diversity, rich-

ness and AMBI, as in Table 1) for each typology, taking

into account salinity stretches and associated benthic

communities, the M-AMBI responds as expected when a

pressure is present or when it is removed, both in coastal

and transitional water bodies. From the data obtained in

this investigation, the pressures and actions to which

M-AMBI responds can be grouped into several paradig-

matic examples, as commented upon below.

Urban and industrial discharges

This pressure consists mainly of organic matter, nutrient

and pollutant discharges, which can result ultimately in

oxygen depletion, eutrophication, etc. The estuarine and

coastal aquatic systems within the Basque Country

received high pollutant loads until the end of the 1990s

(Cearreta et al. 2004; Garcı́a-Barcina et al. 2006; Borja

et al. 2008e). As a consequence, depending on the magni-

tude of the load, the morphological structure of the water

bodies, residence times, etc., some were azoic over a

A

B

C

Fig. 7. (A) Non-linear regression between oxygen saturation (x) and

M-AMBI (y) using stations from transitional water bodies with progres-

sive water treatment programmes, such as inner Nervión and Oi-

artzun, for the period 1995–2007. Partial regression (added variable)

plots generated from the multiple linear regression analysis (Table 4),

between M-AMBI and oxygen saturation (B) and mud content (C).

Fig. 6. Evolution of benthic ecological quality ratios, calculated as M-

AMBI values, from transitional locations within Barbadún water body

(Stations 1 and 2). For locations, see Fig. 1. H, high status; G, good

status; M, moderate status; P, poor status; B, bad status.

Table 4. Results of the multiple linear regression analysis, M-AMBI

being the response variable (multiple R-squared = 0.739; F-statis-

tic = 65.39; P < 0.0001).

variable coefficients SE t-value P

intercept )0.2768 0.1115 )2.4829 0.0167

water oxygen saturation (%) 0.0112 0.0011 10.0685 <0.0001

mud content (%) )0.0026 0.0009 )2.9803 0.0046

Data of stations from transitional water bodies with progressive water

treatment programmes, such as inner Nervión and Oiartzun, for the

period 1995–2007 were used.

Borja, Muxika & Rodrı́guez Paradigmatic responses of marine communities

Marine Ecology 30 (2009) 214–227 ª 2009 Blackwell Verlag GmbH 221



number of years. M-AMBI classifies these systems into

bad to moderate benthic status, detecting clearly the

impacts produced by such pressures, i.e. high AMBI val-

ues and low diversity and richness levels. This pattern can

be observed in Mompás–Pasaia until 2000 (Fig. 2B): in

Stations 16, 24 and 25 (Fig. 3B,C); Stations 43 and 42

until 2004 (Fig. 4A); and Station 50 until 2002 (Fig. 4B).

A similar response of benthic communities to wastewater

discharges has been described elsewhere (Silva et al. 2004;

Solı́s-Weiss et al. 2004).

Dredging and disposal of sediments

Both of these pressures are physical in character, although

they can also affect benthic communities by the mobiliza-

tion of sediments and the bioavailability of pollutants. A

negative response to sediment disposal has been observed

at two of the coastal stations (45 and 47, Fig. 2C), whilst

dredging effects on M-AMBI have been detected at several

transitional water stations [e.g. Stations 11 and 12

(Fig. 3A), Station 17 (Fig. 3B), and Station 7 (Fig. 5A)].

These pressures produce a reduction by two or three lev-

els in quality (M-AMBI values after the pressure represent

between 30 and 55% of the values before the pressure; see

Table 3), with the final M-AMBI quality assessment being

poor or moderate. Recovery to the previous quality classi-

fication takes 2 or 3 years following cessation of the

impact.

Similar responses to sediment disposal, including

recovery within 2 years, have been detected at the benthic

community level (Guerra-Garcı́a & Garcı́a-Gómez 2006;

Powilleit et al. 2006; Wilber et al. 2007) or using AMBI

alone (Muxika et al. 2005). However, the level and dura-

tion of the impact depend on the dredged volumes and

their disposal.

Engineering works

Land reclamation, dyke and marina construction have all

produced damage to benthic communities, with a reduc-

tion in M-AMBI values (see Stations 7 and 35; Fig. 5 and

Table 3). In this particular case, the quality changed by

one level (from moderate to poor, or from good to mod-

erate, with M-AMBI values after the pressure representing

33% of the values before the pressure), whilst recovery to

the previous quality took around 2 years. Although there

are very few studies undertaken on the impact of land

reclamation on benthic communities (McLusky et al.

1992; Fujii 2007), it would appear that these impacts are

produced through habitat loss and disturbances to the

food webs. Long-term breakwater and harbour construc-

tions produce impacts on benthic communities by chang-

ing their composition (Kruger et al. 2005). However,

Dauvin et al. (2006) have observed that changes in ben-

thic and suprabenthic assemblage abundances did not

exceed the natural range of spatial variability in the Seine

estuary (France), 1 year after the construction of a

harbour.

Removal of point-source discharges

Point-source pollution originates generally from wastewa-

ter discharged from industrial installations and municipal

sewage (essentially domestic). In recent years, most of

these pressures have been removed from the Basque aqua-

tic systems, resulting in a positive evolution of benthic

quality. For example, the removal of oil refinery effluent

discharged into a transitional water body (Stations 1 and

2, Fig. 6) produced an increase in quality from poor–

moderate to good M-AMBI in 2–3 years. The recovery

time, after oil refinery effluent discharge ceased, varies

and depends upon the particular area and the type of

organisms involved. However, Wake (2005) has men-

tioned 2–3 years of recovery for several locations

elsewhere.

Conversely, the removal of a large coastal outfall in the

Mompás–Pasaia water body increased the quality from

bad–poor to good–high, in 6 years (Fig. 2B). In this par-

ticular case, the diversity increased from <1 to >4 bit-

sÆind)1, richness from 10 to 40 taxa, and the AMBI

decreased from nearly 6 (heavily disturbed) to nearly 2

(slightly disturbed) (for details, see Borja & Muxika

2008). These authors found significant (P < 0.05) differ-

ences before and after the outfall removal for Pb, Zn and

redox potential, which changed from negative to positive

values. Similar patterns of response to the removal of

outfall impacts or sewage-sludge disposal cessation, in

terms of changes of richness, diversity, and opportunistic

species, have been described elsewhere (Bellan & Bourcier

1990; Solı́s-Weiss et al. 2004; Smith & Shackley 2006;

Wear & Tanner 2007; Whomersley et al. 2007).

Water treatment programmes

Water treatment in several of the Basque river catchments

and estuarine systems started in the late 1980s, e.g. in the

Nervión estuary (Garcı́a-Barcina et al. 2006). Most of the

engineering works within this particular estuary finished

in 2000, when biological water treatment commenced;

this coincided with a clear recovery of the physico-chemi-

cal, benthic and fish elements (Borja et al. 2008e). Other

paradigmatic examples are Station 18 (Fig. 3B), Stations

42 and 44 (Fig. 4A), Station 50 (Fig. 4B) and Station 34

(Fig. 5B).

The positive trends observed in the benthic status are

due mainly to a reduction in recent years of nutrient
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discharges and an increase in dissolved oxygen; in some

cases, from anoxic or hypoxic situations, to well-oxygen-

ated bottom layers, e.g. as observed in the Oiartzun and

Nervión estuaries (Borja et al. 2006a; Garcı́a-Barcina et al.

2006). In previously less-affected areas, recovery takes

around 3 years (see Station 18, Fig. 3B); however, for the

most impacted water bodies, recovery to a good benthic

status takes 8–10 years to achieve (see Fig. 4A,B). In

extreme cases, with high residence times, previous azoic

sediments and large areas affected, recovery can require

15 years, e.g. the inner Nervión water body (Borja et al.

2006a).

As Borja et al. (2006a) provide the longest benthic ser-

ies (1989–2006), within the Basque Country, the data can

be used to examine the relationships between water treat-

ment history and the benthic response. Updating these

authors’ data to 2007 in a station located near to Station

5 (Fig. 1), a close relationship can be seen between the

evolution of oxygen saturation and the AMBI (Fig. 8).

After a period of hypoxia and azoic sediments before

1990, oxygen increases to 50% of saturation in response

to the commencement of wastewater treatment in 1990.

This period, which extends until 1995, is characterized by

heavily disturbed benthic quality (AMBI values >5.5),

with a dominance of opportunistic species. Between 1995

and 2000, coinciding with the closure of a company gen-

erating most of the industrial pollution within the estu-

ary, and together with an increase in the population

served, AMBI experienced different changes, the oxygen

saturation increasing. After 2000, with nearly 1 million

inhabitants served and the wastewater biological treat-

ment started, oxygen increased to >80%, with AMBI val-

ues dropping from 5 to 2–3 (indicating a slightly

disturbed benthic community). During this latter period,

opportunistic species represented <15% of the species

abundance, whereas sensitive species and those tolerant to

organic matter dominated in this part of the estuary

(Fig. 8).

At this station, AMBI, diversity and M-AMBI show sig-

nificant (P < 0.001) correlations with the population

served during the period studied (1989–2006) and, conse-

quently, with an increase in dissolved oxygen within this

part of the estuary (Table 5). The proportion of opportu-

nistic species decreases significantly over time due to an

increase in oxygen (Table 5); conversely, ecological

groups that are sensitive, indifferent and tolerant to

organic pollution increased significantly (Table 5). This

pattern has resulted in a significant reduction in the

AMBI, an increase of richness, diversity and M-AMBI

(Table 5). In some particular cases, following the increase

in oxygen, the high metal concentrations in the sediments

of this estuary can inhibit the recovery in some areas, act-

ing as a secondary factor in determining the benthic

structure (Borja et al. 2006a). This might explain some

of the data presented in Fig. 7A, in which relatively high

levels of oxygen saturation (>60%) correspond to low

M-AMBI values (<0.4), with poor and bad ES related

probably to other sources of impact. As an example, some

of the M-AMBI variability is also explained by the mud

content of sediment (Table 4, Fig. 7C). This might be due

to the positive correlation between mud content and

pressure level (such as in chemical pollution) within these

estuaries. Within these estuaries the reduction of urban

organic matter inputs, together with the elimination of

iron mining (once the raw ore was removed from the

mine, it was crushed and washed, producing high

amounts of suspended solids), probably led to this

reduction in mud content. Hence, this reduction can

explain this relationship in these particular estuaries, but

the relationship cannot be generalized because in other

systems, M-AMBI was not related to mud content (see

Fig. 5, in Borja et al. 2008a).

Fig. 8. Evolution of AMBI values, mean annual oxygen saturation (ox. sat.) in the bottom layers of the water column, together with the percent-

age of each AMBI’s ecological group, for a sampling location between Stations 5 and 6 within the Inner Nervión water body. Ecological groups: I

– sensitive to disturbance; II – indifferent; III – tolerant to organic matter; IV – opportunistic of second order; V – opportunistic of first order. Data

obtained from the Consorcio Bilbao-Bizkaia.
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Such a paradigmatic biological response, illustrating the

benthic recovery pattern, is similar to that in other Bas-

que aquatic systems with water treatment programmes

undertaken over several years, i.e. Oiartzun and some

parts of the Bidasoa, but also in other estuaries and along

coasts elsewhere (Dı́az & Rosenberg 1995; Dauer et al.

2000; Rosenberg et al. 2002; Cheung et al. 2008; Shin

et al. 2008).

Conclusions

The fate and behaviour of dissolved oxygen is of critical

importance to marine organisms in determining the

severity of adverse impacts; this is the reason for its

importance as one of the physico-chemical factors sup-

porting biological elements within the WFD (Bald et al.

2005; Best et al. 2007). On the basis of several examples

of urban and industrial discharges into the Basque Coun-

try water bodies, the absence of oxygen, or the recovery

of sufficient oxygen concentrations (following water treat-

ment), to support recolonization of previous azoic areas,

has been demonstrated as an important pressure-driving

the quality status of benthic communities. This conclu-

sion has been demonstrated through the response of the

M-AMBI index in detecting changes in benthic quality.

Moreover, M-AMBI has detected benthic impacts pro-

duced by different hydro-morphological pressures, includ-

ing dredging, sediment dumping and harbour

construction and, likewise, benthic quality recovery

following the cessation of the former.

The validation of M-AMBI within the WFD confirms

its inclusion in the integrative tools for ES assessment

(Borja et al. 2008d, 2008e). However, although the

M-AMBI detects the impacts produced by different pres-

sures, this approach requires intercalibration in transi-

tional waters, with other benthic methods, similar to that

undertaken for coastal waters (Borja et al. 2007a).
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a b s t r a c t

Validation of the AZTI’s Fish Index (AFI), proposed for the Basque Country (northern Spain), in assessing
fish quality within the Water Framework Directive (WFD), is undertaken. The response to anthropogenic
pressure is investigated, in setting the boundaries between the different quality status classes. Hence, 12
estuaries were sampled, at different frequencies, between 1989 and 2007, by means of a beam trawl.
Significant (p < 0.0001) correlations were found between the AFI and oxygen saturation and ammonia.
Oxygen quality standards are used to set boundaries between quality classes. Then, the AFIs obtained are
compared with different anthropogenic pressures, including urban and industrial discharges, engi-
neering works and dredging. The effects of the removal of some of these pressures are also studied. The
total number of pressures within an estuary shows significant (p < 0.009) negative correlation with AFI,
explaining between 51 and 62% of the variability in fish quality. The impact of pressures upon fish and
demersal assemblages is detected as required by the WFD. Nonetheless, further investigation and
intercalibration of the methods used, are necessary.

� 2009 Elsevier Ltd. All rights reserved.

1. Introduction

The European Water Framework Directive (WFD; Directive 2000/
60/EC) states the need to achieve ‘a good ecological status’, by 2015,
for all European water bodies, including transitional (estuaries) and
coastal waters (for details, see Borja et al., 2004; Borja, 2005). Bio-
logical elements are especially important, in assessing such a status,
e.g. phytoplankton, macroalgae, angiosperms, benthos and fish. A
similar approach has been adopted by the new European Marine
Strategy Directive (MSD; Directive 2008/56/EC), in assessing the
environmental status within offshore waters (Borja, 2006), together
with other legislation world-wide (Borja et al., 2008).

In the particular case of fish, the WFD specifies that they must
be assessed in freshwaters and transitional waters (and not in
coastal waters), taking into account species composition, abun-
dance and the proportion of disturbance-sensitive species. In fact,
the trends in one or more of the community attributes (such as
composition, trophic structure, diversity, abundance or biomass)
can be used to monitor the ecological functioning, and health, of
an estuarine ecosystem (Moore et al., 1995; Whitfield and Elliott,
2002).

As stated by Coates et al. (2007), most of the methods used to
assess the ecological status, based upon fish, are derived from the
metric-scoring system used in assessing the ‘biotic integrity’ of
North American fish communities (Karr, 1981), i.e. the ‘index of
biotic integrity’ (IBI). Derivations from this method have been used
as a classification tool for fish quality assessment, world-wide
(Deegan et al., 1997; Harrison et al., 2000; Gibson et al., 2000;
Hughes et al., 2002; Whitfield and Elliott, 2002; Harrison and
Whitfield, 2004, 2006); in recent times, it has served as basis for
several methodologies applied under the WFD (Borja et al., 2004,
2009a; Breine et al., 2004, 2007; Coates et al., 2007), being some of
them compared in Martinho et al. (2008). Recently, some of these
methods have been applied to coastal waters under the MSD
(Henriques et al., 2008).

According to the WFD, biological element methodologies used
to assess ecological status should respond to anthropogenic pres-
sures, rather than to natural variability (Solimini et al., 2006).
However, very few studies have focused upon the response of these
fish assessment methods to human pressures (Harrison et al., 2000;
Cabral et al., 2001; Breine et al., 2007; Vasconcelos et al., 2007).
Hence, there is a need to validate the proposed fish methodologies,
against transitional water pressures, as has been undertaken for
benthos (Borja et al., 2009b).

The WFD states that any sign of distortion, from type-specific
conditions in the species composition and abundance of fish,
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together with the abundance of the disturbance-sensitive species,
must be attributable to anthropogenic impacts on physico-chem-
ical or hydromorphological quality elements. This distortion is
calculated by means of the Ecological Quality Ratio (EQR), which
represents the differences between monitored data and reference
conditions (see Borja et al., 2004). The EQR, which ranges between
0 and 1, is divided into five quality classes (i.e. bad, near to 0; poor;
moderate; good; and high, near to 1, status), according to the
normative definitions within the WFD. The validation of the
methodologies used in the assessment requires also the determi-
nation of boundaries between such quality classes.

Hence, the aim of this contribution is to validate the method-
ology proposed by Borja et al. (2004), in assessing fish quality
within the WFD (named AZTI’s Fish Index (AFI)), by studying the
response to anthropogenic pressures; likewise, setting boundaries
between the different quality status classes.

2. Methods

2.1. Sampling

A network of monitoring trawl lines along the 12 main Basque
estuaries, from the inner, middle and outer reaches (three to five
trawl lines, per estuary), was established by the Basque Govern-
ment; this network provides water, sediment and biological quality
information from a total of 39 sampling locations (Fig. 1). The
demersal assemblage sampling was carried out every September–
October, at high tide, between 2002 and 2007, once every 3 years at
each of the estuaries. Moreover, some parts of the estuaries were
sampled on the basis of long-term annual time-series: Barbadún
(three trawl lines) and Nervión (five trawl lines), since 1989–1990;
and Butroe (three trawl lines), since 1997; whilst others were
sampled, discontinuously, since 1995 (Table 1). Locations were
determined by the suitability of the sea-bed for trawling, as well as
by the requirement to incorporate the whole of the salinity range
within each of the estuaries.

At each of these trawl lines, three hauls (replicates) were
collected, using a 1.5 m wide beam trawl with a tickler chain; the
first part of the net has 10 mm mesh size and 8 mm mesh size cod
end; and towed for 10 min at w1.5 knots (sometimes the trawl
period might differ, when rocks or other obstacles made the
trawling difficult). Finally, fish and crustacean density were calcu-
lated taking into account then fishing effort calculated from the
beam width, the time of trawling and the boat speed. Similar
methodologies have been used by other authors, such as Elliott and
Hemingway (2002), Johnson et al. (2008) and Selleslagh and Amara
(2008). Samples were identified and counted on-board

immediately. Species which could not be identified were fixed in
a solution of 4% formalin, then examined in the laboratory.

The Basque estuaries can be divided into 14 water bodies
(although, for this contribution, only 13 were considered; this was
because the Oka estuary was considered as a single water body,
instead of two bodies). These water bodies are distributed among
three transitional types (see ‘delimitation criteria’, in Borja et al.,
2004): (1) Type I – small river-dominated estuaries; (2) Type II –
estuaries with extensive intertidal flats; and (3) Type III – estuaries
with extensive subtidal areas (Table 1).

2.2. Pressures and environmental data

The estuaries and coasts of the Basque Country were investi-
gated, to identify relevant and significant human pressures (Borja
et al., 2006b). This information, together with the new information
obtained after that study, is summarised in Tables 2 and 3. An
overall pressure index was calculated for each estuary (see Table 2),
using data from significant pressures listed within Table 8 in Borja
et al. (2006b). Hence, a relative rating (3, 2, 1, and 0, respectively)
has been allocated to each of the pressure levels described there
(high, moderate, low, and without pressure, respectively). Subse-
quently, a ‘mean overall pressure index’ was calculated, for each of
the estuaries. The lowest pressure indices were those of the Lea and
Barbadún estuaries; the highest were those of the Nervión and
Oiartzun (Table 2).

The main significant pressures identified for the Basque Country
include urban and industrial discharges (affecting organic matter
increase and oxygen consumption), and hydromorphological
pressures (dykes and port construction, dredging, and land recla-
mation). Conversely, positive actions include the removal of
discharges and water treatment programmes (at catchment and
estuary levels, including wastewater treatment plants) (Table 3).

Hypoxia and ammonia are considered as being harmful for
estuarine fishes (Eby et al., 2005; Eddy, 2005). Hence, oxygen
saturation and ammonia have been used as environmental vari-
ables, to determine their effects on fish quality assessment. Data
used in this investigation are those obtained from the Nervión
estuary, which has an extensive dataset since 1989; this includes
low tide bottom oxygen saturation and ammonia (on the basis of
eight to 12 annual surveys). Oxygen was measured using
membrane polarographic probes, whilst ammonia concentrations
were determined by segmented-flow analysis, with Technicon AAIII
systems, following Hansen and Grashoff, 1983. Mean oxygen and
ammonia values have been derived on the basis of a 12 month
sampling period (up to 12 data, from October of 1 year, to
September of the next year); these were used to establish the

Fig. 1. Sampling locations (trawl lines) and water bodies within the estuaries of the Basque Country.
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influence of oxygen on demersal assemblages, as sampled in
October.

The fate and behaviour of dissolved oxygen is of critical
importance to marine organisms, in determining the severity of
adverse impacts; this is the reason for its importance as one of the
physico-chemical elements supporting biological elements, within
the WFD (Bald et al., 2005; Best et al., 2007). Taking into account
the effects of dissolved oxygen on fish assemblages and health, in
transitional waters (Maes et al., 2007), if a significant correlation is
found between EQR and oxygen, then some oxygen saturation
standards can be applied as the basis for the calculation of the EQR
class boundaries. Hence, we propose here to use only generally
accepted standards, as outlined below.

� 100% of oxygen saturation might be used as the threshold
between high and good status.
� 80%, which corresponds to the quality standards for some uses

of marine waters, such as shellfishing and aquaculture (79/923
Shellfish Waters Directive), might be used as the threshold,
between good and moderate status. This boundary is the most
important within the WFD, because if ‘good status’ is not
achieved, some actions to remove the pressures are necessary.
� 60%, which corresponds to the minimum value to be reached at

any time and anywhere in the Nervión estuary, as an objective
of the management authority (Borja et al., 2006a; Garcı́a-
Barcina et al., 2006), might be used as the threshold, between
moderate and poor status. In addition, values >60% are
preferred for salmon migration, after Priede et al. (1988).

� 40%, which corresponds to a value below which the area could
present some hypoxia, even anoxia, events might be used as
the threshold, between poor and bad status. Hence, fish (i.e.
salmon) movement is inhibited below this boundary and fish
mortality is probable, after Priede et al. (1988).

2.3. Biological data

The method used in this contribution (AFI), developed by Borja
et al. (2004) and slightly modified subsequently (Borja et al.,
2009a), is based upon two different models: that of the U.K.
(Whitfield and Elliott, 2002) and that of Belgium (Breine et al.,
2004, 2007). One of the problems in adapting these models here is
the small size of the Basque estuaries (Table 1), which contain only
a small number of ‘estuarine resident’ fish species. Hence, Borja
et al. (2004) proposed the incorporation of the crustaceans, as
a characteristic demersal component of the estuaries, when
assessing Types I and II; then using fishes alone, for Type III (the
Nervión, Oiartzun and Bidasoa estuaries). The AFI, as described in
Borja et al. (2004, 2009a) incorporates: (1) the richness (number of
species); (2) indicator and introduced species (percentage of indi-
viduals); (3) fish health (percentage affected); (4) trophic compo-
sition (percentage of omnivorous and piscivorous); and (5) resident
estuarine species (number and percentage of individuals) (see
Table 4). Some of these metrics are being used elsewhere in
determining fish assemblages (Elliott and Dewailly, 1995; Elliott
et al., 2007; Franco et al., 2008).

Table 1
Characteristics of each water body (typology and area), together with the names of the stations sampled, the percentage of the water body assigned to each station (in the same
order), total number of samples available and the sampling period. Notes: (a) for station locations, see Fig. 1; and (b) the area of each water body has been obtained from Borja
et al. (2006b).

Water body Typology Area (km2) Stations Station area (%) Samples (number of hauls) Sampling period (years)

Barbadún II 0.75 1, 2, 3 54, 40, 6 135 1990–2006
Outer Nervión III 19.10 4, 5 80, 20 114 1989–2007
Inner Nervión III 10.14 6, 7, 8 31, 31, 38 138 1989–2007
Butroe II 1.60 9, 10, 11 68, 16, 16 66 1997–2005
Oka II 10.28 12, 13, 14 33, 22, 45 18 2002, 2005
Lea II 0.50 15, 16, 17 50, 40, 10 18 2002, 2005
Artibai II 0.46 18, 19, 20 60, 25, 15 18 2002, 2005
Deba I 0.74 21, 22, 23 20, 30, 50 27 1996, 2003, 2006
Urola II 0.83 24, 25, 26 66, 22, 12 27 1996, 2004, 2007
Oria II 2.36 27, 28, 29 37, 40, 23 27 1996, 2003, 2006
Urumea I 1.40 30, 31, 32 55, 30, 15 27 1995, 2004, 2007
Oiartzun III 1.00 33, 34, 35, 36 30, 20, 35, 15 45 1995, 2001, 2004, 2007
Bidasoa III 6.83 37, 38, 39 45, 22, 33 54 1995, 2001, 2004, 2005, 2007

Table 2
Main driving forces acting in the Basque Country, for each estuary, together with the total number of pressures, a global pressure index, and some significant pressures. Data
updated from Borja et al. (2006b), for explanation on units, see that contribution.

Driving forces Pressures

Estuary Population Industry Ports Agriculture Total
pressures

Pressure
index

Nutrient discharge Water
pollution

Sediment
pollution

Dredged
sediments

Shoreline
reinforcement

Intertidal
losses

Berths

(n� km�2) (n�) (n�) (n�) (n�) (kg N d�1 km�2) (%) (%) (104 m3$ y�1) Ports (%) Other (%) (%) (n�)

Barbadún 320.7 407 0 396 52 0.9 2005 10 0.0 0 0.0 46.4 81 3
Nervión 3623.5 65,337 5 2264 499 2.8 904 27 82.8 32 90.7 2.1 30 1555
Butroe 207.5 728 1 890 78 1.1 1342 13 0.0 11.8 7.1 22.3 37 407
Oka 85.3 421 1 1000 137 1.2 210 12 0.0 3 1.9 51.4 30 356
Lea 175.2 577 1 444 45 0.8 2016 4 0.0 0 11.3 58.4 15 178
Artibai 305.8 1054 1 435 83 1.3 2788 8 34.1 10.5 19.1 32.2 40 202
Deba 111.4 931 1 507 198 1.8 9445 33 60.8 0.2 3.8 56.9 45 128
Urola 211.7 844 1 349 144 1.8 5427 23 52.9 6 10.0 36.4 57 638
Oria 89.8 1082 1 562 149 1.4 5331 29 17.6 4.5 12.3 40.7 59 168
Urumea 2957.7 1329 0 328 145 1.2 3075 28 46.1 0 0.0 43.8 88 5
Oiartzun 2151.3 24,164 3 606 144 2.9 1629 39 70.0 20.1 66.8 24.6 55 200
Bidasoa 1020.5 7013 5 707 270 1.9 1233 19 5.5 1.1 13.2 62.4 60 1682
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Each of the nine indicators used in Table 4 has an associated
score (1, 3 or 5). The addition of all the scores provides the final
quality classification for this element, as follows: high quality: 39–
45 scores; good quality: 31–38; moderate quality: 24–30; poor
quality: 17–23; and bad quality: 9–16. These values have been
converted into an EQR, lying between 0 (9 scores) and 1 (45 scores).
An Excel file template, which automatically calculates the EQRs
(¼AFI) from trawl line abundance data, is available upon request to
the authors.

The AFI was calculated for each trawl line (after pooling all
replicates); the results were integrated then at the water body level,
following the methodology proposed by Borja et al. (2008, 2009a).
In essence, each trawl line is representative of a certain surface area,
within the water body, measured from maps and Geographical
Information Systems (see percentages, associated with each loca-
tion, in Table 1). Hence, having derived the AFI for each trawl line,

the total AFI for the water body can be calculated directly by,
weighting by that area. As an example, the integration of data for
1992, within the Barbadún estuary, is presented in Table 5. This
approach was proposed because the WFD requires the classification
at the water body level. Likewise, Coates et al. (2007) have high-
lighted that fish populations do not aggregate spatially within
estuaries; they are highly variable throughout the year. As such, it is
recommended that pooling the data be undertaken on an annual
survey basis, for all of the reaches.

2.4. Statistical treatment of the data

In order to study the effect of pressures and actions taken to
remove them, two analyses were performed: (1) when assessing
the impacts associated to one-off pressures or actions taken within
a limited space of time, descriptive measures such as mean and
standard deviations and Student’s t test for comparison of the
groups data were undertaken; and (2) to assess how well the
demersal assemblages were correlated with abiotic variables and
pressures, a pair-wise Pearson’s correlation between variables was
carried out. As pressures were measured in 2004, only the AFI
derived on the basis of fish and demersal data from 2004 to 2006,
were used as the dependent variable.

Statgraphics Plus 5.0 was used to undertake the statistical
analyses performed.

3. Results

Since 1989, the number of fish and crustacean species identified
in the Basque estuaries were 52 and 33, respectively (Table 6). In
total, 65 taxa were identified in the Nervión estuary, between 20
and 26 taxa were identified in the Barbadún, Butroe, Oiartzun and
Bidasoa estuaries, and between 10 and 20 taxa in the remainder. It
can be seen that the number of species is higher in Type III estuaries
and those with longer monitoring programmes. Indeed, there is
a significant correlation between the total number of hauls avail-
able (see Table 1) and the number of fish species identified (r: 0.92;
p < 0.0001), the number of crustaceans species (r: 0.76; p: 0.004),
and the total number of species found within each estuary (r: 0.90;
p: 0.0001). However, several species are common to all of the
estuaries, such as Gobius niger, Platichthys flesus (except in Oiart-
zun), Pomatoschistus sp., Solea solea, and Syngnathus spp. (except in
Urola) within the fishes, and Carcinus maenas, Crangon crangon, and
Palaemon spp., within the crustaceans (Table 6). Other common fish
are Anguilla anguilla and Diplodus sargus. In general, the highest
densities are recorded in the Nervión estuary (Table 6).

When the AFI was calculated for the dataset of the Nervión estuary,
using fishes alone or together with crustaceans, a significant positive
correlation (p < 0.0001) was found when comparing AFI with mean

Table 3
Main significant pressures (producing negative effect on fishes) and actions taken
(positive effects on fishes) detected at each transitional water body, within the
Basque Country. The year(s) of the pressure or action are shown in brackets. Data
updated from Borja et al. (2006b). Note: for estuary locations, see Fig. 1.

Water Body Pressures Actions

Barbadún Oil refinery, urban discharge Oil refinery effluent
deviation (1999)

Inner Nervión Changes in morphology, pollutants Water Treatment Plant
(1990–2001)

Outer Nervión Dredging (2001), port construction
(1993–1997)

Water Treatment Plant
(1990–2001)

Butroe Small urban discharges, dredging
(2001)

Water Treatment Plant
(1997)

Oka Urban discharge, Shipyard, dredging
(1995, 1998, 1999, 2003)

Urban discharge
deviation

Lea Water Treatment Plant
(1995, 2005)

Artibai Urban & industrial discharges Basin water treatment
Deba Urban & industrial discharges Basin pollutants

removal
Urola Dredging (2000–2005), port

construction (1997–1998)
Basin and estuarine
water
treatment (2007)

Oria Land-claim (2001), port
construction (2005)

Basin water treatment

Urumea Urban & industrial discharges Water Treatment Plant
Oiartzun Morphology, pollutants, dredging

(decreasing since 1995)
Water Treatment Plant
(1996, 2001)

Bidasoa Urban discharges (1995), port
construction (1998–2000)

Water Treatment Plant
(2000, 2003)

Table 4
Estuarine demersal indicators in the Basque Country, with the assigned scores
(adapted from Borja et al. (2004, 2009a)), permitting the AZTI’s Fish Index (AFI)
calculation. Key: F – fishes; and C – crustaceans. The addition of scores provides the
status: high (39–45), good (31–38), moderate (24–30), poor (17–23), bad (9–16).
Types I and II utilise fish and crustacean data; Type III only fish data.

Indicator Scores

1 3 5

1. – Richness (F and C) (n� sp.) <3 4–9 >9
2. – Pollution indicator species

(F and C) (% individuals)
>80 30–80 <30

3. – Introduced species (F and C)
(% individuals)

>80 30–80 <30

4. – Fish health (damage,
diseases .) (% affection)

>50 5–49 <5

5. – Flat fish presence (% individuals) <5 5–10 or >60 10–60
6. – Trophic composition (% omnivorous) <1 or >80 1–2.5 or 20–80 2.5–20
7. – Trophic composition (% piscivorous) <5 or >80 5–10 or 50–80 10–50
8. – Estuarine resident (F and C) (n� sp.) <2 2–5 >5
9. – Resident species (F and C)

(% individuals)
<5 or >50 5–10 or 40–50 10–40

Table 5
Example of integrating the ecological status of several locations, into a unique value,
for the whole Barbadún water body (for 1992) using AZTI’s Fish Index (AFI) values.
The final status result corresponds to that show in Fig. 3b. Notes: for boundaries, in
assessing the final status, see text (data adapted from Borja et al., 2008, 2009a).
Sampling location positions are as shown in Fig. 1. Surface and rate (R) are obtained
from Table 1 (‘area’ and ‘station area’ columns, respectively).

Sampling location: 1 2 3 Total

Ecological status Good Moderate Poor
AFI (E) 0.61 0.44 0.33
Surface (km2) 0.41 0.30 0.04 0.75
Rate (per one) (R) 0.54 0.40 0.06 1.0

Total AFI (E � R) 0.33 0.18 0.02 0.53

Global status Moderate
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Table 6
List of species identified within the Basque estuaries, including the mean density (n� . haul-1) and total number of fish and crustacean species, together with the total number of
taxa per estuary.

Barbadun Nervión Butroe Oka Lea Artibai Deba Urola Oria Urumea Oiartzun Bidasoa

Fishes
Anguilla anguilla 4.1 2.8 1.0 1.0 3.7 3.0 1.3
Aphia minuta 6.0
Arnoglossus imperialis 1.7
Arnoglossus laterna 19.4 6.0
Arnoglossus sp. 17.0
Arnoglossus thori 1.6 3.0
Aspitrigla cuculus 1.0
Atherina presbyter 1.0 4.3
Buglossidium luteum 17.5
Callionymus lyra 5.4 1.0 1.0 1.2 2.3
Callionymus maculatus 28.0
Chelon labrosus 2.3 1.8
Crystallogobius sp. 2.0
Ctnolabrus rupestris 1.0 2.0 1.0
Dicentrarchus labrax 3.0 1.0 2.0
Dicentrarchus punctatus 1.0
Dicologlossa cuneata 29.6
Diplodus annularis 4.7
Diplodus cervinus 1.0
Diplodus puntazzo 2.0
Diplodus sargus 6.6 11.8 8.0 1.0 3.0 2.7 2.0 3.5 1.1
Diplodus sp. 1.0
Echiichthys vipera 5.0 2.0 1.0
Engraulis encrasicolus 1.0 3.4 1.0
Eutrigla gurnardus 1.0
Gobius niger 5.8 11.6 2.3 1.0 4.0 2.0 1.7 2.0 4.0 2.0 2.0 2.7
Hippocampus hippocampus 1.3 1.3 3.0 1.0 2.0
Lesueurigobius friesii 1.5 2.0
Lithognathus mormyrus 3.3 1.0
Mullus surmuletus 1.0 6.3 5.0 1.0 1.0
Pagellus acarne 1.0
Pagellus bogaraveo 1.0
Pagellus sp. 1.0
Parablennius sp. 1.0
Platichthys flesus 3.8 1.0 1.4 3.0 1.0 1.5 1.0 1.6 1.6 5.7 2.0
Pomatoschistus sp. 62.2 126.2 111.4 275.8 52.3 34.3 53.0 43.3 105.7 25.5 18.9 42.8
Scophthalmus maximus 1.0
Scorpaena scrofa 2.0 1.0 1.0
Scorpaena sp. 1.0
Serranus cabrilla 2.5
Solea senegalensis 3.0 1.3
Solea solea 2.4 21.3 5.4 4.3 3.5 1.6 2.0 6.8 3.4 1.0 2.6 2.0
Symphodus melops 1.0
Syngnathus abaster 2.0
Syngnathus acus 1.0 1.3 4.8 2.5 1.0 2.0 2.0 1.0 3.0
Syngnathus rostellatus 5.0
Syngnathus sp. 1.0
Trachurus trachurus 2.4
Trigla lyra 1.0
Trigla lucerna 1.0
Trisopterus luscus 7.4
Umbrina canariensis 1.0

Total fish species 12 38 17 11 9 7 7 8 10 6 8 13

Crustaceans
Alpheus glaber 3.3
Carcinus maenas 85.4 109.6 52.0 40.0 64.9 9.4 14.7 11.0 45.8 34.4 3.7 24.1
Clibanarius erythropus 70.0
Crangon crangon 14.2 174.4 40.1 216.5 64.8 2.0 58.4 13.2 63.1 21.2 2.0 13.6
Diogenes pugilator 31.1 3.3 1.0 43.0
Eriphia verrucosa 1.0 1.0
Galathea squamifera 1.0 1.0
Goneplax rhomboides 14.0
Grapsidae sp. 2.0
Inachus dorsettensis 1.0
Liocarcinus depurator 16.2 1.0 2.0 9.0 2.0
Liocarcinus holsatus 7.6
Macropodia rostrata 1.8 5.4 2.7 1.0 6.0 1.5 1.0 1.6 4.3
Maja squinado 1.4 1.0 1.0 2.0
Munida intermedia 6.0
Munida rugosa 1.0
Necora puber 2.8 1.0
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annual bottom oxygen saturation (Figs. 2a,b). The explained vari-
ability of AFI is 73% for fishes and 80% for fishes and crustaceans (Figs.
2a,b). Conversely, a significant negative correlation (p < 0.0001) was
found when comparing AFI with mean bottom ammonia concentra-
tion, explaining between 69 and 78% of the variability (Figs. 2c,d).

As the Nervión estuary is a Type III water body (with only fishes
being used in the quality assessment), the equation presented in
Fig. 2a was used in setting the boundary classes. Hence, taking into
account the oxygen saturation objectives and the quality standards
(explained in Section 2), the boundaries between the different quality
status classes were determined as: 0.17 for bad/poor boundary; 0.34
for poor/moderate; 0.56 for moderate/good; and 0.82 for good/high.

The use of these boundaries has permitted assessment of the
status and investigation of its evolution, over time, in some of the
areas with long-term demersal trawling monitoring (Fig. 3). Within
the Nervión estuary, the inner part, which presented low levels of
oxygen until recent times, showed bad to moderate quality, until 2001

(Fig. 3a). The completion of the Water Treatment Plant, together with
the biological treatment (Table 3), produced an increase in the dis-
solved oxygen and physico-chemical quality. Further, demersal fishes
have recolonised this area, increasing its quality (Fig. 3a). Such
discharges removal produces a significant (p < 0.005) improvement
in fish quality, with mean AFI values of 0.22 before the total discharge
removal to 0.56 after that (see Table 7).

Conversely, the outer water body, with less physico-chemical
alterations, showed better quality (Fig. 3a). However, the worsening
in conditions between 1993 and 1996, and after 2001, over this
area, coincides with the construction of a large commercial port
and a very large dredging programme undertaken there, for sand
extraction, respectively (Table 3). Probably, these pressures have
led to damage in the reproduction or feeding areas, reducing the
quality to a poor status (in the first case) and to moderate status (in
the second). The port construction produces a significant (p < 0.05)
drop in fish quality, with mean AFI values of 0.73 before the

Table 6 (continued )

Barbadun Nervión Butroe Oka Lea Artibai Deba Urola Oria Urumea Oiartzun Bidasoa

Pachygrapsus marmoratus 4.0 3.3 6.6 13.5 29.0 8.9 5.1 17.3 3.3 1.0 14.0
Pachygrapsus sp. 4.0 10.0 2.0 3.0
Pagurus prideauxi 4.9 1.0
Pagurus sculptimanus 2.0
Pagurus sp. 1.0
Palaemon serratus 49.9
Palaemon sp. 34.4 18.2 12.0 11.4 7.5 15.6 14.0 9.4 29.5 5.3 12.7
Pasiphaea sivado 2.5
Pilumnus hirtellus 1.5 1.2 1.0 1.0 2.0 2.5
Pisa tetraodon 1.0
Pisidia longicornis 1.0 4.6 1.0 2.0 1.0 1.0 3.3
Polybius henslowii 1.0
Portunus latipes 1.0
Processa parva 2.0
Upogebia pusilla 2.4 3.3 3.0 52.0 1.0
Xantho pilipes 1.0

Total crustacean species 8 27 7 7 7 3 6 9 8 5 15 13
Total taxa 20 65 24 18 16 10 13 17 18 11 23 26
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Fig. 2. Power and exponential regressions, calculated using the Nervión dataset (1989–2007), between: (a) mean annual bottom oxygen saturation and AZTI’s Fish Index (AFI),
calculated using fishes; (b) mean annual bottom oxygen saturation and AFI, calculated using fishes and crustaceans; (c) mean annual bottom ammonia concentration and AFI,
calculated using fishes; and (d) mean annual bottom ammonia concentration and AFI, calculated using fishes and crustaceans.
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construction to 0.41 after that (see Table 7). In turn, dredging
produces a decrease in quality (mean AFI values from 0.71 to 0.62),
but the change is not significant (Table 7).

In 1999, the discharge of oil refinery effluent into Barbadún
water body was terminated (Table 3). Before this date, demersal

quality within the estuary was mostly moderate, improving the
quality to good status, following the pressure removal (Fig. 3b).
Such discharges removal produces a significant (p < 0.005)
improvement in fish quality, with mean AFI values of 0.44 before
the total discharge removal to 0.57 after that (see Table 7).
However, the AFI values which lie near the limit between moderate
and good status, might be associated with the malfunctioning of
the Water Treatment Plant.

The water treatment programme on the Butroe water body was
completed by 1997 (Table 3); at that time, the demersal quality within
the water body was moderate (Fig. 3c). After 2 years, the demersal
quality started to improve, from moderate to good, with a clear
positive trend (Fig. 3c). The discharges removal produces a significant
(p < 0.005) improvement in fish quality, with mean AFI values of 0.47
before the total discharge removal to 0.62 after that (see Table 7). In
2001–2002, the quality dropped to moderate status (Fig. 3c); this was
affected probably by the channel dredging undertaken in 2001 (Table
3). The quality then improved until good status was achieved, after
2002. This quality decrease is significant (p < 0.05), with mean AFI
values of 0.62, before dredging, dropping to 0.55 after that.

The remainder of the estuaries has been sampled, discontinu-
ously, only between 2 and 5 years (Fig. 4). In general, although
these estuaries are relatively small (between 0.4 and 10.3 km2, see
Borja et al. (2006b) for details), a small gradient in the quality
status, from the inner part (more degraded), to the outer part (in
a better status), can be observed in most of them (Fig. 4). The Oka,
Lea, Artibai, and Deba estuaries were classified around the limit
between good and moderate status (Figs. 4a–d). In some cases, i.e.
Artibai and Deba estuaries, a slight improvement can be detected;
this is due, probably, to the water treatment programmes within
the catchment (Table 3). Other estuaries have been classified as in
good status (e.g. Urola, Oria) even if in some of the internal parts,
the quality is moderate (Figs. 4e,f). The slight improvement of these
estuaries in recent times could be related also with water treat-
ment, both in the catchment and within the estuary (Table 3). The
Urumea estuary experienced degradation in 2007, from previous
good status to moderate (Fig. 4g); this was related, probably, to
periodical wastewater discharges to the estuary that year.

The Oiartzun and Bidasoa estuaries have shown a progressive
improvement, from moderate (even poor) status to good–moderate,
in recent years (Figs. 4h,i). This pattern is more evident in the external
and middle parts of the estuaries, than in the inner part; it is due to
presence of the water treatment plants within both water bodies
(Table 3). Such discharges removal produces a significant (p < 0.05)
improvement in fish quality in Bidasoa, but not in Oiartzun (Table 7),
with mean AFI values of 0.38 and 0.46, respectively, before the total
discharge removal to 0.50 and 0.53 and after that (see Table 7).

When the correlation between driving forces and pressures
with AFI for the whole water body, for the period 2004–2006, were
established, all of the drivers showed negative correlations;
however, only industry (pollution) and the number of ports
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Fig. 3. Evolution of AZTI’s Fish Index (AFI), calculated integrating data at the water
body level: (a) inner and outer Nervión, using fishes; (b) Barbadún, using fishes and
crustaceans; and (c) Butroe, using fishes and crustaceans. Key: H – high status; G –
good status; M – moderate status; P – poor status; and B – bad status.

Table 7
Comparison, using a Student’s t-test, of mean AZTI’s Fish Index (AFI) values before and after pressures or actions taken to remove them, at limited space of time. The years used
within the analysis are shown for each water body. Key: SD – standard deviation; NS – correlation not significant (p > 0.05).

Water body Pressure/action Before pressure or action After pressure or action Student’s t-test Significance

Years Mean AFI � SD Years Mean AFI � SD

Inner Nervión Discharge removal 1989–2001 0.22 � 0.09 2002–2007 0.56 � 0.07 �9.23 p < 0.005
Oiartzun Discharge removal 1995, 2001 0.46 � 0.12 2004, 2007 0.53 � 0.11 �0.86 NS
Bidasoa Discharge removal 2001, 2004 0.38 � 0.05 2005, 2007 0.50 � 0.09 �2.86 p < 0.05
Barbadún Discharge removal 1993–1998 0.44 � 0.07 1999–2006 0.57 � 0.04 �3.81 p < 0.005
Butroe Discharge removal 1997–1998 0.47 � 0.00 1999–2000 0.62 � 0.01 �14.80 p < 0.005
Butroe Dredging 1999–2000 0.62 � 0.01 2001–2002 0.55 � 0.01 5.48 p < 0.05
Outer Nervión Dredging 1999–2001 0.71 � 0.13 2002–2003 0.62 � 0.09 0.92 NS
Outer Nervión Port construction 1990–1992 0.73 � 0.02 1993, 1995 0.41 � 0.14 3.16 p < 0.05

A. Uriarte, A. Borja / Estuarine, Coastal and Shelf Science 82 (2009) 214–224220



(hydromorphological changes) presented a significant correlation
(p < 0.02) (Table 8). From the study of pressures, it is interesting to
note that the total number of pressures within the estuaries and the
pressure index, shown highly significant (p < 0.009) negative
correlation (Table 8). Other significant (p < 0.05) and negative
correlations were detected for shoreline reinforcement and the
number of ship berths (Table 8).

The increasing number of human pressures and the pressure
index, within the estuaries, explains between 51 and 62% of the
variability in fish quality, as measured by the methodology
explained here (Fig. 5). It would appear that only very few pressures
(or small magnitude of them) can provide a high quality in fish or
demersal assemblages, as measured in this investigation.

4. Discussion

4.1. Class boundaries definition

To our knowledge, all fish assessment methods used previously
adopted fixed ratings between classes, in assessing the final status,
normally by dividing the scale into portions of 20–25% of the total
(see Harrison and Whitfield, 2004). In the present investigation,
a class boundary setting, linked to the response of the fish AFI to
environmental variables (oxygen saturation), has been preferred.
Hence, this approach provides an ‘independent’ way to define the
quality class boundaries associated to human pressures, as required
by the WFD.

Moreover, aquatic systems are impacted upon by multiple,
rather than individual, pressures; this makes it more difficult to
study the response of fish assemblages, to these pressures. Hence,
in the regression equations presented in Fig. 5, the absence of
pressure produces AFI values of between 0.66 and 0.75, classifying

the status as good, instead of high. Probably, this outcome means
that the response of fishes and demersal assemblages, to the first
steps of an increasing pressure (especially multiple) is not linear;
this, in turn, produces a rapid degradation in the quality, which
further can be linear, as shown in Fig. 5. Such rapid degradation,
with increasing pressure, can be observed with ammonia; for this,
increases>10 mmol l�1 produce a rapid decrease in quality (Fig. 2d).
In this way, an assumption of many of the multimetric approaches
is that changes in fish and demersal assemblages are related line-
arly to degradation (Harrison and Whitfield, 2004). As shown with
the response of fish AFI to oxygen and ammonia and, probably on
the basis of the results shown in Fig. 5, this assumption is no longer
valid; as such, boundaries between classes cannot be established
linearly. However, the definitive boundaries should be determined
after intercalibration with other methodologies, as has been
undertaken with benthic communities (Borja et al., 2007).

Basque estuaries, as with many other estuaries located within
industrialised regions/countries (see Harrison and Whitfield,
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Fig. 4. Evolution of AZTI’s Fish Index (AFI), calculated at each of the trawl line within the water body: (a) Oka; (b) Lea; (c) Artibai; (d) Deba; (e) Urola; (f) Oria; (g) Urumea, using
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Table 8
Correlations between main driving forces and pressures (obtained from Table 2) and
AZTI’s Fish Index (AFI) calculated for each of the 12 estuaries, within the period
2004–2006.

Drivers r p Pressures r p

Population �0.54 0.067 Total pressures �0.72 0.009
Industry �0.67 0.017 Pressure index �0.79 0.002
Ports �0.93 0.000 Nutrient discharges 0.22 0.485
Agriculture �0.47 0.121 Water pollution �0.38 0.218

Sediment pollution �0.46 0.136
Dredging �0.49 0.104
Shoreline reinforcement (ports) �0.70 0.011
Shoreline reinforcement (other) 0.16 0.628
Intertidal loss 0.11 0.727
Berths �0.74 0.006
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2006), are subject to a variety of effects; these range from indus-
trial, agricultural and domestic effluent discharges, physical
disturbance, alterations in floodplain land use, canalisation,
dredging, etc. A particular advantage, in using fish and demersal
assemblages to assess estuarine quality, is that these biotic indi-
cators integrate the effects of a range of environmental effects (such
as water quality and habitat destruction) as demonstrated in this
particular investigation. In the case of the Basque estuaries, due to
their generally small size, most are very susceptible to anthropo-
genic disturbances, cf. Harrison and Whitfield (2006), for South
African estuaries. Moreover, sampling effort, together with
different environmental factors (such as salinity, turbidity, etc.)
might mask some of the fish and crustacean assemblage responses,
to human pressures (Johnson et al., 2008; Selleslagh and Amara,
2008).

Although fish are effective at integrating environmental condi-
tions, over large spatial and temporal scales (Fausch et al., 1990), the
above comments related to the size of the systems, the different
environmental conditions, the number and nature of the pressures,
etc., makes it urgent to define European transitional typologies, in
order to compare and intercalibrate methods within the same
water body type (Borja et al., 2007). Hence, some previous
approaches in establishing transitional water typologies can be
used, in such an investigation (Harrison et al., 2000; Elliott and
McLusky, 2002; McLusky and Elliott, 2007).

4.2. Response of fish and demersal assemblages, to pressures

The estuaries of the Basque Country received a high load of
pollutants, until the end of the 1990’s (Cearreta et al., 2004; Garcı́a-
Barcina et al., 2006; Borja et al., 2009b). As a consequence,
depending upon the load, the morphological structure of the water
bodies, residence times, etc., some of them (i.e. the innermost parts
of the Nervión and Oiartzun estuaries) were azoic, for many years.

The methodology proposed by Borja et al. (2004, 2009a), for the
assessment of fish and demersal assemblages, classifies these
systems into bad to moderate status, detecting clearly the impacts
produced by such pressures (Figs. 3 and 4). A similar response of
fish communities, to wastewater discharges, has been described by
Hall et al. (1997) and Jones (2006). Most of this response is due to
the low oxygen concentrations (even anoxia) in the water column,
together with the high amount of dissolved nutrients, which
produces damage and mortality in fishes (Araújo et al., 2000; Jones,
2006).

However, the methodology used here has detected also changes
in quality due to hydromorphological pressures, such as dredging,
channelling, land-reclamation, marina construction, or the pres-
ence of ports. These pressures result in a reduction of two or three
levels in quality (between 12 and 44% in AFI values); when these
are temporal, the recovery to a previous quality classification takes
2 or 3 years after the impact (see examples, in Figs. 3a,c, Table 7).
This pattern of impact and recovery has been detected also, at the
same locations, for benthic communities (Borja et al., 2009b).

Impacts on fishes produced by dredging have been detected also
in other studies (Pérez-Ruzafa et al., 2006; Breine et al., 2007;
Vasconcelos et al., 2007). It is known also that channel morphology
and habitat niche requirements influence fish and demersal
assemblages (Elliott and Hemingway, 2002). Hence, these hydro-
morphological pressures show an impact upon fish assemblages,
through habitat losses and disturbances on the food webs (Madon,
2008). Dyke and breakwater construction produce impacts on fish
and demersal assemblages, by changing their composition and
density (Pérez-Ruzafa et al., 2006).

The decreases in fish and demersal ecological status, due to the
increased number of pressures, indicate a general degradation in
the health of the ecosystem; therefore, in the diversity and abun-
dance of the fish assemblages, as detected also by Coates et al.
(2007) and Vasconcelos et al. (2007). This change in quality is likely
to reflect the impact of the urbanised and morphologically-
modified Basque estuaries, providing few habitats for juvenile and
adult fish; however, the spatial changes within the estuaries, from
the inner to the outer parts, more than the pressure gradients,
reflect also the greater freshwater influence of the inner parts;
these support less species diversity, than the lower reaches (Coates
et al., 2007). Finally, the small size (<5 km2) of most of the Basque
estuaries can be linked with the limited number of resident fish
species; this, in turn, can probably influence the methodology (see
above). Hence, Types I and II estuaries have a low number (nor-
mally <13) of fish taxa (Table 6). With this limitation, Borja et al.
(2004) proposed the incorporation of crustaceans into the assess-
ment, for Types I and II.

Regarding the hydromorphology, two of the Basque estuaries
(the Nervión and Oiartzun) have been classified as ‘heavily modi-
fied water body’ (HMWB), under the WFD; as such, they have to
meet the requirements of ‘good ecological potential’ (Borja and
Elliott, 2007). The criteria for ecological potential require that
a water body should not deteriorate and will most probably be
compared to the same reference conditions as those that are not
heavily modified; however, the boundary criteria may be different
(Coates et al., 2007). Nonetheless, in this contribution, both estu-
aries have been studied using the same criteria as those in the
remaining estuaries.

The study undertaken here has been done using multiple
pressures and stressors within the water bodies, as shown in Tables
2 and 3 (see also Borja et al., 2006b). It could have been interesting
to have a separate analysis for each hydromorphological pressure,
in order to demonstrate the effect of a given pressure, and/or to
demonstrate the effect of cumulated hydromorphological pressure.
This exercise has been made as far as possible (see Table 7);
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however, it is difficult to separate the effects of each pressure when
they are multiple and, as demonstrated by Crain et al. (2008),
cumulative effects of multiple stressors will often be worse than
expected based on single stressor impacts.

4.3. Response of fish and demersal assemblages, to the removal of
pressures

Point-source pollution generally originates from wastewater
discharged from industrial facilities and municipal sewage. In
recent years, most of these pressures have been removed from the
Basque aquatic systems, producing a positive evolution in estuarine
quality (Borja et al., 2009a). The removal of an oil refinery effluent
from a transitional water body (Fig. 3b, Table 7) produced an
increase in demersal quality, from moderate to good (increase in
AFI values of 22.5%), in 2–3 years. Previous studies have shown that
oil refinery discharges produce lower fish abundance, richness and
biodiversity in small estuaries (Vallières et al., 2007). The time it
takes for an area to recover, following the cessation of oil refinery
effluent, varies and depends upon the area and the type of organ-
isms involved. However, Wake (2005) mentions also 2–3 years, for
several locations, in relation to benthic communities recovery.

Water treatment in several of the Basque river catchments and
estuarine systems commenced in the late 1980s, e.g. in the Nervión
estuary (Garcı́a-Barcina et al., 2006). Most of the engineering works
within this particular estuary finished in 2001, when the biological
water treatment started; this coincided with a distinct recovery in
the physico-chemical and benthic elements (Borja et al., 2009a,b).

The positive trends observed in the fish status are due mainly to
the reduction, in recent years, in nutrient discharges and an
increase in dissolved oxygen, in some cases, from anoxic or hypoxic
situations, to well-oxygenated bottom layers e.g. as observed in the
Oiartzun and Nervión estuaries (Garcı́a Barcina et al., 2006; Borja
et al., 2006a). In previously less affected areas, recovery took
around 3 years; however, in the most impacted water bodies,
recovery took 8–10 years, to achieve a good fish status (see Fig. 3a).
Within the systems with significant response the increase in AFI
values after pressure removal represents between 24 and 60%
(Table 7).

This paradigmatic biological response, illustrating the fish
recovery pattern, is similar to other Basque aquatic systems, with
water treatment plans undertaken over several years i.e. Oiartzun
and some parts of the Bidasoa; but also in other estuaries, else-
where (Whitfield and Elliott, 2002; Jones, 2006). Probably, some of
this recovery depends upon the previous recovery of benthic
communities, on which the fishes feed (Borja et al., 2009a,b).

5. Conclusions

On the basis of various examples of urban and industrial
discharges into Basque Country water bodies, the absence of
oxygen, or the recovery of enough oxygen concentration (following
water treatment) to support life in previous azoic areas, has been
demonstrated as being an important pressure, driving fish and
demersal quality status.

Moreover, the methodology adopted here (AFI) has identified
impacts produced by different hydromorphological pressures,
including dredging, channelling, or harbour construction, on fish
and demersal assemblages; also, in quality recovery following the
cessation of such pressures.

The use of oxygen quality standards, in the determination of
quality class boundaries for fish assessment, appears to be useful in
the implementation of the WFD; they permit the investigation of
the evolution and responses of fish assemblages, to changes in
human pressures. However, as other factors not affecting the level

of oxygen (i.e. heavy metal loads) can lead also to a bad ecological
status, the final boundaries must be intercalibrated with other
methodologies and countries.

Although the present analysis has provided a valuable insight
into assessing the response of fish and demersal assemblages, to
different pressures, as required by the WFD, some future investi-
gations are required: (1) refinement and intercalibration, with
investigations from other countries, of the methodology developed
here; (2) the proposed boundaries need to be tested with other
typologies with, probably, some adaptation needed; and (3) the
HMWBs need to be taken into account, in the definition of the fish
ecological potential.
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Abstract

The European Water Framework Directive (WFD) establishes a framework for the protection and improvement of transitional and
coastal waters; its final objective is to achieve at least ‘good water status’ for all waters, by 2015. The WFD requires Member States (MSs)
to assess the Ecological Status (ES) of water bodies. This assessment will be based upon the status of the biological, hydromorphological
and physico-chemical quality elements, by comparing data obtained from monitoring networks to reference (undisturbed) conditions,
and then deriving an Ecological Quality Ratio (EQR). One of the biological quality elements to be considered is the benthic invertebrate
component and some structural parameters (composition, diversity and disturbance–sensitive taxa) must be included in the ES assess-
ment. Following these criteria, several approaches to benthic invertebrate assessment have been proposed by MSs. The WFD requires
that these approaches are intercalibrated.

This contribution describes the comparison of the different methodologies proposed by United Kingdom, Spain, Denmark and Nor-
way. Results show a high consistency between the approaches, both with regard to determining the EQR and boundary settings for the
ES.
� 2006 Elsevier Ltd. All rights reserved.

Keywords: Intercalibration; Water Framework Directive; Benthic invertebrates; North-East Atlantic; Soft-bottom communities

1. Introduction

The European Water Framework Directive (WFD;
2000/60/EC) establishes a framework for the protection
and improvement of all European surface and ground
waters (including transitional and coastal waters); its final
objective is to achieve at least ‘good water status’ for all
waters bodies, by 2015. The WFD requires Member States
(MSs) to assess the Ecological Status (ES) of water bodies.
Status will be assigned through the assessment of biologi-

cal, hydromorphological and physico-chemical quality
elements, by comparing data obtained from monitoring
networks to reference (undisturbed) conditions, thereby
deriving an Ecological Quality Ratio (EQR). This ratio
shall be expressed as a numerical value between zero and
one, with ‘high’ status represented by values close to one
and ‘bad’ status by values close to zero. In coastal and
transitional waters, one of the biological quality elements
to be considered is the benthic invertebrate fauna, an
important component of which is the soft-bottom benthos.

The WFD defines the aspects of the biological quality
elements that must be included in the ES assessment of a
water body (annex V, WFD). Any proposed WFD classifi-
cation scheme must, therefore, include methodologies that
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address those parameters defined for assessing the benthic
quality status: ‘the level of diversity and abundance of
invertebrate taxa’ and the proportion of ‘disturbance–sen-
sitive taxa’. Following these criteria, to date several meth-
odologies have been proposed by MSs for the status
assessment of the benthic component (Borja et al., 2000,
2003, 2004a,b; Prior et al., 2004; Rosenberg et al., 2004).
All of these methodologies have focused upon the propor-
tion of disturbance–sensitive taxa, with the AZTI Marine
Biotic Index (AMBI) (Borja et al., 2000) being one of the
most widely used in European countries.

Prior to the implementation of WFD assessment, any
proposed methodology must be intercalibrated between
the MSs within an ecoregion. Each MS shall divide the
EQR scale for their monitoring system into five ecological
status classes (high, good, moderate, poor, and bad) by
assigning a numerical value to each of the class boundaries.
The value for the ‘high/good’ and the ‘good/moderate’
class boundaries should be established through the inter-
calibration exercise. This is to ensure that the established
class boundaries are consistent with the normative defini-
tions of the WFD and are comparable between MSs.

As part of the official intercalibration exercise, a range
of sites in surface water bodies in each ecoregion in the
European Union have been identified, in order to establish
an intercalibration network of sites (WFD Intercalibration
Register). For each MS, for each surface water body type
selected, the intercalibration network should consist of at
least two sites corresponding to the boundaries between
‘high’ and ‘good’ status, and between ‘good’ and ‘moder-
ate’ status, with status defined through the normative def-
initions. The sites were selected by expert judgement based
on joint inspections of all available data on the quality
elements and any other supporting information.

Within an ecoregion the monitoring system of each MS
should be applied to those intercalibration network sites
which lie in the surface water body type to which the sys-
tem will be applied. The results of this application should
then be used to set the numerical values for the relevant
class boundaries in each MS monitoring system. The inter-
calibration exercise started in 2005 and is due to complete
in June 2006.

This contribution describes a comparison of the initial
methodologies proposed by several MSs in the Atlantic
ecoregions, to derive the EQR and establish the benthic
invertebrate fauna ES. The approach taken may present
a useful way forward for other MSs, both for the North
Atlantic and other ecoregions, and help develop the way
the ES is assessed.

2. Methods

2.1. Data matrix

Although there exists a European intercalibration regis-
ter, it has been recognised by both the European Com-
mission and MSs that additional data from non-

intercalibration sites, may be required to progress the inter-
calibration exercise. As such the benthic intercalibration
group collated benthic invertebrate data from a range of
geographical locations within the ecoregion, including
intercalibration sites, and incorporating samples from dis-
tinct pressure gradients (ranging from ‘bad’ to ‘high’ ES)
(for pressures and impacts, within the WFD, see Borja
et al., 2006).

For this initial exercise, benthic invertebrate abundance
samples were collated from the coastal water common
European water body types NEA 1 and 26. These
types are characterised by an exposed poly- to euhaline
(according to the Venice scheme) subtidal habitat, with soft
sediment (muds, sandy muds, muddy sands). The samples
were standardised for sample type (0.1 m2, obtained in
some cases by pooling data, see Table 1), sieve mesh size
(1 mm), and sediment type (muds, muddy sands and sandy
muds). By standardising data for this initial comparison,
the high level of natural variability found in biological
communities from different habitats was minimised, allow-
ing changes in the benthic invertebrate communities to be
more clearly associated with anthropogenic pressure.

The resulting data set was comprised of 589 benthic
invertebrate abundance samples from different locations
along the European Atlantic coasts (Fig. 1): Belgium
(132), Denmark (72), Germany (64), Republic of Ireland
(RoI, 14), Norway (12), Spain (45), and United Kingdom
(UK, 250). As well as the benthic invertebrate abundance
data, MSs submitted supporting parameters, such as water
depth (m) and sediment size (% <63 lm) (Table 1). The
pressure gradient data used relate to a variety of man-
induced pressures and impact sources, such as eutrophica-
tion and hypoxia (Denmark); hypoxia (Stavanger, Nor-
way); urban and industrial discharges from a submarine
outfall (Basque Country, Spain) and sewage sludge dis-
posal at sea (Garroch Head, UK). Other data were selected
from well-known undisturbed areas, such as Trondheims-
fjord in Norway.

Most of the Belgian data were taken from the west coast
of Belgium, within the federal science project ‘HABITAT’
(Van Hoey et al., 2004). The other samples were taken
from the eastern and middle part of the coastline (for
details, see Fig. 1 and Table 1).

The Danish data were collected within the National
Environmental Monitoring Programme of Denmark
(Fig. 1) in order to evaluate the effects of eutrophication
on Danish coastal areas. The monitoring has previously
been described in annual reports (e.g. Ærtebjerg et al.,
2004) and international publications (e.g. biomass–nutrient
relationships in Josefson and Rasmussen (2000); pro-
gramme description and nutrient loads in Conley et al.
(2002); species diversity in Josefson and Hansen (2004);
and oxygen deficiency in Conley et al. (in press)). Some
descriptive data and parameters can be seen in Table 1.

The Norwegian data were taken from an undisturbed
site at 50 m depth in Trondheimsfjord (RAH1), from a
sandy site at Utnes in southern Norway (U10), and from
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Table 1
Sample description of data submitted by Member States, from the North Atlantic ecoregion, for the intercalibration exercise

Member
State

Site name Sample
method

Sample size
(m2)

Stations
(number)

Period Replicates per
station

Samples submitted
(number)

Depth (m) Sediment

Belgium (1) Station P2 VV 0.1026 1 1995 1 1 6.7 Sand (97%)
Belgium (2) Station HA VV 0.1026 12–37 1999–2000 1 49 9.5 Sand (85%)–

Mud (15%)
Belgium (3) Station MARE44 VV 0.1026 1 2000 1 1 13.8 Sand (30%)–

Mud (70%)
Belgium (4) Stations M&OD VV 0.125 1–5 1996 1 6 14.2 Sand (>99%)
Belgium (5) Station O&P VV 0.125 1–8 1994, 1997 1 14 3.3 Sand (>97%)
Belgium (6) Subtidal Stations VV 0.1026 58 2002 1 58 3.7 Sand (>93%)
Denmark (7) BF29 Oresund

Funnel
HC 0.0143 1 2000–2003 25 75 27.9 Mud (>50%)

Denmark (8) BF23 Århus Bay HC 0.0123 1 2000–2003 49 196 15.2 Mud (>50%)
Denmark (9) BF15 Lillebælt North HC 0.0123 1 2000–2003 45 180 19.4 Mud (>50%)
Denmark (10) BF11 Ringgård

Basin
HC 0.129 1 2000–2003 39, 42, 43, 33 157 14.6 Mud (>50%)

Germany (11) NS2 Vortrapptief VV 0.1 1 1987–2004 3–5 54 13 Sand (94%)–
Mud (6%)

Norway (12) Stavanger (S5A) VV 0.1 1 1995 4 4 93 Mud (83%)
Norway (13) Trondheimsfjord

(RAH1)
VV 0.1 1 2001 4 4 50 Mud (88%)

Norway (14) Utnes (U10) VV 0.1 1 2001 4 4 38 Sand (89%)
R. of Ireland (15) Kenmare River DG 0.1 3 2003 3 · 4 12 45.9 Muddy sand
R. of Ireland (16) Greatmans Bay DG&BC 0.1 and 0.015 3 2003 3 · 4 12 40.1 Muddy sand
R. of Ireland (17) Clew Bay BC 0.015 3 2003 3 · 4 12 25 Fine sand
Spain (18) San Sebastian–

Pasaia
BC 0.186 9 2000–2004 3 (combined) 45 33–61 Sand (90%)–

Mud (10%)
UK –

Scotland
(19) Kilbrannan Sound
(KIL)

DG 0.1 1 2004 10 10 50 Soft muds

UK –
England

(20) Liverpool Bay
(LIV)

DG 0.1 3 2004 3 · 5 15 5.7 Sand (70%)–
Mud (30%)

UK –
England

(21) Harwich (HAR) DG 0.1 3 2004 3 · 5 15 6.4 Mud (85.3%)

UK – Wales (22) Milford Haven
(MIL)

DG 0.1 3 2004 3 · 5 15 4.6 Mud (78.8%)

UK –
England

(23) Torbay (TOR) DG 0.1 3 2004 3 · 5 15 13.7 Muddy sand

UK – Wales (24) St. Brides Bay
(SBB)

DG 0.1 3 2004 3 · 5 15 37 Sand (68%)–
Mud (32%)

UK –
Scotland

(25) Garroch Head VV 0.1 6–10 1979–1998 20 · 6–10 181 69–180 Silt/clay

All samples were sieved with 1 mm mesh. Key: VV – van Veen grab; HC – Haps core; DG – Day grab; BC – Box core grab.
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a fjord basin with organic load and some hypoxia, near
Stavanger (S5A) (Fig. 1, Table 1).

The Spanish data were taken from the San Sebastián
submarine outfall area (northern Spain) (Fig. 1, Table 1),
which is located 1.2 km from the coast in an approx. 47 m
water depth, and discharges 45.7 · 106 m3 y�1 of urban
and industrial waste water (Borja and Muxika, in press).
Benthic community data from 5 months prior to the sub-
marine outfall operation (year 2000), and four annual sur-
veys after the commencement of discharges (from 2001 to
2004) have been used. The description of programme sam-
pling can be seen in Borja and Muxika (in press) and some
descriptive parameters can be seen in Table 1.

The UK data were taken within several intercalibration
sites (LIV, Liverpool Bay; HAR, Harwich; MIL, Milford
Haven; TOR, Torbay; SBB, St. Brides Bay; and KIL,
Kilbrannan Sound) and a distinct sewage sludge disposal
impact gradient (Garroch Head, data courtesy of Fisheries
Research Services, Scotland) (Fig. 1, Table 1).

For details on the remainder samples from Germany
and RoI, see Fig. 1 and Table 1.

It should be noted that assessments of the locations are
based on the selected samples that were submitted for the
intercalibration exercise and do not necessarily reflect the
status of the whole water body. Moreover, in order to pro-
gress the intercalibration exercise, guidance produced by
the WFD implementation working groups (Van de Bund,
2004) was used.

2.2. Pre-treatment of data

Although all samples were taken from similar soft sedi-
ment habitats, when combining benthic invertebrate data

from different MSs, Agencies or laboratories it is generally
necessary to standardise data before any accurate assess-
ment can be achieved. This requirement arises due to differ-
ences in what is recorded in samples and in the level of
taxonomic identification carried out between groups, fac-
tors which can affect classification assessment. Truncation
of the data for this exercise was carried out to remove (i)
non-benthic invertebrate taxa e.g. fish and algae; (ii) incon-
sistencies in the level of identification between laboratories;
this in particular can affect classification tools as it can give
a false impression of richness in a sample; and (iii) removal
of non-soft sediment taxa; required due to inconsistencies
in recording epibiota between laboratories. As for point
(ii), taxa within the following taxonomic groups were
combined to the level specified to negate the problem of
inconsistent levels of identification: Oligochaeta; Nemertea;
Platyhelminthes; Echiura; Sipuncula; Phoronida; Priapul-
ida; several species (types a, b, etc.) to genus. Any of the
taxa only identified to phylum level was also removed (with
the exception of fauna from the above-mentioned Phyla).
Other truncation rules, related with AMBI calculation,
can be seen in Borja and Muxika (2005).

2.3. Methodologies used in assessing EQR

Once a standardised data matrix was established this
was circulated to MSs in the ‘North East Atlantic Geo-
graphical Intercalibration Group’ (NEAGIG) for assess-
ment by MSs’ current analysis methods. At the time of
this comparison, only four main methodologies have been
proposed by MSs for WFD assessment and could therefore
be used in assessing EQR and the ecological status. These
are from Denmark, Norway, Spain and UK (in this partic-

Fig. 1. Map of Europe showing the position of the sampling locations, from different Member States (for location names, see Table 1).
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ular case, UK and RoI used the same methodology). Three
of the methodologies use the AMBI in assessing the pro-
portion of sensitive and indicator species (Borja et al.,
2000). In the calculation of this index, the free software
(http://www.azti.es) together with the guidelines from the
authors (Borja and Muxika, 2005) has been used.

The Danish method is a multimetric approach which
takes into account the proportion of sensitive/tolerant
species, measured by the AMBI; a diversity component,
Shannon–Wiener index (Shannon and Weaver, 1963);
and a factor to compensate for low densities and spe-
cies numbers. All variables have equal weight in this
approach, and the multimetric ranges from 0 to 1. The
equation is

DKI ¼ ððð1� ðAMBI=7ÞÞ þ ðH=HmaxÞÞ=2 � ðð1� ð1=NÞÞ
þ ð1� ð1=SÞÞÞ=2Þ

where H the Shannon–Wiener index with log base 2, Hmax

the reference value that H can reach in undisturbed condi-
tions, N the number of individuals and S the number of
species.

The Norwegian method uses the ISI index based on the
relative presence of pollution-sensitive species in the sample
(equivalent to the AMBI index) and F3, a multimetric
index including ISI, ES100 (a diversity index) and S (num-
ber of species), normalised to depth, grain size, and sam-
pled area (for details on these methods, see Rygg, 1985,
2002; Solheim et al., 2004). The F3 was used in this study,
changing the F3 scale to an EQR scale.

The Spanish method (used in the Basque Country)
includes the use of AMBI, species richness and Shannon’s
diversity as structural parameters. The EQR is calculated
on the basis of a Factor Analysis (the method is named
M-AMBI, after Muxika et al., 2006), including the distance
of a location to two virtual ‘high’ and ‘bad’ quality status
locations (for details, on the methodology, see Borja
et al., 2004a; Bald et al., 2005; Muxika et al., 2006 (in this
issue)). In this particular case, the EQR can be >1 when
monitoring stations have values over those with virtual
‘high’ quality (see Borja et al., 2004a).

The UK method uses a multimetric index, combining
AMBI (disturbance/sensitive taxa), Simpsons (diversity),
number of individuals (abundance), and number of taxa

Index ¼ 2� ð1�AMBI=7Þ þ ð1� Lambda0Þ
3

� �

�
1� 1

S

� �

þ 1� 1

N

� �� �

2

where Lambda 0 is Simpsons Index, S is the number of taxa
and N is the number of individuals (modifications of the
UK index (version 2 was used for this comparison) are
being trialled for applicability to a wider range of habitat
types).

2.4. Reference conditions

Although the WFD requires the comparison of data
against reference conditions, only the Spanish method
determined those conditions. They are based on the
approach described in Bald et al. (2005). High reference
values for each of the structural parameters and communi-
ties were selected from Borja et al. (2004c); conversely, bad
reference conditions were selected from azoic sediments, as
described in Muxika et al. (2006, this issue).

Norwegian reference condition values are proposed only
for diversity (ES100 = 26; S = 30; ISI = 9.9) (Solheim
et al., 2004). Reference conditions by other MSs have not
yet been fully determined, as many MSs consider it doubt-
ful as to whether a true reference can be found with respect
to diversity and species composition. However, in the pres-
ent exercise, the Danish method used Hmax (�5) as a kind
of reference, being in the good end of the diversity scale
in this typology, while the UK method used multimetric
assessments from impact gradients and associated reference
sites to estimate reference conditions.

2.5. Boundaries and ES derivation

For this exercise each MS has proposed their own EQR
class boundaries in assessing ES. These have been estab-
lished in different ways: (i) Denmark has divided the
EQR range into five equal parts, assuming that the part
with the highest values corresponds to High quality condi-
tions (Table 2); (ii) Spain has used the recommendations
from the ‘Reference Conditions Working Group’ (REFC-
OND, 2003), as mentioned in Borja et al. (2004a) and
Muxika et al. (2006); (iii) Norway has used determinations
calculated in Solheim et al. (2004); and (iv) the UK has
derived their boundaries from a anthropogenic pressure
gradient, matching infaunal communities with the norma-
tive definitions provided for each status class.

2.6. Intercalibration comparison

Initial comparisons were carried out as pairwise com-
parisons, by means of linear regressions. The extent of
agreement between pairs of MSs was then quantified, based
on a single national boundary, corresponding to UK. This
reported the boundary match/mismatch (‘High/Good’ and

Table 2
EQR boundaries used to define ecological class status, in the four
methodologies compared in this exercise

Ecological status Denmark Norway Spain UK and RoI

High >0.80 >0.83 >0.83 >0.80
Good 0.60–0.80 0.72–0.83 0.62–0.83 0.65–0.80
Moderate 0.40–0.60 0.60–0.72 0.41–0.62 0.43–0.65
Poor 0.20–0.40 0.48–0.60 0.20–0.41 0.20–0.43
Bad <0.20 <0.47 <0.20 <0.20
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‘Good/Moderate’) between countries and the calculation
allowed investigation into the consequences of changing
boundaries. Following this, multiple boundary (‘high’ to
‘bad’) comparisons were investigated i.e. four-by-four com-
parison tables for each pair of MSs, by means of an Excel
table which provides the agreement after modifying each of
the boundaries. This table is available for any investigator,
for further intercalibrations, upon request to the authors.

To analyse the agreement between MSs, a Kappa ana-
lysis was undertaken (Cohen, 1960; Landis and Koch,
1977). The level of agreement between the methods was
established, based upon the equivalence table from Monse-
rud and Leemans (1992). As the importance of misclassifi-
cation is not the same between close categories (e.g.
between high and good, or poor and bad) as between
further categories (e.g. between high and moderate, or high
and bad), Fleiss–Cohen weights were applied to the ana-
lysis (Fleiss and Cohen, 1973).

3. Results

The highest correlation between methods was found
between the Spanish and Danish, and British and Danish
methods, explaining 84% and 83% of the variability, respec-
tively (Fig. 2). The remainder of the combinations explains
only between 63% and 69% of the variability, the Norwe-

gian method always showing the lowest correlation
(Fig. 2). There is a group of stations (see Denmark–UK
and Denmark–Spain, in Fig. 2), which appear as outliers
in the analysis. Most of these samples correspond to station
LIV in the Liverpool Bay Channel (UK), together with one
sampling station from Ringgård Basin (Denmark). This dif-
ference may be explained by samples originating from a dif-
ferent habitat complex to that of the bulk of the samples or,
as in the case of the DKI assessment of LIV, the use of an
older AMBI taxon list with a different Lagis koreni assign-
ment, which dominates the Liverpool Bay samples. For
instance the Ringgård Basin is situated in an area on the
border to mesohaline conditions (�19 psu) while other sites
are from fully poly- to euhaline environments.

Taking into account the different boundaries used by
each of the MSs (Table 2) the final ES assessment gives a
‘very good’ agreement (from a Kappa analysis) between
the methods used by Denmark, Spain and UK (Table 3);
however, the agreement between Norway and the remain-
der of the methods is only ‘good’. In this particular case,
the relative number of cases in which the Norwegian
method classified a station as ‘High’ or ‘Good’ and the
remainder of methods as ‘Moderate’, ‘Poor’ or ‘Bad’ (or
vice-versa), ranges between 27% and 33% (Table 3). For
the other three MSs, the percentage ranges between 14
and 21% (Table 3).
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Fig. 2. Regression between the EQR, calculated by each of the methods.

A. Borja et al. / Marine Pollution Bulletin 55 (2007) 42–52 47



If the outliers are removed from the dataset the
explained variability increases in all cases (87% in Den-
mark–UK; 89% in Denmark–Spain; 70% in UK–Spain;
67% in Norway–Spain; 68% in Norway–UK; and 70% in
Norway–Denmark).

As the UK has determined their EQR boundaries in
relation to an anthropogenic pressure gradient (as required
by WFD) these values have been used to derive the bound-
aries of the other MSs, by using the regression equations in
Fig. 2. The new boundaries, together with the confidence
limits, can be seen in Table 4. These new values provide
a ‘very good’ agreement between all methods, including
that from Norway which previously presented a lower
agreement. However, the relative number of cases in which
a method classified a station as ‘High’ or ‘Good’ and the
remainder of methods as ‘Moderate’, ‘Poor’ or ‘Bad’ (or
vice-versa), only improves in the case of Norway, ranging

now between 21% and 23% (note that both agreement
and percentage of mismatch are not included in a table,
only in the text).

Hence, it was necessary to check for new boundaries, by
modifying all MSs boundaries together, as explained in
Methodology, in order to get a better agreement between
the methods, as required by the WFD. This 4 by 4 exercise
provided an ‘almost perfect’ agreement between Spanish,
British and Danish methods and a ‘very good’ agreement
in the remainder of the combinations (Table 5). The new
boundaries (Table 5) considerably reduced the percentage
of cases in which a method classified a station as ‘High’
or ‘Good’ and the remainder of methods as ‘Moderate’,
‘Poor’ or ‘Bad’ (or vice-versa), ranging from 13% to 20%
(Table 5). In this case, the obtained percentages are very
similar between the four methods, allowing a better com-
parison of results and final ES assessment.

Table 3
Kappa values and agreement for the ecological status analysis (results between brackets) between the different methods used in this study

Percentage of mismatch

Denmark UK and RoI Spain Norway

Denmark 18.20 13.60 32.80
UK and RoI 0.81 (very good) 21.20 26.70
Spain 0.84 (very good) 0.80 (very good) 31.70
Norway 0.62 (good) 0.62 (good) 0.61 (good)

The percentages are related to the relative number of cases in which one of the methods classified a station as ‘High’ or ‘Good’ and the other as ‘Moderate’,
‘Poor’ or ‘Bad’ (percentage of mismatch).

Table 4
Predicted boundaries of the ecological status (mean) and confidence intervals (lower and upper values, at 95% of confidence) calculated from the regression
lines in Fig. 2, for each of the methodologies applied in this contribution

Ecological status UK and RoI Denmark Spain Norway

Mean Lower Upper Mean Lower Upper Mean Lower Upper

Bad/Poor 0.20 0.179 0.163 0.195 0.161 0.132 0.189 0.247 0.219 0.274
Poor/Moderate 0.43 0.398 0.388 0.407 0.420 0.403 0.436 0.459 0.443 0.475
Moderate/Good 0.65 0.607 0.600 0.613 0.668 0.656 0.679 0.661 0.649 0.674
Good/High 0.80 0.749 0.740 0.758 0.837 0.821 0.852 0.800 0.782 0.818

All of them are based upon UK and RoI boundaries.

Table 5
Kappa values and agreement between the different methods, by changing the EQR boundaries in the ecological status assessment, in order to achieve the
highest agreement (shown in Table 4)

Percentage of mismatch

Denmark UK and RoI Spain Norway

Denmark 16.3 13.1 15.3
UK and RoI 0.83 (very good) 14.1 20.5
Spain 0.85 (almost perfect) 0.86 (almost perfect) 12.7
Norway 0.81 (very good) 0.77 (very good) 0.82 (very good)

New boundaries

Bad/Poor 0.16 0.20 0.20 0.25
Poor/Moderate 0.35 0.41 0.39 0.36
Moderate/Good 0.58 0.63 0.55 0.50
Good/High 0.72 0.75 0.85 0.78

The percentages are related to the relative number of cases in which one of the methods classified a station as ‘High’ or ‘Good’ and the other as ‘Moderate’,
‘Poor’ or ‘Bad’ (percentage of mismatch).
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The EQR box-plot distribution for some of the loca-
tions, together with these new boundaries, is shown in
Fig. 3. The locations with clear pressure gradients (San
Sebastián, in Spain (location 18); and Garroch Head, in
UK (location 25)) show the highest variability in the box-
plot values, with an ample range of status. Conversely,
some other locations show low variability and a high level
of agreement between the four methods i.e. most methods
coincide in classifying Oresund Funnel (in Denmark), and
Utnes and Trondheim (in Norway) as ‘High’ status; HA
(Belgium), Århus Bay (Denmark), German stations, Ken-
mare River (RoI), and Kilbrannan Sound (UK) as ‘Good’
status; and Ringgård Basin (Denmark) as ‘Moderate’ sta-
tus. On the other hand, most methods classify the samples
from stations O&P and subtidal locations (Belgium),
Lillebælt North (Denmark) and MIL (UK) in the limit
between ‘Moderate’ and ‘Good’ status; and Stavanger

(Norway) and LIV (UK) in the limit between ‘Poor’ and
‘Moderate’ status. Finally, two locations (M&OD,
Belgium; and HAR, UK) show different classifications,
when comparing different methods.

4. Discussion

In this contribution a combination of pressures, includ-
ing submarine outfalls, sewage sludge disposal, hypoxia,
eutrophication, etc., have been studied in relation to the
benthic invertebrate fauna. Following the WFD guidance
in the intercalibration process (Pollard and van de Bund,
2005), as a conceptual model, when these pressures increase
(i) a gradual decrease of ecological quality, in terms of
decreasing diversity, (ii) a decrease of the ratio sensitive
taxa/tolerant taxa (in this particular case, measured by
the AMBI and the ISI index), and, (iii) probably, an initial
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Fig. 3. EQR box-plot for some of the locations (for details in numbers and names, see Table 1), calculated for each of the four methods, together with the
boundaries for each of the methods determined in Table 5. Note: asterisks show the cases in which the total number of EQR values, calculated with the
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increase in abundance and biomass (in relation to organic
load and eutrophication) should be expected. The methods
used in this study agreed with this conceptual model and
included all the biological structural parameters required
under the WFD for assessing ES. However, some of the
differences observed in the EQR and ES results can be
explained by differences in the methodologies applied.

As mentioned by Van de Bund (2004), reference condi-
tions are the starting point of WFD classification. Hence,
agreement on reference conditions for the common inter-
calibration type is a requirement for intercalibrating the
classification methodologies. However, at the time of this
contribution only the Spanish and Norwegian methods
incorporate clear reference conditions. The high level of
agreement between classifications with the different meth-
ods suggests that the multimetric approaches used in the
other methods, currently considering the highest values as
reference, may be a valid approach.

Several international organisations, such as ICES or
OSPAR, have produced guidelines for intercomparison
and quality assurance of methodologies in sampling, labo-
ratory analysis or data handling (Heip et al., 1992; Anon-
ymous, 2002; ICES, 2002, 2004). However, one of the
problems in intercalibrating methodologies for benthic
quality assessment, within the WFD, is that when compar-
ing biological elements there is not a precedent in such
a process, so a comparison of approaches with previous
intercalibration studies in other geographical areas is not
possible. Recently, there has been a shift in emphasis within
ICES and OSPAR towards comparable holistic evalua-
tions of the biological status of the marine environment
in relation to man’s activities (ICES, 2004). Guidance has
also been provided for the intercalibration process within
the WFD (Van de Bund, 2004), however, most of the con-
cepts can be considered as subjective. It is hoped that this
contribution can help in understanding the intercalibration
process and provide practical guidance for other MSs and/
or typologies when comparing their own methodologies.

The data used in this exercise were obtained on the basis
of different grab types (van Veen, box-corer, Day grab,
etc.), water depths (ranging from 3.3 to 180 m), geograph-
ical areas (from northern Spain to Norway), periods (from
1979 to 2004), seasons and pressures, as well as different
taxonomy specialist teams (see Table 1). The Danish data
required the pooling of several subsamples to make up
0.1 m2, which may have created a bias towards higher
EQR values for methods with high weight on species num-
bers. This is because there is a greater risk that several sam-
ples will be taken in more than one ‘‘habitat’’ compared to
a single sample, resulting in an overestimation of the num-
ber of species. However, despite these differences, the final
results are very consistent between the different methods
used in assessing EQR and ES, even in absence of harmo-
nised methodologies between the participants, as recom-
mended in ICES (2004). Hence, probably, the total
harmonisation in terms of sampling methodologies and
analysis could not be as important (or relevant) as the

requirement for habitat-specific reference conditions within
water body types, in the final ecological assessment. As
shown in this contribution, the inclusion of data from a
different habitat, or changes in some species assignment,
within AMBI, such as that from LIV (UK), can make
difficult to compare results in terms of ES assessment.

It should be highlighted that the aim of the intercal-
ibration exercise is to make all methods used by the MSs
intercomparable, in terms of a final agreement in the
ES assessment. Hence, although the MSs can use similar
approaches, including the same or similar structural
parameters, the intercalibration must determine the degree
of agreement between methodologies. In this particular
case, the achieved agreement between the four methods
ranges from 77% to 86%. This range, in terms of biological
elements, can be considered as very high, especially when
taking into account the previous considerations on differ-
ences in sampling and analysis.

As stated by Gibson et al. (2000) core metrics in ecolog-
ical assessment are those that will discriminate between
good and poor quality conditions. Discriminatory ability
of biological metrics can be evaluated by comparing the
distribution of each metric at a set of reference sites with
the distribution of metrics from a set of ‘known’ stressed
sites within each site class (Gibson et al., 2000). This
approach has been used in this study, and the results
obtained are in relation to the different degree of degrada-
tion from reference conditions in the condition of benthic
quality element. The degradation path is clearest in those
MSs which have provided a clear impact gradient, such
as Spain, UK or Denmark; this helping in interpreting
and illustrating the normative definitions of the WFD.
Hence, this gradient has provided a good basis for the
determination of the boundaries between the different clas-
ses of ecological quality, and a further intercomparison of
these boundaries between the different MSs methodologies.

On the other hand, British and Danish multimetric
approaches give asymptotic EQR values. Hence, the real
possibility to reach 1, in the EQR value, is impossible
(see Fig. 2), making more relevant the need to determine
different boundaries in the ES assessment, in order to avoid
different final statuses between the different methodologies
and MSs. This is, in fact, the aim of the European exercise
of intercalibration: to achieve the same final ecological
status assessment, for the same samples, using different
methodologies.

5. Conclusion

The use of different methodologies in sampling and
analysing benthic data was not an obstacle in comparing
results from several impact gradients and geographical
areas, in order to determine the EQR and ES. The method-
ology proposed here in the WFD intercalibration process,
for NEA types 1 and 26, for poly- to euhaline subtidal sed-
imentary bottoms, is in accordance with the WFD guide-
lines, and allows to achieve a high level of agreement
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(77–86%) between the different methods. Hence, as the
intercalibration within the WFD is a ‘work in progress’
(in fact, some of the methodologies presented here have
been improved later to the acceptance of this paper,
increasing the level of agreement between methods), this
approach can be used by other MSs and applied to other
typologies, in comparing their own methodologies and
boundaries, and providing a basis for a comparable assess-
ment of the ES through Europe, and, probably, for the new
European Marine Strategy Directive (Borja, 2006).
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Borja, Á., Muxika, I., Franco, J., 2003. The application of a Marine Biotic
Index to different impact sources affecting soft-bottom benthic
communities along European coasts. Marine Pollution Bulletin 46,
835–845.
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1. Introduction

Assessment of the ecological integrity of benthic invertebrate

communities in estuaries and coastal areas has progressed in

recent years due in large part to legislation such as the ‘Clean

Water Act’ in USA or the ‘Water Framework Directive’ (WFD)

(Borja, 2005) and ‘Marine Strategy Directive’ (Borja, 2006) in

Europe. Such policies, albeit broad in definition, explicitly

recognize the link between fauna, flora and habitat, and

require appropriate strategies for assessing the relative
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a b s t r a c t

Legislation in US and Europe has been adopted to determine the ecological integrity of

estuarine and coastal waters, including, as one of the most relevant elements, the benthic

macroinvertebrate communities. It has been recommended that greater emphasis should

be placed on evaluating the suitability of existing indices prior to developing new ones. This

study compares twowidely usedmeasures of ecological integrity, the Benthic Index of Biotic

Integrity (B-IBI) developed in USA and the European AZTI’s Marine Biotic Index (AMBI) and

its multivariate extension, the M-AMBI. Specific objectives were to identify the frequency,

magnitude, andnature of differences in assessment of Chesapeake Bay sites as ‘degraded’ or

‘undegraded’ by the indices. A dataset of 275 subtidal samples taken in 2003 from Chesa-

peake Bay were used in this comparison. Linear regression of B-IBI and AMBI, accounted for

24% of the variability; however, when evaluated by salinity regimes, the explained varia-

bility increased in polyhaline (38%), high mesohaline (38%), and low mesohaline (35%)

habitats, remained similar in the tidal freshwater (25%), and decreased in oligohaline areas

(17%). Using the M-AMBI, the explained variability increased to 43% for linear regression,

and 54% for logarithmic regression. By salinity regime, the highest explained variability was

found in high mesohaline and low polyhaline areas (53–63%), while the lowest explained

variability was in the oligohaline and tidal freshwater areas (6–17%). The total disagreement

between methods, in terms of degraded-undegraded classifications, was 28%, with high

spatial levels of agreement. Our study suggests that different methodologies in assessing

benthic quality can provide similar results even though thesemethods have been developed

within different geographical areas.
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importance, status, or ecological integrity of water bodies. A

plethora of tools and benthic indices have been developed for

assessing such ecological integrity or status (see Dı́az et al.,

2004, for a review). The goal of all these indices is to reduce or

summarize environmental conditions or quality to a number,

whichwill form the basis formanagement decisions regarding

environmental conditions.

The development of a benthic index should followa logical

path, similar to that of Weisberg et al. (1997): (i) defining

criteria for degraded and undegraded sites based on non-

biological measures such as bottom-water dissolved oxygen

and sediment contaminant concentrations; (ii) identifying

biological measures which respond to (and differ among)

degraded and undegraded sites; (iii) adjusting these

responses for habitat differences, if necessary; (iv) combining

responsive measures into an index; and (v) validating the

index using independent data. Indices formulated on ecolo-

gical principles and properly validated will better commu-

nicate the complexity of ecological integrity. Benthic indices

are especially relevant to management efforts because

benthic invertebrates provide site-specific indicators of

habitat conditions that integrate stress effects over time

and over multiple types of stress (Gray, 1979), as highlighted

by Ranasinghe et al. (2002).

Dı́az et al. (2004) stated that there exists a tautological

development of new indices, which appears to be endemic,

self-propagating and rarely justified, and recommended that

investigators place greater emphasis on evaluating the

suitability of existing indices prior to developing new ones.

A number of recent papers have compared different

methodologies (Ranasinghe et al., 2002; Dı́az et al., 2003;

Reiss and Kröncke, 2005; Labrune et al., 2006; Quintino et al.,

2006; Dauvin et al., 2007; Dauvin, 2007; Blanchet et al., 2008),

but normally within the geographical area for which the

indices were developed. There are also recent efforts to

intercalibrate methodologies within the WFD, in order to

obtain high levels of agreement in the final status

classification (Reiss and Kröncke, 2005; Labrune et al.,

2006; Borja et al., 2007). To our knowledge no comparison

has been made between methods overseas. In this con-

tribution we have selected for comparison two indices

used within the geographical areas of Europe and USA.

Of the indices studied by Dı́az et al. (2004), 23%

were European and 56% were developed for application in

USA.

The Benthic Index of Biotic Integrity (B-IBI) developed in the

USA by Weisberg et al. (1997) stratifies habitats based on

benthic assemblage differences, identifies diagnostic metrics

and thresholds based on the distribution of values at reference

sites, and combines metrics into an index by a process that

uses a simple scoring system that weights all measures

equally. The B-IBI includes measures of species diversity,

productivity, indicator species, and trophic composition.

Thesemeasures vary with and are optimized for each habitat.

The Shannon–Wiener index is the measure of diversity used,

and both abundance and biomass are included in the

productivity and indicator species measures. Similar mea-

sures have been successfully used in other benthic indices of

biotic integrity in USA (e.g., Van Dolah et al., 1999; Llansó et al.,

2002a,b).

In Europe, the AZTI’s Marine Biotic Index (AMBI) developed

by Borja et al. (2000) is based upon the proportion of species

assigned to one of five levels of sensitivity to increasing levels

of disturbance, from very sensitive to opportunist species.

This index has been tested under different stress sources (e.g.,

Borja et al., 2003; Muxika et al., 2005) and has been applied not

only in Europe, but also in Asia (Cai et al., 2003), northern

Africa (Bazairi et al., 2005) and South America (Muniz et al.,

2005). Although AMBI presents some weaknesses in the inner

part of estuaries orwhen thenumber of species is very low (see

Borja and Muxika, 2005), the recent addition of a multivariate

species richness and Shannon diversity component to AMBI,

called multivariate AMBI (M-AMBI; Muxika et al., 2007), has

allowed for a broader application within the WFD. This

method has been intercalibrated with other European meth-

ods (Borja et al., 2007).

The differences in approach and suites of measures

included in different benthic indices leads to questions about

whether the application of the various indices would yield

different results (Ranasinghe et al., 2002). However, oppor-

tunities for comparison between indices are rare because it is

unusual to have more than one benthic index available for

any particular area. The availability of Chesapeake Bay

(Fig. 1) benthic data used in the calculation of the B-IBI

provided the opportunity to also apply and calculate AMBI

for direct comparison of the two indices. Our specific

objectives were to identify the frequency, magnitude, and

nature of differences in assessment of Chesapeake Bay sites

classified as ‘degraded’ or ‘undegraded’ by the B-IBI, AMBI,

and M-AMBI.

Fig. 1 – Study site in Chesapeake Bay, USA. Comparison

among indices was made for 275 random sites sampled

August–September 2003 by the Chesapeake Bay long-term

benthic monitoring and the Elizabeth River biological

monitoring programs.

e c o l o g i c a l i n d i c a t o r s 8 ( 2 0 0 8 ) 3 9 5 – 4 0 3396



2. Materials and methods

Chesapeake Bay data used in this study were obtained from

the web site http://www.baybenthos.versar.com, and corre-

sponded to an extensive sampling survey undertaken in 2003

and covering 275 sampling locations from Virginia and

Maryland (see Llansó et al., 2004, for details) (Fig. 1). The

datasets provided species identifications, abundance, and

biomass. The B-IBI values, together with the ecological

integrity status, were obtained from Llansó et al. (2004). To

apply AMBI, as most of the species in the current species-list

(http://www.azti.es) are from the European biogeographical

area (Borja et al., 2000) and some from South America (Muniz

et al., 2005), it was necessary to assign the North American

macrobenthic species to one of the five Ecological Groups (EG)

defined by Borja et al. (2000) (i.e. EG I: species sensitive to

disturbance; EG II: species indifferent to disturbance; EG III:

species tolerant to disturbance; EG IV: second order opportu-

nistic species; EG V: first order opportunistic species). The

approach to assigning species not on the list was as follows:

(i) A number of references were first consulted. The follow-

ing authors provided lists of pollution sensitive and

opportunist species: Dauer, 1993; Rakocinski et al., 1997,

2000; Weisberg et al., 1997; Van Dolah et al., 1999; Llansó

and Dauer, 2002; Llansó et al., 2002a,b.

(ii) When reference to sensitivity of the species was not

found, but the same genus was present in the list, all

species were assigned to the same group.

(iii) Occasionally, expert opinion of the American authors of

this contribution was used to assign species to groups.

Species for which there was not enough information to be

assigned to a group, were recorded as ‘not assigned’. All the

new assigned species are available in the new species-list

(July, 2006) within the AMBI website (http://www.azti.es).

Following species assignations, AMBI values were calculated

using the formula in Borja et al. (2000), the free software in the

same web-site, and the guidelines derived from Borja and

Muxika (2005). Following these guidelines, stations with >20%

of individuals not assigned or stations with 1–3 species per

sample, were removed from the AMBI analysis alone, but

included in the M-AMBI analysis. It is necessary to note that

the AMBI scale is the opposite of M-AMBI and B-IBI, where low

AMBI and high M-AMBI and B-IBI are associated with high

quality environments, and high AMBI and low M-AMBI and B-

IBI are associated with low quality environments.

TheM-AMBIwas calculated by factor analysis (FA) of AMBI,

species richness (as number of taxa) and Shannon–Wiener

diversity index values (for details, see Borja et al., 2004; Bald

et al., 2005; Muxika et al., 2007). This method compares

monitoring results with reference conditions by salinity

stretch (see below), in order to derive an Ecological Quality

Ratio (EQR), as specified by the WFD. The EQR (or M-AMBI

value) expresses the relationship between observed values

and reference condition values. At ‘high’ status, the reference

condition may be regarded as an optimum where the EQR

approaches one. At ‘bad’ status, the EQR approaches zero.

The M-AMBI analysis uses the Euclidean metric distance

between each of the locations and the reference locations,

together with the distance between the ‘high’ status and ‘bad’

status reference condition (see Muxika et al. (2007), for

terminology and details). The distance between the ‘high’

and ‘bad’ reference condition is the maximum Euclidean

distance, which is set to one. All other stations are located

between the reference conditions and have M-AMBI values

ranging from 0 to 1 (in some cases it is possible to have

vectorial values above the ‘high: 1’ or under the ‘bad: 0’

reference conditions (see Borja et al., 2004; Bald et al., 2005;

Muxika et al., 2007); in such cases, the locations were be

assigned to ‘high’ or ‘bad’ status, respectively). The calculation

of these values was made by using the software provided in

http://www.azti.es, together with that for AMBI calculation.

As the main objective of this study is to compare US and

European approaches, we defined ‘bad’ status as the lowest

possible richness and diversity value (0) and the highest AMBI

value (6) exclusive of azoic sediments (which normally get a

value of 7). Taking into account that high reference conditions

are not defined for the area, we used the highest richness and

diversity values found in each salinity stretch, and increased

them by 10–15%. Using this method we obtain the reference

conditions necessary to derive M-AMBI, and they can be

considered as quality objectives for the future in an unde-

graded situation (Table 1).

Agreement between B-IBI, AMBI, andM-AMBIwas assessed

following four approaches: (i) linear regression between

indices, including all data; (ii) Kappa analysis to compare

multiple condition categories; (iii) match/mismatch between

indices; and (iv) correlation analyses for each salinity stretch,

to compare indices and environmental parameters.

For Kappa analysis, sites were classified as ‘meets goal’,

‘marginally degraded’, ‘degraded’, and ‘severely degraded’

using the B-IBI terminology, and as ‘high’, ‘good’, ‘moderate’,

‘poor’, and ‘bad’ status following the AMBI and M-AMBI

terminology. Using these categories, the proportion of sites

where the indices disagreed were quantified, and a weighted

Kappa analysis (Cohen, 1960; Fleiss and Cohen, 1973) was used

to compare the multiple condition categories, with more

weight given to categories further apart from the degraded-

Table 1 – Highest richness (number of taxa) and diversity
and lowest AMBI values measured at each of five salinity
zones, together with the proposed high reference con-
ditions (bad reference conditions occurred in all zones
and were 0 for diversity and richness and 6 for AMBI)

AMBI Species
richness

Shannon
diversity

Measured

Polyhaline 1.90 43 4.01

High mesohaline 1.43 28 3.84

Low mesohaline 1.96 21 3.09

Oligohaline 1.84 16 3.19

Tidal freshwater 2.61 17 3.13

Proposed

Polyhaline 1.7 50 4.5

High mesohaline 1.2 30 4.0

Low mesohaline 1.9 25 3.5

Oligohaline 1.7 20 3.5

Tidal freshwater 2.2 20 3.5
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undegraded threshold. Kappa values shows the next levels of

agreement: (i) Null < 0.05; (ii) Very low: 0.05–0.2; (iii) Low: 0.2–

0.4; (iv) Moderate: 0.4–0.55; (v) Good: 0.55–0.7; (vi) Very Good:

0.7–0.85; (vii) Almost perfect: 0.85–0.99; and (viii) Perfect: 1

(Monserud and Leemans, 1992).

Match/mismatch between indices was computed by using

‘meets goal’ in B-IBI and grouping ‘high’ and ‘good’ inAMBI and

M-AMBI, in both cases as undegraded, and the remainder of

categories as degraded. The spatial distribution of disagree-

ments and their distribution across habitats were also studied

to identify whether disagreements were more likely in any

particular geographic area or any particular habitat. To further

describe relationships between the indices, and the biological

and environmental variables, a Principal Component Analysis

(PCA) was conducted with the entire dataset: depth, salinity,

silt-clay content, TOC, bottomdissolved oxygen concentration,

taxa richness, diversity, and percentage of the five EG groups;

and values of B-IBI, AMBI, and M-AMBI.

3. Results

Of the 217 taxa identified in the 2003 Chesapeake Bay dataset,

184 (85%)were not initially listed in theAMBI list or assigned to

Fig. 2 – Linear regression between AMBI and B-IBI for the entire dataset.

Fig. 3 – Linear and logarithmic regression between M-AMBI and B-IBI for: (a) the entire dataset, (b) polyhaline (>18 psu), (c)

high mesohaline (12–18 psu), (d) low mesohaline (5–12 psu), (e) oligohaline (0.5–5 psu), and (f) tidal freshwater (<0.5 psu)

zones.
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ecological groups. After assignment, 46 taxa (21% of the total)

were in EG I, 50 (23%) in EG II, 41 (19%) in EG III, 39 (18%) in EG IV,

and 12 (6%) in EG V, while 29 taxa (13%) remained unassigned.

Based on theAMBI classification, Chesapeake Bay exhibited

some degree of disturbance. Of the 263 stations used in the

study (after removing those recommended inAMBI guidelines,

see Section 2), 141 stations (54%) were classified as slightly

disturbed byAMBI, 90 (34%) asmoderately disturbed, 14 (5%) as

heavily disturbed, and 18 (7%) as extremely disturbed. This last

group consisted of the azoic stations.

Linear regression of AMBI and B-IBI accounted for 24% of

the variability of the entire dataset, with a high degree of

dispersion over the entire range of both indices (Fig. 2). When

evaluated by saline regimes, the explained variability

increased in the polyhaline (38%), high mesohaline (38%),

and low mesohaline (35%) areas, remained similar in tidal

freshwater (25%), and decreased in oligohaline areas (17%).

When M-AMBI was regressed with the B-IBI, the explained

variability was 43% for linear regression, and 54% for

logarithmic regression (Fig. 3). By salinity regime, the highest

explained variability was found in mesohaline and polyhaline

areas (53–63%), while the lowest explained variability was in

the oligohaline and tidal fresh water areas (6–17%) (Fig. 3).

Direct comparison of ecological status between site

classifications was not possible due to the different number

of status categories between the M-AMBI (five levels) and the

B-IBI (four levels). New boundaries for the M-AMBI were

determined from the regression lines, taking into account the

B-IBI limits (Table 2). Using this approach, ‘bad’ status

corresponded to ‘severely degraded’ sites in the B-IBI, and

‘high-good’ status corresponded to ‘meets goal’. Hence, B-IBI

and M-AMBI can be compared (Table 3). The Kappa statistic

showed a moderate level of agreement between site classi-

fications (k = 0.46). Removing tidal freshwater and oligohaline

sites increased agreement slightly (k = 0.48), but it remained

moderate.

When comparing both methods in terms of degraded

versus undegraded categories, using 0.58 as threshold for M-

AMBI and 3.0 for B-IBI (Table 2), the disagreement for the entire

dataset represents 28% of the cases (15.6% and 12.7%,

respectively) (Table 4), in spite of good spatial agreement

(Fig. 4). When the M-AMBI indicated undegraded conditions

but the B-IBI indicated degraded conditions, the highest

percentages of disagreement occurred in low mesohaline

(21%) and high mesohaline (16%) areas (Table 4). Conversely,

when the B-IBI indicated undegraded conditions and M-AMBI

indicated degraded conditions, the highest levels of disagree-

ment were in oligohaline (31%) and tidal freshwater (22%)

areas (Table 4).

The correlation coefficients between indices and environ-

mental parameters by salinity were significant at the 0.1%

level for polyhaline, high mesohaline, and low mesohaline

areas, but not significant for oligohaline and tidal freshwater

areas (Table 5). Significant correlations between indices and

individual parameters were variable. The only consistent

correlations were in the high mesohaline area where all

indices were associated with water depth, bottom dissolved

oxygen concentration, and total organic carbon (TOC). Also,

note that all indices showed decreasing benthic quality as

dissolved oxygen decreased in mesohaline areas, and this

relationship was highly significant (Table 5). Indices and

structural parameters (richness and diversity) are highly

correlated, except in oligohaline and tidal freshwater for

AMBI and B-IBI (Table 5).

In PCA, 50% of the variability was explained by the first two

components. Component 1 was related to the benthic indices

(M-AMBI and AMBI) and diversity; component 2 was related to

physical parameters (salinity, depth and dissolved oxygen);

Table 2 – Equivalence between M-AMBI and B-IBI boundaries used to define ecological status and degradation

Degradation M-AMBI B-IBI

Status (1) (2) (3) Status Boundaries

Undegraded High >0.83 >0.85

Undegraded Good 0.62–0.83 0.55–0.85 >0.58 Meets goal �3.0

Degraded Moderate 0.41–0.62 0.39–0.55 0.5–0.58 Marginal 2.7–2.9

Degraded Poor 0.20–0.41 0.20–0.39 0.4–0.5 Degraded 2.0–2.6

Degraded Bad <0.20 <0.20 <0.4 Severely degraded 1.0–2.0

M-AMBI boundaries: (1) defined in Borja et al. (2004); (2) intercalibrated in Borja et al. (2007); (3) defined in this exercise, in relation to B-IBI.

Table 3 – Number of sites classified as meets goal, marginal, degraded, and very degraded by the B-IBI and the M-AMBI

M-AMBI Total

Meets goal Marginal Degraded Severely degraded

B-IBI

Meets Goal 63 (44) 14 (11) 17 (11) 4 (1) 98 (67)

Marginal 5 (5) 8 (8) 4 (3) 2 (1) 19 (17)

Degraded 31 (26) 17 (16) 18 (16) 10 (9) 76 (67)

Very degraded 7 (7) 10 (10) 27 (24) 38 (38) 82 (79)

Total 106 (82) 49 (45) 66 (54) 54 (49) 275 (230)

Numbers in parentheses exclude tidal freshwater and oligohaline sites.
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and component 3 was related to EG III (composed by species

tolerant to organic enrichment and typical of estuaries) (Fig. 5).

AMBI was negatively related to richness and percentage of EG

IV; B-IBI was positively related to dissolved oxygen and

negatively related to depth; andM-AMBIwas positively related

to diversity (Fig. 5).

4. Discussion

The level of agreement in determining benthic integrity or

ecological status between the B-IBI and AMBI was moderate

and probably due to different boundary and threshold

settings, which makes comparisons between indices difficult.

In fact, when we readjusted boundaries in the M-AMBI, the

level of agreement increased dramatically. The same situation

was found in Europe when intercalibrating different methods

within the WFD, where it was necessary to adjust boundaries

for each methodology, in order to achieve better agreement

between methods (Borja et al., 2007).

When the comparison was made in terms of degraded-

undegraded locations, and the M-AMBI used as alternative to

the AMBI, the two-benthic indices agreed over 72% of the sites.

This agreement is slightly under the range of agreement (80–

87%) found in Europe when intercalibrating differentmethods

for the WFD (Borja et al., 2007). The differences in agreement

when comparing USA and European methodologies probably

results from a scaling problem of one or both indices across

habitats, rather than to underlying index performance. Where

the indices disagreed, some values were within ranges of

uncertainty for the indices and many of the disagreements

were close to, but on either side of, the degraded–undegraded

threshold (e.g. 14 of the 35 values where the indices disagreed

were close to the 0.58 boundary).

One of the reasons for this level of agreement between

different indices may be their use of similar criteria to define

degraded and undegraded sites during development (Rana-

singhe et al., 2002). The definitions for B-IBI were based on

dissolved oxygen concentrations in bottom water, sediment

chemical contaminant concentrations, sediment toxicity, and

organic carbon content, which are among the most common

anthropogenic stressors in estuaries. In the case of M-AMBI,

the basis is the AMBI, which has been tested against different

anthropogenic impacts, which includes anoxia and hypoxia,

sediment toxicity (metals, PAH), and others (Borja et al., 2000,

2003, 2006, 2007; Muxika et al., 2005). In this study the highest

values of AMBI were associated with the most degraded sites,

which had high TOC and low dissolved oxygen concentra-

tions, at some of the salinity stretches (Table 5). High values of

B-IBI and M-AMBI are usually associated with high levels of

dissolved oxygen, richness, and diversity, normally represen-

tative of healthy environments (Weisberg et al., 1997; Borja

et al., 2007).

Alden et al. (2002), studying the relative discriminatory

power of individual metrics within the B-IBI, determined that

the most important metrics were pollution-indicative taxa

abundance, pollution-sensitive taxa abundance, and diversity

(especially in mesohaline and polyhaline habitats). This

pattern is consistent with the results of this study, and could

be the reason of the level of agreement between the B-IBI

and the M-AMBI, because M-AMBI includes proportions of

Table 4 – Number (N) and percentage (%) of disagreements between M-AMBI and B-IBI, for sites classified as degraded and
undegraded, for the entire dataset and by salinity stretch

Salinity stretch M-AMBI (undegraded) and B-IBI
(degraded)

M-AMBI (degraded) and B-IBI
(undegraded)

N % N %

Polyhaline (30) 2 6.7 2 6.7

High mesohaline (99) 16 16.2 9 9.1

Low mesohaline (102) 21 20.6 12 11.8

Oligohaline (26) 3 11.5 8 30.8

Tidal freshwater (18) 1 5.6 4 22.2

Entire dataset (275) 43 15.6 35 12.7

Number of sites in parenthesis.

Fig. 4 – Comparison between the results obtained with M-

AMBI and B-IBI in terms of degraded (moderate/poor/bad

or marginal/degraded/severely degraded) and undegraded

(high/good or meets goal).
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indicative and sensitive taxa (AMBI) together with diversity

and richness.

When comparing B-IBI and the U.S. Environmental

Monitoring and Assessment Program’s Virginian Province

Benthic Index (EMAP-VP BI), Ranasinghe et al. (2002) found a

high level of agreement between indices, despite differences

in the geographic distribution of the sites used to develop the

two indices. These authors found that the B-IBI was more

sensitive than the EMAP-VP BI in classifying sites as degraded,

and provided the more accurate picture, especially in saline

habitats. This pattern is similar to that found in this study, in

which the B-IBI shows the greatest number of disagreements

with M-AMBI results in low salinity locations. In the case of

AMBI, the same problems in low salinity habitats have been

described (Borja and Muxika, 2005); however, M-AMBI may be

more accurate in those habitats (Muxika et al., 2007). Probably,

this reflects the natural physical stress within these areas,

rendering both indices less useful in these habitats or being

more difficult to assess the quality status under natural stress.

There are advantages in using B-IBI andM-AMBI: (i) benthic

ecologists, managers, and stakeholders easily understand

both types of indices, due to their intuitivity, as mentioned by

Ranasinghe et al. (2002) and Borja and Muxika (2005); (ii) both

indices incorporate information based on well-known ecolo-

gical theories, such as Pearson and Rosenberg’s (1978)

paradigm, which lead to increased confidence in the results;

and (iii) both indices incorporate information about diversity

and proportions of pollution-indicative (opportunistic) and

pollution-sensitive species abundance, while M-AMBI also

incorporates richness, and the B-IBI a variety of other metrics.

Themacrofaunal-based indices compared in this study are

derived from biomass and/or abundance data, which are

measures of biotic integrity in the sense of Karr et al. (1986),

and as highlighted by Dı́az et al. (2003). These indices are

measures of community structure, and emphasize species

identity, richness, and diversity, which are thought to be

intrinsically important features of the benthos. Hence, when

community structure indices are high, it is assumed that

benthic habitat quality is also high (Dı́az et al., 2003). The

indices we studied were responsive to organic enrichment

gradients, as described by themodel of Pearson and Rosenberg

Table 5 – Correlation coefficients between indices, environmental and structural parameters, by salinity zone

Polyhaline
(30)

High mesohaline
(99)

Low mesohaline
(102)

Oligohaline
(26)

Tidal freshwater
(18)

AMBI–M-AMBI �0.887 �0.897 �0.884 �0.513 �0.472

AMBI–B-IBI �0.615 �0.617 �0.591 �0.413 �0.500

M-AMBI–B-IBI 0.743 0.744 0.651 0.255 0.441

AMBI–Depth 0.562 0.517 0.233 �0.522 �0.469

AMBI–Salinity �0.217 �0.058 0.130 �0.060 �0.541

AMBI–Oxygen �0.591 �0.462 �0.404 0.047 �0.345

AMBI–TOC �0.108 0.482 0.388 0.113 �0.300

AMBI–Silt/Clay �0.016 0.281 0.369 �0.025 �0.132

AMBI–Richness �0.634 �0.714 �0.655 �0.084 �0.021

AMBI–Diversity �0.615 �0.753 �0.759 �0.154 �0.151

M-AMBI–Depth �0.316 �0.570 �0.449 0.294 �0.188

M-AMBI–Salinity 0.265 0.110 �0.244 0.232 0.161

M-AMBI–Oxygen 0.388 0.547 0.524 �0.142 0.611

M-AMBI–TOC 0.037 �0.594 �0.499 �0.353 �0.301

M-AMBI–Silt/Clay �0.024 �0.445 �0.483 �0.337 �0.292

M-AMBI–Richness 0.836 0.922 0.881 0.837 0.850

M-AMBI–Diversity 0.831 0.931 0.918 0.863 0.884

B-IBI–Depth �0.116 �0.557 �0.370 0.260 0.226

B-IBI–Salinity 0.571 �0.105 �0.290 �0.347 0.165

B-IBI–Oxygen 0.328 0.624 0.359 0.217 0.064

B-IBI–TOC �0.218 �0.381 �0.219 �0.442 0.012

B-IBI–Silt/Clay �0.242 �0.239 �0.240 �0.204 0.116

B-IBI–Richness 0.754 0.661 0.517 �0.084 0.240

B-IBI–Diversity 0.533 0.773 0.657 0.278 0.304

Bold and underlined numbers are significant at p < 0.001; underlined numbers are significant at p < 0.01. Number of sites in parentheses.

Fig. 5 – Principal Component Analysis for the entire

dataset. Groups I–V, represent the percentage of each

ecological group, as described in Section 2.
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(1978) and to hypoxia and other stressors that reduce species

diversity and abundance, as discussed in Borja et al. (2000,

2003, 2006, 2007), Dı́az et al. (2003) and Muxika et al. (2005).

A principal factor stressing the macrobenthos and degrad-

ing benthic habitat quality in the Chesapeake Bay is low

dissolved oxygen, which is spatially extensive and strongly

correlated with benthic community condition, explaining 42%

of the variation in the B-IBI (Dauer et al., 2000). High levels of

sediment contamination are spatially limited to a few

locations including BaltimoreHarbor and the Southern Branch

of the Elizabeth River, and explained about 10% of the

variation in the B-IBI. After removing the effects of low

dissolvedoxygen, the residual variation in benthic community

condition was weakly correlated with surrogates of eutrophi-

cation, such as water column concentrations of total nitrogen,

total phosphorus, and chlorophyll a (Dauer et al., 2000).

5. Conclusions

Our study suggests that applying different methodologies to

assessing benthic quality can provide similar results even the

methods have been developed within different geographical

areas. When the same ecological basis is used in indices such

as B-IBI, AMBI andM-AMBI the results could produce a level of

agreement, in assessing ecological integrity, close to that

found in Europe when intercalibrating WFD methodologies.

Much of the mismatch between indices was related to spatial

variability in community structure measures and the type of

habitat. However, indices that integrate structural and

functional aspects of benthos, such as B-IBI and M-AMBI,

hold promise as measures of benthic habitat quality because

of their ability to integrate physical habitat structure with

benthic communities. However, more comparison studies

should be undertaken in order to improve the assessment of

ecological integrity.
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écosystème lagunaire de la côte atlantique marocaine.
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Assessing ecological integrity in marine waters, using multiple indices
and ecosystem components: Challenges for the future
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a b s t r a c t

During the last decade, there have been substantial scientific advances in the development of indices that
measure the condition of biological ecosystem elements in coastal and estuarine waters. Though success-
ful, these advances were only the initial steps and a special session on use of indices in ecological integ-
rity assessments was held at the Coastal and Estuarine Research Federation meeting to focus the field on
the most appropriate directions for the next decade. The session identified four primary scientific chal-
lenges: (i) reduce the array of indices by identifying the index approaches that are most widely success-
ful; (ii) establish minimum criteria for index validation; (iii) intercalibrate methods to achieve uniform
assessment scales across geographies and habitats; and (iv) integrate indices across ecosystem elements.
Where an explosion of indices characterized the last decade, the next decade needs to be characterized by
consolidation. With increased knowledge and understanding about the strengths and weaknesses of
competing index approaches, the field needs to unify approaches that provide managers with the simple
answers they need to use ecological condition information effectively and efficiently.

� 2008 Elsevier Ltd. All rights reserved.

1. Introduction

There have been substantial scientific advances during the last
decade in development of indices that measure the condition of
biological ecosystem elements in coastal waters (Pinto et al.,
2009). Assessment science successfully progressed from near
field-far field and ‘Before After Control Impact’ (BACI) (Underwood,
1992) comparisons at the beginning of the decade to regional
assessments of the proportions of area at different levels of ecolog-
ical health.

The stimulus for these advances originated from policy-makers
seeking more intuitive ways to interpret and communicate their
success in managing the marine environment (see an overview in
Borja et al., 2008b) from the pressures of human activities (Halpern
et al., 2007, 2008). Coastal waters are sensitive habitats that sup-
port high levels of biodiversity and provide many marine goods
and services (Costanza et al., 1997; de Groot et al., 2002; Beaumont
et al., 2007, 2008) and the management objective is to preserve, or
return to, good environmental and ecological status. Managers of-
ten define environmental status in an integrative way, conceptu-
ally incorporating multiple physico-chemical and biological
elements (Borja, 2005, 2006).

The indices were a scientific response that helped satisfy man-
agement needs for accurate and reliable information about the
condition of biological ecosystem elements. Some of these activi-
ties are documented in special issues of Marine Pollution Bulletin
on the European water framework directive (WFD) (55(1/6),
2007), of Ecological Indicators (Borja and Dauer, 2008) on compari-
son of indices and methodologies, and in a review by Diaz et al.
(2004) of the multitude of indices available to evaluate the condi-
tion of estuarine and coastal benthic macroinvertebrates.

Though successful, these advances were only a first step and
many challenges remain to be addressed in the next decade, includ-
ing the development of reliable methods to integrate multiple
physico-chemical and biological elements into a single evaluation
of aquatic system condition (Borja et al., 2008b). In an effort to draw
attention to these needs, and chart a direction for the next decade,
the authors organized a session on assessments of ecological integ-
rity in marine systems using multiple indices and ecosystem com-
ponents at the Coastal and Estuarine Research Federation (ERF)
meeting held in Providence, RI, USA fromNovember 4–8, 2007. This
special issue ofMarine Pollution Bulletin includes eight manuscripts
contributed by authors of presentations in our session. The subjects
covered include development of new indices, validation and com-
parison of existing indices and methodologies, and integration of
multiple elements into single assessments of condition.

The ERF session concluded with an open discussion on ‘‘next
steps” in which four areas from where agreement is needed to
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satisfy future management needs were identified: (i) reduce the
presently bewildering array of available indices by identifying
the index approaches, components and formulations that are most
widely successful (index format); (ii) establish minimum criteria
for index validation processes that demonstrate index accuracy
and reliability (index validation); (iii) compare and intercalibrate
methods to achieve uniform assessment scales across geographies
and habitats (index intercalibration); and (iv) integrate indices
across media and ecosystem elements (index integration). The sec-
tions that follow document the main conclusions of that open dis-
cussion. They provide principles to guide integrative assessments
(see also Borja and Dauer, 2008) and list the primary challenges
that will be faced and, presumably, met by scientists assessing
marine quality in the next decade.

2. Index format

As the concept of indices has gained acceptance, there has been
a proliferation of index approaches, especially for benthic commu-
nities, which summarize complex biological monitoring informa-
tion in a form that is easily communicated to the management
community (Diaz et al., 2004). Some of these indices integrate
information at the community-level and rely on parameters such
as abundance, diversity, functional feeding groups and depth be-
neath the sediment surface (Weisberg et al., 1997; Engle et al.,
1994; Van Dolah et al., 1999; Thompson and Lowe, 2004). Other
indices focus on species composition, comparing sample composi-
tion to an expected species mix or quantifying the average pollu-
tion tolerance of species found at the site (Borja et al., 2000;
Hawkins et al., 2000; Smith et al., 2001; Leung et al., 2005; Van
Sickle et al., 2005, 2006). Although community-level approaches
often include measures of sensitive and tolerant biota, these mea-
sures are usually based on just a few indicator organisms, while
species composition indices typically include many taxa.

Each of these approaches has potential advantages. However,
workshop participants agreed with Diaz et al. (2004) that now
are the time to evaluate existing alternatives and identify preferred
approaches, rather than spending energy developing additional
indices. Recently, there have been a number of performance com-
parisons for different classes of indices, mostly focused on the ben-
thic infauna (Ranasinghe et al., 2002; Labrune et al., 2006; Quintino
et al., 2006; Borja et al., 2007; Zettler et al., 2007; Ranasinghe et al.,
2009). These studies suggest that the species composition ap-
proach is more effective, but presently there are no widely ac-
cepted generalizations about the relative efficacy of indices at
these two levels of organization.

Similar issues affect index format choices for the development
of indices for other biological elements, which proliferated after
2000. Examples are phytoplankton (Borja et al., 2004; Sagert
et al., 2005; Devlin et al., 2007; Revilla et al., 2008), macroalgae
(Orfanidis et al., 2001; Ballesteros et al., 2007; Wells et al., 2007;
Arévalo et al., 2007; Wilkinson et al., 2007; Juanes et al., 2008),
angiosperms (Romero et al., 2007), and fish (Macauley et al.,
1999; Borja et al., 2004; Harrison andWhitfield, 2004, 2006; Breine
et al., 2007; Coates et al., 2007) condition indices. Index format
choices are also relevant to contributions in this special issue,
including new indices (Williams et al., 2009), new methodologies
(Wilson et al., 2009), and adaptations of existing methods (Dauvin
and Ruellet, 2009).

The challenge for the next decade is to accomplish sufficient in-
dex performance comparisons to reach scientific consensus on pre-
ferred index approaches for each biological element that managers
wish to include. The outcome could be that multiple approaches
have merit under different circumstances, leading to approaches
that combine metrics, such as the M-AMBI for the WFD (Borja

et al., 2004; Muxika et al., 2007), and for California (Ranasinghe
et al., 2009). Alternatively, one or a few index approaches may
work well under most circumstances for a particular ecosystem
element. Either way, the influences of natural variability and the
nature of the habitat or ecosystem element on index accuracy
and stability must also be investigated (de Paz et al., 2008).

3. Index validation

Index validation is the part of index development that critically
evaluates the accuracy and precision of an index. The credibility of
an index or index combination among scientists and managers, and
its acceptability for evaluating condition at the geographic scale
and level of habitat heterogeneity of interest, depends on demon-
stration of index reliability in a meaningful validation process (see
Borja and Dauer, 2008). Any new methodology or index without a
reliable and replicable validation using independent data should
be discarded or used with extreme caution.

Early validation efforts demonstrated that indices could success-
fully differentiate among samples at the extremes of disturbance
gradients. They established that (i) validation should test index per-
formance on data independent of those used to develop (calibrate)
the index, and potentially be performed by scientists other than
those proposing the index, (ii) classification criteria for acceptance
should be set a priori, and (iii) alternatively or additionally, include
strong a posteriori justification based on best professional judgment
(Borja and Dauer, 2008). In this special issue, old and new indices
have been validated for different areas, such as Chesapeake Bay
(Llansó et al., 2009; Williams et al., 2009).

There are at least two aspects of validation in which improve-
ments are desirable in the next decade. First, many of the areas
most amenable to corrective action or restoration are in the middle
ranges of disturbance rather than at the extremes, and indices of
condition supporting management action should be able to distin-
guish among mid-range categories. Ranasinghe et al. (2009) and
Weisberg et al. (2008) show initial steps in this direction, but wider
agreement is necessary about the condition categories that are fea-
sible and useful in the context of measurability, repeatability, and
optimally supporting management action.

Another area in which agreement is desirable in the next decade
is the minimum level of classification accuracy of calibration-inde-
pendent validation samples that inspires trust in results. In early
efforts, Weisberg et al. (1997) arbitrarily picked an acceptability
threshold of 80%, while Van Dolah et al. (1999) picked 75%. More
recently, Weisberg et al. (2008) quantified the level of agreement
among experts; accuracy criteria that incorporate similar realistic
and relevant measures of uncertainty might provide a more mean-
ingful and realistic yardstick for validation.

4. Index intercalibration

Many indices were successfully validated during the last dec-
ade, but most indices and assessment scales were developed for lo-
cal geographic regions, and often only for specific habitats within
the region. This is because species composition and reference
expectations change naturally with ecoregion and habitat. Index
development is often accomplished in several regional and habitat
blocks, each block having relatively uniform reference expecta-
tions. Index development often begins with multivariate analysis
defining regions and habitats over which community expectations
are relatively similar.

Managers typically need assessments that are conducted across
habitat boundaries and over larger geographies on a single assess-
ment scale. For example, Borja et al. (2009) present results for
Europe’s WFD. Combining indices from different geographies and
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habitats requires that the indices be calibrated to the same scale,
and condition (quality) categories are consistent among indices.
Datasets used for calibration and validation must include sites
from the entire condition range (from highly degraded to nonde-
graded or pristine situations), together with measures of condition
independent of biology (e.g., chemicals or toxicity), ensuring that
the index measures and captures the entire condition gradient.

Some index approaches are more amenable to cross-geograph-
ical scaling than others. Community-based indices require local
reference conditions for establishing thresholds, which can be
problematic when the background condition of the region, and
therefore the expectations for a reference condition, differs among
regions (as discussed by Dauvin and Ruellet (2009)). In contrast,
indices such as the AMBI, which assign tolerance scores to all spe-
cies, are relatively free of potential geographical bias, provided that
consistent rules for assigning species to tolerance categories are
followed across regions.

Regardless of index approach, though, there are means for scal-
ing condition (quality) category assessment scales across regional
and habitat boundaries (Borja et al., 2007, 2008a). This special is-
sue contains several such examples, including those in California
(Ranasinghe et al., 2009), and New York, (Benyi et al., 2009). The
challenge is to extend this intercalibration and scale unifying
efforts to other geographies and biological elements.

5. Index integration

When marine quality assessments began a decade ago, most of-
ten benthos was the only biological ecosystem element that was
assessed. Today, managers seek to assess the condition of addi-
tional biological elements, such as fishes, phytoplankton, and zoo-
plankton. Moreover, the managers’ goal is to provide the public
with understandable maps integrating condition information from
the different elements, presenting condition (quality) categories
using simple colors. Reducing complex information from multiple
ecosystem elements to a single color is a substantial challenge to
marine scientists. Assessing marine quality will require the inte-
gration of different disciplines (chemists, engineers, biologists,
ecologists, physics, managers, etc.), to reach agreement on the final
assignment of ecological status. Integration of information to this
high level has rarely, if ever, been attempted. However, a few
examples of integration are available worldwide from the past dec-
ade (see an overview in Borja et al. (2008b); but also Bricker et al.,
2003; Borja et al., 2004; Sagert et al., 2005; USEPA, 2005).

In this special issue, the integration of physico-chemical indica-
tors and biological ecosystem elements was undertaken in Mexico
(Herrera-Silveira and Morales-Ojeda, 2009) and Spain (Borja et al.,
2009).

The challenge for the next decade is developingmethods to inte-
grate different elements, different media, and results from different
locations within the same water body. The challenge is not only to
integrate indicators for single ecosystem elements, but also to in-
clude measures of ecosystem structure, function and process. Sim-
ple approaches such as the ‘one out, all out’ principle (Borja, 2005)
of the WFD, which takes the final quality of a water body from the
worst rated element, may be a useful starting point, but eventually
should be avoided. The ecological integrity of an aquatic system
should be evaluated using all information available, including as
many biological ecosystem elements as is reasonable, and using
an ecosystem-based assessment approach (Borja et al., 2008b).

6. Conclusions

The ERF special session highlighted that this is an exciting time
in the index development field. The previous decade was notable in

that there were many scientific advances in index development.
More importantly, in the last few years, there has been widespread
acceptance of indices as critical tools for simplifying complex infor-
mation to facilitate the incorporation of objective scientific data
into management decision-making.

With that success, though, come additional challenges. The pro-
liferation of indices adds an element of confusion back into what
we hoped to simplify. Some of the confusion arises because of
the different processes used for developing, calibrating and validat-
ing indices in different regions. This leads to inconsistencies in
assessment across regions. Additional confusion results from indi-
ces developed for multiple types of biota, providing managers with
multiple, and often conflicting, answers for a single water body.
The challenge requires recognition that our field is maturing and
responding appropriately. Whereas the last decade was character-
ized by an explosion of indices, the next decade should be one of
consolidation and agreement. With increased knowledge and
understanding of the strengths and weaknesses of competing in-
dex approaches, we might be able to simplify our approaches
and continue to provide managers with the simple answers they
need to use our information effectively and efficiently.
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Abstract

The European Water Framework Directive provides a challenge in the development of new and accurate methodologies. It

addresses assessment of Ecological Quality Status within European rivers, lakes, groundwaters, estuaries and coasts. Although this

directive is simple and flexible in its concept, it is necessary to develop an approach based upon scientific knowledge; however, at the

same time it should be as simple as possible, in order to achieve both requirements and comparability of results throughout

European waters.

This contribution presents the first methodological approach to the problem, as used for estuaries and coasts of the Basque

Country (northern Spain), in: selecting typologies and reference conditions; determining biological quality and ecological status; and

identifying some problems in implementing the WFD. As such, the present paper could serve as the basis for a discussion document

for other regions and countries, throughout Europe.
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1. Introduction

The European Water Framework Directive (WFD;
2000/60/EC) establishes a framework for the protection

of all waters (including inland surface waters, transi-

tional (¼ estuarine) waters, coastal waters and ground-

water) which: (i) prevents further deterioration, protects

and enhances the status of water resources; (ii) promotes

sustainable water use; (iii) aims at enhancing protection

and improvement of the aquatic environment through

specific measures for the progressive reduction of dis-
charges; (iv) ensures the progressive reduction of pol-

lution of groundwater and prevents its further pollution;

and (v) contributes to mitigating effects of floods and

droughts. Overall, the directive aims at achieving �good
water status’ for all waters, by 2015. The WFD requires

member states to assess the ecological quality status

(EcoQ) of water bodies. The EcoQ will be based upon

the status of the biological, hydromorphological and

physico-chemical quality elements, with the biological

elements being especially important. In coastal and
transitional waters, the biological elements to be con-

sidered are phytoplankton, macroalgae, benthos and

fishes (the latter only in transitional waters).

In order to assist the WFD implementation, a

‘‘common implementation strategy’’ (CIS) was agreed

in May 2001. The CIS includes four key activities,

including: (i) the development of guidance on technical

issues; and (ii) the application, testing and validation of
the guidance provided. Several working groups were

created to deal with these issues. The COAST working

group dealed specifically with transitional and coastal

waters, with their guidance document being published in

November 2002 (Vincent et al., 2002). Other methodo-

logical approaches in implementing the WFD have been

undertaken over the past few years (Henocque and

Andral, 2003).
In the Basque Country (northern Spain), work has

been undertaken over several years in developing new

tools addressed at this Directive and other problems

*Corresponding author. Fax: +34-943004801.

E-mail address: aborja@pas.azti.es (�A. Borja).
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associated with the different biological elements (Borja

et al., 2000, 2003a,b,c). This contribution presents the

initial approach suggested from the Basque Country, as

a basis for discussion, comparison and assistance to
other researchers throughout Europe. Hence, the step-

wise progression of this contribution includes: (i) the

presentation of the Basque Monitoring Network; (ii) the

selection of typologies and reference conditions; (iii)

the specific methodologies applied in determining the

biological quality and the EcoQ; and (iv) some problems

identified in implementing the WFD.

2. The Basque monitoring network

The Department of Land Action and Environment of

the Basque Government, by means of the Littoral Water

Quality Monitoring and Control Network (hereafter,

LQM), has monitored the Basque coastal and estuarine

water quality since 1994 (Borja et al., 1996, 2003c). This
network comprises the analyses of both physico-chemi-

cal (in water, sediment and biota) and biological ele-

ments (phytoplankton, macroalgae, benthos and fishes)

(see Table 1, for details). The LQM series data includes

32 coastal and estuarine stations sampled, from 1995 to

2002, and 19 more since 2002 (Fig. 1).

From 1994 to 2001, the LQM has been used in

assessing the evolution of the marine waters quality
under the development of various sewerage schemes

(Franco et al., 2004; Gorostiaga et al., 2004), contrib-

uting to the knowledge of pollutant ranges and back-

grounds in different matrices, such as: (i) waters

(Belzunce et al., 2004a; Bald et al., 2004); (ii) sediments

(Belzunce et al., 2004b); and (iii) biota (Borja et al.,
2004a; Marig�omez et al., 2004). Likewise, since 2001, the

LQM has been used for the implementation of the

WFD, using the database as a useful tool in the devel-

opment of new methods in assessing the EcoQ (Borja

et al., 2003c).

3. The development of typologies

The WFD requires surface waters within the River

Basin District to be split into water bodies, representing

the classification and management unit of the Directive.

The suggested hierarchical approach to the identifica-

tion of surface water bodies includes: (i) the definition of

the River Basin District; (ii) the division of surface wa-

ters into one of six surface water categories (i.e. rivers,
lakes, transitional waters, coastal waters, artificial and

heavily modified water bodies); (iii) the sub-division of

surface water categories into types, then assigning the

surface waters to one type; and (iv) the sub-division of a

water body of one type into smaller water bodies

according to pressures and resulting impacts (for details,

see Vincent et al., 2002).

The purpose of typology is to enable type specific
reference conditions to be established. Such conditions

Table 1

Elements and parameters monitored in estuaries and along the coast, within the Littoral Water Quality Monitoring and Control Network of the

Basque Country, together with the corresponding sampling periodicity (for additional details, see Borja et al., 2003c)

Element Parameter Type Parameters 
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General: transparency, salinity, temperature, dissolved oxygen, 
nutrients, suspended solids, TOC, etc.
11 Heavy metalsWater Physico-chemical

Organic compounds: PAH, PCB, DDT, HCH, HCB, detergents, etc.

General: organic matter, grain size, redox potential, C/N   
10 Heavy metals   Sediment Physico-chemical
Organic compounds: PAH, PCB, DDT, HCH, HCB, etc.   

Biological Microbiology   
10 Heavy metals   Biota

Physico-chemical Organic compounds: PAH, PCB, DDT, HCH, HCB, etc.   
Benthos Biological Density, richness, biomass, diversity, AMBI   
Fishes (*) Biological Composition and abundance    

Biomass (chlorophyll) 
Phytoplankton Biological Composition and abundance
Macroalgae Biological Composition and coverage
Hydromorphology Physical Bathymetry, tides, substrate conditions   

�Monitored only in estuaries; AMBI¼AZTI marine biotic index (see Borja et al., 2000).
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then become the basis for the classification schemes,

with consequences for all subsequent operational as-

pects of the implementation of the WFD (including

monitoring, assessment and reporting). Water bodies

within each surface water category are differentiated

according to type using a system of typology as defined

in the WFD. On the basis of the latitude, longitude, tidal

range and salinity (known as �obligatory factors’), it is
possible to divide the maritime area into three basic eco-

regions: (i) the Atlantic/North Sea Eco-region Complex,

comprising the North Atlantic Ocean, North Sea,

Norwegian Sea and the Barents Sea Eco-regions; (ii) the

Baltic Sea Eco-region; and (iii) the Mediterranean Sea

Eco-region.

However, the WFD establishes the use of other �op-
tional factors’, if the ecological separation used to define
the �type specific’ reference conditions, according to

types, cannot be achieved by only using the obligatory

factors. In transitional waters, the optional factors may

be used in the following order: (i) mixing; (ii) intertidal

area (as an integrator of depth, tidal range and shape);

(iii) residence time; and (iv) other factors, until an eco-

logically-relevant type of water body is achieved. In

coastal waters, the optional factors are: (i) wave expo-

sure; (ii) depth; and (iii) other factors, until an ecologi-

cally relevant type of water body is achieved (Vincent

et al., 2002).

The Basque Country is contained within the Atlantic/
North Sea Eco-region Complex. In these waters, the

optional factors that have been used in the classification

of water masses typologies include salinity, tidal range,

depth, current velocity, wave exposure, water mixing,

residence time, substrata texture, and intertidal area

(Table 2) (Borja et al., 2003c). The sampling stations

have been assigned to each of the defined typologies,

having 4 sampling stations located within the SRDE
water type, 17 in EEIF, 12 in EESA, 6 in FMESC and

12 in FMERC, with a station, offshore and undisturbed,

used as a control (Table 2, Fig. 1). This typology pattern

is now under study and discussion, with some problems

Fig. 1. Sampling stations within the Littoral Water Quality Monitoring and Control Network of the Basque Country, at present (for typologies, see

Table 2).

Table 2

Water mass typologies determined for the Basque Country, using the optional factors of the WFD in the classification (Borja et al., 2003c)

Variables Typologies

SRDE EEIF EESA FMESC FMERC

Definition Small river-dominated

estuaries

Estuaries with exten-

sive intertidal flats

Estuaries with exten-

sive subtidal areas

Full marine exposed,

sandy coast

Full marine exposed,

rocky coast

Locations Estuaries of Deba

and Urumea

Estuaries of

Barbad�un, Butr�on,

Oka, Lea, Artibai,

Urola, Oria

Estuaries of Nervi�on,
Oiartzun, Bidasoa

Coast of Nervi�on,
Butr�on, Oka

Rest of the coast

Salinity 5–30 PSU 18 –>30 PSU 18 –>30 PSU >30 PSU >30 PSU

Tidal range 1–3 m 1–3 m 1–3 m 1–3 m 1–3 m

Depth <30 m <30 m <30 m <30 m <30 m

Current velocity 50–150 cm s�1 50–150 cm s�1 50–150 cm s�1 50–150 cm s�1 50–150 cm s�1

Wave exposure Sheltered Sheltered Sheltered, very

sheltered

Exposed, very

exposed

Exposed, very

exposed

Mixing Permanent

stratification

Permanent

stratification

Permanent

stratification

Seasonal

stratification

Seasonal

stratification

Residence time Days Days Weeks, months Days Days

Substrata Mixed sediments Mixed sediments Mixed sediments Sand, Gravel Hard substrata

Intertidal area <50% >50% <50% <50% <50%

�A. Borja et al. / Marine Pollution Bulletin 48 (2004) 209–218 211



associated with the assignation of several of the loca-

tions.

4. The development of reference conditions

The difficulty in establishing the environmental qual-

ity of an ecosystem in the absence of a reference value, or

knowledge of the state of the system, against which

comparisons can be made and put into perspective in

relation to assessments like ‘‘good ecological status’’

(similar than those included in Directive 2000/60/EC),
has been identified previously (Maksimov, 1991).

The reference condition, for a water mass type, is a

description of the biological quality elements that exist,

or would exist, at an high biological status, i.e. with no,

or only very minor disturbance, from human activities.

The objective of setting reference condition standards is

to enable the assessment of EcoQ, against these stan-

dards. The reference condition is a description of the
biological quality elements only. High ecological status

incorporates the biological, physico-chemical and hy-

dromorphological elements (Vincent et al., 2002).

The WFD identifies four options for deriving refer-

ence conditions: (i) an existing undisturbed site or a site

with only very minor disturbance; (ii) historical data and

information; (iii) models; or (iv) expert judgement

(Annex II, 1.3(iii), in the WFD, see Vincent et al., 2002).
One of the problems in deriving reference conditions, in

some European regions, arises from the absence of un-

impacted areas. This is the case of the Basque Country,

in which all of the estuaries have been historically im-

pacted upon by human activities (Cearreta et al., 2004).

Moreover, this region has no pre-industrial historical

data; hence, the use of �virtual’ reference locations

should be considered (Borja et al., 2003c). (Virtual
locations do not exist in reality, but are based upon

experience gained of the area and conceived as the �po-
tential’ components––biological parameters, chemical

concentrations, etc.––that should be present). The ref-

erence values from these locations have been based upon

the LQM database (including low or background levels)

and legal quality values (Borja et al., 2003c).

Because reference conditions must incorporate natu-
ral variability, in most instances they will be expressed as

ranges. Reference conditions should be derived with a

view to distinguishing between very minor, slight, and

moderate disturbance. �Very minor’ disturbance could

be defined as just detectable in the sense that the dis-

turbance is more likely to be anthropogenic, than not.

�Slight’ disturbance could be defined as anthropogenic,

at a prescribed level of confidence.
�Type specific’ reference conditions are to be estab-

lished for the biological quality elements for that type of

surface water at an high status. Reference conditions are

a description of the biological quality elements at an

high status: ‘‘the results of the (classification) systems. . .
shall be expressed as ecological quality ratios for the

purposes of classification of ecological status. These

ratios shall represent the relationship between the values
of the biological parameters observed for a given body

of surface water and the values for these parameters in

the reference conditions applicable to that body. The

ratio shall be expressed as a numerical value between

zero and one, with high ecological status represented by

values close to one and bad ecological status by values

close to zero’’ (Annex V 1.4.1.(ii), of the WFD, in

Vincent et al., 2002).
The description of the biological reference conditions

must permit the comparison of monitoring results with

the reference conditions, in order to derive an Ecological

Quality Ratio (EQR). The values of the EQR set for

each status class must mean that the water body meets

the normative definition, for that status class given in

the WFD. The EQR is not necessarily a simple ratio of

two numbers but �represents the relationship between
the values of the biological parameters’, within a given

water body. The EQR expresses the relationship be-

tween observed values and reference condition values;

its numerical value lies between 0 and 1. At high status,

the reference condition may be regarded as an optimum

where the EQR is close to, and including one unity.

In the cases of physico-chemical conditions and the

benthos, Principal Component Analysis (PCA) has been
used, as a useful tool in determining the EQR, according

to the methodology established by Bald et al. (1999,

2001). Similar methodologies have been used elsewhere

by Algarra and Niell (1985) and Belan (2003). This

multivariante analysis uses the Euclidean metric distance

between each of the locations, together with the distance

between the �High Status’ and �Bad Status’ virtual loca-

tions. Logically, the greatest Euclidean distance corre-
sponds to that between both references (this distance

being equal to 1), as they represent the two extreme

conditions of the system. The remainder of the locations

are situated between them, in the new space defined by

the PCA (therefore, each station has an EQR ranging

from 0 to 1). This methodology has been applied also in

assessing environmental impacts (Bald et al., 2001).

5. Physico-chemical conditions

The physico-chemical indicators, used in the assess-

ment of the ecological status, are those referred to by the

WFD: transparency (measured as Secchi disc depth of

disappearance); percentage of oxygen saturation and

nutrients (ammonium, nitrate and phosphate). Salinity
and temperature were not included in the analysis, be-

cause most of the system variability is explained by these

variables. As such, they are not directly related to the

anthropogenic impact on the ecological status.
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Salinity has a weighted influence upon the charac-

teristics of �high’ and �bad’ physico-chemical quality.

Such a control is because salinity is an index of the

fraction of continental and marine waters; it is the main

variable regulating the concentrations of dissolved

materials, in both the horizontal and vertical (Valencia

et al., 2004). Hence, those estuaries dominated by rivers
in terms of their hydro-morphology will naturally have

highest values of nutrients, and vice-versa. Taking into

account the reference values for the Basque rivers (Borja

et al., 2003c), a dilution pattern can be established for

each of the typologies (Table 3), with different reference

values for nutrients.

A PCA was undertaken, as described above, includ-

ing all the studied sampling stations in the LQM, to-
gether with the �virtual’ reference locations with �high’
and �bad’ quality. In order to achieve a normal distri-

bution with these data, they were previously logð1þ X Þ-
transformed, as recommended by Bock et al. (1999);

further, they were standardised by subtracting the mean

and dividing by the standard deviation. The factor

analysis solution was rotated (using the Varimax rota-

tion method), in order to facilitate the interpretation of
the results of the analysis.

Hence, the analysis showed that the 3 first axes ex-

plained 86% of the variability within the system. Like-

wise, the first axis explains 47% of the variability, being

related to the anthropogenical impacts; the second is

related to transparency (20% of the explained variabil-

ity) and the third with oxygen conditions (19% of the

variability). The vectorial distances from each of the
locations, to the �high’ quality location, were calcula-

ted using the methodology proposed by Bald et al.

(1999). In this approach the equivalences used were:

�High Quality’: vectorial distances between 0.91 and 1;

�good quality’: 0.71–0.9; �moderate quality’: 0.51–0.7;

�poor quality’: 0.26–0.5; �bad quality’: 0–0.25. Thus, all

of these values lie between 0 and 1, as required by the

WFD.

6. Methodologies applied in determining the biological

quality

6.1. Phytoplankton

The composition and abundance of phytoplankton is

based upon sampling every 6-months, in spring and

summer (10 samples, over 5 years). However, the chlo-

rophyll concentrations are analysed quarterly (40 sam-

ples in estuaries and 20 samples from the coast, over

5 years). The tentative classification tool used for phy-
toplankton is based upon that of Ifremer (Vincent et al.,

2002), for France, modified and adapted for the Basque

Country (Table 4). From the 5-year running period

sampling, the number of cases above the quality levels

for chlorophyll a and blooms of toxic phytoplankton are

computed. The final classification is based upon the

worst data set of the 4 indicators used for estuaries and

the coast, respectively (Table 4).

6.2. Macroalgae

The proposal is based upon: (i) the richness of

macroalgae and phanerogams in the estuaries and the

adjacent coastal area; (ii) the presence of pollution-

indicator species; (iii) the mean coverage of the species;

and (iv) the ratio between green algae and the remainder
of the species (Table 5). The sampling is undertaken

every 3 years. Each of the indicators has an associated

score (1, 3 or 5), and the addition of all the scores has

provided the final quality classification for the macro-

algae, as follows: high quality: 26–30 scores; good

quality: 21–25; moderate quality: 16–20; poor quality:

Table 3

Physico-chemical reference conditions of �high’ and �bad’ quality, defined on the basis of salinity, for each of the typologies, proposed in Borja et al.

(2003c)

Parameters Typologies

SRDE (75% FW–25% MW) EEIF (50% FW–50%MW) EESA (25% FW–75% MW) FMESC–FMERC (100% MW)

High quality

O2(%) 85 90 95 100

SD (m) 2 2 2 12

NH4 (lmolL�1) 5 4 3 2

NO3 (lmolL�1) 65 45 25 5

PO4 (lmolL�1) 1.12 0.88 0.74 0.4

Bad quality

O2(%) 45 50 55 60

SD (m) 0.5 0.5 0.5 4

NH4 (lmolL�1) 55 40 30 15

NO3 (lmolL�1) 180 125 70 12

PO4 (lmolL�1) 12 8 4 1.5

FW––freshwater; MW––marine water; SD––secchi disc (for typology acronyms, see Table 2).
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11–15; and bad quality: 6–10. These values are equiva-

lent to an EQR lying between 0 and 1, with five

thresholds every 0.2, i.e. 6 scores are equivalent to 0, 30

scores are equivalent to 1, and each level is approxi-
mately equivalent to 0.2.

6.3. Benthos

The benthic communities are sampled in the Basque

Country once a year. Following the WFD, the �High

Status’ for benthic invertebrate fauna is the level of

diversity and abundance of invertebrate taxa within the
range normally associated with undisturbed conditions.

All the disturbance-sensitive taxa associated with

undisturbed conditions are present. The LQM provides

information about density, biomass, richness, Shannon-

Wiener diversity (for density and biomass) and AMBI.

The AMBI, as defined by Borja et al. (2000, 2003a), is a

biotic index which provides a �pollution classification’ of

a particular site, representing the benthic community

�health’ (sensu Grall and Gl�emarec, 1997). It is based

upon the distribution of the abundance of each species,

to one of five ecological groups (sensitive to pollution,

indifferent, tolerant, and second and first-order oppor-
tunistic species); these are related closely with the defi-

nitions of the WFD, for detecting disturbed and

undisturbed locations (see Borja et al. (2003a), for dif-

ferent case-studies, and Borja et al. (2003b,d), for equi-

valences with the WFD).

The EQR is calculated on the basis of a PCA analysis,

including the distance of a location to a �virtual’ �high
quality’ status location, using the maximum population
structure parameter values (Borja et al., 2004b) for each

of the defined typologies (Table 6), using the commu-

nities characteristic of each of the types. The values used

for the �virtual’�bad quality’ status location were 0, for

each of the parameters, except for AMBI, which was 7.

6.4. Estuarine fishes

The proposal for the Basque Country is based upon

two different models: those of the UK (Whitfield and

Elliott, 2002) and those of Belgium (Goethals et al.,

2002). One of the problems in adapting these models is

the small size of the Basque estuaries, containing only a

small number of estuarine resident fish species. In order

of improve this classification, the crustaceans, as char-

acteristic demersal component of the estuaries, have
been included. The method incorporates: (i) the rich-

ness; (ii) indicator and introduced species; (iii) fish

health; (iv) trophic composition; and (v) resident estu-

arine species. The sampling, using trawling, is under-

taken every 3 years. Each of the nine indicators has an

associated score (1, 3 or 5). The addition of all the scores

has provided the final quality classification for this ele-

ment (Table 7), as follows: High Quality: 39 to 45 scores;

Table 4

Indicators and proposed levels used in establishing the phytoplankton biological quality in the Basque Country (Borja et al., 2003c)

Indicator Level Classes and number of events

High Good Moderate Poor Bad

Chlorophyll a (1) 8 lg l�1 <2 2–5 6–10 11–15 >15

Chlorophyll a (2) 16 lg l�1 <4 4–10 11–20 21–30 >30

Blooms (3) >106 cel l�1 0 1–2 3–5 6–8 >8

Blooms (4) >106 cel l�1 0 1–2 3–5 6–8 >8

Blooms (5) >105 cel l�1 <2 2–4 5–7 7–9 >9

The values are the number of events based upon quarterly (chlorophyll) and 6-monthly (phytoplankton) sampling data, for 5-year running periods:

(1) chlorophyll in coastal waters; (2) chlorophyll in transitional waters; (3) human health toxic phytoplanktonic species (producing DSP, PSP and

ASP toxins, such as Dinophysis spp., Alexandrium minutum, Gymnodinium catenatum, G. breve, Prorocentrum minimum and the Diatom genus

Pseudo-Nitzchia); (4) flora and fauna toxic phytoplanktonic species (Gymnodinium cf. nagasakiense (¼ G. nagasakiense, G. aureolus, G. mikimotoi),

G. splendens (¼ G. sanguineum), G. breve (¼Ptychodiscus brevis), Gyrodinium spirale, Prorocentrum micans (¼P. arcuatum¼P. gibbosum)(main

species) +P. minimum (¼P. balticum ¼P. cordatum) (high proportion of species),P. gracile, P. lima (¼P. marinum), P. triestum (¼P. redfieldii) (low

proportion of species) +P. compressum, P. mexicanum (sporadic species), Dictyocha sp., Heterosigma carterae, Fibrocapsa japonica, Chrysochrom-

ulina spp.), Dinophysis spp., Phaeocystis spp., Distephanus spp., Dictyocha spp. and Pfiesteria piscicida; and (5) eutrophication indicator species (all).

Table 5

Macroalgae indicators in the Basque Country, with their assigned

ratings, used in the assessment of the biological quality of this element

Indicator Score

1 3 5

1. Richness (macroalgae and

phanerogams)

<3 4–10 >10

2. Pollution indicator species Presence Absence

3. Pollution indicator species

(mean coverage in %)

>50 5–50 <5

4. Mean phanerogams

coverage (%)

<2 2–10 >10

6. Mean macroalgae coverage

(without pollution indicator

sp.)

<10 10–60 >60

7. Ratio (coverage) green algae/

remainder of the macroalgae

and phanerogams

>1 0.3–1 <0.3
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good quality: 31–38; moderate quality: 24–30; poor

quality: 17–23; bad quality: 9–16. These values are

equivalent to an EQR lying between 0 and 1, with five

thresholds every 0.2, i.e. 9 scores are equivalent to 0, 45
scores are equivalent to 1, and each level is approxi-

mately equivalent to 0.2.

7. The classification of the ecological status, within

transitional and coastal waters

The classification of the Ecological Status in the
WFD is based upon the worst of the values in the bio-

logical elements. Hence, if the phytoplankton has a

moderate value and the remainder of the elements have a

high status, the global classification should be moderate

ecological status. In the Basque Country, taking into

account that there is much more data available from

benthos, than fishes or phytoplankton, the possibility of

weighting the results of the benthos has been considered,
in order to derive a more accurate global classification

(Fig. 2). This approach was adopted previously by

Franco et al. (2004), for the area, because there is gen-

eral agreement that benthic communities are good

indicators of the ecosystem health (Grall and Gl�emarec,

1997).

The first step consists in assessing the Biological

Quality, from the previous classification made for each
of the four biological elements (phytoplankton, macro-

algae, benthos and fishes). When the biological quality is

�moderate’, �poor’ or �bad’, the corresponding ecological

status is �moderate’, �poor’ or �bad’, respectively. As the

WFD has stated (Vincent et al., 2002), when the bio-

logical quality is �high’ or �good’, a series of steps,
involving the physico-chemical and hydro-morphologi-

cal conditions, must be undertaken (Fig. 2).

In the Basque Country the physico-chemical status

has been determined by means of a PCA. When the

conditions meet the �high status’ and all the specific

contaminant concentrations are under the detection

limits, the hydro-morphological conditions are analy-

sed. When the PCA shows a �good status’ for the
physico-chemical conditions and/or some of the con-

taminant concentrations are over the detection limits,

the normative values are examined (for details in these

limits and values, see Borja et al., 2003c). This approach

permits the global ecological status to be assessed easily.

8. The ecological status in the Basque country

Using the LQM database, and using the methodology

outlined previously, the accomplishment of the WFD in

the Basque Country is listed in Table 8. The Ecological

Status worsens significantly in relation with the biolo-

gical conditions (25.5% of the locations have �good’ or
�high’ biological quality, but only 7.8% have �good’
ecological status). Undoubtedly, this pattern is related
to the poor or moderate physico-chemical conditions at

some of the locations.

Table 7

Estuarine demersal indicators in the Basque Country, with the assigned scores, proposed by Borja et al. (2003c)

Indicator Scores

1 3 5

1. Richness (F and C) <3 4–9 >9

2. Pollution indicator species (F and C) Presence Absence

3. Introduced species (F and C) Presence Absence

4. Fish health (damage, diseases. . .)(% affection) >50 5–49 <5

5. Flat fish presence (%) <5 5–10 or >60 10–60

6. Trophic composition (% omnivorous) <1 or >80 1–2.5 or 20–80 2.5–20

7. Trophic composition (% piscivorous) <5 or >80 5–10 or 50–80 10–50

8. Estuarine resident species number (F and C) <2 2–5 >5

9. Resident species (%) (F and C) <5 or >50 5–10 or 40–50 10–40

F––fishes; C––crustaceans.

Table 6

Benthic reference conditions used as �high quality’ status location, for each of the typologies (data from Borja et al., 2004b)

Parameter Units Typology

SRDE EEIF EESA FMESC

Density indm�2 900 200 2500 500

Biomass gm�2 30 6 15 10

Richness n 13 32 40 42

Diversity (density) bit ind�1 2.5 3.8 3.5 4

Diversity (biomass) bit g�1 1.5 1.6 2.8 2.3

AMBI 0 0 0 0
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In comparison, none of the estuarine water masses

(SRDE, EEIF and EESA types) accomplished the good

ecological status of the WFD, even though 9.1% have

good biological conditions (Table 8). Probably, this is
produced by the exigent thresholds proposed in our

methodology e.g. �Good Status’ is reached when the

vectorial distance is 70% of the reference conditions.

When reducing the threshold to 60%, the results im-

prove significantly (Borja et al., unpublished data).

Only the coastal locations have high levels of

accomplishment with the proposed thresholds, i.e. more

than 58% of �good’ ecological status (Table 8), with no
�bad’ or only very few �poor’ levels.

9. Some problems in implementing the WFD

Kallis and Butler (2001) have discussed that the

financial costs involved in achieving the objective
of �good status’, for all European waters, will be high.

The costs are divided into three categories: administra-

tive, monitoring and intervention-related. The Com-

mission has estimated that the annual administrative

cost for a unique River Basin Authority will be 0.5 M€
(1997 values); the monitoring as 730 M€ (1993 values),

for the whole of the EU (at this moment, the Basque

Government will spend 2.4 M€, in 2004–2005, in mon-
itoring a territory of 7235 km2 and 20 hydrographical

High Biological quality Good Biological quality Moderate Biological quality Poor Biological quality Bad Biological quality

Do the physico-
chemical conditions 
meet High Status (by 
PCA) and are specific 

contaminants
under/over detection 

limits? 

Moderate Status Poor Status Bad StatusHigh Status Good Status

Do the hydro-
morphological

conditions meet 
High Status? 

Are the specific contaminants
under the quality values? (mean 
annual values < quality values) 

Do the physico-
chemical conditions 

meet Good Status (by 
PCA)?

No

Yes/Under Yes/Over

Yes
No

Yes

No

Yes

No

Do all the 
biological

elements meet 
High Quality?

- Does each of the biological 
elements meet High or Good 

Quality?, or
- Does Benthos meet High 

Quality and, from the 
remainder elements, one or 
two meet at least Moderate 

Quality? (1), or
- Do Benthos and another 

element meet Good Quality 
and the remainder at least 

Moderate? (2)
- Only for coastal areas: Does 
benthos meet Good Quality 

and other Moderate? (3)

- Does, at least, one 
biological element 

meet Moderate 
Quality? (except the 
cases 1, 2 and 3), or
- Does Benthos meet 
High or Good Quality 

and, from the 
remainder, one or two 

have at least Poor 
Quality?

- All the 
combinations not 

included
previously, or

- Does Benthos 
meet Poor Quality?

- Do all the biological 
elements meet Bad 

Quality?, or
- Does Benthos meet 

Bad Quality?

No No No No

Yes

Yes

Yes
Yes Yes

Fig. 2. Proposed criteria to be used in establishing the global biological quality (based upon the biological elements of the system) and the ecological

status (based upon biological, physico-chemical and hydro-morphological conditions), in the Basque Country (adapted from Borja et al., 2003c).

Key: PCA––principal component analysis.

Table 8

Percentage of locations assigned to each of the categories, in terms of biological conditions and ecological status, for each of the typologies and for

the whole of the Basque Country

Typologies Biological conditions Ecological status

B P M G H B P M G H

SRDE 25.0 50.0 25.0 0.0 0.0 25.0 50.0 25.0 0.0 0.0

EEIF 17.6 58.8 23.5 0.0 0.0 17.6 58.8 23.5 0.0 0.0

EESA 9.1 54.5 27.3 9.1 0.0 9.1 54.5 36.4 0.0 0.0

FMESC 0.0 0.0 33.3 66.7 0.0 0.0 0.0 50.0 50.0 0.0

FMERC 0.0 15.4 23.1 53.8 7.7 0.0 15.4 76.9 7.7 0.0

TOTAL 9.8 39.2 25.5 23.5 2.0 9.8 39.2 43.1 7.8 0.0

B––bad; P––poor; M––moderate; G––good; H––high. For typologies, see Table 2.
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units); and, finally, only the UK has estimated its cost of

complying with the WFD to be within a range of £3.2
and 11.2 billion (Kallis and Butler, 2001). Such costs

emphasise the importance in developing an approach
based upon scientific knowledge, but being maintained

as simple as possible. This is in order that all countries

(developed and less developed) around Europe can

achieve all the requirements of the WFD, with the

methodologies and results being comparable through-

out Europe. Hence, some of the problems which have

arisen in the Basque Country, together with the solu-

tions proposed, could serve others (scientists and indi-
viduals working on the implementation of the WFD), as

the basis for discussion and improvement in the future

(see below).

• The number of water mass types should be as few as

possible, i.e. not more than 15–20 for the EU Atlantic

coasts; this is in order to avoid an unmanageable sit-

uation, in relation to the further application of the
WFD (achievement of the �good status’).

• The reference conditions should be defined in a prag-

matic and realistic way, taking into account previous

data and expert judgement. This would avoid any

complicated approach which could lead to the impos-

sibility of accomplishing �good status’.

• In addition to the selected methodologies, many of

the problems arise from the selected thresholds for
each of the ecological status levels. After many itera-

tions and studies (Borja et al., unpublished data), it is

suggested that the EQR should utilise the following

thresholds: �high status’: 0.81–1; �good status’: 0.61–

0.8; �moderate status’: 0.41–0.6; �poor status’: 0.21–

0.4; and �bad status’: 0–0.2.

• In some cases, the PCA analysis presents problems of

interpretation, when a particular location has vecto-
rial values above the �High’ or under the �Bad’ refer-
ence conditions. In such cases, the locations should

be assigned to �High’ or �Bad’ situation, respectively.
• It is considered that the WFD principle �one out, all

out’, in determining the ecological status, should be

considered for discussion. Due to different sampling

frequencies, the high spatial and temporal variability

of some of the biological elements and the role of
some of the elements as good indicators, i.e. benthos

and fishes, any form of weighting in the data should

be investigated (as outlined here).

• The use of different methodologies, adapted to the

requirements of any of the EU countries, should be

considered, but only if they can be intercalibrated.

Some of the methodologies could include multimetric

and multivariant analyses (see above, or others) ad-
dressed to the pragmatic assessment of the ecological

status.

• Finally, this contribution is an initial approach to

implementing the WFD in the Basque Country; as

such, it is now under refinement, discussion and

improvement, being these results provisional.
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a b s t r a c t

In recent years, several sets of legislation worldwide (Oceans Act in USA, Australia or Canada; Water
Framework Directive or Marine Strategy in Europe, National Water Act in South Africa, etc.) have been
developed in order to address ecological quality or integrity, within estuarine and coastal systems. Most
such legislation seeks to define quality in an integrative way, by using several biological elements,
together with physico-chemical and pollution elements. Such an approach allows assessment of ecolog-
ical status at the ecosystem level (‘ecosystem approach’ or ‘holistic approach’ methodologies), rather than
at species level (e.g. mussel biomonitoring or Mussel Watch) or just at chemical level (i.e. quality objec-
tives) alone.
Increasing attention has been paid to the development of tools for different physico-chemical or bio-

logical (phytoplankton, zooplankton, benthos, algae, phanerogams, fishes) elements of the ecosystems.
However, few methodologies integrate all the elements into a single evaluation of a water body. The need
for such integrative tools to assess ecosystem quality is very important, both from a scientific and stake-
holder point of view. Politicians and managers need information from simple and pragmatic, but scien-
tifically sound methodologies, in order to show to society the evolution of a zone (estuary, coastal area,
etc.), taking into account human pressures or recovery processes.
These approaches include: (i) multidisciplinarity, inherent in the teams involved in their implementa-

tion; (ii) integration of biotic and abiotic factors; (iii) accurate and validated methods in determining eco-
logical integrity; and (iv) adequate indicators to follow the evolution of the monitored ecosystems.
While some countries increasingly use the establishment of marine parks to conserve marine biodiversity
and ecological integrity, there is awareness (e.g. in Australia) that conservation and management of mar-
ine ecosystems cannot be restricted to Marine Protected Areas but must include areas outside such
reserves.
This contribution reviews the current situation of integrative ecological assessment worldwide, by pre-

senting several examples from each of the continents: Africa, Asia, Australia, Europe and North America.
� 2008 Elsevier Ltd. All rights reserved.

1. Introduction

The marine environment presents high levels of complexity,
diverse habitats and supports a high level of biodiversity. These
provide goods and services that support different uses which
should be undertaken in a sustainable way. However, the marine,
and particularly estuarine, environments are facing increasing
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and significant impacts, which include physical and chemical
transformation, habitat destruction and changes in biodiversity
(Halpern et al., 2007, 2008). Causes include land reclamation,
dredging, pollution (sediment discharges, hazardous substances,
litter, oil-spills, eutrophication, etc.), unsustainable exploitation
of marine resources (sand extraction, oil and gas exploitation, fish-
ing, etc.), unmanaged tourism, introduction of alien species and cli-
mate change (see Halpern et al., 2007). These are driven by
economic and social pressures for development and access to mar-
ine resources and activities through i.a. commercial fishing, aqua-
culture, tourism, recreation and maritime transport.

In order to resolve these problems, policy-makers world-wide
seek to develop strategies to protect, conserve and manage the
marine environment. The United Nations Convention on Law of
the Sea (UNCLOS, 1982) is the international basic legal framework
that governs the uses of the oceans and seas. UNCLOS establishes
an international obligation to protect and use the resources of
the marine environment sustainably as does the 1992 Convention
on Biological Diversity (CBD, 2000), as highlighted by Parsons
(2005).

At a national or regional level, several initiatives have been
developed recently: (i) in December 1998, Australia released an
Oceans Policy (Commonwealth of Australia, 1999, 2006); (ii) the
Canadian Parliament passed the Oceans Act, which came into force
in January 1997, being Canada’s Oceans Strategy released in 2002
(Parsons, 2005); (iii) in the USA, the Pew Oceans Commission, cre-
ated in 2000, and the US Commission on Ocean Policy, created by
the Oceans Act of 2000, reported in 2004 (Granek et al., 2005);
(iv) in Europe, the Water Framework Directive (WFD), which pro-
motes the protection of continental, estuarine and marine waters,
was released in 2000 (Borja, 2005), and the European Marine Strat-
egy (EMS) Directive, was presented in 2005 (Borja, 2006; COM,
2005a, b, c); (v) in South Africa the National Water Act of 1998
(www.dwaf.gov.za/documents/publications) and the developing
Coastal Management Act are presently in the form of the Inte-
grated Coastal Management Bill (www.deat.gov.za); and (vi) in
the People’s Republic of China (PRC) a substantial body of legisla-
tion exists to address environmental protection (laws on Water
(1988/01/21) and Environmental Protection (1989/12/26): Sea
Water Quality GB 3097-1997, Environmental Quality for Surface
Water GB 3838-2002, and Provisions for Monitoring of Marine Cul-
ture and Propagation Areas (2002/04/01)).

The objectives of these initiatives are to protect and/or restore
the corresponding seas by ensuring that human activities are car-
ried out in a sustainable manner, to provide safe, clean, healthy
and productive marine waters. In summary, they try to promote
the sustainable use of the seas and conserve marine ecosystems.
Hence, the main objective of these legislative measures and poli-
cies is to maintain a good environmental or ecological status for
marine waters, habitats and resources. The concept of environmen-
tal status takes into account the structure, function and processes
of marine ecosystems bringing together natural physical, chemical,
physiographic, geographic and climatic factors, and integrates
these conditions with the anthropogenic impacts and activities in
the area concerned.

The above concept defines quality in an integrative way, by
using several biological parameters together with physico-chemi-
cal and pollution elements. This approach is intended to allow an
assessment of the ecological status at the ecosystem level (‘ecosys-
tem-based approach’ (EBA) or ‘holistic approach’ methodologies
(Browman et al., 2004; Nicholson and Jennings, 2004; Rudd,
2004; Foster et al., 2005; Jennings, 2005; and Apitz et al., 2006)),
more effectively than can be done at a species (e.g. mussel biomon-
itoring or Mussel Watch) or chemical level (i.e. quality objectives).
The EBA is defined as: ‘‘a strategy for the integrated management
of land, water and living resources that promotes conservation

and sustainable use in an equitable way. The application of the
EBA will help to reach a balance of the conservation, sustainable
use, and the fair and equitable sharing of the benefits arising out
of the utilization of genetic resources” (CBD, 2000). However, there
are various interpretations of the EBA and its application almost al-
ways brings about confrontations and resistance among managers,
proponents, and stakeholders (Morishita, 2008).

Following this approach, increasing attention has been paid to
the development of tools for different physico-chemical or biolog-
ical (phytoplankton, zooplankton, benthos, algae, phanerogams,
and fishes) elements of the ecosystems. However, very few meth-
odologies integrate all the elements into a unique evaluation of
status and performance of an aquatic system. The need for such
integrative tools to assess the ecosystem quality is very important,
both from a scientific and stakeholder point of view. The scientific
challenge is to develop robust simple, pragmatic, but scientifically
sound methodologies, which can provide communities and deci-
sion-makers with tools to define and monitor the evolution, cur-
rent condition and biological performance of marine ecosystems
and bioregions.

These approaches include: (i) multidisciplinarity, inherent in
the teams involved in their implementation; (ii) integration of bio-
tic and abiotic factors; (iii) accurate and validated methods for
determining ecological integrity; (iv) accurate and validated meth-
ods for determining the extent and effect of human uses and im-
pacts; (v) adequate indicators to follow the evolution of the
monitored ecosystems; and (vi) the use of protected areas as
means of conserving and managing viable representative examples
of marine environments especially coastal areas where greatest
anthropogenic inputs occur. Finally there should be some early
warning systems for abrupt changes in environmental conditions.

Arising out of the above, a special session on ‘Integrative tools
and methods in assessing ecological integrity in estuarine and
coastal systems’ was organised to discuss all the abovementioned
topics at the ‘EcoSummit 2007–Ecological Complexity and Sustain-
ability’ conference in Beijing (China), in May 2007, The debate
among the attendees of this session resulted in this contribution,
which reviews the current situation of the integrative ecological
assessment worldwide, by presenting several examples from sev-
eral continents e.g. Africa, Asia, Australia, Europe, and North
America.

2. Current situation in North America

2.1. Legislative framework

Canada’s legislative framework and application have been dis-
cussed by Foster et al. (2005); O’Boyle and Jamieson (2006), and
Canessa et al. (2007). In the United States (USA) the main legisla-
tion for prevention and study of pollution is based on the Clean
Water Act (CWA) of 1972, Air Pollution Prevention and Control
Act of 1977, Coastal Zone Management Act of 1972, Harmful Algal
Bloom and Hypoxia Research and Control Act of 1998, and, most
recently, the Oceans Act of 2000.

Responsibility for monitoring and assessment of water quality
in the USA is shared by federal agencies, primarily the Environ-
mental Protection Agency (EPA) and the National Oceanic and
Atmospheric Administration (NOAA; Fig. 1). The EPA is charged
with regulating most aspects of water quality under the federal
CWA (USEPA, 2003). This establishes that, wherever possible,
water quality must provide for the protection and propagation of
fish, shellfish, and wildlife, for recreation in and on the water
and/or protection of the physical, chemical, and biological integrity
of those waters. States and tribes designate uses for their waters in
consideration of CWA goals and establish water quality criteria to
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protect integrity and uses. The CWA Sections 305(b) and 303(d)
state reporting requirements require regular monitoring designed
to identify waterbodies that do not meet criteria for designated
uses (Keller and Cavallaro, 2008). These waterbodies are included
on the Section 303(d) list of impaired waters which establishes
protocols that must be followed to mitigate pollution induced im-
pacts (USEPA, 2003; regarding impairment between the CWA, Kel-
ler and Cavallaro (2008) can be consulted).

Responsibility for implementing standards and criteria, and for
monitoring to assess attainment, is generally delegated by EPA to
state water management authorities. States and tribes are required
to report periodically to the EPA on water quality conditions, and
to develop plans to remedy impacts when they occur. EPA and
NOAA support regulatory decisions by providing research and
assessment results, and they share some management responsibil-
ities (e.g. Coastal Zone Management Act Reauthorization Amend-
ments (CZARA) Section 6217 coastal non-point pollution control
program; CZMA, 1996).

Using nutrients as an example, EPA in 1998 developed the Na-
tional Strategy for the Development of Regional Nutrient Criteria
(USEPA, 1998, 2001c). This strategy detailed EPA’s intention to de-
velop technical guidance manuals for four types of waters (lakes,
rivers, estuaries/coastal waters, wetlands), which can be seen at:
http://www.epa.gov/waterscience/criteria/nutrient/guidance/mar-
ine/. The approaches described in the manuals have been applied
by EPA and resulted in publication of 26 ecoregional nutrient crite-
ria documents for freshwaters. To date, there have been no such
criteria established for estuaries, however, there is a guidance
manual (USEPA, 2001a).

2.2. Tools and methodologies used in assessing ecological integrity

Several methods are used by US EPA and NOAA to evaluate eco-
logical integrity or the condition status of coastal waters. The
NOAA’s National Status and Trends Program (NS&T) gauges the
spatial distribution and temporal trends of chemical contamina-
tion and develops indicators to evaluate environmental contami-
nant exposure. Data from NS&T fixed sampling sites are used to
assess the distribution, concentration and extent of chemical im-

pacts at a given point and over time, and are important for plan-
ning future resource management and restoration activities. The
NS&T includes the Mussel Watch Project, Bioeffects Assessments,
and the National Estuarine Eutrophication Assessment/Assessment
of Estuarine Trophic Status (NEEA/ASSETS; http://ccma.nos.noaa.
gov/stressors/pollution/nsandt/) and is designed to address
requirements of the CWA.

The EPA’s National Coastal Assessment (NCA) Program also sur-
veys the condition of the nation’s coastal resources. The Program is
implemented through a federal–state partnership and is designed
to fulfil section 305(b) of the CWA, which requires EPA to report
periodically on the condition of the nation’s waters (USEPA,
2003). Data from NCA sites are selected through a statistical ran-
dom sample design and used together with site specific data from
NOAA’s NS&T Program and from other national programs to pro-
vide regional and national results for five primary indices: Water
Quality (WQI), Sediment Quality (SQI), Benthic (BI), Coastal Habitat
(CHI), and Fish Tissue Contaminants (FTCI; NCCR1, NCCR2; USEPA,
2001a, 2001b, 2005). These indices provide information on both
ecological condition and human use of estuaries.

Results of the two methods for eutrophication assessment are
compared here and the EPA NCA BI is also highlighted. For addi-
tional benthic indices (e.g. Index of Biological Integrity (IBI)) con-
sult Díaz et al. (2004). All are designed to evaluate conditions
and some also address causes of impacts with the intent to inform
management.

2.2.1. NEEA/ASSETS
NOAA’s eutrophication assessment examines nutrient related

water quality problems at individual system, regional and national
scales (Bricker et al., 1999; NOAA, 1996, 1997a, 1997b, 1997c,
1998). The recent update examines changes that have occurred
since the early 1990s (Bricker et al., 2007). The NEEA is comple-
mentary to the National Research Program for Nutrient Pollution
in Coastal Waters (Howarth et al., 2003), it interacts with the
EPA NCA, and it supports efforts by US states and the European
Commission (EC) member states to fulfil requirements of the
CWA section 305(b) and the EU WFD (e.g. COAST, 2003; OSPAR,
2002), respectively. The method is described here in brief (for
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Fig. 1. Roles, responsibilities and interactions of US Agencies for estuarine and coastal environments (EPA, NOAA, States).
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details see Bricker et al., 1999, 2003, 2007; Ferreira et al., 2007b;
Scavia and Bricker, 2006, www.eutro.org, www.eutro.us).

(i) Pressure-Influencing Factors (IF) are determined by a matrix
that combines the magnitude of nutrient inputs from the
watershed with a measure of the system’s ability to dilute
or flush the nutrient inputs (i.e. susceptibility). The magni-
tude of loads is determined by a model that compares
anthropogenic loading, from monitoring data or model esti-
mations (e.g. USGS SPARROW model, Smith et al., 1997, and
WATERSN model, Castro et al., 2001; Whitall et al., 2003,
2004), with natural background concentrations. The model
factors in possible oceanic sources providing insight to the
success of potential watershed-based management
measures.

(ii) State-Overall Eutrophic Condition (OEC) is based on five
variables that are divided into two groups: (1) primary
symptoms that indicate early stages of eutrophication
(chlorophyll a (Chl) and macroalgae); and (2) secondary
symptoms, indicative of well-advanced problems (low dis-
solved oxygen (DO), losses of submerged aquatic vegeta-
tion (SAV), and occurrence of nuisance and/or toxic algal
blooms (HABs)). An area-weighted-estuary-wide value for
each variable is determined based on concentration, spa-
tial coverage, and frequency of occurrence of problem con-
ditions. The overall OEC, falling into one of five categories
(i.e. High, Moderate High, Moderate, Moderate Low or
Low) is determined by a matrix that combines the average
score of primary symptoms and the highest score (worst
impact) of the three secondary symptoms, thus giving the
secondary symptoms a higher weighting in a precautionary
approach.

(iii) The expected Response-Future Outlook (FO) or future condi-
tion (worsen, no change, improve) is determined by combin-
ing susceptibility of the system with expected changes in
nutrient loads. Predictions of future loading (increase,
decrease, unchanged) are based on predicted changes in
population and watershed uses, mitigated by planned man-
agement actions.

(iv) ASSETS Synthesis: IF, OEC and FO are then combined into a
single rating for the estuary resulting in a rating of: Bad,
Poor, Moderate, Good or High.

Modifications to the NEEA/ASSETS include development of a
type classification based on physical and hydrologic characteristics
that is expected to improve assessment accuracy and management
effectiveness. The EPA has also worked to develop a classification
(Burgess et al., 2004) which resulted in 11 groupings or types, com-
pared to the 10 NEEA/ASSETS groups (Chapter 6 in Bricker et al.,
2007; Kurtz et al., 2006). A human use indicator has also been
developed to complement the NEEA/ASSETS water quality indices.
Despite its importance, few previous studies have looked at the so-
cial and economic costs of eutrophication. A variety of potential
human-uses (e.g. fishing, swimming, boating, tourism) could be
considered, although, adequate data are not available for most
activities (Bricker et al., 1999; USEPA, 2005). Fishing is important
in most estuaries and is usually impacted directly by eutrophica-
tion; data are available through the US National Marine Fisheries
Service (NMFS), Marine Recreational Fisheries Statistics Survey
(MRFSS) which regularly conducts surveys of recreational fishing
activity and success in most US estuarine systems. MRFSS fish
catch data can be combined with water quality data to determine
whether recreational fishing catch rates are related to eutrophic
conditions (e.g. Lipton and Hicks, 1999, 2003; Bricker et al.,
2006). With additional analysis, potential lost economic value
can be estimated using techniques such as travel cost and random

utility models (Herriges and Kling, 1999), or by benefits transfer
(Walsh et al., 1992).

2.2.2. EPA National Coastal Assessment: water quality and benthic
indices

(i) The WQI is the NCA indicator that describes nutrient related
conditions. The WQI combines the status of five indicators: dis-
solved inorganic nitrogen (DIN), dissolved inorganic phosphorus
(DIP), Chl, water clarity, and DO. Samples are taken once per year
at randomly selected statistical sites during a summer index period
(June–October; USEPA, 2001a). TheWQI is intended to characterize
acutely degraded conditions within coastal regions during the in-
dex period and is not expected to capture site-specific detail. By
comparison, NEEA/ASSETS evaluates systems, then synthesizes
individual results to regional and national levels.

Each WQI indicator is assessed for each site. The five indicators
are given equal weight and are combined to give an overall rating
for the site, compared to the NEEA/ASSETS which gives secondary
symptoms a higher weight. A regional rating for each NCA indicator
is developed based on combined results for individual sites within
the region. A national picture is then developed from regional
results.

(ii) The NCA BI is a set of regionally-based or site-specific ben-
thic indices of estuarine environmental condition that reflect
changes in diversity and population size of indicator species to dis-
tinguish degraded from undegraded benthic habitats (Engle et al.,
1994; Weisberg et al., 1997; Engle and Summers, 1999; Van Dolah
et al., 1999). The indices reflect changes in benthic community
diversity and the abundance of pollution-tolerant and pollution-
sensitive species. A high BI rating is indicative of a wide variety
of species, a low proportion of pollution-tolerant species, and a
high proportion of pollution-sensitive species. A low BI rating indi-
cates that benthic communities are less diverse, have more pollu-
tion-tolerant species, and fewer pollution-sensitive species than
might be expected.

2.3. Some examples of integrative assessment

2.3.1. NEEA/ASSETS
The NEEA/ASSETS method was applied to 141 individual sys-

tems, though not all had adequate data for complete analysis
(Bricker et al., 2007). The majority of systems that were assessed
(36 of 64) had high IF ratings indicating that inputs of nitrogen
from human related activities were large compared to the capacity
to dilute or flush nutrients. High nitrogen loads were largely attrib-
uted to the influence of dense coastal populations.

Eutrophication is a widespread problem with the majority of
systems assessed (64 of 99 or 78% of assessed estuarine area) rated
as having moderate to high levels of eutrophication (Fig. 2; Chapter
4 in Bricker et al., 2007). OEC and symptom expressions were geo-
graphically variable, through the mid-Atlantic (a region of greatest
population density), which was most impaired. The most fre-
quently noted causes of impacts were agricultural activities (crops
and animal husbandry), urban runoff, wastewater treatment plants
and atmospheric deposition. Comparisons of results from early
1990s and 2004 showed no appreciable change in assessed sys-
tems with moderate, moderate high and high level eutrophication
impacts (Fig. 3), despite a national population increase in coastal
counties of 13% between 1990 and 2003 (Crossett et al., 2004). In
1999, 68% (84 of 124 assessed systems) had moderate to high lev-
els of eutrophication, in the 2004 study 65% (64 of 99 assessed sys-
tems) had moderate to high levels of eturophication. The increase
in unknowns is primarily a result of the way the data were col-
lected with personal visits and workshops held in the 1999 study
and self-reporting at a website, with minimal personal contact in
the follow-up study.
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The FO predicts worsening conditions by 2020 for 65% of the
estuaries, and improvements for 20%. This is largely based on na-
tional population estimates that suggest increases of 12% by
2020 (Crossett, pers. comm.), a bleak outlook for the nation’s estu-
aries; future outlook was not determined for 67 systems, illustrat-
ing uncertainty in these conclusions.

Adequate data were available for determination of an ASSETS
rating for 48 systems. Only one system (Connecticut River) was
rated as high quality, while five were rated as good, 18 as moderate
and the remainder rated as poor or bad. In addition to USA systems,
this method has been applied internationally (www.eutro.org). The
intent is to share lessons learned and encourage pro-active ap-
proaches for protection and maintenance of estuarine health
globally.

A human use indicator was developed and applied to Barne-
gat Bay, New Jersey; an excellent candidate for the application
of this indicator due to extensive recreational fishing activity.
Salinity, temperature, and DO data for Barnegat Bay were aver-
aged by month and year and then matched to the month and
year of fishing trips from the NOAA MRFSS database. Summer
flounder, the most sought after species in Barnegat Bay, is a good
indicator of the human use impacts of eutrophication. The solid
line in Fig. 4 shows the average actual catch of summer flounder
per month for the period 1997–2002. The statistical model was
used to predict summer flounder catches under improved water
quality conditions. Specifically, an upper limit on Chl concentra-
tions was set so that sample averages could not exceed
7.12 lg L�1, and a lower limit on dissolved oxygen was set at
6.51 mg L�1. The dashed line in Fig. 4 represents predicted sum-
mer flounder catches under improved water quality conditions.
The distance between the two lines is the impairment due to
eutrophication. Overall, the catch of summer flounder is reduced
by water quality impacts from the predicted average of 1.25 fish
per trip to 0.92 fish per trip, a 26% reduction. Using net value
costs for mid-Atlantic fisheries determined by McConnell and
Strand (1994), it is estimated that eutrophication impacts cost
Barnegat Bay fishermen an average of $25.4 million per year in
net benefits for this species alone (Chapter 6 in Bricker et al.,
2007).

2.3.2. EPA National Coastal Assessment
The NCCR2 summarizes results by region to show that the

overall condition of estuaries in the US is fair (Fig. 5). Only the

Fig. 2. Overall eutrophic condition on a US national scale.

Fig. 3. Number of estuaries in each eutrophication category in the early 1990s
(1999 assessment; Bricker et al., 1999) and 2004 (Bricker et al., 2007), in US.
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CHI received a poor overall rating and only the FTCI was rated
good for any region. The WQI, equivalent to the OEC of the
NEEA/ASSETS, the BI and SQI were rated fair to poor. About

28% of estuarine area is impaired for aquatic life use, 22% is im-
paired for human use, and an additional 44% is threatened for
both uses. The EPA NCA reported no significant changes in over-

Fig. 4. Barnegat Bay (US) monthly average summer flounder actual catch per recreational fishing trip (solid line), and predicted catch rates under improved water quality
(WQ) conditions (dashed line).

Fig. 5. Overall US national and regional coastal condition between 1997 and 2000 (USEPA, 2005).
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all environmental condition on a national basis from the early to
the late 1990s, but the WQI was reported to improve over the
same time period.

3. Current situation in Africa

3.1. Legislative framework

The most recent report on the current situation of the overall
African continent was published by the United Nations Environ-
ment Programme (UNEP), the situation of coastal and marine envi-
ronments was reported by Arthuron and Korateng (2006). As other
regions worldwide, coastal populations in Africa continue to grow,
and pressures on the environment from land-based andmarine hu-
man activities increased within the last 50 years; coastal and mar-
ine living resources and their habitats are being lost or damaged in
ways that have diminished biodiversity and thus decreased
opportunities for livelihood and aggravating poverty (Arthuron
and Korateng, 2006). They have identified key concerns over the
continent, including natural disasters, poverty, overexploitation
of offshore fisheries, exploitation of non-living resources (oil, dia-
monds, etc.), modification of river flows to the coast by damming
and irrigation, and other pollution from land, marine and atmo-
spheric sources. One of the conclusions is the need for developing
and promoting integrated coastal management plans, with strong
inter-sectoral and international linkages, including those with
catchment management authorities with responsibilities for Inte-
grated Water Resource Management.

On these regards, one of the most advanced countries
implementing such policies within the continent is South Africa.
This is a dry country with an average rainfall of less than
500 mm year�1, well below the global average, and with expecta-
tions of declines associated with climate change over the next cen-
tury. Reviews of environmental legislation in South Africa,
particularly relating to aquatic resources and the coastal zone,
are associated with reviews by the Council for the Environment
(1989, 1991) which began proposing policies for coastal zone man-
agement. The status of coastal management was subsequently re-
viewed by Sowman (1993), preceding the development of a green
paper (Department of Environmental Affairs and Tourism, 1998)
focussed on sustainable coastal development, followed by a white
paper (Department of Environmental Affairs and Tourism, 2000) on
the same topic. The appearances of these policy documents were
paralleled by publications by Glazewski (1997) and Glavovic
(2000a, 2000b) aimed at converting the policies and concerns
articulated in the white paper into an integrated coastal manage-
ment bill and ultimately a national Coastal Management Act
(www.deat.gov.za) which is presently in the process of ratification.

On the aquatic resources side, including freshwater, estuarine
and marine environments, the National Environmental Manage-
ment Act 107 of 1998 was superceded/complemented by the
National Water Act of 1998 (www.dwaf.gov.za/documents/
publications). This new act represented a radical digression from
the philosophy inherent in the historical approach to the
management of aquatic resources, i.e. that aquatic environments,
particularly fresh water and estuarine systems, were granted a le-
gal persona in that the dependence of the functionality of these sys-
tems on a minimal level of freshwater flow was given a legal status
which had to be taken into account when any water abstraction
was contemplated. The arguable premise that aquatic systems,
such as wetlands, rivers and estuaries, are ultimately dependent
on minimal levels of freshwater availability, beyond which their
functionality will be impaired, clearly generates the question as
to what is this level and how it might be established. This aspect
will be dealt with in the next section.

3.2. Tools and methodologies used in assessing ecological integrity

In the present context the emphasis will be on the determina-
tion of the freshwater requirements of estuaries (Department of
Water Affairs and Forestry, 2004), henceforth referred to as the ‘‘re-
serve” although the procedure is described as part of a package
dealing also with reserve requirements of rivers and wetlands
(http://www.dwaf.gov.za/documents/policies/wrpp). Other meth-
odologies have been published for assessing quality using fish
(Harrison and Whitfield, 2004, 2006), estuarine health (Cooper
et al., 1994; Harrison et al., 2000), or conservation significance
(Turpie et al., 2002) as indicators.

3.3. Some examples of integrative assessment

An example of the above where an assessment of the current
status was followed by remedial action and the institution of a
monitoring system to check on the effectiveness of the measures
used is provided by the Mhlanga estuary (29�420S; 31�60E) on the
northern outskirts of the city of Durban, east coast of South Afri-
ca. This small system with an estuarine area of barely 12 ha
(Begg, 1978) is nevertheless typical of many of the 73 systems
which occur along the 570 km of the KwaZulu-Natal coastline
and further south into the Eastern Cape Province. The major
physical and chemical features of these systems are determined
by the seasonal rainfall, and consequently variable river flow,
coupled with strong wave action as well as longshore sand trans-
port which typically result in the closure of these systems during
winter low flow periods. Under these conditions tidal action is
lost and with it the organisms dependent on an intertidal habitat.
Salinities typically fall due to sustained low levels of fresh water
input and outward seepage through the bar, but layering may de-
velop if the bar is low enough for overwash to occur during high
wave conditions. Water levels behind the bar will rise, depending
on the height of the bar, and can result in substantial backfloo-
ding such that the overall extent of the aquatic environment, in
terms of water column and benthic habitat, increases well beyond
that associated with high tides during periods with an open
mouth. Under natural conditions this bar would naturally be
breached during summer high flow periods but historically (Begg,
1984) this pattern has been disrupted by artificial breaching to
prevent flooding of cultivated land or infrastructure in the back-
flooded areas.

The Mhlanga estuary has over the last 25 years become one of
the better known of the smaller KwaZulu-Natal systems by virtue
of studies including general surveys of the system carried out in
1980–1981 (Begg, 1984), as well as a more intensive focus on the
fish fauna producing information on trophic relationships within
the fish community (Whitfield, 1980a), fish distribution in relation
to food resources (Whitfield, 1980b) and factors affecting the
recruitment of juvenile fish into the estuary (Whitfield, 1980c).
Harrison et al. (2000) produced a nationwide assessment of the
state of South African estuaries based on the geomorphology, ich-
thyofauna, water quality and aesthetics. The latter three parame-
ters were rated on a scale of poor, moderate or good. The fish
fauna was assessed on the basis of species richness and community
composition, the water quality on suitability for aquatic life in
terms of dissolved oxygen, ammonia, faecal coliforms, nitrate
nitrogen and ortho-phosphate and the aesthetics on a ‘‘visual ap-
praisal of the state of development in and around the estuary”
incorporating i.a. any type of anthropogenic influence, algal
blooms, odours, noise or invasive plants. The fish fauna and aes-
thetics of the Mhlanga estuary were rated as good but the water
quality as poor. The poor water quality reflects the vulnerability
of these small systems during the closed mouth periods when
water exchange is minimal and tidal effects non-existent. In

A. Borja et al. /Marine Pollution Bulletin 56 (2008) 1519–1537 1525



2002–2003 the South African Water Research Commission spon-
sored a multi-disciplinary study incorporating mouth dynamics,
physico-chemical conditions, nutrient conditions, phytoplankton
and microphytobenthos, zooplankton, benthos, fish and birds
(Perissinotto et al., 2004). This study aimed at contributing to the
implementation of measures for reserve determinations for
estuaries. In the local context the project focussed on the ‘‘re-
sponses of the biological communities to flow variation and mouth
state in temporarily open/closed estuaries”, one of which was the
Mhlanga.

In summary, the study supported perceptions and interpreta-
tions developed some 20 years earlier (Begg, 1984), that the
broad natural cycle of summer breaching and winter closure
due to the seasonal rainfall pattern was a major driving force in
the functioning of these temporarily open/closed systems.
Although these estuaries became non-tidal and salinities dropped
to virtual freshwater levels during closed periods, with a conse-
quent effect on benthic invertebrate diversity, the fish fauna,
which tended to consist largely of juveniles recruited to these
nursery grounds during open mouth periods or through over-
wash, appeared able to handle these low salinities. Retention
and accumulation of water behind the bar also resulted in an ex-
panded aquatic and benthic environment relative to that existing
under high tide conditions. The increased and stable water col-
umn permitted the development of phytoplankton and in turn
the development of a zooplankton and planktivorous fish fauna,
while the benthos was able to expand in abundance although
not in diversity. Optimisation of these processes depended on
regular seasonal cycles of breaching or overtopping, allowing fish
or invertebrate migration, followed by periods of closure which
allowed the accumulation of biomass, both plant and animal, be-
fore the next exchange. Disruption of this cycle by artificial
breaching and draining of the estuary during winter when water
levels normally peak would disrupt this cycle. Additional effects
would be imposed by nutrient inputs from agricultural runoff
or urban pollution resulting in algal blooms, eutrophication and
oxygen depletion.

In the Mhlanga, records of behaviour of the mouth, coupled
with historical observations (Begg, 1978, 1984), calculations of
the pristine mean annual and monthly runoff and the present sit-
uation indicated that outflow of treated water from a sewage
works situated upstream of the estuary significantly increased
the total flow into the estuary and the frequency of mouth breach-
ing, resulting in the type of impacts described above.

At low input levels the variable quality of the treated effluent
was such as to generate localised periodic low or anoxic conditions
resulting in fish kills. The increase in water inflow into the river
from the sewage works resulted from the fact that the water used
in the catchment was derived from other catchments and resulted
in an overall increase in the Mhlanga flow. In this situation, the im-
pacts on the estuary arose from the rather unusual situation of ex-
cess flow rather than the more common problems arising from
water abstraction.

The provisions of the reserve determinations allow for either
the maintenance of an existing acceptable ecological status or
the implementation of measures to improve the ecological status
of an estuary. In this case the measures that have been imple-
mented by the local municipality involve the installation of a pipe-
line to transport the excess water to an adjacent catchment which
has been subject to significant abstraction as well as improved
treatment of the waste water from the sewage works. A monitoring
operation has been implemented to assess the success or negative
effects of the reduction in water input. A closed circuit camera is
being used to monitor mouth dynamics including the possibility
of anthropogenic interference.

4. Current situation in Asia

4.1. Legislative framework

In Asia, China possesses comprehensive laws and regulations
dealing with coastal areas, including over 25 legislative instru-
ments (Zhijie, 1989; Cao and Wong, 2007) addressing issues such
as regulations on dumping (1985, 1992), Marine Protected Areas
(1994, 1995, 1997), Environmental Impact Assessment (2002)
(Lindhjem et al., 2007), and the implementation of the UNCLOS
Convention in 1998 (Keyuan, 2001), together with specific disposi-
tions e.g. for fisheries (Keyuan, 2003).

Integrated Coastal Zone Management (ICZM) requires appropri-
ate legislation, and benefits from the existence of strong public
participation and independent coordination (Lau, 2005) thus
avoiding the twin pitfalls of marginalizing stakeholders and
encouraging sectoral management. Participation and coordination
issues are not easily achieved in the present-day PRC, however a
pilot structure for ICZM exists in Xiamen (Xue et al., 2004; Peng
et al., 2006) and is planned for Shanghai (Lau, 2005). Nevertheless,
the concept of integrated assessment, as set down e.g. in the Euro-
pean WFD, does not seem to be widely applied.

4.2. Tools and methodologies used in assessing ecological integrity

A review of Chinese literature indicates that progress towards
the application of extended tools used to assess ecological integrity
is incipient (e.g. Xue et al., 2004; Huang et al., 2006; Leung, 2006).
At the same time, there is a growing national concern in regard to
shifting from methods based on water chemistry and simple bio-
logical diversity metrics to more sophisticated approaches which
use ecological indicators of degradation to provide a more robust
assessment; two methods are reviewed below: (i) coastal eutro-
phication assessment, which is compared with the ASSETS model
(discussed in the North America section), and (ii) the integrated
Comprehensive Index Assessment Method (CIAM), for marine re-
source assessment.

4.2.1. Coastal eutrophication assessment
The application of the ASSETS index to Chinese coastal waters

(Xiao et al., 2007) provided an opportunity to review the methods
currently used in China for assessing coastal eutrophication. His-
torically, this assessment has focused on chemical indices, using
techniques such as the Nutrient Index Method (NIM), to study
the effects of system loading by nutrients, and may therefore be
considered ‘‘Phase I” (sensu Cloern, 2001) approaches (Yao and
Shen, 2005).

The NIM, proposed by the Chinese National Environmental
Monitoring Center, is based on a nutrient index (Ni) in seawater
(Lin, 1996), calculated using Eq. (1)

CCOD

SCOD
þ CTN

STN
þ CTP

STP
þ CChla

SChla
ð1Þ

where: CCOD, CTN, CTP and CChla are measured concentrations of
Chemical Oxygen Demand (COD), total nitrogen, total phosphorus
(in mg L�1) and chlorophyll a (in lg L�1) in sea water, respectively.
SCOD, STN, STP and SChla are standard concentrations of COD
(3.0 mg L�1), total nitrogen (0.6 mg L�1), total phosphorus
(0.03 mg L�1) and chlorophyll a in seawater (10 lg L�1), respec-
tively (Lin, 1996). If Ni is greater than 4 the seawater is considered
eutrophic.

While NIM is widely used in Chinese coastal systems, research
in recent decades has identified key differences, in nutrient enrich-
ment, between the responses of limnology-originated methods,
such as this one, and those of coastal-estuarine ecosystems (Cloern,
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2001; Bricker et al., 2003; Ferreira et al., 2007a, 2007b). Partly, this
is because coastal environments systems with similar pressures
show widely varying responses, so there is often no clear relation-
ship between nutrient forcing and eutrophication symptoms. In
particular, nutrient concentrations have often been shown to be
poor indicators of eutrophication symptoms (e.g. Tett et al.,
2003), since ecosystem responses are modulated by factors such
as morphology, tidal range, natural turbidity and water residence
time.

4.2.2. Marine resources and ecological quality assessment
Most estuaries and coastal inlets and embayments are also

important fishery grounds. The Comprehensive Index Assessment
Method (CIAM) was developed and applied to evaluate the ecolog-
ical quality of the marine fisheries environment for major coastal
areas of China (Jia et al., 2003, 2005; Ma et al., 2006). CIAM incor-
porates four assessment modules: seawater quality, nutrient level,
primary production level, and diet organism richness; the index is
the mean value of the sub-indices.

Seawater quality assessment in CIAM evaluates water pollution
status. The main components of coastal pollution in China include
organics (indicated as COD), eutrophication, total hydrocarbons,
and heavy metals. The organic pollution status is assessed using
the Organic Pollution Index method (the A value), while the status
of other types of pollution is assessed using Factorial Analysis (Pi)
according to Fishery Water Quality GB 11607-1989 and Sea Water
Quality GB 3097-1997. The classification of sea water quality used
in CIAM is given in Table 1. The A value is directly used as Pi during
the comprehensive ecological quality assessment stage.

Concentrations of dissolved nitrogen (DIN), phosphate and sili-
cate and their ratios are used in the sea water nutrient level assess-
ment using a NIM (the E value). The seawater nutrient level is
classified as: E = 0–0.5, Grade: 1, Nutrient level: Low; E = 0.5–1,
Grade: 2, Nutrient level: Medium; and E > 1, Grade: 3, Nutrient le-
vel: Eutrophic. The E value is used as Pi in the CIAM.

Primary productivity level and diet organism richness are
important indicators for the fishery environment quality status.
Since they vary significantly among different areas along the coast,
six grades are used to classify the quality status (Table 2). The level
for each item is taken as Pi in the final CIAM. The CIAM index is cal-
culated as

Ip ¼ 1
n

Xi¼1

n

Pi ð2Þ

Ip, comprehensive ecological quality index; P, index level assessed
for indicator i (i.e. indices for seawater quality, nutrient, primary
productivity and diet organism richness); n, total number of
indicators.

The CIAM of the marine fishery environment is classified into
six grades according to quality index Ip, excellent, fine, relatively
fine, moderate, poor and very poor (Table 1).

4.3. Some examples of integrative assessment

4.3.1. Eutrophication assessment of Jiaozhou Bay, Northeast China
ASSETS was applied to Jiaozhou Bay, and compared with the

evaluation of eutrophication status using chemical indices. Jiaoz-
hou Bay is on the west coast of the Yellow Sea (35�570–36�180N,
120�060–120�210E), it has a surface area of 397 km2 and a mean
depth of 7 m (Editorial Board of ‘‘Bays in China”, 1993). It is a
semi-enclosed body of water, connecting to the Yellow Sea through
a 2.5 km channel, and has a mean tidal range of 2.5–3.0 m, but
tides can reach 4.2 m, resulting in a well mixed water column
(Liu et al., 2004).

The bottom of the bay contains spawning, nursery and feeding
grounds for fish, and intensive mariculture. Historically, this has
focused on the bay scallop (Argopecten irradians) and Pacific oyster
(Crassostrea gigas), cultivated on longlines. Recently, the longlines
have been removed and Manila clam (Tapes philippinarum) is
now cultivated, with a production of 200,000 t year�1. The main is-
sue in the bay is an increase in both the frequency and magnitude
of harmful algal blooms (HABs), since the 1990s, although most
events are non-toxic (Han et al., 2004).

Jiaozhou Bay has a volume of 1900 � 106 m3, which, with a
nitrogen load into the bay of 30 ton per day (Wang et al., 2006), re-
sults in a High rating for the nutrient component of IF (0.933).
Strong tidal mixing and high river discharge (8 � 108 m3 year�1)
contribute to moderate flushing and dilution potential (Editorial
Board of ‘‘Bays in China”, 1993). However, the intensive ‘top-down’
control of the food web has a significant impact, mitigating eutro-
phic symptoms.

Table 1
Classification of sea water quality used in CIAM, including organic pollution assessment, TPH (Total Petroleum Hydrocarbon), and heavy metal pollution (adapted from Jia et al.,
2003); and comprehensive ecological quality grade of marine fishery environment (Jia et al., 2003)

Quality index (A value) Grades Quality assessment

Organic pollution assessment <0 1 Excellent
0–1 2 Clean
1–2 3 Relatively clean
2–3 4 Slight pollution
3–4 5 Medium pollution
>4 6 Serious pollution

Pi Grades Quality Assessment
TPH and heavy metal pollution assessment <0.4 1 Background

0.4–0.6 2 Clean
0.6–0.8 3 Relatively clean
0.8–1.0 4 Slight pollution
1.0–2.0 5 Pollution
>2.0 6 Serious pollution

Index range Grades Quality status
Comprehensive ecological quality grade of marine fishery environment 0.2 1 Excellent

0.2–0.4 2 Fine
0.4–0.6 3 Relatively fine
0.6–0.8 4 Moderate
0.8–1.0 5 Poor
>1 6 Very poor
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The susceptibility component of the IF, based on only natural
circumstances, is Moderate but when shellfish aquaculture is taken
into account, the overall susceptibility is Low. This is one example
of the difficulty in universal application of such methods, since AS-
SETS must be potentially adapted to incorporate local societal fac-
tors. The combination of High nutrient load and Low susceptibility
gives an overall IF rating of Moderate Low.

Chlorophyll a is the only indicator with information for the pri-
mary symptoms. No information exists for macroalgae, which was
therefore classified as Unknown. Maximum chlorophyll a values in
Jiaozhou Bay did not exceed the threshold indicated in ASSETS for
Medium eutrophic conditions. ASSETS uses the 90th percentile va-
lue of annual data to provide a typical maximum value for chloro-
phyll a, and in the bay this value is 4–5 lg L�1, i.e. in the Low
category. Therefore, the rating for primary symptoms is Low based
on chlorophyll a.

Data for dissolved oxygen were collected from various sites over
an annual cycle, as a secondary symptom. No information was
found for SAV, but due to the historical scale of kelp aquaculture
in the bay, the level for this secondary symptom would be at worst
Low.

Few values below the threshold for biologically stressful dis-
solved oxygen condition (5 mg L�1) were detected in Jiaozhou
Bay. As described earlier, the 10th percentile is applied to provide
a more consistent minimum value for dissolved oxygen. In this sys-
tem, the 10th percentile for annual dissolved oxygen data is be-
tween 6 and 7 mg L�1, indicating no problems with regard to this
indicator.

Some 69 harmful algal species were observed in Jiaozhou Bay
(Han et al., 2004). Toxic blooms are episodic, usually lasting for
only a few days (e.g. Huo et al., 2001). Therefore, the symptom of
‘‘nuisance and toxic blooms” is rated as Low.

The highest level of the three secondary symptoms falls into the
Low category, and the OEC resulting from the combination of pri-
mary and secondary symptoms for this system is Low.

The estimate based on the current development scenario gives a
9.3% human population increase over 20 years (P.R.C. National Bu-

reau of Statistics, 2001). In addition, Qingdao (the main land nutri-
ent source, pop. 8 million) is strongly promoting its tourism
industry and less space is available for mariculture in the bay.
Accordingly, reduced top-down control on primary production
could lead to increased eutrophic symptoms. Additionally, Qing-
dao’s preparations to host the Olympic Sailing Regattas in 2008
have focused attention on water quality issues and mitigation of
eutrophic symptoms. The government has pledged to build more
wastewater treatment plants in the near future, and more restric-
tive pollutant emission regulations are coming into effect (Wang
et al., 2006).

As a whole, nutrient loads are expected to decrease, despite the
increase in the urban population, and the water quality is likely to
improve. FO can therefore be considered to be Improve low. Table 3
summarizes the results obtained from the application of ASSETS to
Jiaozhou Bay, which resulted in an overall score of High Status,
indicative of minimal or no eutrophication problems.

The results are better than expected due to top-down control
related to intensive shellfish mariculture. This has important
implications for successful management of nutrient-related prob-
lems, which are not captured by the Chinese ‘‘Phase I” NIM, which
classifies the system as Eutrophic. Moreover, the NIM cannot by
definition be clear indicators for a large system, because there is
no allowance for spatial differences in impact level within a water-
body. The evaluation of the systems using salinity zones, as in AS-
SETS, contributes to a more accurate evaluation of the system and
subsystems, necessary to target management efforts. A comparison
of various methods for eutrophication assessment is shown in Ta-
ble 4.

The top-down control of the food web in Jiaozhou Bay suggests
a feasible way to manage coastal eutrophication. These control
strategies, which have traditionally been used in China, are now
being discussed in the EU and the USA (e.g. Lindahl et al., 2005;
Ferreira et al., 2007b). Paradoxically, the Chinese, USA and other
governments and scientists currently focus mainly on a bottom-
up approach in improving water quality, though there is plenty
of scope to promote top-down control. Water quality data col-

Table 2
Grade of primary productivity and diet organism richness (Jia et al., 2003)

Grades

Item 1 2 3 4 5 6

Status Low Relatively low Medium Relatively high High Super high

Index level >1.0 1.0–0.8 0.8–0.6 0.6–0.4 0.4–0.2 <0.2
Primary productivity (mg C mg�1 day�1) <200 200–300 300–400 400–500 500–600 >600
Phytoplankton (104 ind m�3) <20 20–50 50–75 75–100 100–200 >200
Zooplankton (mg m�3) <10 10–30 30–50 50–75 75–100 >100
Benthos (g m�2) <5 5–10 10–25 25–50 50–100 >100

Table 3
ASSETS application to Jiaozhou Bay

Index Method Indicator Level of expression Index result ASSETS score

IFa Susceptibility Dilution potential Moderate Low (due to intense shellfish aquaculture)
Flushing potential Moderate

Nutrient inputs High
PSMc Chlorophyll a Low

Macroalgae No problem
OECb Dissolved Oxygen Low Low High

SSMd SAV loss Low
Nuisance and toxic blooms Low

FOe Future nutrient pressure Decrease Improve low

a IF, influencing factors.
b OEC, overall eutrophic condition index.
c PSM, primary symptoms method.
d SSM, secondary symptoms method.
e FO, future outlook index.
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lected in Jiaozhou Bay during 1999–2000 were used to estimate
the gross removal of phytoplankton by Manila clams. On the basis
of reported bivalve stocks, these organisms remove about
627 t yr�1 of chlorophyll a, which (considering a carbon:chloro-
phyll ratio of 50 and a Redfield C:N ratio of 45:7 in mass) corre-
sponds to the removal of almost 4,900 t yr�1 of nitrogen, i.e 1.5
million population equivalents, or 17% of the population of Qing-
dao, and to 45% of the estimated 11,000 t yr�1 nitrogen load. Along
with economic benefits, the introduction of filter-feeders on a rea-
sonable scale thus allows for cost-effective removal of nutrients
and mitigation of eutrophic conditions, which is more environ-
mentally-friendly and sustainable for a coastal system (Shastri
and Diwekar, 2006).

4.3.2. Marine resources and ecological quality assessment in the South
China Sea

To understand the health status and ecological quality of the
fishery environment in the northern South China Sea, a compre-
hensive and systematic survey program was carried out from
1997 to 2002. This included Taiwan bank, East Guangdong, Pearl
River estuary, West Guangdong, Southern waters of Hainan, and
Beibu Bay. The quality status of the fishery environment in the
northern South China Sea was assessed based on the data on sea-
water quality, sea water nutrient structure and nutrient level,
and primary productivity and diet organism level using CIAM (Jia
et al., 2005).

The results showed that the overall water quality index was
within the criteria limit of Fishery Water Quality GB 11607-
1989 and the Grade criteria of Sea Water Quality GB 3097-
1997. The organic pollution index (A value) range was 0.411–
0.237, and the nutrient index (E value) range was 0.10–0.34,
which indicated the waters were not organically polluted and
the nutrient status was low. The primary productivity of the
waters, ranging from Grade 5 to Grade 1, with an annual average
of Grade 3, was at a the ‘‘medium” level. For the richness of diet
organisms, the grade of phytoplankton, zooplankton and benthic

organisms were 3, 5 and 4 respectively, within a relatively high le-
vel in general.

The comprehensive quality assessment results (Table 5) showed
that the quality indices of 9 factors (including DO, DIN, PO3

4, A, E,
primary productivity, phytoplankton, zooplankton and benthos)
were all lower than 1.0 and the comprehensive quality index was
0.58, indicating the ecological quality of the overall area was rela-
tively fine. However, the comprehensive ecological quality index of
Pearl River estuary, East Guangdong waters, West Guangdong
waters and Beibu Bay were all over 0.60; the quality status was
moderate, far worse than the fine level, a sign of environmental
degradation along the coast of Guangdong Province. This means
that due to the continuous and rapid growth of industry and econ-
omy of Guangdong, especially in the Pearl River Delta, more atten-
tion should be paid to environmental protection and ICZM.

5. Current situation in Australia

5.1. Legislative framework

Australia adopted an Oceans Policy in 1998 and subsequently
established a National Oceans Office that initiated a process of
‘marine bioregional planning’. These measures reflected require-
ments and obligations that arose for Australia as a signatory to
the United Nations Convention on the Law of the Sea (UNCLOS)
which came into force in 1994. Subsequently, the Environment Pro-
tection and Biodiversity Conservation Act 1999 (EPBC Act) provided
the overarching framework for management of Australia’s national
and international marine environmental responsibilities.

In 2005 the Australian Government brought its program of re-
gional marine planning directly under the scope of the EPBC Act
1999. As a federal nation, however, the situation is complicated
by the history of internal jurisdictional responsibilities for the ori-
ginal three nautical mile territorial sea limit that existed prior to
the development of arrangements under UNCLOS. In 1975 a
decision of the High Court of Australia upheld legislation vesting

Table 4
Summary of comparison among ‘‘Phase I/II” methods (adapted after Bricker et al., 2006)

Methods Temporal focus Indicator criteria/thresholds Combination method

Nutrient Index I Not specified Modified after Japanese criteria Sum of four ratios
Nutrient Index II Not specified Modified after Japanese criteria Ratio of three indicators to their threshold values
OSPAR COMPP Growing season, winter for

nutrients
Individually/regionally determined reference
condition

Integration of scores for four categories

EPA NCA Summer index periods Determined from American national studies Ratio of indicators: good/fair indicators to poor/missing data
ASSETS Annual cycle Determined from American national studies Average of primary and highest secondary are combined by

matrix

Table 5
Quality indices of the fishery environment of northern South China Sea (according to Jia et al., 2005)

Waters DIN PO3
4 � P A E DO Primary productivity Phytoplankton Zooplankton Benthos Comprehensive index

Northern South China Sea 0.27 0.55 0.23 0.34 0.72 0.58 0.53 0.88 0.78 0.58
Relatively fine

Taiwan bank waters 0.29 0.52 0.20 0.28 0.67 0.50 0.37 0.75 0.68 0.51
Relatively fine

East Guangdong waters 0.31 0.61 0.21 0.30 0.78 0.54 0.79 0.88 0.81 0.61
Moderate

Pearl River estuary 0.26 0.58 0.23 0.37 0.74 0.68 0.55 1.00 0.91 0.64
Moderate

West Guangdong waters 0.28 0.54 0.25 0.47 0.72 0.58 0.58 0.88 0.77 0.60
Relatively fine

Southern waters of Hainan 0.24 0.50 0.20 0.30 0.73 0.64 0.36 0.87 0.82 0.55
Relatively fine

Beibu Bay 0.24 0.45 0.20 0.30 0.66 0.72 1.00 0.94 0.94 0.66
Moderate
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sovereignty, in respect of the territorial sea, in the Federal Govern-
ment. The implications of this were addressed by the Offshore Con-
stitutional Settlement of 1979 whereby legislative competence and
proprietary rights over the three nautical mile territorial sea were
transferred to the States and Territories through the Coastal
Waters (State Titles) Act (1980). This revalidated pre-existing state
legislation, and restored the title, responsibilities and rights of
states and territories with respect to the seas, seabed and subsea-
bed within the three nautical mile territorial sea and internal
waters.

As a consequence the States and Territories have primary
responsibilities for management of marine environments, natural
resources and the impacts of human activities within internal
waters and the territorial sea limits. The States and Territories have
differing approaches to management of marine ecological
integrity.

Federal responsibilities relate primarily to areas beyond the
new limit although Section 23(2) of the EPBC Act (1999) gives
the Federal Government an overarching capacity to address issues
that actions taken outside Commonwealth marine areas that have,
will have, or are likely to have a significant impact upon them.

Currently there is no standard set of environmental indicators
used across Australia by the states and federal governments. After
2001 the implementation of the Australian state of the environ-
ment reports (SOE), an attempt was made at the subsequent Aus-
tralian and New Zealand environment and conservation council
(ANZECC) to obtain some uniformity of indicators across Australia.
A core set of 75 indicators was established but efforts to reduce this
to a smaller core set were unsuccessful. Subsequently for the SOE
2006 process, a data reporting system (DRS) (http://www.deh.go-
v.au/soe/DRS) was developed. However a brief review of the vari-
ous SOE’s for each state government, for an evaluation of the
status of estuarine and inshore coastal waters, revealed no unifor-
mity or consistent pattern of indicators being used between the
states. Virtually all the indicators were physical parameters with
no biological indicators being used.

In 2004 a comprehensive report was prepared on estuarine,
coastal and marine indicators for regional NRM monitoring by
the CRC for Coastal Zone, Estuary and Waterway Management
(Souter, 2007). This summarised the issues to be targeted such as
inland aquatic ecosystems integrity and estuarine, coastal and
marine habitat integrity as well as nutrients, turbidity and surface
salinity in freshwater aquatic environments, significant native spe-
cies and ecological communities and invasive species. For each of
these items for targeting the report provides a detailed summary
of useful indicators. However, there is no attempt to discuss the ac-
tions to be taken by the relevant authorities (of which there are
many) to act upon the results obtained from any monitoring
undertaken. Most important, the situation is confused by the
State/Federal boundaries. It is unclear as to whether any real pro-
gress has been made in co-ordinating these measures, and then
acting upon them.

5.2. Tools and methodologies used in assessing ecological integrity

In parallel with the development of a broader political and leg-
islative framework for marine environmental management in the
context of UNCLOS, Australia was engaged in the implementation
of the Great Barrier Reef Marine Park Act (1975) which provides
for the Great Barrier Reef Region to be managed for conservation
and reasonable use.

With an extent of 350,000 km2 and little physical survey
of areas beyond shipping lanes, preparation for ecosystem scale
management of the Great Barrier Reef required development of
approaches to implement a working understanding of bioregional-
isation in a data-lean environment (Kenchington, 1990). The initial

tasks included commissioning of a geomorphological classification
of reefs and shoals at a scale of 1:250,000. This was followed by de-
tailed surveys of reefs conducted by the Australian Survey Office
and subsequently by the development of 1:250,000 rectified maps
of the Great Barrier Reef region drawing on LANDSAT imagery to
infill ground survey data (Kenchington, 1990). These maps were
used for expert consultation on the distribution of ecological com-
munities and fisheries resources. Data on the occurrence and dis-
tribution of biological communities were extremely patchy with
major data sources being reef research stations and expeditionary
studies. The community and resource distribution maps resulting
from expert consultation were then used to seek comment and
amendment during a phase of public consultation prior to develop-
ment of a draft zoning plan for a section of the Great Barrier Reef
Marine Park (Kenchington, 1990).

The initial zoning of the Great Barrier Reef took account of sea-
bed communities known from fisheries surveys and production
and benthic communities such as Halimeda algal beds and sponge
beds but focussed largely on coral reef communities. In 1998, the
Great Barrier Reef Marine Park Authority started a process of re-
view of zoning in the light of experience, new information and
changed circumstances of use and management of the Marine Park
(Lawrence et al., 2002).

A major element identified in the context of management
responsibilities was the need for an adequate network of highly
protected (no take) areas representative of all of the bioregions
occurring within the Great Barrier Reef World Heritage Area.

There are 30 reef and 40 non reefal bioregions which are char-
acterised by physical and biological features (Day et al., 2002). A
decision was made that at least 20% of each of these bioregions
was to be declared as a ‘no take’ zone in order to meet the require-
ments to maintain World Heritage values. After the complete
rezoning, many of these bioregions were represented by more than
20% no take. The location of these no take zones took into account
economic and social factors to minimise, as far as practicable, the
impact of these zones on the users of the GBR. Ongoing monitoring
during the next few years will attempt to obtain data to support
the declaration of these no take zones and identify if additional
such zones need to be declared, especially in the light of ongoing
climate change.

5.3. Some examples of integrative assessment

An example is the Integrated Marine and Coastal Regionalisa-
tion for Australia (IMCRA, 1998). The methods developed for
assessment of the Great Barrier Reef region were an important in-
put to the process of developing a marine biogeographic regionali-
sation of Australia which was required to address commitments in
connection with the creation of a national system of representative
marine protected areas. A workshop in 1994 (Muldoon, 1995) led
to the development of an initial interim biogeographic regionalisa-
tion (Thackway and Cresswell, 1995), a series of updated versions
and most recently in 2006 to an integrated marine and coastal
regionalisation of Australia.

The IMCRA has developed best contemporary understanding of
provincial bioregions based on regionalisation of demersal fish
communities (Last et al., 2005). Nested within this, a meso-scale
regionalisation has been developed using finer scale information
provided by relevant State and Northern Territory agencies. The
third element is a map of the sea bed classified into 14 classes of
regions of similar geomorphology.

The IMCRA process is dynamic, providing for updates as new
data come to hand indicating need for revisions. Other implemen-
tations of integrated oceans management, such as the Australia’s
south east regional marine plan, can be consulted in Foster et al.
(2005) and Vince (2006).
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6. Current situation in Europe

6.1. Legislative framework

In recent years the European Union has adopted several Direc-
tives for nature protection (e.g. for Habitats and Species, Wild
Birds, or Environmental Impact Assessment). However, increasing
pressures and impacts within European estuaries and coasts have
lead to the approval of a series of laws which focus on water man-
agement, including the water framework directive (WFD), the Rec-
ommendation on ICZM, the Directive on Marine Strategy, and the
Maritime Policy. Details on these Directives and associated imple-
mentations can be consulted in many references, such as Borja
et al. (2004a, in press), Rice et al. (2005), Borja (2005, 2006), Suárez
de Vivero (2007), Fletcher (2007), or a recent special issue in Mar-
ine Pollution Bulletin (2007: 55(1/6). All these Directives emphasise
the increasing need to protect European coastal and estuarine eco-
systems and to move towards marine integrative management.
The main objective of the WFD is to achieve a Good Ecological Sta-
tus, for all European water bodies, by 2015. On the other hand, the
EMS requires the achievement of a ‘Good Environmental Status’,
for all European seas, by 2021.

6.2. Tools and methodologies used in assessing ecological integrity

The achieving of the abovementioned objectives requires the
full development of tools and methodologies suitable to assess
environmental quality in an integrative way. The integration of
several elements of the ecosystem, including physico-chemical
and biological elements (phytoplankton, zooplankton, benthos, al-
gae, phanerogams, fishes), is essential in the assessment (Rogers
et al., 2007).

The European scientific community is developing many differ-
ent methodologies for coastal management (Sardá et al., 2005)
and separate assessments of the quality of each of the WFD ele-
ments. Some of these methodologies can be consulted in volume
55 (issues 1–6) ofMarine Pollution Bulletin, together with the report
‘‘WFD intercalibration technical report. Part 3–Coastal and Transi-
tional Waters” (March, 2007, http://circa.europa.eu/Public/irc/jrc/
jrc_eewai/library?l=/milestone_reports/milestone_reports_2007/
coastaltransitional/coast_nea_gig&vm=detailed&sb=Title). Con-
versely, the efforts addressed until now for the EMS implementa-
tion have been focused on fisheries management under the EBA
(Browman et al., 2004; Nicholson and Jennings, 2004; Rice et al.,
2005; Frid et al., 2006; and Apitz et al., 2006).

Despite the above, very few studies have been published which
integrate all physico-chemical and biological elements into a single
assessment of the ecosystem (Borja et al., 2004a, in press; Aubry
and Elliott, 2006), although some guiding principles have been
developed at national levels (e.g. in UK, Rogers et al., 2007). Com-
parison of methodologies used in the USA and Europe have been
undertaken in recent years, both for measurements of eutrophica-
tion (Ferreira et al., 2007b) and biological elements, such as
benthos (Borja et al., 2008a).

6.3. Some examples of integrative assessment

The approach of Borja et al. (2004a) was further detailed in
aspects, such as physico-chemical (Bald et al., 2005), chemical
(Borja et al., 2004b; Borja and Heinrich, 2005; Rodríguez
et al., 2006), phytoplankton (Revilla et al., 2008), and benthic
community structure (Borja et al., 2000; Muxika et al., 2007).
The use of ecotoxicological approaches within the WFD inves-
tigative monitoring has also been discussed (Borja et al.,
2008b).

The WFD established two different quality statuses: chemical
and ecological. Chemical status is based upon concentrations of
metal and organic compounds, and is determined by comparing
monitored concentrations with quality objectives (QO). If concen-
trations are below QO, the chemical status is met; if concentrations
are over QO, the chemical status is not met. The WFD mentions
water quality only in assessing the chemical status, but some
authors include sediment and biomonitoring components (Borja
et al., 2004b, 2006; Borja and Heinrich, 2005), or just sediment
(Crane, 2003) (Table 6).

The ecological status integrates physico-chemical, chemical and
biological indicators. The physico-chemical indicators used in this
assessment are those supporting the biological elements (thermal
conditions, salinity, oxygen, nutrients, and transparency). The
physico-chemical status is assessed by means of a Factorial Analy-
sis (FA). Hence, the projection of each sampling station, to the line
connecting reference conditions of ‘high’ and ‘bad’ status, is calcu-
lated in the new 3-dimensional space defined by the FA (see Bald
et al. (2005), for details). Consequently, those stations located near
the high reference would represent a ‘high’ physico-chemical sta-
tus, and stations located near the bad reference, would be classified
as in ‘bad’ physico-chemical status. Intermediate stations would be
classified in ‘good’, ‘moderate’ or ‘poor’ status.

Pollutant concentrations are also used in assessing the ecolog-
ical status, but only to determine ‘high’, ‘good’ and ‘moderate’ sta-
tus (see below). In this particular case, the WFD defines ‘high’
status, when concentrations of pollutants remain within the range
normally associated with undisturbed conditions (i.e., below the
background level). The concentrations between background levels
and QO are in accordance with the WFD ‘good status’ definition,
while ‘moderate’ status can be considered when concentrations
are over QO (for details in this assessment, see Rodríguez et al.
(2006).

The metrics used in methodologies implemented for the biolog-
ical quality assessment within the WFD are very diverse (Table 7),
and include multimetric and multivariate approaches (Borja et al.,
2004a; Muxika et al., 2007). These authors provide methods to as-
sess the quality of each of the individual biological elements (i.e.
phytoplankton, macroalgae, benthos and/or fishes). Nevertheless,
it is also necessary to integrate these individual results in a unique
quality value (Borja et al., 2004a).

Following some interpretations, the classification of the ecolog-
ical status in the WFD should be based upon the worst of the val-
ues in the biological elements. Hence, if the phytoplankton has a
moderate value and the remainder of the elements is given a high
status, the global classification should be moderate ecological sta-
tus. Taking into account the spatial and temporal variability of
some of the biological elements, and the absence of accurate meth-
odologies in assessing their biological status, Borja et al. (2004a)
propose the weighting of those elements, i.e. benthos, with con-
trasted and intercalibrated (Borja et al., 2007) methodologies.
Hence, a decision tree permits the derivation of a more accurate
global classification, including the physico-chemical and chemical
elements (Table 8). Some results of the application of such an ap-
proach are presented by Borja et al. (in press).

Most of the methodologies used within the WFD determine the
quality at the sampling station level. However, this Directive re-
quires integrating quality at the water body level. One possible
way to achieve this is illustrated in Table 9, which concerns a water
body with four sampling stations, each representative of a certain
surface, within the water body. Having derived the status for each
station, this result can be substituted by an equivalent value (or the
value of the ecological quality ratio, sensu WFD (see Borja et al.,
2004a; Borja, 2005)), which allows weighting the global status,
depending on the representativeness of each of the sampling sta-
tions or surface. The same approach can be used in a previous step,
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when integrating values of biological or physico-chemical ele-
ments, as shown in Table 8.

7. Discussion

The marine environment in general, especially estuaries, now
faces considerable human impacts from multiple causes (Halpern
et al., 2008). These result in physical and chemical transformations,
as well as changes in biodiversity, and they occur in a scenario of
climate change (Halpern et al., 2007). As illustrated in our review,
more or less comprehensive legislation exists at present in North
America, Africa, Asia, Australia, and Europe, the intent of which is
to assess the ecological quality or integrity within estuarine and
coastal systems for use in several management purposes. The
objective of this is to promote sustainable use of the seas and con-
serve marine ecosystems by maintaining marine and estuarine
waters in a good environmental or ecological status. This concept
of sustainability, applied to ocean governance, has been used more
frequently in recent years (Costanza et al., 1998; Christie, 2005).

As a whole, these legislative measures tend to converge in
defining environmental water quality in an integrative way by
using several biological parameters together with physicochemical
and pollution features thereby allowing the ecological status to be
assessed at the ecosystem level (Borja, 2005, 2006; Apitz et al.,
2006). Although this essential concept is generally widely ac-
cepted, the degree of convergence regarding the legislation is var-
iable. For instance, in many countries, most of the data supporting
the legislation have been provided by studies carried out in single
systems, which do not allow generalisation. In our contribution,
the Mhlanga estuary (South Africa) has been proposed as an exam-
ple of the several inputs, beginning with the hydrologists’ assess-
ment of the behaviour of the river mouth, under different flow
conditions, followed by the biologists’ assessment of the biological
responses, the process involved in the determination of the ‘‘re-
serve” (the freshwater needs) for this particular system, as well
as for the management response. Other South African studies can
be also consulted (Harrison et al., 2000; Harrison and Whitfield,
2006). Conversely, in China, the concept of integrated assessment

does not seem to be widely applied and the application of supernu-
merary tools to assess ecological integrity appears to be incipient
(Ma et al., 2006; Cao andWong, 2007). In addition, in all cases, con-
straints in applying ecosystem principles arise from territorially
based legislation.

Different methods have been designed for evaluating ecological
integrity or condition status of coastal waters, focusing on different
issues (sediment and benthic organism based toxicity tests, e.g.
Hyland et al., 2000; Kiddon et al., 2003; Barnett et al., 2007; Cook-
sey and Hyland, 2007). Some of the authors address the causes for
observed impacts with the intention to informmanagement (Keller
and Cavallaro, 2008). To improve assessment accuracy and man-
agement effectiveness, most of the methods propose schemes of
classification of the ecological quality status in several categories,
based on matrices combining different symptoms or quality ele-
ments. Likewise, the need for ‘‘early warning” indicators of
impending problems or human pressures has been amply recogni-
sed (Borja and Dauer, 2008).

In general, we may say that there is an increasing interest in
developing assessment tools for different physicochemical or bio-
logical ecosystems’ elements (e.g. for benthic communities see
the review of Díaz et al., 2004), although very few methodologies
integrate all these elements into a unique evaluation of a water
body (Borja et al., 2004a). In practical terms, managers and deci-
sion-makers need simple but scientifically well grounded method-
ologies, capable of demonstrating to the general public the
evolution of a zone (estuary, coastal area, etc.), taking into account
human pressures or recovery processes (Borja and Dauer, 2008)
and capable of guiding the implementation of successful manage-
ment. In this context, there is a major scientific challenge to devel-
op tools to define adequately the scale and current condition of
marine ecosystems and bioregions in terms of biological perfor-
mance, as well as to monitor changes through time and identify
and address through management the causes of observed impair-
ments (Borja, 2005, 2006).

Among such tools, ecological indicators have been widely used
to supply synoptic information about the state of ecosystems. Most
often they address ecosystem structure and/or functioning,

Table 6
Decision tree when integrating water, sediments and biomonitors in assessing chemical status, within the Water Framework Directive

Water Sediments Biomonitors Status

All variables meet Meet
All variables meet 1 variable does not meet Meet

>= 2 variables do not meet Does not meet

All variables meet Meet
All variables meet Meet

1 variable does not meet 1 variable does not meet No data Meet
>= 1 variable does not meet Does not meet

>= 2 variables do not meet Does not meet

>= 2 variables do not meet Does not meet

Note: A variable ‘meets’ when the concentration is under the quality objectives established by the Directive (Table modified and adapted from Borja et al. (2006)).

Table 7
Metrics used in assessing the biological elements quality, within the Water Framework Directive, after Borja et al. (2004a)

Phytoplankton Macroalgae Benthos Fishes

Chlorophyll a Richness Richness Richness
Species composition Cover of opportunistic and sensitive spp. Diversity Abundance and percentage of resident spp.
Number of blooms Ratio green algae/other spp. AMBI Trophic composition

Flat fish percentage
Pollution indicator spp.
Invasive spp.
Fish health

AMBI, AZTI’s marine biotic index (Borja et al., 2000); spp, species.
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accounting for a certain aspect or component, for instance nutrient
concentrations, water flows, macroinvertebrate and/or vertebrate
diversity, plant diversity, plant productivity, erosion symptoms
and, sometimes, ecological integrity at a system level (Weisberg
et al., 1997; van Dolah et al., 1999; Llansó et al., 2001). In general,
the main attribute of a good ecological indicator is the capacity to
combine numerous environmental factors in a single value, which
would then be useful in terms of management and for making eco-
logical concepts compliant with the general public understanding
(Borja and Dauer, 2008). Nevertheless, the application of ecological
indicators is not exempt from criticisms, the first of which is that
the aggregation of indices results in oversimplification of the eco-
system under observation and is not efficient in capturing qualita-
tive modifications resulting from the emergence of new
characteristics arising from self organisation processes (e.g. in a
global climate change scenario). Moreover, problems arise often
from the fact that indicators account not only for numerous spe-
cific system characteristics, but also other kinds of factors, e.g.
physical, biological, ecological and socio-economic.. Indicators
must therefore be utilised following the right criteria and in situa-
tions that are consistent with their intended use and scope; other-
wise they may cause confusing data interpretations.

In view of management needs, what might be the characteris-
tics of a good ecological indicator? What kind of information,
regarding ecosystem responses, can be obtained from the different
types of biological and physicochemical data usually taken into
account in evaluating the state of coastal areas and transitional
waters? The analysis of the current situation in different
continents shows that these are indeed pertinent questions.
Certainly, coastal shallow water ecosystems are extraordinary
valuable in terms of goods and services (Costanza et al., 1997;
Beaumont et al., 2007), correspondingly subject to strong human
impact, and at the same time extremely vulnerable to climate
change. Consequently, appropriate, accurate, and efficient informa-
tion on ecosystem status and trend constitutes a prerequisite for
sustainable use of marine ecosystems and resources, including
not only environmental protection but also economic growth and
social welfare (see for instance the Lisbon Agenda, Szyszczak,
2006).

Measures and indicators presently proposed focus on the living
part of aquatic systems and their ‘‘supporting” hydro-morphologi-
cal, chemical and physicochemical elements in order to evaluate
aquatic ecosystem health and fitness. These can provide reasonable
description of the current status of an ecosystem in terms of actual
criteria, for instance as outlined in the European WFD (see the spe-
cial issue in Marine Pollution Bulletin (2007: 55(1/6)). In this sense
and for the time being, they fulfil what appear to be the needs of
managers and decision-makers.Ta
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Table 9
Example in integrating ecological status of several sampling stations (St) into a single
value, for the whole water body (from Borja et al., in press)

Ecological status St.1 St.2 St.3 St.4 Total

Poor Moderate Good Good

Equivalence (E1) 4 6 8 8
EQR (E2) 0.35 0.55 0.72 0.75
Surface (km2) 0.3 0.5 0.7 1.0 2.5
Rate (per one) (R) 0.12 0.20 0.28 0.40 1.0
TOTAL (E1 x R) 0.48 1.20 2.24 3.20 7.12
TOTAL (E2 x R) 0.04 0.11 0.20 0.30 0.65
GLOBAL STATUS Good

E1: When there are not Ecological Quality Ratio (EQR) values (for terminology, see
Borja et al. (2004a)), but only a global quality value; E2: when there are EQR values.
Note: when using E1: High: E1 (10), E1 � R (8.4–10); Good: E1 (8), E1 � R (6.8–
8.39); Moderate: E1 (6), E1 � R (5.2–6.79); Poor: E1 (4), E1 � R (3.6–5.19); Bad: E1
(2), E1 x R (2–3.59).
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Despite the above, and with specific regard to coastal and tran-
sitional waters, biological elements are limited, within the WFD, to
composition, abundance (and biomass) of phytoplankton, other
aquatic flora, benthic invertebrate fauna, and fishes. The measures
used to quantify these biological elements describe distributions/
gradients, ratios, biodiversity indices and classification schemes
(Indicators and Methods for the Ecological Status Assessment un-
der the Water Framework Directive, EUR 22314EN). Modelling ap-
proaches, for instance, are still rare and limited to sub-systems.

Measures used today may provide ‘‘snapshots” of given ecosys-
tem structural properties, but provide little or no information at all
about ecosystem functioning. In fact, the causal links between the
measured quantities/qualities and underlying ecosystem function-
ing remain largely uncertain or even unknown. Will this be suffi-
cient in the near future? For instance, will it be good enough to
achieve some of the objectives within different marine policies
worldwide, which indicate strong demand for more highly inte-
grated and holistic approaches towards sustainable development?
What about the magnitude and speed of anticipated changes re-
lated to global change combined with the increasing intensity
and multitude of marine environment uses by man?

In order to fulfil future needs, environmental science must com-
plement the ‘‘static” look at structural ecosystem properties
through an approach towards the ecosystem function and dynam-
ics, which can provide a sound and reliable basis for successful
management strategies. Common reductionistic approaches can
only partially cope with ecosystem complexity that arises from
their large number of components, interactions and spatio-tempo-
ral dynamics. Inevitably, we must recognize that the whole be-
haves differently from the sum of its parts, and thus neither
examination of a small subsystem nor reduction to simple relation-
ships is an adequate and sufficient approach to understand ecosys-
tem functioning. What happens is that specific qualities/features/
properties emerge at the ecosystem level, and these must be re-
lated to ecosystem functioning.

Trophic interactions (who eats whom) between and among
organisms, although governed and modulated by external bound-
ary conditions, constitute perhaps the most prominent and signif-
icant type of ecological relationships. A way to access the
ecosystem level is to look upon it as a network of such trophic spe-
cies-to-species interactions. Through holistic approaches, for in-
stance Ecosystem Network Analysis (ENA), properties of both
ecosystem network structure and network flow (of matter and en-
ergy) can be explored with respect to aspects of ecosystem func-
tion, such as overall system stability and resilience. Comparison
of many ecosystems using a standardized approach might enable
derivation of principles underlying the relationships between eco-
system network, ecosystem functioning, and ecosystem goods and
services, and management of human behaviours that impact upon
them.

8. Conclusions

The present worldwide trend is the implementation of legisla-
tively driven measures to assess the ecological integrity of marine
systems (estuarine, coastal and offshore). The final aim of all of
them is to protect and enhance marine waters, ecosystems and
natural resources, promoting a sustainable use of the oceans.
Although there are multiple regional and national methodologies,
very few can be considered currently as integrative. Our challenge,
as scientists, is to develop methodologies and indicators that can
summarize and simplify complex data, yet are easily understood
by the public, media, resource users, and decision-makers. How-
ever, these must be supported by the best scientific knowledge,
and take into account that ‘ecological integrity’ refers to the condi-

tion of an ecosystem–particularly the structure, composition, and
natural processes, including function and dynamics, of its biotic
communities and physical environment.
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Correspondence

Ecological integrity assessment, ecosystem-based approach, and integrative
methodologies: Are these concepts equivalent?

Recently, Borja et al. (2008b) published an overview of integra-
tive tools and methods for assessing ecological integrity in estua-
rine and coastal systems worldwide. This contribution collates
the presentations and ideas debated among the attendees of the
special session on ‘Integrative tools and methods in assessing eco-
logical integrity in estuarine and coastal systems’, organised by
two of the co-authors at the ‘EcoSummit 2007 – Ecological Com-
plexity and Sustainability’ conference in Beijing (China), in May
2007.

Chapman (2009) commented that he was surprised by the
omission of several well-established, integrative techniques, such
as Sediment Quality Triad (SQT), Weight-of-Evidence (WOE), and
Ecological Risk Assessment (ERA).

Is this really an omission, or simply, are we talking about differ-
ent issues? When discussing integrative tools and methods in
assessing ecological integrity, we were aware of the different
meanings of the terms ‘integrative methodologies’ and ‘ecological
integrity’. Indeed, the lack of a coherent terminology to differenti-
ate the various assessment types and the diverse nature of
aquatic environmental assessments is currently being discussed
(Morishita, 2008; Foden et al., 2008).

Marine and estuarine environments are facing increasing and
significant impacts, which include physical and chemical transfor-
mation, habitat destruction and changes in biodiversity (Halpern
et al., 2007, 2008a,b). Causes include land reclamation, dredging,
pollution (sediment discharges, hazardous substances, litter, oil-
spills, eutrophication, etc.), unsustainable exploitation of marine
resources (sand extraction, oil and gas exploitation, fishing, etc.),
unmanaged tourism, introduction of alien species and climate
change (see Halpern et al. (2007)).

To manage these pressures and impacts on marine environ-
ments, recent legislative instruments approved worldwide address
the need to assess their ecological status. The concept of environ-
mental or ecological status takes into account the structure, func-
tion and processes of marine ecosystems bringing together natural
physical, chemical, physiographic, geographic and climatic factors,
and integrates these conditions with the anthropogenic impacts
and human activities in the area concerned.

As commented in Borja et al. (2008b), the above concept de-
fines quality in an integrative way, by using several biological
parameters (from phytoplankton to mammals) together with
physico-chemical and pollution elements. In a recent paper, Rog-
ers et al. (2007) review the selection of the ecosystem compo-
nents, adding to the abovementioned structural components
other ecosystem attributes such as food web dynamics, species
diversity, and the distribution of life histories, that are not direct
biological properties but functions of the entire ecosystem. They
are important because they provide information about the func-

tioning and status of the ecosystem, and have been widely per-
ceived as additional and potentially useful indicators of
environmental status. This approach is intended to allow an
assessment of the ecological status at the ecosystem level (‘eco-
system-based approach’ or ‘holistic approach’ methodologies,
more effectively than can be done at a species or chemical level
(i.e. quality objectives).

‘Ecosystem-based management’ emphasizes four common prin-
ciples, namely that effective management must (Boesch, 2006; Elli-
ott et al., 2006): (1) be integrated among components of the
ecosystem and resource uses and users; (2) lead to sustainable out-
comes; (3) take precaution in avoiding deleterious actions; and (4)
be adaptive in seeking more effective approaches based on
experience.

There are many different forms of the ecosystem-based ap-
proach for management, one of them being the ‘integrated ecosys-
tem approach’ (Morishita, 2008). Integration, as used by the
management and policy community, generally implies collective
consideration of the uses of products and services provided by
the coastal environment to determine an ‘optimal mix’ (Boesch,
2006). Good definitions of what is called ‘integrated management’
can be found in O’Boyle and Jamieson (2006).

From these scientists’ point of view, an ecosystem-based ap-
proach should explicitly account for the interconnections within
the ecosystem, recognizing the importance of interactions among
many target species or key services and other non-target species;
acknowledge interconnections among ecosystems, such as air, land
and sea; and integrate ecological, social, economic, and institu-
tional perspectives, recognizing their strong interdependences
(Boesch, 2006).

However, are all integrative tools currently available able to re-
spond to these requirements of the ecosystem-based approach?
Following Chapman’s letter, this is the primary objective of the
SQT, considering it not just chemistry or laboratory studies or res-
ident community studies, but rather all of these together, in a WOE
assessment. Although, the SQT can be considered an integrative
tool (because it incorporates several compartments of the ecosys-
tem), and it is very well-established internationally, we disagree
that SQT and the others are ‘tools in assessing ecological integrity’
or methods focusing on the ‘ecosystem-based approach’. In gen-
eral, the tools mentioned by Chapman are focused on assessing
pollution (and, of course, we use them in some of our research).
Based on some of the current legislation (European Water Frame-
work Directive (WFD), EU Marine Strategy Directive, Oceans Act,
etc.), we are of the opinion that managers and politicians are seek-
ing tools to assess the quality at the ecosystem level, whilst some
of the current spectrum of tools on offer looks only at
ecotoxicological effects, normally at individual or population levels
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(sometimes at the community level), but not at the ecosystem
level.

From our perspective SQT, WOE and ERA (even Toxicity Identi-
fication Evaluation (TIE)), not mentioned by Chapman), are useful
tools for agency staff and consultants operating in structured con-
texts for setting and auditing performance criteria for specific as-
pects of environmental management. However, we consider that
they do not address the multiple scale issues of ecological integrity
assessment (ecosystem-based approach) that our paper addressed.
These methods have as a main aim an assessment of the risks asso-
ciated with potential adverse factors (normally pollutants, and not
other pressures, such as hydromorphological, fishing, etc.), and its
transfer to other compartments of the system. As a rule, they are
looking for relationships between compartments and the pollu-
tants responsible for detected alterations, as a means to support
management decisions.

We believe that whilst SQT, WOE, etc., evaluate risk and state of
a particular system (sensu the DPSIR (Drivers-Pressures-State-Im-
pacts-Response) approach), the ‘ecological integrity’ and ‘ecosys-
tem-based approach’ refer to the status of the whole ecosystem.

The current uncertainty concerning the definition of the ecosys-
tem-based approach is creating several problems in management
(Morishita, 2008), one of them being this ambiguity highlighted
by Chapman (2009). Of course, the methodologies mentioned by
Chapman (2009) can assist the investigators in further develop-
ments of the ecosystem-based approach, and, in fact, some of the
co-authors are investigating its use within the WFD (see Borja
et al. (2008a)). However, we continue to be convinced that very
few methodologies are currently available for integrating phys-
ico-chemical and biological (multiple) elements in assessing eco-
logical status on the basis of an ecosystem-based approach, as
stated also by Morishita (2008).
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Using multiple ecosystem components, in assessing ecological status
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a b s t r a c t

The European Water Framework and Marine Strategy Directives relate to the assessment of ecological
quality, within estuarine and coastal systems. This legislation requires quality to be defined in an integra-
tive way, using several biological elements (phytoplankton, benthos, algae, phanerogams, and fishes),
together with physico-chemical elements (including pollutants). This contribution describes a methodol-
ogy that integrates all of this information into a unique quality assessment for 51 stations from 18 water
bodies, within the Basque Country. These water bodies are distributed into four typologies, including
soft-bottom coastal areas and three types of estuaries. For each station, decision trees were used to inte-
grate (i) water, sediment and biomonitor chemical data to achieve an integrated physico-chemical
assessment and (ii) multiple biological ecosystem elements into an integrated biological assessment.
Depending on the availability of ecological quality ratios or global quality values, different integration
schemes were used to combine station assessments into water body assessments on a single scale. Sev-
eral examples from each element have been selected, to illustrate their responses to different pressures;
likewise, to establish how the assessed integrated quality has changed, over time. The results made bio-
logical and ecological sense and physico-chemical improvements were often correlated with improve-
ments in the quality of benthos and fishes. These tools permit policy makers and managers to take
decisions, based upon scientific knowledge, in water management, regarding the mitigation of human
pressures and associated recovery processes.

� 2008 Elsevier Ltd. All rights reserved.

1. Introduction

The European Water Framework Directive (WFD; 2000/60/EC)
and the Marine Strategy Framework Directive (MSFD; 2008/56/EC)
relate to the assessment of ecological quality, within marine
waters, i.e. estuarine (transitional) and coastal waters in WFD,
and offshore waters in MSFD (Borja, 2005, 2006). Both Directives
establish a framework for marine waters, which: (i) prevents
further deterioration and provides protection; (ii) promotes sus-
tainable uses; (iii) enhances protection and improvement of the
aquatic environment, through specific measures for the progres-
sive reduction of waste discharges; and (iv) ensures the progres-
sive reduction of pollution. Overall, the WFD aims at achieving
‘good ecological status’ for all waters, by 2015, whereas MSFD aims
at achieving ‘good environmental status’ of offshore waters, by
2020. This legislation requires quality to be defined in an integra-
tive way, by using several biological elements (phytoplankton,
benthos, algae, phanerogams, and fishes, in both Directives,
together with zooplankton and mammals in MSFD), in combina-

tion with physico-chemical elements (including pollutants). Such
an approach will permit assessment of the ecological status at eco-
system level, better than at species or chemical level alone (Borja,
2005, 2006; Borja et al., 2008d).

In the case of the WFD, some methods exist to determine the
status of each element, such as: chemical (Borja et al., 2004b;
Rodríguez et al., 2006; and Tueros et al., 2008); physico-chemical
(Bald et al., 2005; Best et al., 2007); phytoplankton (Devlin et al.,
2007; Revilla et al., 2008); macroalgae (Borja et al., 2004a; Ballest-
eros et al., 2006; Arévalo et al., 2007; Wells et al., 2007; and Juanes
et al., 2008); benthos (among many references, see Borja et al.
(2000), Rosenberg et al. (2004) and Muxika et al. (2007)); phanero-
gams (Foden and de Jong, 2007; Romero et al., 2007); and fishes
(Borja et al., 2004a; Breine et al., 2007; Coates et al., 2007). These
approaches establish an ecological quality ratio (EQR), by compar-
ing monitoring data with those on reference conditions (e.g. from
pristine areas, using historical data before being affected by human
activities, etc.). This EQR, which ranges between 0 (bad) and 1
(high), is divided then into five quality status levels (high, good,
moderate, poor, and bad status), depending on the distance to refer-
ence conditions (Borja et al., 2004a; Borja, 2005).
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However, the methodologies for integrating such elements into
a unique evaluation of a water body are scarce presently: Vincent
et al. (2002) provide some guidelines in applying the WFD; Henoc-
que and Andral (2003) proposed a method for rivers; Borja et al.
(2004a) undertook, for the first time, an integrated assessment
for the WFD in Europe, using the Basque coast and estuaries as
an example; and Sagert et al. (2005), although they only include
two biological elements in their evaluation.

Taking into account that methodologies for the WFD and MSFD
are improving continuously, by using the adaptive principle (the
knowledge generated is used in adapting the assessment tools),
some of the methods used in the past have been updated and inter-
calibrated (see Buffagni and Furse (2006) and Borja et al. (2007a)),
allowing an improved assessment of the ecological status.

Hence, the objectives of this contribution are: (i) to present the
updated approach used in the Basque Country, in assessing the
ecological status; (ii) to integrate physico-chemical and biological
data across elements and across stations to achieve water body
assessment; and (iii) to show the evolution of the ecological status
over the past 13 years, within this region.

2. Methods

The Department of Land Action and Environment of the Basque
Government, by means of the Littoral Water Quality Monitoring
and Control Network (hereafter, LQM), has monitored Basque
coastal and estuarine water quality since 1994 (Borja et al.,
2007b) (Fig. 1). This network comprises the analyses of both
physico-chemical (in water, sediment, and biota) and biological
elements (phytoplankton, macroalgae, benthos, and fishes) (see
Table 1, for details). The LQM series data include 32 coastal and
estuarine stations sampled, from 1995 to 2007, together with 19
more since 2002. Three of these stations are planned to be used
in the environmental status assessment within MSFD (Fig. 1).
These 51 stations are distributed among the 18 water bodies of
the Basque Country (14 estuarine and 4 coastal); as such, they
constitute the surveillance and operational monitoring networks.

The 18 water bodies are distributed among four typologies (see
‘delimitation criteria’, in Borja et al. (2004a, 2006b): (i) Type I –
small river-dominated estuaries; (ii) Type II – estuaries with exten-
sive intertidal flats; (iii) Type III – estuaries with extensive subtidal
areas; and (iv) Type IV – full marine soft-bottom exposed coast.

Data obtained from the LQM have been used in theWFD ecolog-
ical status assessment, since 2002. Most of the methodologies used
in assessing the status of each element have been published previ-
ously; however, as commented upon above, some changes and the

updating of methodologies have been undertaken recently, espe-
cially during the European intercalibration exercises (Borja et al.,
2007a). Hence, here, methods published already will be referred
to (and can be consulted), with only the updates being included
in this contribution.

2.1. Chemical status

The WFD defines an environmental quality standard (EQS) as
‘the concentration of a particular pollutant or group of pollutants
in water, sediment or biota that should not be exceeded in order
to protect human health and the environment’. These EQS have
been published recently for waters in the ‘‘Proposal for a Directive
of the European Parliament and of the Council on environmental
quality standards in the field of water policy and amending Direc-
tive 2000/60/EC” (COM(2006) 398 final; SEC(2006) 947). These EQS
have been used here as the target to meet (more information on
these pollutants can be consulted in Coquery et al. (2005) andMag-
gi et al. (2008)). The WFD mentions water quality only in terms of
the assessment of chemical status, but some authors include sedi-
ment and biomonitoring components (Borja et al., 2004b; Borja
and Heinrich, 2005) or just sediment (Crane, 2003). The proposal
from the Basque Country, integrating water, sediment and biota
data, is shown in Table 2.

2.2. Physico-chemical elements

The physico-chemical indicators used in the assessment of the
ecological status are those referred to by the WFD: transparency
(measured as Secchi disc depth of disappearance, suspended solids
or turbidity); percentage of oxygen saturation; and nutrients
(ammonium, nitrate, and phosphate). The methodology and refer-
ence conditions used in assessing the physico-chemical quality can
be consulted in Bald et al. (2005). In synthesis, physico-chemical
status is assessed by means of a statistical multivariate analysis,
such as factor analysis (FA) and discriminant analysis (DA). Hence,
the projection of each sampling station, to a theoretical line con-
necting reference conditions of high (EQR: 1) and bad (EQR: 0) sta-
tus, is calculated in the new three-dimensional space defined by
the FA (Bald et al., 2005). Consequently, those stations located near
the high reference would represent a high physico-chemical status,
whilst stations located near the bad reference conditions would be
classified as in bad physico-chemical status. Intermediate stations
would be classified in good, moderate, or poor status. This method
can provide sometimes EQR values higher than 1 or lower than
0, when reference conditions are exceeded. After calculating all
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of the EQRs for a year (from low and high tide and throughout all of
the seasons), the final physico-chemical status value used here is
the 25th percentile.

Moreover, pollutant concentrations are used also in assessing
the ecological status, but only to determine high, good, and moder-
ate status (see below). In this particular case, the WFD and MSFD
define high status, when concentrations of pollutants remain with-
in the range normally associated with undisturbed conditions (i.e.,
below the background level). The concentrations between back-
ground levels and EQS are in accordance with the WFD and MSFD
good status definition, whilst moderate status can be considered
when concentrations are in exceeds of EQS. The details for this
assessment can be consulted in Rodríguez et al. (2006), for sedi-
ments, and Tueros et al. (2008), for waters.

In order to illustrate results and evolution of physico-chemical
elements, the Nervión and Oiartzun transitional water bodies have
been selected for discussion in this contribution.

2.3. Biological elements

2.3.1. Phytoplankton
The metrics used in the phytoplankton assessment are compo-

sition, abundance and chlorophyll concentrations (for sampling de-
tails, see Borja et al. (2004b, 2007b)). The methodologies used in
assessing quality were published by Borja et al. (2004a), for estua-
rine waters, and Revilla et al. (2008), for coastal waters. In both
cases, they are multimetric methods, evaluating several different
metrics, e.g. the 90th percentile in the case of chlorophyll a, and
the frequency of blooms calculated over a 6-year period.

In order to illustrate results and the evolution of the phyto-
plankton element, the chlorophyll concentrations offshore the
Nervión and Oka estuaries, together with one of the offshore sta-
tions, have been selected here.

2.3.2. Macroalgae
The methodologies, for both the estuarine and coastal waters,

are based upon: (i) richness; (ii) presence of pollution-indicator
species; (iii) mean cover of the species; and (iv) some other met-
rics, depending upon the coastal and estuarine application. The
complete details on sampling and methods have been presented
in Borja et al. (2004a), for estuaries; and Juanes et al. (2008), for
coasts. As described previously, these are multimetric methods.

In order to illustrate results and evolution of macroalgae
element, the coastal area of the Mompás water body has been
selected here.

2.3.3. Benthos
This element is one of the most studied, with the most accurate

methodologies available. The metrics used in the assessment
include AMBI (AZTI’s marine biotic index) (Borja et al., 2000),
richness, and Shannon’s diversity, in a multivariate tool named
M-AMBI (multivariate-AMBI) (Borja et al., 2004a, 2008c; Muxika
et al., 2007). In synthesis, this method utilises the same basis as
used in the physico-chemical element, assessing the quality by
means of FA and DA; this is achieved by comparing monitoring
data with reference conditions data, for each typology. This tool

Table 1
Sampling frequency for each biological element (phytoplankton, macroalgae, benthos, and fishes); physico-chemical, and priority substances, in water, sediment and biomonitors,
in water bodies within the Littoral Water Quality Monitoring and Control Network of the Basque Country. Phytoplankton biomass (chlorophyll a concentration) is sampled
quarterly in all water bodies. Phytoplankton composition and abundance is sampled quarterly in all coastal waters (Type IV) and biannually (spring and summer) in most
estuaries (Types I, II, and III). The typologies to which each water body is assigned are shown (see text), together with the sampling stations (see Fig. 1, for locations) and season
sampling. Key: M, monthly; Q, quarterly; B, twice a year; A, annual; T, every three years (some stations and/or substances can get two different frequencies).

Water body Typology Stations (number) Biological quality elements Physico-chemical quality elements

General conditions Priority substances

Phytoplankton Macroalgae Benthos Fishes Water Water Sediment Biomonitors
Sampling season: Spring Winter Autumn Winter Autumn

Barbadún II 1, 2 B/Q T, A A T, A Q Q A A
Inner Nervión III 3, 4, 5 B/Q T, A A T, A Q Q/M A –
Outer Nervión III 6, 7 Q T, A A T, A Q Q/M A A
Butroe II 10, 11, 12 B/Q T, A A T, A Q Q A A
Inner Oka II 16 B/Q T, A A T, A Q Q A –
Outer Oka II 17, 18 B/Q T, A A T, A Q Q A A
Lea II 21, 22 B/Q T, A A T, A Q Q A A
Artibai II 24, 25 B/Q T, A A T, A Q Q A A
Deba I 27, 28 B/Q T, A A T, A Q Q/M A A
Urola II 30, 31, 32 B/Q T, A A T, A Q Q A A
Oria II 34, 35 B/Q T, A A T, A Q Q A A
Urumea I 39, 40 B/Q T, A A T, A Q Q A A
Oiartzun III 42, 43, 44 B/Q T, A A T, A Q Q/M A A
Bidasoa III 48, 49, 50 B/Q T, A A T, A Q Q A A
Cantabria-Matxitxako IV 8, 9, 13, 15 Q T, A A – Q Q A –
Matxitxako-Getaria IV 19, 20, 23, 26, 29, 33 Q T, A A – Q Q A –
Getaria-Higer IV 36, 37, 45, 47, 51 Q T, A A – Q Q A –
Mompás-Pasaia IV 41 Q T, A A – Q Q/M A –

Table 2
‘Decision-tree’ when integrating water, sediments and biomonitors in assessing
chemical status, within the Water Framework Directive. Note: a variable ‘meets the
standard’ when the concentration is less than the quality objectives established by
the Directive (table modified and adapted from Borja et al. (2006a,b)).

Water Sediments Biomonitors Status

All variables meet Meet
All variables meet 1 variable does not

meet
Meet

P2 variables do not
meet

Not
meet

All variables meet Meet
All variables meet Meet

1 variable does not
meet

1 variable does not
meet

No data Meet

P1 variable does not
meet

Not
meet

P2 variables do not
meet

Not
meet

P2 variables do not
meet

Not
meet
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has been intercalibrated and compared with other indices used
elsewhere (Borja et al., 2007a, 2008a).

In order to illustrate results and the evolution of the benthic
element, the Oria; Nervión and Oiartzun transitional water bodies
have been selected here.

2.3.4. Estuarine demersal indicators
As some of the Basque estuarine typologies include very small

systems, Borja et al. (2004a) proposed to use both fishes and crusta-
ceans when evaluating demersal indicators (and not only fishes, as
the WFD requires). The proposal for use in the Basque Country is a
multimetric method, which includes: (i) species richness; (ii) indi-
cator and introduced species; (iii) fish health; (iv) trophic composi-
tion; and (v) resident estuarine species (for details, see Borja et al.
(2004a)). However, after some intercalibration exercises, the meth-
odology has been improved by Uriarte and Borja (in preparation),
and called AFI(AZTI’s Fish Index), as can be consulted in Table 3.

In order to illustrate results and the evolution of this element,
the Nervión transitional water bodies have been selected here.

2.4. Integrative assessment of the ecological status

Although the first step in ecological status classification is made
at the element level, it is necessary also to integrate these individ-
ual results into a unique quality value (Borja et al., 2004a). Follow-
ing some interpretations, the classification of the ecological status
should be based upon the worst of the values in the biological ele-
ments. Hence, if the fish element has a poor value, whilst the
remainder of the elements has a good status, the global classifica-
tion should be poor ecological status. Taking into account the spa-
tial and temporal variability of some of the biological elements, the
absence of historical data for some of the elements (which makes it
difficult to determine the reference conditions), the absence of

Table 3
Estuarine demersal indicators in the Basque Country, with the assigned scores
(adapted from Borja et al. (2004a,b) in Uriarte and Borja (in preparation)). Key: F,
fishes; C, crustaceans. The addition of scores provides the status: high (39–45), good
(31–38), moderate (24–30), poor (17–23), bad (9–16). Types I and II utilise fish and
crustacean data, Type III only fish data.

Indicator Scores

1 3 5

1. Richness (F and C) (nr sp.) <3 4–9 >9
2. Pollution indicator species (F and C)

(% individuals)
>80 30–80 <30

3. Introduced species (F and C)
(% individuals)

>80 30–80 <30

4. Fish health (damage, diseases, etc.)
(% affection)

>50 5–49 <5

5. Flat fish presence (% individuals) <5 5–10 or >60 10–60
6. Trophic composition (% omnivorous) <1 or >80 1–2.5 or 20–80 2.5–20
7. Trophic composition (% piscivorous) <5 or >80 5–10 or 50–80 10–50
8. Estuarine resident (F and C) (no. sp.) <2 2–5 >5
9. Resident species (F and C)

(% individuals)
<5 or >50 5–10 or 40–50 10–40
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accurate methodologies for some of the biological elements, to-
gether with the lack of intercalibration for some of the others, Borja
et al. (2004a) discussed the weighting of some elements, such as
benthos, with validated and intercalibrated methodologies. Hence,
a ‘decision-tree’ permits the derivation of a more accurate global
classification, including also physico-chemical and chemical ele-
ments (see the updated method, in Fig. 2).

The first step consists of assessing the biological quality, from
the previous classification made for each of the four biological ele-
ments (phytoplankton, macroalgae, benthos, and fishes), using the
abovementioned methods. When the Biological Quality is moder-
ate, poor, or bad, the corresponding Ecological Status is moderate,
poor, or bad, respectively. As the WFD has stated (Vincent et al.,
2002), when the biological quality is high or good, a series of steps,
involving the physico-chemical and hydro-morphological condi-
tions, must then follow (Fig. 2).

In the Basque Country, when the physico-chemical conditions
meet the high status and all the specific contaminant concentra-
tions are below the background levels, the hydro-morphological
conditions are analysed. When the physico-chemical conditions
show a good status and/or some of the contaminant concentrations
are over the background levels, the EQS are examined. This ap-
proach permits easy assessment of the global ecological status.

The WFD requires integrating quality at the water body level, as
such it is necessary to integrate data from all stations within a
water body. Hence, the proposal from the Basque Country is illus-
trated in Table 4, which concerns a water body with four sampling
stations; each of these is representative of a certain surface area,
within the water body, directly measured from maps and charts.
There are two possible ways to calculate this: (i) by calculating
the ecological status at each station (using Fig. 2), and then inte-
grating the status at the water body level or (ii) by integrating
the status of each element at the water body level, and then calcu-
lating the ecological status for the whole water body (using again
Fig. 2).

Hence, having derived the ecological status directly for each sta-
tion (the first case), the result is a qualitative class (high, good, etc.).
This result can be substituted by an equivalent value (E1, in Table
4), which allows weighting of the global status, depending upon
the representativeness of each of the sampling stations. In the sec-
ond case (‘ii’), there are EQR data available for each element, and
the total EQR for the water body can be calculated directly (E2,
in Table 4).

Although there exists some attempts to harmonize class bound-
aries (Buffagni et al., 2007), nothing has been agreed. Hence, in this
contribution, the boundaries used for each quality status have been
determined by intercalibration (Borja et al., 2007a), guidelines, or
just as a proposal, depending upon the quality element (Table 5).

The examples illustrating this contribution were selected on the
basis of including different pressures (urban and industrial
discharges, sediment dredging, engineering works, etc.), but also
positive human actions (such as water treatment), trying to deter-
mine the response of the methods proposed here to human
impacts, as required by the WFD (Borja et al., 2004a).

3. Results

The Nervión transitional water body data are shown in Fig. 3a,
as an example of the physico-chemical status evolution. Since
1995, the quality has improved clearly within this estuary and,
especially, after 2000, following the biological water treatment.
However, some negative effects have been detected in the phys-
ico-chemical elements, near Station 6, where the water treatment
plant discharges. Similar positive trends in physico-chemical qual-
ity have been detected for locations within the Oiartzun estuary,
where elimination of the urban and industrial discharges started
in 1996 (Fig. 3b).

The evolution of the chlorophyll a concentration, in coastal
waters of the Nervión estuary, has experienced a progressive de-
crease since 1995 (see Station 8, Fig. 4). This pattern parallels the
evolution of physico-chemical conditions within the estuary, as
shown previously. The concentration has converged progressively
with those offshore the Oka estuary (Station 19) and at one of
the offshore stations (46) (Fig. 4). However, the phytoplankton
quality, based upon chlorophyll, always was within the high status
in these areas.

Despite the above observation, some coastal areas have experi-
enced degradation after receiving urban and industrial discharges.
Hence, the coastal area near the Oiartzun estuary, in 1995, showed
high macroalgae quality in the intertidal zone (Fig. 5). Since then,
the area received discharges diverted from the inner estuary,
which produced a physico-chemical improvement within the estu-
ary (as shown in Fig. 3b). Conversely, the reception of such dis-
charges produced a progressive worsening in the macroalgae
quality, reaching a moderate status (at the limit with poor status),
in 2004. After that year, in response to the elimination of dis-
charges in 2002, a recovery in the quality can be detected (Fig. 5).

Table 5
Class boundaries and associated colours within the Water Framework Directive, for each element, used in the Basque Country after intercalibration (I), as general guidelines (G),
or proposal (P). Key: P-Q, physico-chemical conditions; Phyto., phytoplankton; NA, not available.

Divergence with reference conditions Class boundaries Quality status Colour

P-Q (G) Phyto. (I) Macroalgae (I) Fish (P) Benthos (I)

Unaffected areas P0.83 0.67–1 0.81–1 0.80–1 >0.77 High Blue
Slight divergence 0.62–0.82 0.33–0.67 0.57–0.80 0.56–0.79 0.53–0.77 Good Green
Moderate divergence 0.41–0.61 NA 0.33–0.56 0.33–0.55 0.39–0.53 Moderate Yellow
Important divergence 0.20–0.40 NA 0.09–0.32 0.15–0.32 0.20–0.39 Poor Orange
Severe divergence <0.20 NA <0.08 <0.15 <0.20 Bad Red

Table 4
Example of integrating ecological status of several sampling stations (St.) into a
unique value, for the whole water body. Key: E1: when there are not EQR values, but
only a global quality value (e.g. after discriminant analysis); and E2: when there are
EQR values (e.g. at the quality element level). Note when using E1: for high status the
equivalence used is E1: 10, and range for E1 � R is 8.4–10; good: E1 (8), E1 � R (6.8–
8.39); moderate: E1 (6), E1 � R (5.2–6.79); poor: E1 (4), E1 � R (3.6–5.19); bad: E1
(2), E1 � R (2–3.59). For E2 boundaries, see Table 5.

Ecological status St. 1 St. 2 St. 3 St. 4 Total
Poor Moderate Good Good

Equivalence (E1) 4 6 8 8
EQR (E2) 0.35 0.55 0.72 0.75
Surface (km2) 0.3 0.5 0.7 1.0 2.5
Rate (per one) (R) 0.12 0.20 0.28 0.40 1.0
TOTAL (E1 � R) 0.48 1.20 2.24 3.20 7.12
TOTAL (E2 � R) 0.04 0.11 0.20 0.30 0.65
Global status Good
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The improvement in the water quality, as detected by the phys-
ico-chemical quality elements supporting the biological elements
of the WFD, shows also a significant improvement in the soft-bot-
tom benthic quality. Hence, the transitional Oiartzun water body
shows a clear increase in M-AMBI values (benthic EQR) at the mon-
itored stations (Fig. 6b); this is related to a recovery in the benthic
structure and functionality. More than 55% of the variability (r:
0.74; p < 0.0001) of M-AMBI within this estuary can be explained
by oxygen saturation. The positive evolution of the physico-chem-
ical EQR and M-AMBI, as detected in this estuary at Station 42 (see
Figs. 3b and 6b), is associated with a correlation coefficient of 0.65
(p = 0.016).

However, the M-AMBI responds also to negative pressures.
Hence, locations within the Oria estuary show two different
trends: (i) Station 34 responds positively, increasing the M-AMBI
values from moderate to high status, due to the water treatment
within the river catchment; whilst (ii) Station 35, near the mouth,
shows some changes throughout time (Fig. 6a). In 2001, just after
sampling was undertaken, some engineering works took place near
this location, incorporating some land reclamation. Such pressure
led to a reduction in benthic quality, in 2002–2003, then increasing
the quality until 2005 (Fig. 6a). Nowadays, the construction of a
marina near this location has produced a new reduction in benthic
quality, until 2007 (Fig. 6a).
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As commented upon in the Section 2, one of the challenges of
the WFD is the integration of quality results at the water body le-
vel. Using the methodology outlined in Table 4, and as an example,

the results from different demersal trawling have been integrated
at the level of the two water bodies, within the Nervión estuary
(Fig. 7). The inner part, which was azoic until recent times, showed
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bad to poor quality. Following increase in the dissolved oxygen and
physico-chemical quality (see Fig. 3a), demersal fishes have recol-
onised this area (Fig. 7). Conversely, the outer water body, with less
physico-chemical alterations (as shown in Fig. 3a), recovered early,
showing an improved quality. The worsening in conditions after
2001, over this area, coincides with a very large dredging pro-
gramme undertaken there, for sand extraction. Probably, this pres-
sure has led to damages in the reproduction or feeding areas,
reducing the quality to a moderate status, in 2003. Such worsening
in fish quality occurs in parallel with a worsening in the benthic
communities over the area, during the same years (as shown in
Fig. 6a).

Within the Nervión estuary, there is a clear biological response
to physico-chemical improvement. Hence, when correlating data

from Figs. 3b and 6a (and other data not shown here) and 7, the
physico-chemical improvement within the innermost part of the
estuary has led to a significant increase in benthic quality (r:
0.68, p = 0.01) and fish quality (r: 0.68, p = 0.01). In this area, the
increasing quality in the benthos and fishes were also correlated
significantly (r: 0.80, p < 0.001). Conversely, the changes in quality
of the benthos and fishes in the outer part of the estuary seem to be
related to other factors than changes in the physico-chemical
quality (e.g. hydromorphological changes, as abovementioned),
because there are not any significant correlations.

These examples represent only a small part of the 18 water
bodies, 51 sampling stations, four biological elements, and
physico-chemical elements, monitored since 1995. Nonetheless,
when integrating all of the information, following the criteria
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and methodology shown in Fig. 2, the whole evolution of the eco-
logical status within the Basque estuaries and coasts can be de-
fined (Fig. 8a and b).

The estuaries show a progressive increase in their ecological
status, reducing both bad and poor status and increasing moderate
and good, especially after 2001 (Fig. 8a). In recent times, around
30% of the transitional water bodies are consistent with the WFD
objective in achieving good status, by 2015. In turn, the coastal
waters show the same trend in improvement of the quality and,
in recent times, nearly all of the water bodies achieve good or high
status.

4. Discussion

Within the last two centuries, the Basque Country has sup-
ported different human pressures, both in the waters and sedi-
ments, which has resulted in severe impacts and changes in the
coastal habitats (Cearreta et al., 2004; Borja et al., 2006b, 2008b;
Chust et al., 2007). Nonetheless, water treatment in several of the
river catchments and estuarine systems started in the 1980s, e.g.
in the Nervión estuary (García-Barcina et al., 2006). Most of the
engineering works within this particular estuary finished in 2000,
when the biological water treatment started, coinciding with a
clear recovery in the physico-chemical, benthic and fish elements
(Fig. 3a and 7).

The positive trends observed in the physico-chemical status, de-
tected in this and other Basque water bodies, are due mainly to the
reduction in recent years in nutrient discharges and an increase in
dissolved oxygen, from anoxic or hypoxic situations to well-oxy-
genated bottom layers, e.g. as observed in the Oiartzun and Nerv-
ión estuaries (García-Barcina et al., 2006; Borja et al., 2006a).

Conversely, the coastal water bodies have shown low values of
chlorophyll; this is related to the oceanographic characteristics of
the Basque coastal waters, which can be considered as oligotrophic
(Valencia et al., 2004; Valencia and Franco, 2004; Revilla et al.,
2008). Hence, although the methodology used here detected
improvements in the chlorophyll quality (e.g. offshore the Nervión
estuary), the quality has remained high throughout the time-ser-
ies. Despite this trend, several Basque coastal locations have expe-
rienced degradation, as shown by the macroalgae offshore of the
Oiartzun estuary; this has improved recently, due to the water
treatment undertaken within the area.

The WFD requires that any method used to assess the ecological
status must detect only anthropogenic pressures, showing a clear
pressure-response, avoiding the detection of natural variability
(Reiss and Kröncke, 2005). The results shown here for different bio-
logical quality elements have demonstrated that these methods
are able to detect negative or positive responses, over time. In
the case of benthic communities, some authors have stated that
the AMBI alone does not respond to morphological pressures
(Muxika et al., 2005; Quintino et al., 2006). However, used together
with other metrics (M-AMBI), the response to different anthropo-
genic morphological pressures (including dredging, land reclama-
tion, and marina construction) has been demonstrated in this
contribution. Nonetheless, the use of M-AMBI requires following
the recommendations of Borja et al. (2008c).

An interesting finding is the consistency between the different
elements, e.g. in the Oiartzun and Nervión water bodies. Hence,
the inner part of the Nervión estuary, which was azoic until recent
times (García-Barcina et al., 2006; Borja et al., 2006a), showed bad
to poor physico-chemical quality. When water treatment com-
menced, there was an increase in dissolved oxygen and a decrease
in nutrient and organic matter input (García-Barcina et al., 2006);
consequently, an improvement in the physico-chemical quality
status (Fig. 3a). This trend has accelerated after 2000–2001, when

the biological water treatment commenced in this and other estu-
arine systems. This has led to a progressive benthic recolonisation
of some of the azoic parts of the estuaries (for details, see Borja
et al. (2006a)), permitting demersal fishes to feed and reproduce
in the inner part of these estuaries, recolonising them (Fig. 7). In
other cases, such as in the outer Nervión, the parallel response of
two biological elements (i.e. benthos and fishes), to dredging activ-
ities, has been detected.

Some of these systems are also polluted by priority substances
(i.e. metals and organic compounds), which can affect biological
elements when they recolonise previous azoic areas (Borja et al.,
2006a). This can be the case of some estuarine water bodies, such
as Nervión, highly polluted by these substances in waters (Fernán-
dez et al., 2008), sediments (Belzunce et al., 2001; Bartolome et al.,
2006), and biota (Franco et al., 2002; Besada et al., 2008). Hence,
the use of ecotoxicological approaches, together with chemical
and biological assessment, within the WFD, might assist in a more
accurate ecological status assessment of these water bodies (Borja
et al., 2008b).

All of the abovementioned negative pressures (dredging, land
reclamation, discharges of polluted waters, engineering works,
etc.), or positive actions (water treatment, recovery of degraded
wetlands, etc.), resulted finally in a response of biological and
physico-chemical elements. This is reflected, ultimately, when
integrating all of the data into a unique ecological status assess-
ment. The pattern shown in Fig. 8 is coherent and coincident with
the expert judgment on the current status of the Basque marine
waters but, also, with different contributions showing this positive
trend over recent times (García-Barcina et al., 2006; Borja et al.,
2006a).

The WFD operates under the basis of fixed sampling stations
within the surveillance and operational monitoring networks, like
those used in this contribution. Although estimates of temporal
trend might be more accurate in these stations, due to the absence
of confounding spatial variability, area estimates may be lacking in
representation accuracy in contrast to spatially random sampling
designs, such as those used in USA, e.g. the National Coastal
Assessment probabilistic sampling design, used by Environmental
Protection Agency (EPA), or the Environmental Monitoring and
Assessment Program (EMAP) (Ranasinghe et al., 2002). These
random probability-based frameworks are more appropriate in
supporting statistically valid estimation of the areal percentages
of habitat having indicators above or below the desired quality
objective thresholds.

However, the results of this investigation are in accordance
with the integrating environmental protection legislation and the
DPSIR (driver-pressure-state-impact-response) paradigm, as pre-
sented by Borja and Dauer (2008), in which the Impact component
requires: (i) assessing ecological integrity; (ii) evaluating if signif-
icant ecological degradation has occurred; (iii) identifying the spa-
tial extent and location of ecological degradation; and (iv)
determining causes of unacceptable degradation, in order to guide
management actions.

In this way, we are confident of which the methodologies pre-
sented here provide a good overview of the response of aquatic
systems, to anthropogenic pressures; this, in turn, shows the way
in which these water bodies can reach the WFD objectives, by
2015. The results can assist in guiding management actions, to re-
cover or restore degraded areas; also, to monitor the response of
aquatic systems, to actions already undertaken. Of course, these
methods need to be intercalibrated and compared with the results
obtained in other countries, providing a more accurate ecological
status assessment in the future; this is revealed in partial intercal-
ibration exercises undertaken already (Borja et al., 2007a). In the
meantime, this investigation can serve as a basis for discussion,
comparison and assistance to other researchers throughout
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Europe, attempting to undertake integrative assessments, building
upon methods originally proposed by Borja et al. (2004a).

Finally, it is necessary to highlight, that some water bodies (e.g.
the Nervión and Oiartzun) have been classified as ‘Heavily Modi-
fied Water Bodies’, due to hydro-morphological alterations, com-
bined with an high number of anthropogenic pressures (Borja
et al., 2006b). This situation requires a specific treatment within
the WFD, assessing the ‘ecological potential’ instead the ‘ecological
status’, including additional investigation (Borja and Elliott, 2007).
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